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Nowadays, it is recognized that freshwater ecosystems can process a substantial part of 

the terrestrial organic matter they transport, thereby contributing significantly to global C 

fluxes. However, the mechanisms behind this processing are still poorly defined. The scant 

consideration of the environmental heterogeneity commonly found in river networks in 

ecological studies could be limiting our comprehension of the real capacity of freshwater 

ecosystems to process organic matter and the range of existing pathways to do so. 

Mediterranean river networks are ideal settings to explore this knowledge gap because their 

large variability in flow conditions, both climate- or human-induced, lead to high spatial and 

temporal environmental heterogeneity. This flow variability results in complex river networks 

that commonly include temporary streams that cease to flow at some point in space and time, 

and a notable presence of lentic waterbodies generated by flow regulation. These are features 

that are also expected to expand to freshwater ecosystems worldwide due to the ongoing 

global change. Despite their current and predicted widespread occurrence, the processing of 

organic matter under these conditions is far from fully understood. 

This thesis contributes to filling this shortage of knowledge by exploring different 

mechanisms involved in the processing of terrestrial organic matter along a Mediterranean 

river network. Specifically, it aims to increase current knowledge on POM decomposition 

across the mosaic of habitats generated by flow variability and the DOM uptake by bacteria 

in a forested stream. 

The findings of this thesis showed that flow variability induced by both natural and human 

disturbances generates a complex mosaic of habitats with distinct capacity to transport, retain 

and process POM. On the one hand, our results indicated that flow regulation by small dams 

and weirs triggers changes in the ecosystem functioning along the river network, as revealed 

by differences in wood decomposition rates between lotic and lentic reaches. However, these 

changes occurred only in high-order streams, where decomposition rates were faster in lotic 

than in lentic reaches, probably due to more physical abrasion and differences in microbial 
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decomposer assemblages. On the other hand, our results pointed out that the recurrent 

flow cessation in temporary streams generates discontinuities in leaf litter decomposition 

along it. Dry and emerged conditions slowed down the decomposition in intermittent 

reaches compared to perennial ones. However, the specific moment of flow fragmentation 

entails a mosaic of aquatic and terrestrial habitats that encompasses a highly heterogeneous 

decomposition process. In isolated pools, decomposition rates were as faster as in a perennial 

reach, with an intense leaching and an important contribution of microbial decomposers. 

In emerged streambed sediments, leaf litter decomposed slower than in aquatic habitats and 

the decomposition was driven by abiotic factors. In addition, results from this thesis also 

indicated that the labile forms of DOC are as highly immobilized from the water column as 

DIN even when large amounts of detritus are available in a forested stream. Indeed, bacteria 

established on leaf litter had the highest contribution to this immobilization, indicating the 

influence of autumnal inputs on the cycling of C and N in forested streams. 

Overall, this doctoral thesis contributes to a better understanding of how Mediterranean 

river networks process organic matter and highlights the need to study it taking into account 

the mosaic of habitats generated by flow variability. 
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GENERAL INTRODUCTION 

According to recent estimations, less than half of the total organic matter transferred from 

terrestrial to freshwater ecosystems enters the oceans. The remaining part is stored or emitted 

to the atmosphere as carbon dioxide (CO2) or methane (CH4) after biological processing 

(Cole et al., 2007; Battin et al., 2008, 2009; Tranvik et al., 2009; Aufdenkampe et al., 2011; 

Raymond et al., 2013; Sutfin et al., 2016). This has shifted our view of freshwater ecosystems 

from mere conduits to biologically active ecosystems in their own right (Battin et al., 2009). 

Given this newly recognized setting, there is a need to improve our understanding of the 

mechanisms involved in the processing of organic matter in freshwater ecosystems in order 

to estimate better their present and future contribution to global carbon (C) cycle.

The faTe of TerresTrial organic maTTer  

in freshwaTer ecosysTems 

Terrestrial organic matter can enter freshwater ecosystems as particulate or dissolved organic 

matter. This allocthonous organic matter is a key source of C, nutrients and energy in these 

ecosystems and provides the basis of the detrital-based food web (Wallace et al., 1997). This 

trophic pathway is considered pivotal in headwater streams, particularly forested ones. These 

latter systems are closely linked to the adjacent terrestrial ecosystem (Figure I-1), from which 

they receive large inputs of terrestrial organic matter relative to stream size (Wipfli et al., 

2007). Their riparian canopies limit the entrance of light, thereby primary producers and 

their contribution to the energy pool (Vannote et al., 1980; Webster & Meyer, 1997). As a 

result, secondary production in forested headwater streams depends mainly on the use of 

allocthonous organic matter throughout the detrital-based food web (Fisher & Likens, 1973; 

Abelho, 2001). Headwater streams represent a large proportion (> 85%) of the total length 

and watershed area of river networks (Wipfli et al., 2007), most of which consist in forested 

headwater streams in temperate regions (Vannote et al., 1980). Their spatial extension 

together with the large amount of terrestrial inputs they received and the high degree of 

biological reliance on those inputs, indicate that terrestrial organic matter processing in 
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these systems may play a critical role in C cycling and the overall C emitted from freshwater 

systems (Battin et al., 2008, 2009; Teodoru et al., 2009; Butman &Raymond, 2011; Graça et 

al., 2015; Hotchkiss et al., 2015) 

Particulate organic matter (POM) can be divided by size into coarse POM (CPOM; > 1 

mm) and fine POM (FPOM; 1 mm - 0.5 µm). CPOM includes leaf litter, nedles or woody 

debris, while FPOM includes pieces of leaves and the feces of small consumers for example. 

The term dissolved organic matter (DOM; < 0.5 µm), describes a large and diverse pool of 

organic molecules dissolved in water that usually contains a high proportion (45% - 50%) 

of dissolved organic C (DOC; Allan & Castillo, 2007), which accounts for a large fraction 

of the total organic C transported in rivers and streams (Volk et al., 1997). For this reason, 

the terms DOM and DOC are often used interchangeable in the literature. Particle size is a 

crucial attribute for the processing of the organic matter and its subsequent use throughout 

the detrital-based food web in freshwater ecosystems (Suberkropp, 1998; Allan & Castillo, 

2007; Figure I-2).

Particulate organic matter (Pom)

Regarding POM, leaf litter has received the greatest attention from stream ecologists, as it 

constitutes the largest component of the liter-fall from riparian vegetation (Pozo et al., 1997; 

Abelho, 2001) and it is considered of higher nutritional quality than other types of litter such 

as wood or FPOM (Gulis et al., 2008; Yoshimura et al., 2008). These particulate inputs are 

Figure I-1 Photographs of forested headwater streams within the Fluvià River network (NE Iberian Peninsula). 



5

general introduction

exploited throughout the decomposition process, a key ecosystem process that by physical 

and biological mechanisms transforms the original leaf to either CO2 or several products that 

fuel detrital-based food webs (Baldy & Gessner, 1997; Gessner et al., 1999; Figure I-3). This 

complex process has traditionally been subdivided in three principal main phases (Petersen 

& Cummins, 1974), despite the fact that it is now recognized that they are interdependent 

and may occur simultaneously (Gessner et al., 1999): leaching, microbial conditioning and 

fragmentation. 

Leaching consists of the highly abiotic release of soluble DOM that occurs just after leaf 

immersion, which can account for up to 25% of the initial leaf dry mass within the first 

few days (Webster & Benfield, 1986; Bärlocher, 2005). The soluble constituents lost during 

leaching are mainly carbohydrates, amino acids and phenolic compounds (Suberkropp et al., 

1976). To a lesser extent, the release of DOM from leaf litter can continue after initial leaching 

as a result of the subsequent processes involve in decomposition (Findlay & Arsuffi, 1989; 

Gessner et al., 1999; Baldy et al., 2007; Yoshimura et al., 2010; Figure I-3). 

Figure I-2 Simplified diagram of a typical detrital-based food web with the main recognized pathways of organic 

matter use in forested streams. Dashed lines represent generation processes. Note that generation of FPOM and DOM 

from consumer-derived processes is omitted. Dotted line  indicates the DOM consumption by bacteria established on 

CPOM. CPOM = coarse particulate organic matter, FPOM = fine particulate organic matter, DOM = dissolved organic 

matter. Modified from Suberkropp (1998).
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In the classical view, the conditioning phase corresponds to the large changes that occur 

in leaf structure and content during microbial decomposition and which are a required 

step to allow the posterior leaf consumption by macroinvertebrates (Petersen & Cummins, 

1974). Despite the importance of this microbial conditioning for macroinvertebrate feeding, 

microbial decomposition is a relevant phase in itself and can account for significant losses of 

the initial leaf mass (Suberkropp, 1998; Baldy & Gessner, 1997; Hieber & Gessner, 2002). Via 

their extracellular enzyme capabilities, microbial decomposers can use organic leaf molecules 

for both energy, releasing CO2, and the production of microbial biomass. In headwater 

streams, some authors estimate that 16% - 25% of the organic C in leaves is mineralized to 

CO2 by microbial decomposers, which is a prominent microbial product of decomposition 

(Baldy & Gessner, 1997; Baldy et al., 2007). Throughout this phase, significant amounts of leaf 

litter are also converted into FPOM — including leaf cells, fungal spores, detached bacteria 

or hyphen fragments (Gessner et al., 1999) — or DOM (Baldy et al., 2007). 

Fungi are considered the first colonizers and main drivers of microbial decomposition 

(Weyers & Suberkropp, 1996; Hieber & Gessner, 2002; Gulis & Suberkropp, 2003; Pascoal 

& Cassio, 2004) contributing with more than 95% to the total microbial biomass (fungi plus 

bacteria) on decaying leaves (Baldy & Gessner, 1997; Duarte et al., 2010). As soon as leaf litter 

reaches stream water, it is rapidly colonized by fungi. These fungi mainly belong to an aquatic 

group known as aquatic hyphomycetes (Barlöcher, 1992), which can produce large spores 

—conidia— under water that are transported by the stream flow and attach efficiently to leaf 

litter surfaces (Krauss et al., 2011). Once established on leaves, conidia from different taxa 

germinate and the fungal mycelium penetrates the leaf tissue while degrading the plant cell-

wall polymers through the action of a variety of extracellular enzymes (Romaní et al., 2006). 

Together with mycelium growth, fungi produce conidiophores that rapidly start to release 

new conidia into the stream water. In temperate streams, fungal biomass and sporulation 

rate generally increase in the first days to weeks after leaf submersion, reach a peak after 

1-2 weeks and then decrease at later stages of decomposition (Gessner & Chauvet, 1994; 

Suberkropp & Chauvet, 1995; Abelho & Graça, 2006; Figure I-3). The best development of 

fungi in temperate streams is considered to occur in autumn, linked to the timing of leaf litter 

input (Suberkropp, 1997). The role of bacteria as decomposers is still poorly understood, 
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but it is clear that they also participate in microbial decomposition through their specific 

enzymes capabilities, being especially relevant in the late stages of decomposition (Baldy et 

al., 1995, 2002; Hieber & Gessner, 2002; Duarte et al. 2010; Artigas et al., 2011; but see also 

Mora-Gómez et al., 2016; Figure I-3)

As leaf tissue becomes softer due to microbial decomposition, it is more easily fragmented 

through the physical abrasion caused by the flow of water and transported sediments, but 

also by the action of leaf-shredding macroinvertebrates or shredders (Webster & Benfield, 

1986; Ferreira et al., 2006a). Fragmentation by shredders can be responsible for the loss 

of up to 60% of the initial leaf mass (Baldy & Gessner, 1997; Hieber & Gessner, 2002). The 

abundance of shredders may be controlled by the microbial biomass colonizing leaf litter 

(Graça, 2001). The accumulation of microbial biomass in leaf litter is often correlated with 

an increase in its nitrogen (N) content (Gulis & Suberkropp, 2003; Pascoal & Cassio, 2004; 

Menéndez et al., 2011), mainly attributed to the immobilization of N from the water column 

by microbes (Melillo et al., 1984; Chauvet, 1987). This increase in microbial biomass and N 

Figure I-3 Schematic representation of the relative contribution of processes and decomposers to leaf litter 

decomposition over time, and the main products derived from them. Modified from Suberkropp (1998) and Wantzen 

et al. (2008). 
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concentration, together with the softer leaf tissue, enhance the palatability and nutritional 

quality of the litter as a food resource for shredders (Graça, 2001). The abiotic and biotic litter 

fragmentation results in shredder biomass and the release of CO2, but also in the release of 

FPOM, such as shredders feces, and DOM that can be further processed (Figure I-3). 

In summary, the original leaf is transformed into several products including FPOM, DOM, 

microbial and shredder biomass, and CO2 (Gessner et al., 1999; Figure I-3). Other inorganic 

mineralization products such as ammonium (NH4
+) and phosphate (PO4

3-) may be released 

or immobilized from leaf litter throughout the entire decomposition process (Hieber & 

Gessner, 2002). FPOM and DOM can undergo further decomposition by macroinvertebrates 

such as collectors (Richardson & Neill, 1991), and bacteria or be transported downstream. 

The biomass of these decomposers and primary consumers of leaf derived compounds can 

in turn be consumed by predators, allowing the transfer of leaf litter energy to higher trophic 

levels (Suberkropp, 1998; Figure I-2). 

Throughout the decomposition process, the loss of leaf mass over time approximately 

follows an exponential decay model Mt = M0 . e-kt, with k being the decomposition rate, 

M0 the initial leaf mass and Mt the remaining leaf mass after a period of time t, measured 

in days or degree-days (Petersen & Cummins, 1974; Webster & Benfield, 1986; Barlocher, 

2005). Decomposition rates are the result of the different processes involved in leaf litter 

decomposition and the several intrinsic and extrinsic factors affecting them. In this regard, 

many studies have demonstrated that decomposition rates are affected by factors such as stream 

water temperature (Petersen & Cummins, 1974), dissolved nutrient concentration (Ferreira 

et al., 2015) and oxygen concentration (Webster & Benfield, 1986), initial substrate litter 

quality (Schindler & Gessner, 2010) and changes in stream flow conditions (Ferreira & Graça, 

2006; Dewson et al., 2007; Schlief & Mutz, 2009; Santos Fonseca et al., 2012). Decomposition 

rates are also sensitive to anthropogenic stressors such as damming (Menéndez et al., 2012; 

González et al., 2012), eutrophication (Menéndez et al., 2011; Woodward et al., 2012) or 

changes in riparian vegetation (Menéndez et al., 2013; Ferreira et al., 2016). At the watershed 

scale, decomposition rates could depend on the river order and altitude or land uses (Benfield 

et al., 2000; Fleituch, 2001; Fonnesu et al., 2004; Pozo et al., 2011; Aristi et al., 2012; Silva-

Junior et al., 2014). However, few decomposition studies have been performed at this scale to 
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date (Chapter 1 herein). Because the decomposition process integrates all this complexity, it 

is a good indicator of change in the ecosystem and has been proposed as a suitable indicator 

of stream ecosystem functioning (Gessner & Chauvet, 2002; Young et al., 2008; Feio et al., 

2010; Chauvet et al., 2016).  

DissolveD organic matter (Dom)

In addition to the relevance of POM, DOM forms the basis of another important pathway for 

the use of organic matter within the detrital-based food web (Suberkropp, 1998; Figure I-2). 

DOM is derived from either autochthonous or allocthonous sources. Autochthonous DOM 

comes from the in-stream photosynthetic production of autotrophs organisms such as algae 

and macrophytes (Bertilsson & Jones, 2003), while allocthonous DOM comes from terrestrial 

inputs, mainly from leaching of POM, riparian soil runoff and groundwater input (Findlay 

& Sinsabaugh, 1999; Aitkenhead-Peterson et al., 2003; Figure I-2). The input of allocthonous 

DOM can be considerable greater than the autochthonous one (Fisher & Likens, 1973; Cole 

& Caraco, 2001; Karlsson et al., 2005). Leaf litter leachates constitutes an important fraction 

(30% - 42%) of the total DOM pool in forested streams, specially in autumn coinciding with 

the peak litter input (McDowell & Fisher, 1976; Meyer et al., 1998). Autochthonous DOM 

has long been considered much more bio-available than terrestrial DOM (Wetzel, 2003), but 

recent evidence indicates that terrestrial DOM is more biologically reactive in freshwater 

systems than previously thought and supports ecosystem respiration to a great extent (Cole 

& Caraco, 2001; Rubbo et al., 2006; Cole et al., 2007; Wiegner et al., 2015; Casas-Ruiz et al., 

2016), thereby contributing significantly to CO2 emissions from freshwater systems (Battin 

et al., 2008). Despite this, considerable uncertainty still remains regarding the mechanisms 

involved in the removal and processing of DOM (Battin et al., 2008) and the factors controlling 

them (Mineau et al., 2016; Chapter 4). 

Once in the stream, DOM can be removed from the water column by both abiotic and 

biotic processes. Abiotic processes include adsorption to sediment (Dahm, 1981; McDowell, 

1985; Aitkenhead-Peterson et al., 2003), flocculation into POM (Lush & Hynes, 1973) or 

transformation by photo-degradation (Moran & Covert, 2003). Biotic processes dominate 

DOM removal from the water column (Dahm, 1981; Bernhardt & McDowell, 2008) and 
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consist of the uptake of DOM by microbes, especially heterotrophic bacteria (Bott et al., 1984; 

Figure I-2). In contrast to the case of CPOM such as leaf litter where fungi assume the main 

role in detrital processing, bacteria are considered to be the main player in the uptake and 

degradation of smaller particles such as FPOM (Weyers & Suberkropp, 1996) and DOM (Bott 

et al., 1984; Kaplan & Newbold, 2003). Bacteria can take up DOM directly from the water 

column, when it is monomers such as amino acids and glucose, or through the previous 

use of extracellular enzymes, when consists of high molecular weight compounds, which 

are reduced to sizes enough to allow transport across the membrane (Arnosti, 2003). Some 

authors indicate that uptake velocities tend to be higher for low-weight compounds, such 

as monomers, than for more complex forms of DOM (Wiegner et al., 2005; Bernhardt & 

McDowell, 2008; Kaplan et al., 2008). The DOM taken up by bacteria sustains their respiration 

and growth (McDowell & Fisher, 1976) and thus, organic C can be incorporated into bacterial 

biomass or be released as CO2 into the atmosphere. 

The assimilation of DOM into heterotrophic bacterial biomass can act as a source of C, 

nutrients and energy for higher trophic levels via the microbial loop (Meyer, 1994; Figure 

I-2). The bacterial production can be consumed directly by organisms capable of ingesting 

individual cells and biofilms, or they can be ingested through association with larger particles 

such as POM (Allan & Castillo, 2007). These associations are common in forested streams and 

thus, macroinvertebrates such as shredders and collectors may ingest bulk detritus that also 

includes the associated heterotrophic bacteria (detrital compartment; Hall & Meyer, 1998), 

thereby assimilating the bacterial C and creating a direct path from DOM to macroconsumers 

with relatively few trophic transfers (Hall et al., 2000). Hall and Meyer (1998) detected a 

large bacterial component in the detrital-based food web of a forested stream and estimated 

that invertebrates could derive from < 10% to 100 % of their C from bacteria. Despite the 

recognized importance of this trophic microbial pathway in streams, few researchers have 

studied its particularities and the mechanisms involved on it (but see Hall, 1995; Hall & 

Meyer, 1998; Hall et al., 2000; Simon et al., 2003; Parkyn et al., 2005; Collins et al., 2016) 

leading to a knowledge gap with regard to the C cycle of freshwater ecosystems (Chapter 4).  

Because DOM is the largest pool of C and can be taken up and mineralized more easily 

than POM, which is commonly involved in lengthy decomposition processes, studies 
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regarding the contribution of freshwater ecosystems to the global C budget have focused 

mainly on DOM rather than POM (Battin et al., 2008). However, POM also constitutes a 

significant portion of the organic matter in streams and plays an important role as a DOM 

source (Yoshimura et al., 2010), suggesting that ignoring POM dynamics in the C cycle can 

result in biases in global C budgets.

Overall, the different processes involved in the use of the terrestrial organic matter that 

enters rivers and streams are fundamental for both the general functioning and the C cycle 

of freshwater ecosystems, with important implications for their contribution to the global C 

cycle. Despite the fact that the existent knowledge constitutes a general overview of the fate 

of terrestrial organic matter in freshwater ecosystems, many questions still left unanswered 

concerning the mechanisms behind its transport and processing. Much of this knowledge 

is based on studies that used temperate, perennial and lotic streams as model systems. 

Thus, many of the unanswered questions arise from the relatively poor consideration of the 

environmental heterogeneity commonly found in river networks, and this could be limiting 

our comprehension of the real capacity of freshwater ecosystems to process organic matter 

and the range of existing pathways to do so. 

flow variabiliTy in mediTerranean 

river neTworks: spaTial and Temporal 

heTerogeneiTy 

Rather than homogeneous entities, river networks present high variability in environmental 

conditions across space and time induced by both natural and human actions. Despite this 

fact appearing rather obvious, understanding the role of environmental heterogeneity on 

biotic assemblages and ecosystem processes remains a key challenge in ecology (Palmer 

& Poff, 1997; Ward et al., 2001; Lovett et al., 2005; Tockner et al., 2010). One of the main 

drivers of environmental heterogeneity in freshwater ecosystems is the variability in water 

flow (Poff & Ward, 1989; Wiens, 2002), considered a “master variable” because it profoundly 

influences the physical, chemical, and biological conditions of freshwater ecosystems (Poff et 

al., 1997; Nilsson & Renöfält, 2008). Water flow also establishes the hydrological connectivity, 

a defining feature of rivers and streams that consists of the water-mediated transfer of matter, 
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energy and organisms between the different stream compartments (Ward & Standford, 1989; 

Pringle, 2003). Therefore, differences in flow conditions can underpin differences in the 

mechanisms of the storage, transportation and processing of terrestrial organic matter along 

river networks. Mediterranean rivers and streams are characterized by a high variability 

in flow conditions caused by both climate and human disturbances (Bonada & Resh, 2013), 

and thus, they offer a perfect template to address the fate of organic matter under the 

heterogeneous conditions created by flow variability.  

climate anD flow regime  
in meDiterranean river networks  

The Mediterranean climate is characterized by a marked seasonality in precipitation and 

temperature pattern throughout the year that defines mild and wet winters, and warm and 

dry summers (Gasith & Resh, 1999). This seasonality is directly reflected in the flow regimes 

of Mediterranean rivers and streams, which show high variability over the year with seasonal 

alternation of flooding and drying periods (Bonada & Resh, 2013). These fluctuations in flow 

modulate the hydrological connectivity of Mediterranean river networks, which experience 

an expansion and a contraction phase (Bernal et al., 2013; Figure I-4). The expansion phase 

typically begins at the end of the summer or early autumn when the first heavy precipitation 

events commonly lead to a continuous flow along the river network. The contraction phase 

occurs in late spring to early summer, when the lack of precipitation combined with the 

increase in evapotranspiration gradually decreases the stream flow and can ultimately lead 

to its fragmentation, disrupting the hydrological connectivity. Flow fragmentation may 

lead to the appearance of isolated pools before the surface water completely disappears and 

emerged streambed sediments dominate the stream channel (Bernal et al., 2013; Figure I-4). 

Rivers and streams that experience a recurrent dry phase (surface water flow cessation) of 

varying duration and spatial extent along their course, are called temporary (Williams, 2006; 

Arthington et al., 2014), and they represent the dominant watercourse type in Mediterranean 

climate regions (Bonada & Resh, 2013).

In the light of this, Mediterranean rivers and streams are characterized by both high 

temporal and high spatial natural variability in flow conditions that, with the predominance 
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of temporary watercourses, usually form a changing mosaic of aquatic and terrestrial habitat 

types at different spatial and temporal scales (Stanley et al., 1997; Larned et al., 2010). At the 

reach scale, aquatic habitats range from isolated pools of different sizes to long perennial 

reaches, while terrestrial habitats range from points with emerged streambed sediments to long 

completely dry reaches. At river network scale, the combination of these reaches configures 

a dynamic network that passes through different levels of flow connectivity (Bernal et al., 

2013), ranging from series of alternating inundated and dry reaches to continuous flows from 

headwaters to the mouth of the river (Figure I-4). This complex structure influences virtually 

all components of these ecosystems, from biotic communities (e.g., Bernardo et al., 2003; 

Bonada et al., 2007) to ecological processes such as nutrient (e.g., von Schiller et al., 2011; 

Bernal et al., 2013) and DOM (von Schiller et al., 2015; Casas-Ruiz et al., 2016) dynamics 

or the transport (e.g., Ylla et al., 2010) and decomposition (see Leaf  litter decomposition 

in temporary streams: an overview section below) of POM,  entailing a particular ecosystem 

functioning that is still poorly understood (Larned et al., 2010, Acuña et al., 2014, Datry et 

al., 2014; Leigh et al., 2016). 

Figure I-4 Schematic representation of the contraction phase at the river network and at the stream reach scales, 

under increasingly dry conditions over time. Flow fragmentation leads to the appearance of isolated pools and 

emerged streambed sediments. Adapted from McDonough et al. (2011) and Bernal et al. (2013). 
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flow regulation in meDiterranean river networks

In addition to climatic causes, flow variability in Mediterranean watercourses is also 

induced by anthropogenic activity. Rivers and streams located in Mediterranean regions are 

particularly susceptible to water flow regulation due to the combination of the natural flow 

variability and the large demand for water to satisfy high population densities, as well as 

agricultural and industrial activity, that are characteristics of these regions (Nilsson et al., 

2005; Grantham et al., 2012; Kondolf et al., 2012). To manage the timing and magnitude of 

water supply, Mediterranean rivers and streams tend to be more highly regulated than those 

in more humid regions, mainly in the form of small dams and weirs (< 1hm3) constructed 

for water abstraction purposes (García-Ruiz et al., 2011). For example, the Iberian Peninsula 

hosts around 20% of the existent reservoirs in Europe (Léonard & Crouzet, 1999) and has 

the largest number of dams per inhabitant and per land area in the world (García de Jalón, 

2003). Flow regulation can trigger important changes in the structure and functioning of 

river networks (Ward & Standford, 1983; Elosegi & Sabater, 2012). It transforms the hydro-

morphology along the river network, increasing water residence time prior to the dam 

and transforming lotic into lentic reaches (Sabater, 2008). The inclusion of these reservoirs 

generates new habitats with distinct physical, chemical (Friedl & Wüest, 2002; Poff & Hart, 

2002) and biological conditions (Clavero et al., 2004; Strayer, 2006) that could imply a 

particular ecosystem functioning (Friedl & Wüest, 2002) that remain largely unexplored. The 

presence of reservoirs also disrupts the natural hydrological connectivity and it can modify 

physicochemical conditions (Humborg et al., 1997; Preece & Jones, 2002), sediment transport 

(Vericat & Batalla, 2005), biotic composition (Martínez et al., 2013) or ecosystem processes 

such as metabolism (Aristi et al., 2014), nutrient cycling (Schiller et al., 2016), the food web 

structure (Ruhí et al., 2016) and POM decomposition (Menéndez et al., 2012; Mollá et al., 

2017) in downstream reaches compared to upstream ones.

meDiterranean river networks  
unDer tHe climate cHange

Flow variability in Mediterranean river networks may be enhanced by the ongoing climate 

change. Following the trend over the last century, all climatic projections predict that global 
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temperature will continue to rise troughout the 21st century together with a highly probably 

increment in the occurrence of heat waves which will occur more frequently and last longer 

everywhere. The predicted changes in precipitation are divergent worldwide and tend to 

enhance the disparity between dry and wet regions (IPCC, 2013). In a warmer world, climatic 

models predict an intensification of the hydrological cycle globally, with an increase in the 

frequency and intensity of extreme events such as heavy rainfall or drought (Huntington, 2006; 

IPCC, 2013). In this context, Mediterranean regions will be particularly vulnerable to climate 

change (Giorgi & Lionello, 2008). Specific predictions for these climate regions indicate a 

greater warming than the global average, a strong reduction in the mean precipitation —

which would occur as more intense and less frequent rainfall events— and a probable 

decrease in annual runoff (Bonada & Resh, 2013; Schneider et al., 2013; IPCC, 2013; Figure 

I-5). All together, these effects will exacerbate the drying conditions of these regions. These 

climate alterations will result in reduced flows, with an increase in both the frequency and the 

intensity of flood events and the temporal and spatial extent of drought conditions. This will 

extend the flow intermittency and could even convert perennial watercourses into temporal 

ones (Sabater & Tockner, 2010; Pascual et al., 2015; Pumo et al., 2016). In addition, climate 

change will extend the typical climate pattern of Mediterranean regions to other temperate 

regions which are likely to experience drying trends, causing a mediterranization whereby 

the dynamics of temperate streams may become more similar to those of Mediterranean 

streams (Bernal et al., 2013). The flow variability caused by climate change could be further 

exacerbated worldwide by human activity aimed at countering increasing water scarcity, such 

as damming, and by over-abstraction to satisfy the water demand of a growing population 

(García-Ruiz et al., 2011; Zarfl et al., 2015). 

Figure I-5 Predicted changes in average surface temperature, precipitation and runoff for 2081-2100, relative to 

1986-2005, under the RCP8.5 scenario (IPCC, 2013). 
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Under the threat of this future scenario, exploring the current effects of flow fluctuation 

on the ecology of Mediterranean rivers and streams could help us to improve predictions 

concerning the potential effects of global change on freshwater ecosystems worldwide.  

·· ·· ·· ·· ·· ·· ·· ·· ·· ·· ·· ··

Overall, flow variability induced by both natural and human disturbances in Mediterranean 

rivers and streams generates complex river networks form by changing mosaics of habitats 

that also entails disruptions of the hydrological connectivity along them. This structure 

may influence the overall functioning of the ecosystem, with potential implications for key 

ecological processes with relevance at the river network scale such as the transport and 

processing of organic matter.  Despite their prevalence in Mediterranean regions, temporary 

rivers and streams are found worldwide and recent estimations suggest that they might 

comprise more than 50% of the global river network (Stanley et al., 1997; Larned et al., 2010; 

Acuña et al., 2014; Datry et al., 2014). The same applies to flow regulation. Few river networks 

worldwide remain free from damming and they typically consist of alternating series of 

lotic and lentic reaches (Poff et al., 1997; Nilsson et al., 2005; Döll et al., 2009). In addition, 

temporary and dammed streams are expected to increase in Mediterranean and other regions 

experiencing drying trends as a result of the global change. Thus, these systems are common 

features of freshwater ecosystems that would be even more prevalent in the near future. 

However, our knowledge about the transport, storage and processing of organic matter on 

them lag far behind those of perennial and lotic systems. Ignoring this complex mosaic of 

habitats could limit our capacity to understand the fate of organic matter in a large proportion 

of river networks worldwide, and thus, to drive accurate estimations of the role of freshwater 

ecosystems on the global C cycle. Mediterranean river networks and their characteristic flow 

variability represent an ideal setting within which explore these knowledge gaps. 

leaf liTTer decomposiTion in Temporary 

sTreams: an overview

Due to the predicted increase in flow intermittency worldwide as a consequence of the global 

change, the number of ecological studies focusing on temporary rivers and streams has grown 

exponentially over the last few years (Datry et al., 2011a). Some of the studies, many of which 
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were published during the development of this thesis, have examined the particularities of 

leaf litter decomposition. Here, I synthesize the main findings of these studies in order to 

present the current state of knowledge regarding leaf litter decomposition in temporary rivers 

and streams. 

Leaf litter decomposition in temporary streams tends to be a slower process than in perennial 

ones (Tate & Gurtz, 1986; Hill et al., 1988; Herbst & Reice, 1992; Richardson et al., 1990; Maamri 

et al., 2001), which is mainly attributed to reduced processing efficiency during the dry phase. 

Because ecologists have often considered the dry phase of temporary streams as inactive or 

quiescent, ecological processes such as the processing of organic matter during it has been 

poorly studied. However, recent studies have highlighted the importance of this phase (Steward 

et al., 2012) and pointed out its active role in the C processing, with significant amounts of CO2 

released into the atmosphere (Gallo et al., 2014; Schiller et al., 2014; Gómez-Gener et al., 2016). 

During the dry phase, the leaf litter input from riparian vegetation affected by water stress 

may coincide with flow fragmentation and become accumulated on emerged streambed 

sediments or in isolated pools (Acuña et al., 2007; Sanpera-Calbet et al., 2016; Figure I-6). 

Some authors indicate that the contribution of macroinvertebrates to leaf litter decomposition 

in emerged streambed sediments is very limited (Gurtz & Tate, 1988; Maamri et al., 1997; 

Harner et al., 2009; Abelho et al., 2014). On the one hand, the emersion may inhibit the 

activity, colonization and feeding of the reduced numbers of aquatic shredders than remains 

after emersion (Williams, 2006; Leberfinger et al., 2010); on the other hand, the vast majority 

of the abundant terrestrial invertebrates present in dry streambeds (Wishart, 2000; Steward 

et al., 2011) are predators not detritivores (Maamri et al., 1997). Despite the fact that leaf litter 

in emerged streambed sediments is colonized by microbial decomposers, both fungi and 

bacteria (Maamri et al., 1998, 1999), their biomass and activity under terrestrial conditions 

seem to be reduced compared to aquatic conditions (Boulton, 1991; Abelho et al., 2014; 

Foulquier et al., 2015). However, microbial development under emerged conditions appears 

to be closely linked to sediment moisture levels (Amalfitano et al., 2008; Gómez-Gener et al., 

2015). In this regard, some authors observe a significant increase in microbial decomposition 

when leaf litter is partially rehydrated by rainfall or dew (Langhans & Tockner, 2006). Others 

indicated that aquatic microbes such as aquatic hyphomycetes can persist, practically inactive, 
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on streambed sediments when some moisture remains, thus explaining the rapid resumption 

of microbial activity detected once flow recovers (Maamri et al., 2001; Bruder et al., 2011; 

Ghate & Sridhar, 2015; Martínez et al., 2015). Along the same lines, several studies pointed 

out that the duration of the drying period is a key factor controlling the activity of microbial 

decomposers and thus, the leaf litter decomposition process (Bruder et al., 2011; Corti et 

al., 2011; Foulquier et al., 2015). Nevertheless, little is known of the effects of moisture on 

decomposition and some authors have highlighted the importance of assessing this process 

at different stages of drying to understand the mechanisms involved in it better (Larned et al., 

2010; Chapter 3). In contrast to what is the case in aquatic conditions, in terrestrial conditions 

the relative contribution of abiotic processes such as photo-degradation (Austin & Vivanco, 

2006; Gallo et al., 2006; Wang et al., 2015) or leaching of soluble compounds (Langhans et al., 

2008) on leaf litter decomposition can exceed that of biotic ones (Corti et al., 2011; Treplin & 

Zimmer, 2012). 

Figure I-6 Photographs of leaf litter accumulated in a isolated pool and emerged streambed sediments during the 

dry phase in different temporary streams within the Fluvià river network (NE Iberian Peninsula). 
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In isolated pools, decomposer communities are exposed to harsh physicochemical 

conditions. In these habitats, detritus accumulation increases nutrient concentrations and 

stimulates heterotrophic activity which causes a gradual decrease in both oxygen levels and pH 

(Stanley et al., 1997; von Schiller et al., 2011). Moreover, the accumulation of leaf leachates in 

pools may become toxic for some decomposer communities (Schlief & Mutz, 2007; Canhoto et 

al., 2013). In this regard, the few studies that have evaluated leaf litter decomposition in pools 

—mainly under simulated conditions— report lower decomposition rates in comparison to 

those in running waters due to unfavorable conditions for the development of aquatic fungi and 

shredders (Langhans et al., 2008; Schlief & Mutz, 2009; but see Baldy et al., 2002; Chapter 3). 

When flow recovers, the organic matter that has accumulated during the dry phase is 

mobilized downstream, where it can be further processed. Different results were found 

regarding the decomposition rates of leaf litter when flow recovers, with some studies reporting 

a slow recuperation of rates after drought (Sangiorgio et al., 2007; Bruder et al., 2011; Schlief 

& Mutz, 2011) and others observing similar rates between temporary and perennial streams 

after flow recovery (Mariluan et al., 2015; Pinna et al., 2016). Along the same lines, while 

some studies found a completely restored macroinvertebrate community after flow recovery 

(Sangiorgio et al., 2007; Mariluan et al., 2015), others confirmed the influence of preceding 

drying events on macroinvertebrates assemblages (Schlief & Mutz, 2011; Pinna et al., 2016). 

In this regard, the former type of evidences is supported by a wide number of studies that 

indicate lower densities of shredders in temporary streams than in perennial ones, in both dry 

and wet phases (Kirby et al., 1983;  Richardson et al., 1990; Maamri et al., 1997; Martínez et al., 

2015; Mora-Gómez et al., 2015). Regarding microbes, the few studies addressing the response 

of microbial decomposers to flow recovery generally indicate high microbial resilience, with 

bacterial and fungal biomass and activity rapidly rising with submersion (Maamri et al., 2001; 

Amalfitano et al., 2008; Artigas et al., 2009; Ylla et al., 2010; Schlief & Mutz, 2011; Datry et al., 

2011b; Pinna et al., 2016; but see Hill et al., 1988), especially if some moisture remained in the 

sediments during the dry phase (Bruder et al., 2011). 

Some of the contrasting results observed concerning leaf litter decomposition once flow 

recovers could be related to differences in the characteristics of the preceding dry phases. In 

this regard, Datry et al. (2011b) indicated that the effects of drying can persist on the following 
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processing of leaf litter, in a pattern called “drying memory”. Over a 24-year period, they 

reported an exponentially decrease in decomposition rates during the wet phase as the duration 

and frequency of the previous dry phase increase. Along the same lines, Dieter et al. (2011, 

2013) focus their attention on the influence of abiotic processes that affect leaf litter during 

the dry phase. They suggest a preconditioning effect whereby, depending on litter species, leaf 

litter quality can change during the exposition to UV-vis radiation or wet-anoxic conditions 

—situations commonly found in dry streambed sediments or isolated pools, respectively— 

thereby affecting decomposition rates and microbial decomposers once the flow recovers. In 

this regard, it is important to highlight that the irradiation of leaves during the dry phase 

also enhances the loss of DOC and nutrients during subsequent aquatic leaching (Dieter et 

al., 2013). This observation helps to explain the high DOC concentration pulse observed 

once flow recovers in temporary streams, which is mainly attributed to the leaching of leaves 

accumulated in the stream channel the during previous drought (Romaní et al., 2006; Artigas 

et al., 2009; Ylla et al., 2010; Vázquez et al., 2015; von Schiller et al., 2015). The return of water 

to a dry streambed can be seen as a ‘‘hot biogeochemical moment’’ (McClain et al., 2003), with 

important implications for the C cycle as large quantities of POM and DOM are mobilized 

and can be rapidly metabolized (Hladyz et al., 2011; von Schiller et al., 2015). Despite the 

relevance of this observation, the preconditioning effects during the dry phase on the release 

of DOC from leaf litter when flow returns and its implications for the C cycle remains largely 

unexplored, especially under field conditions (but see Casas-Ruiz et al., 2016).

Despite this existing knowledge regarding leaf litter decomposition in temporary streams, it 

lags far behind that concerning perennial streams and many questions still remain unanswered. 

Due to the abundance of temporary systems and their predicted increase due to climate change 

(Larned et al., 2010), increasing our knowledge of the mechanisms driving organic matter 

transport and processing in these systems is a key priority to be able to understand the fate of 

terrestrial organic matter in freshwater ecosystems better, as well as, its current and future roles 

in the global C cycle. Flow fluctuations in temporary streams generates a changing mosaic of 

contrasting habitats. To understand their ecology better, we need to consider their large degree 

of heterogeneity by conducting empirical experiments at different temporal and spatial scales 

that go beyond single reaches and hydrological phases (Leigh et al., 2016). 
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Photo: Serinyà reservoir (Fluvià river network), by the author. 
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OBJECTIVES 

This thesis focuses on the processing of organic matter along a Mediterranean river network. 

Specifically, it aims to increase current knowledge of the mechanisms involved on POM 

decomposition across the mosaic of habitats generated by flow variability and the DOM 

uptake by bacteria in a forested stream. The main body of this thesis is divided into four 

chapters, each one written as an independent publication. The four chapters were developed 

in the heterogeneous framework of the Fluvià river network (Figure S-1) and appear in 

descending order of both spatial and temporal scale used across it. The specific objectives of 

each chapter are as follow:

In Chapter 1, we explored the effects of flow regulation on ecosystem functioning at the 

river network scale, using wood decomposition as a functional indicator. In particular, we 

examined the variability of decomposition rates between different lotic and lentic reaches, 

the latter generated by small dams and weirs, located in a diverse range of stream orders 

along the Fluvià river network. We tried to elucidate whether: (i) lentic flow conditions cause 

differences in ecosystem functioning compared to lotic reaches; (ii) these differences are 

similar across the river network; and (iii) they are similar between seasons. To explain the 

potential variability across the river network, we identified the main environmental factors 

affecting rates and, to assess the effect of seasonality, we performed the experiment in both 

winter and summer. We hypothesized that differences in water flow between lotic and lentic 

reaches would trigger differences in their ecosystem functioning, with lower rates in lentic 

reaches than in lotic ones.

In Chapter 2, we aimed to describe leaf litter decomposition along the longitudinal profile 

of a temporary Mediterranean stream, considering its temporal and spatial heterogeneity 

due to flow variability. To do this, we selected five consecutive reaches with contrasting flow 

regimes (lentic, lotic and intermittent flow) along a 2 km section of a third-order temporary 

stream. Specifically, we characterized decomposition rates, and changes in both litter quality 

and decomposer communities on each section in winter and summer to evaluate whether: 
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(i) contrasting flow conditions generate changes in decomposition along the section; (ii) in 

both seasons; and (iii) which factors determine the decomposition process under each flow 

condition. We hypothesized drastic fluctuations in decomposition rates along the temporary 

stream depending on flow conditions, with lower rates under flow intermittency than in 

perennial (both lentic and lotic) reaches in both seasons.

In Chapter 3, we reduced the scale even further to focus on the initial phases of leaf 

litter decomposition during the specific period of flow fragmentation in a temporary 

Mediterranean stream. In particular, we selected distinct habitats (running waters or lotic, 

isolated pools and both moist and dry streambed sediments) conforming a 2 km section in 

late summer in a fourth-order temporary stream. In this mosaic of habitats, over a period of 

11 days, we evaluated decomposition rates, changes in litter quality, decomposer communities 

and DOC release rates associated with leaf litter in each habitat type in order to explore: (i) 

the overall decomposition; and (ii) their main drivers in each habitat. We hypothesized great 

heterogeneity in decomposition rates and the factors involved on them, with faster rates in 

aquatic than in terrestrial habitats. 

In Chapter 4, we examined the uptake of DOC from the water column by bacteria and its 

transfer to higher trophic levels in a forested headwater stream in late autumn. Specifically, 

we performed a 7-day whole-reach tracer addition of 13C-acetate along a 80 m reach 

within a second-order stream to elucidate: (i) the relative contribution of different benthic 

compartments to whole-reach acetate uptake and storage; and (ii) the transfer of this labile 

DOC from bacteria to higher trophic levels. Simultaneously, we also performed a whole-

stream tracer addition of 15N-ammonium in order to compare the uptake, storage and trophic 

transfer between DOC and DIN. We hypothesized a low uptake of DOC because the large 

abundance of detrital organic matter would satisfy the bacterial C demand; but a high DIN 

demand, to satisfy the considerable heterotrophic activity on this detritus.
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STUDY AREA: 

The Fluvià river network

The field work of this thesis was developed in several points along the Fluvià river network, 

located in the North-East of the Iberian Peninsula (Figure S-1). The Fluvià river main stem 

is 97 km long and, flowing from the Eastern Pyrenees to the Mediterranean Sea, drains a 

watershed area of approximately 990 km2. This area covers a remarkable altitudinal gradient 

from the sea level up to 1614 m, with an approximately mean altitude of 497 m. Most of the 

watershed is covered by forest (78%), mainly dominated by deciduous forests of beech (Fagus 

sylvatica L.) and oak (Quercus robur L.) at the higher altitudes and sclerophylous forests of 

evergreen oaks (Quercus ilex L.) and pine (Pinus halepensis Miller and Pinus sylvestris L.) 

at the lower altitudes. The remaining area is covered by agricultural (19%; mainly dry) and 

urban (3%) areas, with an average human population density of 127 inhabitants km-2 (Land 

Cover Map of Catalonia 2009, CREAF). The watershed is mostly calcareous, with some areas 

(< 15%) of siliceous materials (Cartographic and Geological Institute of Catalonia, 2006). 

Figure S-1 Map showing the location of the Fluvià river network (NE Iberian Peninsula) and the different sampling 

sites used in each chapter. 
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The climate in this area is typical Mediterranean (Figure S-2). Mean monthly air 

temperature varies between 6 °C in January to 26 °C in July and mean annual precipitation is 

around 660 mm, with rainfall events occurring mainly in autumn and spring (data from 2004 

to 2014, Catalan Water Agency, http://aca-web.gencat.cat). 

The seasonal pattern in precipitation determines the flow regime of the Fluvià river network, 

which experiences flowing (late autumn to early spring) and drying periods (late spring to 

early autumn) that governs the network expansion and contraction. The contraction phase 

commonly leads to the appearance of dry or drying reaches along the river network, especially 

in headwater streams. The river network received inputs from 23 urban wastewater treatment 

plants and is highly regulated. Despite any large dam, around 50 man-made interruptions 

appear along their course, situated mainly in the upper part of the river network and consisting 

in small dams and weirs with less than 1 hm3 of capacity (Ferrer et al., 2009; Pavón, 2010; 

Planificació de l’Espai Fluvial a la Conca del Fluvià 2014, Catalan Water Agency, http://aca-

web.gencat.cat). In the light of this, as a result of both climate or human disturbances, the 

Fluvià river network constitutes an ideal setting for investigating the particularities of the 

organic matter processing under temporal and spatial variability in flow conditions. 

Figure S-2 The Mediterranean climatic pattern in the Fluvià river watershed. Temporal variation of the mean monthly 

precipitation (solid bards) and temperature (solid line) registered between 2004 and 2014 at a meteorological station 

situated at a central point of the watershed (Catalan Water Agency, http://aca-web.gencat.cat).  
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Photo: Olot reservoir (Fluvià river network), by Ll. Gómez-Gener. 
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Effects of water flow regulation 
on ecosystem functioning in a 
Mediterranean river network 

assessed by wood decomposition

Mediterranean rivers are extensively modified by flow regulation practises along their courses. 
An important part of the river impoundment in this area is related to the presence of small dams 

constructed mainly for water abstraction purposes. These projects drastically modified the 
ecosystem morphology, transforming lotic into lentic reaches and increasing their alternation 

along the river. Hydro-morphological differences between these reaches indicate that flow 
regulation can trigger important changes in the ecosystem functioning. Decomposition of 

organic matter is an integrative process and this complexity makes it a good indicator of changes 
in the ecosystem. The aim of this study was to assess the effect caused by flow regulation on 
ecosystem functioning at the river network scale,using wood decomposition as a functional 

indicator. We studied the mass loss from wood sticks during three months in different lotic 
and lentic reaches located along a Mediterranean river network, in both winter and summer. 

Additionally, we identified the environmental factors affecting decomposition rates along the 
river orders. The results revealed differences in decomposition rates between sites in both 

seasons that were principally related to the differences between stream orders. The rates were 
mainly related to temperature, nutrient concentrations and water residence time. High-order 

streams with higher temperature and nutrient concentrations exhibited higher decomposition 
rates compared with low-order streams. The effect of the flow regulation on the decomposition 
rates only appeared to be significant in high orders, especially in winter, when the hydrological 

characteristics of lotic and lentic habitats widely varied. Lotic reaches with lower water residence 
time, exhibited greater decomposition rates compared with lentic reaches probably due to more 

physical abrasion and differences in the microbial assemblages. Overall, our study revealed 
that in high order streams the reduction of flow caused by flow regulation affects the wood 

decomposition indicating changes in ecosystem functioning.

CHAPTER 1
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Effects of water flow regulation on ecosystem functioning in a 
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INTRODUCTION

Many rivers and streams have been altered by different anthropogenic activities such as water 

extraction, canalisation, or dam construction (Malmqvist & Rundle, 2002; Nilsson et al., 

2005). In Mediterranean regions, the presence of these impacts is particularly significant due 

to the combination of a high population density, agricultural and industrial activities, and a 

high natural variability of the flow regime (Grantham et al., 2012). Most of the flow regulation 

in this area results from the construction of small dams and weirs (< 1 hm3), mainly for 

water abstraction purposes (Marcé et al., 2012). In addition, flow variability is predicted to 

increase with climate change (Schneider et al., 2013), increasing the need for flow regulation. 

Moreover, in Mediterranean regions, shifts in the flow regime below these impounments may 

also result in change from perennial to temporary streams, leading irreversible modifications 

in the ecosystem processes and services (Datry et al., 2014). With this prespective, a better 

understanding of the effects of flow regulation on the freshwater ecosystem to improve 

environmental flows is needed (Grantham et al., 2014). 

Flow regulation interrupts the fluvial continuity, altering the natural structure of the 

ecosystem along the river (Ward & Stanford, 1983). The hydro-morphology of the river 

network becomes highly modified, increasing the water residence time and transforming 

lotic reaches into lentic reaches (Sabater, 2008). The differences in water flow between these 

reaches also imply differences in several physicochemical factors, such as water temperature 

(Poff & Hart, 2002) and oxygen or nutrient concentrations (Friedl & Wüest, 2002), and 

ecosystem processes such as sediment transport (Vericat and Batalla, 2005; Hupp et al., 

2009) and organic matter retention (Dewson et al., 2007). At the same time, these factors and 

processes potentially shape the presence of biological communities in each habitat (Clavero et 

al., 2004; Strayer, 2006; Buffagni et al., 2009; Gido et al. 2009), directly affecting key ecosystem 

functions such as the decomposition of organic matter (Menéndez et al., 2012; Martínez et 

al., 2013) and metabolism (Baxter, 1977). These forced differences between lotic and lentic 

habitats indicate that flow regulation can trigger important changes in river ecosystem 

functioning (Elosegi & Sabater, 2012). Moreover, given that flow regulation involves the 
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interruption of the fluvial continuum, consequences may be evident along the entire river 

network (Ward & Standford, 1983).

Different key ecosystem processes, such as organic matter decomposition (Gessner 

& Chauvet, 2002; Feio et al., 2010), nutrient retention (von Schiller et al., 2008), and 

metabolism (Bunn et al., 1999; Young et al., 2008), have been used as indicators to assess 

ecosystem functioning. Organic matter decomposition is a fundamental process in stream 

ecosystems (Tank et al., 2010) and results from the interaction between several physical, 

chemical, and biological factors (Benfield, 1996; Gessner et al., 1999). Many researchers 

have demonstrated the effect of water temperature (Peterson & Cummins, 1974), dissolved 

nutrient concentration (Ferreira et al., 2015), or oxygen concentration (Webster & Benfield, 

1986) on organic matter decomposition. At the same time, decomposition is influenced by 

alterations of the hydrological regime, such as drastic flow reductions (Dewson et al., 2007; 

Schlief & Mutz, 2009), variations in flow velocity (Ferreira & Graça, 2006; Santos Fonseca et 

al., 2012), and damming (Casas et al., 2000; González et al., 2013; Menéndez et al., 2012). The 

decomposition process integrates this complexity and is a good indicator of changes in the 

ecosystem.

At a watershed scale, decomposition rates depend on the river order, altitude, and/or 

different land uses (Benfield et al., 2000; Fleituch, 2001; Fonnesu et al., 2004; Pozo et al., 

2011; Silva-Junior et al., 2014). As a consequence, several studies highlighted the importance 

of assessing the ecosystem response to an impact at this scale (e.g., Stanford & Ward, 1992; 

Allan et al., 1997; Poff & Zimmerman, 2010; Elosegi & Sabater, 2012). However, few studies 

considering organic matter decomposition have been performed at a catchment scale to date 

(but see Feio et al., 2010; Aristi et al., 2012).

Various studies used the litter-bag method as an approach to quantify decomposition 

rates (Bärlocher, 2005). However, its utilisation allows high versatility in various aspects, such 

as mesh size, litter species, or the initial quality of the substrate, restricting the comparisons 

among studies (Lecerf & Chauvet, 2008). To overcome this issue, an alternative approach 

involves the use of commercial wood sticks (Young & Collier, 2009; Aristi et al., 2012; Arroita 

et al., 2012) that limits manipulation and allows standardisation of the initial chemical 

composition.  
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The aim of this study was to assess the variability caused by flow regulation on 

ecosystem functioning at the river network scale using the organic matter decomposition 

process as a functional indicator. To achieve this objective, we studied the mass loss from 

wood sticks in different lotic and lentic reaches located in a diverse range of stream orders 

along a Mediterranean river network. Additionally, we identified the main environmental 

factors potentially affecting decomposition rates along the river orders. Due to the marked 

seasonality of Mediterranean areas (Bonada & Resh, 2013), the experiment was conducted in 

summer and winter. We hypothesized that there would be differences in the decomposition 

processes between lotic and lentic reaches along the river network given their environmental 

differences. We expected increased decomposition rates in lotic reaches based on increased 

physical abrasion due to higher flow. We predicted these rates to be particularly higher in 

summer when milder temperatures promote increased biological activity. 

MATERIALS AND METHODS

Study area

This study was conducted in the Fluvià River watershed, located in the north-eastern Iberian 

Peninsula (Figure 1.1). This sixth order watershed drains an area of 990 km2. Its mainstream is 

97 km in length and flows into the Mediterranean Sea. The climate is typically Mediterranean 

and is characterised by scarce precipitation occurring mainly in spring and autumn with dry 

and warm summers. The mean annual precipitation in this region is 660 mm, and the mean 

monthly air temperature varies between 6 °C in January and 26 °C in July (Catalan Water 

Agency, http://aca-web.gencat.cat). The basin is relatively pristine and is covered mainly 

by mixed forests (78%); some agricultural (19%) and urban (3%) areas are present, mostly 

associated with the lowest altitudes (Land Cover Map of Catalonia 2009, CREAF).  However, 

the flow is highly regulated by a total of 51 man-made watercourse interruptions of different 

dimensions (Catalan Water Agency, http://aca-web.gencat.cat). All of these interruptions are 

small dams and weirs with less than 1 hm3 of capacity.
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We selected a total of 10 experimental reaches of orders ranging from 2 to 5 (Strahler, 

1957) within this catchment to ensure an appropriate representation of the river network 

heterogeneity (Table 1.1). These reaches were also classified as lotic (i.e., running water 

reaches, n = 6) and lentic (i.e., stagnant waters stored in small dams and weirs, n = 4). The 

mean depth of lentic habitats ranged from 1.1 to 2.5 m and their surface range from 0.1 to 

10.8 ha. The mean depth for a 1km-reach of lotic habitats range from 0.1 to 0.3 m and the 

mean width from 4.1 to 23.7 m. The experiment was conducted during winter (November 

2012 to February 2013) and summer (June 2013 to September 2013).

environmental parameterS

During the study period, several physical, chemical, and hydrological parameters were 

obtained monthly at each site (Table 1.2). Portable probes were used to measure the water 

temperature, conductivity, pH (WTW, Weilheim, Germany), and the dissolved oxygen 

concentration (YSI ProODO Handheld, USA) on the field. The water samples were filtered 

through pre-ashed glass fibre filters (0.7 μm pore size; Whatman GF/F, Germany), transported 

to the laboratory under cool conditions, and stored at 4 °C in the dark until analysis. All water 

Figure 1.1 Locations of the sampling sites (letters A to J) in the Fluvià River watershed (NE Iberian Peninsula). White 

dots denote lotic-sampling reaches, whereas black dots denote lentic-sampling reaches.
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samples were analysed the day after their collection. The concentrations of dissolved nitrite 

(NO2
-), nitrate (NO3

-), phosphate (PO4
-3), chloride (Cl-), and sulphate (SO4

-2) were analysed 

by ionic chromatography (IC5000, DIONEX, USA). The dissolved organic and inorganic 

carbon concentrations in water (DOC and DIC, respectively) were measured with a total 

organic carbon analyser (TOC-V CSH, Shimadzu, Japan). 

The sub-watersheds associated with the experimental reaches were characterised for the 

total area and percentage of land use cover by a geospatial-processing software (ArcMap 

10, ArcGIS, USA). The water residence time of the experimental reaches was obtained by 

combining discharge measurements with reach morphology. In the case of lotic reaches we 

used morphological data provided by the Catalan Water Agency (http://aca-web.gencat.cat) 

and punctual measured discharge to calculate reach average velocities using the hydraulic 

software HecRas 2.2 (US Army Corps of Engineers, USA). These velocities were then 

combined with the reach length to calculate the water residence time. In lentic reaches, we 

estimated the volume with detailed bathymetric maps using geospatial processing tools 

in ArcMap10. The water residence time in lentic reaches was then calculated dividing the 

volume by the average of up and downstream discharges, assuming steady-state conditions. 

All discharge measurements were carried out using an acoustic-Doppler velocimeter (Sontek, 

YSI, USA). For each enviromental parameter, the average of the monthly measures was used 

as the representative value of each study period. 

Land use cover (%)

Site Latitude. N Longitude. E
Altitude 
(m.a.s.l) Order

Hydrologic 
habitat

Watershed  
area (ha) Forest Agricultural Urban Others

A 42°10’08’’ 3°03’18’’ 2 5 Lotic 96131 77.89 18.11 2.59 1.41

B 42°10’06’’ 3°01’48’’ 9 5 Lentic 94803 78.23 17.82 2.56 1.39

C 42°10’39’’ 2°50’11’’ 83 5 Lotic 80947 82.14 14.14 2.37 1.35

D 42°11’90’’ 2°45’36’’ 115 5 Lentic 78938 82.75 13.56 2.36 1.34

E 42°10’07’’ 2°43’47’’ 135 4 Lotic 11571 82.46 15.76 1.25 0.53

F 42°13’3’’ 2°34’29’’ 214 5 Lotic 29656 78.35 16.87 3.56 1.22

G 42°10’28’’ 2°28’71’’ 434 4 Lentic 10355 76.90 19.44 2.55 1.11

H 42°15’02’’ 2°28’49’’ 451 2 Lotic 155 96.58 3.03 0.10 0.29

I 42°18’03’’ 2°35’21’’ 356 3 Lotic 2476 95.15 0.13 0.01 4.71

J 42°18’06’’ 2°35’20’’ 358 3 Lentic 2475 95.17 0.13 0.01 4.69

Table 1.1 Characterization of the sampling sites. Percentages of land use cover are referred to the total sub-

watershed area associated to each site. The category “Others” in the Land use cover (%) is formed by scrublands, 

grasslands and surface cover by water on each sub-watershed.
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Wood decompoSition 

The decomposition rates were studied in all of the experimental reaches using commercial 

wood sticks (15 × 1.8 × 0.22 cm) of Canadian poplar wood (Populus nigra x canadienses). 

Before their placement in the reaches, each stick was marked with a pirographer, oven dried 

(70 °C, 72 h), and weighed. A total of 15 (five groups of three) wood sticks were placed in 

each selected site in November 2012 and June 2013 for the winter and summer experiments, 

respectively. Each group was tied with nylon threads to metal bars, branches, or roots, and 

lead weights were used to ensure that the sticks were completely submerged. One group of 

these sticks was used at each site to prevent possible losses. An extra set of five sticks was 

transported to the stream without being immersed in the water and returned to the laboratory 

to correct the initial mass value for manipulation. 

The methodology was adapted from the protocol outlined by Aristi et al. (2012) and Arroita 

et al. (2012). Five sticks (one per group) at each location were recovered after approximately 

65 and 110 days in both winter and summer. After their retrieval, the sticks were placed in 

individual zip-lock bags and transported in refrigerated containers to the laboratory, where 

they were immediately processed. The recovered sticks were washed with distilled water and 

brushed to remove adhering material, oven dried (70 °C, 72 h), and weighed. An aliquot of 

each stick was incinerated (500 °C, 5 h) to remove the effect of the inorganic components 

and obtain an ash-free dry mass (AFDM). A subsample of each recovered stick was ground 

into a fine powder (c.a 1 mm pore-size), and the nitrogen (N) and carbon (C) contents were 

analysed. Both elements were determined using a Perking Elmer series II CHNS/O elemental 

analyser. 

data analySiS

The decomposition rates (k) were estimated following the negative exponential model Mt = M0 

e-kt (Petersen and Cummins, 1974), where M0 is the initial AFDM corrected for manipulation, 

Mt is the remaining AFDM at time t, and k is the decomposition rate. A decomposition rate 

was obtained for each site and season (summer and winter).

A linear mixed-effects model, using the R package nlme (Pinheiro et al., 2012), was used 
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to analyse differences in water characteristics and wood decomposition over time along the 

river network. For wood decomposition, the proportion of the remaining AFDM was used 

as the dependent variable; the elapsed time (co-variable), season (winter or summer), river 

order (low = 2-3, medium = 4, high = 5) and hydrologic habitat (lentic or lotic) served as the 

fixed-effects factors. We used the natural logarithm of the proportion of remaining AFDM 

to achieve a linear relationship with time. For the stream water characteristics, we applied a 

linear mixed-effects model for each of them (dependent variable) using the same fixed-effects 

factors indicated above as the independent variables, with the exception of elapsed time. The 

full factorial model was employed; therefore, all of the interactions were assessed. For both 

models, the site was fitted as a random factor with an effect on the intercept. This effect was 

assessed using likelihood ratio tests to compare the linear regression model without random 

factors (gls function) with the linear mixed model with all the fixed effects (lme function) and 

the random effect. The final models were selected by Akaike’s Information Criterion (AIC) 

and fitted using the restricted maximum likelihood (REML). Model validation plots were 

used to assess the assumptions of the analysis. We implemented a variance function (varIdent 

function) in the model (Pinheiro & Bates, 2000; Zuur et al., 2009) to correct for residual 

heteroscedasticity. For wood decomposition, the effects of the fixed factors on the response 

variable were interpreted based on the statistical significance of the interaction among the 

fixed-effects habitat, order, and season with time (Lagrue et al., 2011).

The relationship between wood decomposition and watershed characteristics was 

determined by correlating the environmental variables with the decomposition rates to assess 

linear relationships and to identify significant associations. A stepwise linear regression 

between the stream water characteristics and rates was performed with the R package 

MASS (Venables & Ripley, 2002) to identify which factors or factor combinations were the 

best predictors of the decomposition rates. Model selection was done using a bidirectional 

elimination based on AIC. Prior to the regression analysis, Pearson correlation coefficients 

between all of the variables were examined for multicollinearity. Within the higher correlated 

predictor pairs, we selected the pair that could provide the most ecological information. 

Sulphate, DIC, and phosphate were discarded because they were highly correlated with 

conductivity, DOC, and NOx (NO2
- + NO3

-, > 90% in NO3
- form), respectively.
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Before the statistical analysis, the distributional properties of the data were assessed to 

identify outliers. The Shapiro–Wilk test was applied to assess normality for each variable, 

and a log natural transformation was performed when necessary. All statistical analyses were 

conducted in R software (R Core Team, 2013), with a significance level set at a p < 0.05 for 

all tests. 

RESULTS

phySicochemical characteriSticS  

of Stream Water

The stream water characteristics exhibited high variability between the sites along the river 

network in both seasons (Table 1.2). The interaction of habitat, order, and season was significant 

for NOx, dissolved oxygen, and the water residence time (Table 1.3). NOx concentrations 

varied widely between the orders with increased concentrations noted in sites from orders 

4 and 5 (high orders) compared with sites from orders 2 and 3 (low orders) in both seasons. 

Within the high-order reaches, the sites located in the middle of the watershed exhibited the 

highest NOx concentrations, especially in summer. However, for all of the other high-orders 

sites, NOx concentrations increased in winter. The average residence time of water in summer 

was 8.9 ± 4 h, whereas it was 34.9 ± 18 h in winter. Lentic habitats exhibited a water residence 

time that was increased 4-fold compared with lotic habitats. These differences between the 

habitats were especially evident among the high orders in winter. Oxygen concentrations 

and pH were less variable among the sites. However, the oxygen concentration was generally 

higher in winter than in summer, and the highest values appeared in the high orders. The 

water temperature increased with stream order and exhibited higher values in summer 

compared with winter at all of the sites. The conductivity and Cl- varied between orders and 

seasons, with the highest values noted in high-order reaches and winter. Regarding to the 

DOC, significant differences were only evident between seasons, with increased DOC in 

summer compared with winter (except in 4th order reaches).
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Wood decompoSition 

The wood decomposition rates differed significantly between seasons (interaction Time x 

Season, Table 1.4), with higher rates in summer (0.0027 ± 0.0004 d-1) than in winter (0.0009 

± 0.0001 d-1) at all of the sites (Figure 1.2). Differences were also noted between orders 

(interaction Time x Order, Table 1. 4).The decomposition rates were increased in high orders 

compared with low orders in both seasons. The differences between lotic and lentic habitats 

were only evident in high orders, with the highest decomposition rates in lotic habitats. 

The seasonal variability in the decomposition rates was more important in high-order 

reaches compared with low-order reaches. In high orders, the decomposition rates were 

increased 2.9-fold in summer compared with winter (0.001 ± 0.0003 d-1), whereas the seasonal 

differences in low orders were reduced until rates were only 1.6 times higher. Accordingly, 

the variability among sites was more pronounced in summer, with rates 6.03 times higher in 

high-order reaches (0.003 ± 0.0007 d-1) compared with low-order reaches (0.0006 ± 0.00009 

d-1) (interaction Time x Order x Season, Table 1.4).

Clear differences between lotic and lentic habitats were exclusively evident in high orders, 

Table 1.3 Summary of the linear mixed-effect models of stream water characteristics of the sampling sites along 

the river network in both seasons (n = 80). DIC, PO4
−3, and SO4

−2 values with correlation coefficients greater than 

0.70 with DOC, NOx, and conductivity, respectively, were not included in the linear mixed-effects model. Data 

appearing in bold are statistically significant ( p < 0.05). T = temperature, Cond = conductivity.

Dependent Variables

T NOx
Residence 

time                     
(log x)

DOC Dissolved 
oxygen pH Cl- Cond

Fixed Factors F p F p F p F p F p F p F p F p

Habitat 0.40 0.55 6.02 0.06 28.09 <.01 0.21 0.66 0.02 0.87 1.88 0.23 0.01 0.95 0.02 0.88

Order 35.27 <.01 29.75 <.01 15.16 <.01 2.86 0.15 1.03 0.42 1.45 0.32 21.56 <.01 4.41 0.08

Season 490.8 <.01 1.02 0.31 25.10 <.01 8.17 <.01 27.49 <.01 1.76 0.19 63.84 <.01 10.16 0.02

Habitat x Order 0.34 0.72 5.44 0.06 124.5 <.01 0.24 0.79 0.22 0.81 1.92 0.24 0.02 0.97 0.54 0.61

Habitat x Season 0.25 0.61 0.01 0.92 0.55 0.50 0.49 0.48 2.40 0.13 2.58 0.11 29.96 <.01 1.53 0.22

Season x Order 1.41 0.25 6.68 <.01 5.53 <.01 3.22 0.04 3.89 0.02 2.03 0.14 14.69 <.01 3.76 0.03

Habitat x Order  
x  Season

1.89 0.16 6.99 <.01 56.05 <.01 0.62 0.54 5.58 <.01 0.31 0.74 2.29 0.11 3.08 0.05

(n = 80)                    AIC 352.29 150.75 336.54 131.19 293.06 4.71 416.56 892.01
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especially in winter (interaction Time x 

Habitat x Order x Season, Table 1.4). In 

high orders, lotic habitats exhibited an 

average decomposition rate that was higher 

than that observed in lentic habitats. This 

difference between habitats was especially 

remarkable in winter; decomposition rates 

in lotic habitats (0.002 ± 0.0005 d-1) were 

increased 2.5-fold compared with lentic 

habitats (0.0007 ± 0.0002 d-1). In summer, 

lentic habitats exhibited rates that were 

more similar (0.003 ± 0.0011 d-1) than 

the rates obtained for the lotic habitats 

(0.004 ± 0.0008 d-1). Conversely, low-order 

lentic and lotic habitats presented similar 

decomposition rates in both seasons 

(Figure 1.2). 

The initial N content of sticks was 0.07% 

of dry mass, and an increase was observed 

during decomposition in both periods. This 

increase was more pronounced in winter 

compared with summer. After a loss of 20% 

of the initial mass, the amount of N in the sticks in winter was approximately 0.4% of the 

dry mass, whereas it was approximately 0.2% in summer (Figure 1.3). The initial C content 

of sticks was 47.2% of dry mass and a slight decrease in this percentage was observed during 

decomposition in both periods (45.2% in summer, 47% in winter). A decrease in the C:N 

ratio along decomposition was observed during the experiment. Any pattern was detected in 

the C and N content between habitats and orders along the river network. 

Dependent variable

Fixed Factors

AFDMr  
(log x)

F p

Time 56.69 <.01

Habitat 3.83 0.12

Time x Habitat 0.46 0.50

Order 10.27 0.03

Time x Order 6.74 <.01

Season 98.56 <.01

Time x Season 35.30 <.01

Habitat x Order 11.17 0.02

Time x Habitat x Order 10.10 <.01

Habitat x Season 18.52 <.01

Time x Habitat x Season 0.09 0.77

Order x Season 69.65 <.01

Time x Order x Season 4.89 <.01

Habitat x Order x Season 11.82 <.01

Time x Habitat x Order x 
Season 5.49 <.01

(n = 192, AIC = -351.90)

Table 1.4 Summary of the linear mixed-effect model 

used to analyse differences in wood decomposition 

over time along the river network. The proportion of 

remaining AFDM was used as dependent variable. 

Season, hydrological habitat, river order, and time (co-

variable) were used as fixed factors, whereas site was 

used as a random factor. Data appearing in bold are 

statistically significant (p < 0.05).
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Figure 1.2 Decomposition rates (d−1) on each sampling site in winter and summer. Error bars indicate standard error 

(SE). The dashed line separates high-orders (left) from low-orders (right).

Figure 1.3 Nitrogen (N) content in each wood stick as a percentage of stick dry mass and related to the total 

proportion of ash-free dry (ADFM) lost in each stick (n = 192).
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WaterShed characteriSticS  

and decompoSition rateS

The stepwise regression revealed that the decomposition rates were significantly associated 

with stream water characteristics. The final selected model included temperature, NOx, 

water residence time, and DOC as the best combination of variables to predict the wood 

mass loss. The proportion of variance in the rates explained by these predictors included in 

the model was approximately 72% (Table 1.5). At the same time, we identified a significant 

relationship between the decomposition rates and the surface of agricultural land use in each 

sub-watershed in summer (Figure 1.4). This relationship was unimodalat the watershed scale 

from low to high orders, exhibiting increased decomposition rates at intermediate levels of 

agricultural land use in both lentic and lotic habitats. No significant relationship was observed 

during the winter period. 

DISCUSSION

Wood decomposition revealed differences in ecosystem functioning along the studied 

river network that were more associated with differences between stream orders than with 

differences between habitats (lentic-lotic). Flow regulation affected decomposition rates in 

high orders, where lotic and lentic habitats differed widely in their characteristics. 

Contradictory results related to the decomposition of organic matter along stream orders 

Dependent variable

Selected 
independent 

variables
Coefficient SE t value p

k (d -1)  

n = 20, R = 0.72, 
F = 13.55,  p < 0.001

T 0.06 0.02 2.47 0.03
NOx 0.24 0.10 2.32 0.03

Residence time -0.32 0.11 -2.87 0.01
DOC 0.69 0.33 2.09 0.05

Table 1.5 Multiple regression analyses of wood decomposition rates (d−1) and stream water characteristics in winter 

and summer (n = 20). T = temperature, NOx = NO2
− + NO3

−, DOC = dissolved organic carbon. R = multiple regression 

coefficient. Note that residence time was negatively correlated with decomposition rates. Data appearing in bold 

are statistically significant (p < 0.05).
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or altitudes are reported in the literature. Some authors report that the decomposition rates of 

leaf litter increased in the downstream direction (Benfield et al., 2000; Fleituch, 2001; Fonnesu 

et al., 2004), whereas others report a decrease (Cortes et al., 1995) or even no trend along the 

river network (Tiegs et al., 2009). Regarding wood decomposition, the number of studies 

performed at the watershed scale is even smaller, and these results are also inconsistent. 

Naiman & Melillo (1987) reported increased rates in headwater streams, whereas other 

studies, including our study, described faster decomposition downstream (Diez et al., 2002; 

Aristi et al., 2012). The differences could be closely related to the characteristics of the study 

watershed. In our watershed, the nutrient concentrations and water temperature differed 

widely between stream orders, with a clear differentiation between high and low orders. The 

former exhibited higher temperature and nutrient concentrations, and these factors were 

positively correlated with decomposition rates. 

Previous studies have already indicated that elevated nutrient concentrations can 

accelerate wood decomposition rates (Tank & Webster, 1998; Diez et al., 2002), mainly via 

Figure 1.4 Decomposition rates (d−1) of each site (letters from A to J) in summer related to total hectares of agricultural 

land use presented in the sub-watershed associated with each sampling site. White points indicate lentic habitats, 

whereas black points indicate lotic habitats (n = 10).
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fungal and bacterial activity (Crenshaw et al., 2002). An increase in nutrient availability in the 

water column, especially N and phosphorus, potentially provides an extra source of nutrients, 

stimulating microbial activity on litter (Ferreira et al., 2015). At the same time, this stimulation 

effect is more pronounced in substrates with low nutrients and high lignin content, such as 

wood, because the microbial community is more limited by nutrients (Stelzer et al., 2003; 

Gulis et al., 2004; Ferreira et al., 2006b). Thus, our results revealed an increase in the N 

content in litter during decomposition,which was more pronounced in winter compared with 

summer. In high orders, where nutrients are available, N concentration in water is higher in 

winter than in summer for 4 of the 6 studied sites. At least for these sites, this increase in the 

N content in litter is likely due to differences in nutrient availability. Other researchers have 

found this increase (Menéndez et al., 2011) and attributed it to microbial nutrient uptake and 

immobilisation from the water column (Chauvet, 1987; Kuehn et al., 2000).

The effect of nutrient concentrations on litter decomposition also depends on water 

temperature (Ferreira & Chauvet, 2011b). As we predicted, a clear effect of the temperature 

on the decomposition rates was detectable in our results, with increased decomposition rates 

noted in summer compared with winter at all of the sites. However, despite similar increases in 

temperatures between reaches of different orders, the effect of temperature on decomposition 

rates was much greater for high orders than low orders. Similarly, Fonnesu et al. (2004) 

studied the organic matter decomposition in a 5th order Mediterranean watershed and found 

that the seasonal variation in leaf decomposition was low in reaches with low decomposition 

rates and high in reaches with high decomposition rates. This finding is potentially related to 

a synergistic effect of nutrient concentration and temperature on decomposition (Ferreira & 

Chauvet, 2011b). Temperature stimulates metabolic activity, allowing a faster decomposition 

process; however, stimulation only occurs if nutrients are available, especially in substrates 

such as wood. In high orders with relative nutrient availability, an increase in temperature in 

summer potentially enhances microbial activity. By contrast, in low orders, decomposition is 

limited by nutrients, and rates are independent of the temperature (Graça & Canhoto, 2006).

Stream environmental parameters, such as nutrients and temperature, are strongly 

influenced by land uses within the watershed (Allan, 2004). Our watershed was primarily 

covered by forest, but increased agricultural land use was observed downstream. Agricultural 
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activity as a consequence of runoff and deforestation is associated with elevated nutrient 

concentrations and increased water temperature (Townsend & Riley, 1999; Paul et al., 2006). 

In our study, summer decomposition rates exhibited a unimodal relationship with the amount 

of agricultural land use, revealing the highest decomposition rates at intermediate levels of 

agricultural land use. A similar relationship with leaf litter decomposition in streams was 

reported by Mctammany et al. (2008) along an agricultural land gradient and by Woodward 

et al. (2012) along a nutrient gradient. Moderate levels of agricultural runoff stimulate 

decomposition, which is limited by nutrients, but extreme amounts may cause decreased 

decomposition rates due to other pollutants or sediment inputs (Hagen et al., 2006; Lecerf et 

al., 2006).

As we predicted, significant differences in decomposition rates between habitats were 

observed in high orders; increased rates were noted in lotic habitats compared with lentic 

habitats, especially in winter. However, significant responses were not observed in low orders, 

likely due to the low replication for these habitats. 

The only environmental variables with significant differences in the interaction among 

habitat, order, and season in the mixed-effects model and at the same time, related with 

decomposition rates in the final regression model were water residence time and NOx 

concentration. Given that lentic habitats are characterised by higher water residence time, 

we hypothesized that they experience less physical abrasion than lotic habitats. Similarly, 

different studies have demonstrated higher decomposition rates of leaves and twigs when 

flow velocity increases, suggesting that physical abrasion caused by flowing water along with 

transported sediment (Ferreira et al., 2006a) serves as an important breakdown factor (e.g., 

Chergui & Pattee, 1988; Vingada, 1995; Santos Fonseca et al., 2012). Flow is also a major 

determinant of biotic composition (Bunn and Arthington, 2002). Fungi are considered the 

main decomposers of submerged wood (Gulis et al., 2004), and the current velocity can serve 

as an important factor regulating their assemblage structure. Ferreira & Graça (2006) reported 

increased aquatic hyphomycete activity in leaves exposed to high, rather than low, current 

velocity. Water flow supplies a continuous source of fungal spores to detritus (Bärlocher, 

1992) and promotes oxygen-rich waters, preferentially colonised by aquatic hyphomycetes 

(Chauvet, 1992). This colonisation primarily occurs in winter when the presence of leaf litter 
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allows the maximum fungal production (Suberkropp, 1997). Therefore, in high orders, fungal 

activity in lotic habitats might be stimulated. In contrast, in lentic areas, where physical 

abrasion and fungal activity might be low, decomposition rates remain low. This notion is 

primarily true in winter. However, in summer, when no difference between habitats was 

noted, the temperature would homogenise their decomposition rates.

The wood decomposition rates measured along the river network integrated the effects of 

flow regulation. The reduction of flow due to small dams and weirs reduced the organic matter 

decomposition capacity of the river, especially in the winter season, when the environmental 

differences between lentic and lotic reaches were more evident. This study demonstrated that 

small dams and weirs modify ecosystem functioning along the river network, affecting key 

ecosystem functions such as organic matter decomposition. These types of impoundments are 

especially abundant in Mediterranean areas. Despite the abundance of these impoundments, 

their ecological effects remain poorly understood. Moreover, Mediterranean areas are 

experiencing a growth of urban areas and extension in agriculture activities (Underwood 

et al., 2009), which could result in major flow regulation in the future and more small dams 

and weirs in the river basins to guarantee water supply. Under this scenario, it is especially 

relevant to further investigate the effects of these impacts on ecosystem functioning, and to 

consider these results to promote effective river management. 

Acknowledgements
We are grateful to N. Catalán, D. von Schiller, P. Rodriguez-Lozano and S. Sabater for comments 

on an earlier version of the manuscript. This study was funded by the Spanish Ministry of 

Economics and Competitiveness through Carbonet project (CGL2011-30474-C02-01,02). 

Lluís Gómez-Gener and Joan P. Casas-Ruiz were additionally supported by FPI pre-doctoral 

grants from the Spanish Ministry of Economics and Competitiveness (BES-2012-059743 and 

BES-2012-059655, respectively).



CHAPTER 2

46

46

Photo: Riera de Sant Aniol (Fluvià river network), by the author. 
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Leaf litter decomposition along 
the longitudinal profile of a 

temporary Mediterranean stream: 
spatial and seasonal variability

Temporary rivers and streams are the dominant watercourses in Mediterranean regions and their 
spatial extent is expected to increase worldwide as a result of ongoing global change. However, 

these systems are a recent addition to freshwater ecology and their highly heterogeneous 
structure is far from that considered in classical continuous paradigms. Consequently, there is an 

urgent need to better understand the ecology of these systems, and to this end, it is essential 
to consider their temporal and spatial heterogeneity due to flow variation. Our aim was to 

describe leaf litter decomposition along the longitudinal profile of a temporary Mediterranean 
stream with high variability in flow conditions (perennial lentic, perennial lotic and intermittent) 

in two contrasting seasons (winter and summer). We used coarse- and fine-mesh bags 
containing Populus nigra leaves to examine changes in decomposition rates, litter quality and 

decomposer communities. Our results indicated that large fluctuations in flow were accompanied 
by discontinuities in leaf litter decomposition along the stream. In winter, dry and emerged 
conditions on intermittent reaches resulted in lower decomposition rates than in perennial 

reaches. In summer, an unexpected increase in precipitation events enhanced differences in flow 
along the stream. Local conditions modulated the inundation regime of intermittent reaches, 

resulting in higher decomposition rates in the more inundated reach, similar to rates in perennial 
reaches. To better understand the functioning of highly heterogeneous environments such 

as temporary streams, we should assume their structure as a changing mosaic of contrasting 
habitats and characterized their conditions properly.

CHAPTER 2
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INTRODUCTION

Temporary rivers and streams are characterized by experiencing a recurrent dry phase 

(surface water flow cessation) that varies in space and time along their course (Williams, 

2006; Arthington et al., 2014). These watercourses are found worldwide and account for over 

half of the global river network, with an outstanding presence in low-order streams (Acuña 

et al., 2014; Datry et al., 2014). The extent of temporary rivers and streams is expected to 

increase as a result of the combined effect of climate change, land use alteration or increasing 

water demand (Larned et al., 2010). Temporary rivers and streams are already the dominant 

watercourse in Mediterranean climate regions as a result of their naturally high seasonality in 

precipitation and temperature patterns (Gasith & Resh, 1999; Bonada & Resh, 2013). On these 

regions, current climate change models predict more intense and less frequent precipitation, 

increasing the duration of drought and the intensity of punctual flood events (IPCC, 2013). 

Despite the abundance of temporary rivers and streams and their predicted increase due 

to global change, these systems are a recent addition to freshwater ecology and most of the 

current knowledge in this field has emerged from perennial rivers (Leigh et al., 2016). For 

example, the River Continuum Concept (RCC; Vannote et al., 1980) views river ecosystems as a 

continuous gradient of physical, chemical and biological conditions connected longitudinally 

by the downstream flow of water and materials, which results in predictable changes in 

ecosystem processes such as the transport, storage and processing of organic matter. In 

temporary rivers and streams, however, both the continuous gradient and the hydrological 

connectivity is recurrently disrupted. The defining dry phase in temporary streams implies 

the loss of the hydrological connectivity at some point along this environmental gradient, 

commonly leading to a discontinuous surface flow that includes dry or drying reaches 

along the river network (Lake, 2003; Datry et al., 2014). Rather than being predictable, this 

structure is highly dynamic in space and time, especially under the Mediterranean climate 

(Bernal et al., 2013), as a result of large fluctuations in flow across time with different spatial 

effects depending on local features. This variability leads to a shifting mosaic of aquatic and 

terrestrial habitat within active channels, which dictates the distribution of both aquatic 
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and terrestrial species and processes at different temporal and spatial scales and justifies the 

description of temporary streams as coupled aquatic-terrestrial ecosystems (Larned et al., 

2010; Steward et al., 2012; Datry et al., 2014, 2016a). Thus, temporary rivers and streams 

are highly heterogeneous ecosystems with a structure far from that considered in classical 

continuous paradigms. 

Despite the growing interest in temporary streams and the exponential increase in 

the number of ecological studies performed on them in recent years (Leigh et al., 2016), 

information regarding functional processes such as decomposition of organic matter taking 

into account this heterogeneous structure remains limited (Datry et al., 2011a, 2016a). 

Decomposition tends to be a slower process in temporary streams than in perennial ones 

(e.g., Herbst & Reice, 1982; Richardson, 1990) basically because processing efficiency is 

reduced during emergence (e.g., Maamri et al., 1997; Pinna & Basset, 2004) when the activity 

of both microbes and shredders decreases (Datry et al., 2011b; Riedl et al., 2013; Martínez 

et al., 2015). However, the vast majority of previous studies were based on single reaches or 

individual hydrological phases, and therefore, they did not integrate the intrinsic spatial and 

temporal heterogeneity that characterizes temporary systems. 

In the current study, we describe the longitudinal patterns of the leaf litter decomposition 

process along a temporary Mediterranean stream, considering its temporal and spatial 

heterogeneity due to flow variation. We used Populus nigra L. leaves enclosed in litter bags 

to characterize decomposition rates, changes in litter quality and decomposer communities 

(macroinvertebrates and fungi) in five consecutive reaches along a temporary stream with 

high variability in flow conditions (perennial lentic, perennial lotic and intermittent) and in 

two contrasting seasons (winter and summer). We hypothesized that decomposition rates 

would vary widely along the temporary stream depending on flow conditions, with greater 

rates under perennial than intermittent flow conditions. We expected this pattern to be more 

evident in summer. The increase in temperature would favor decomposition in perennial 

reaches but the decrease in precipitation would promote emerged and dry conditions in 

intermittent reaches that would slow down decomposition. 
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MATERIALS AND METHODS 

Study Site 

Our study was carried out in the Riera de Sant Aniol, a third-order temporary stream within 

the Fluvià River watershed (NE Iberian Peninsula; Figure 2.1). This watershed comprises an 

area of 990 km2 and is mainly covered with mixed forests (78%). The climate in the region is 

typically Mediterranean. Mean monthly air temperature ranges from 6 ºC in January to 26 

ºC in July. Mean annual precipitation is 660 mm, with rainfall mainly occurring in autumn 

and spring (Data from 2004 to 2014, Catalan Water Agency, http://aca-web.gencat.cat). The 

study stream (7 km long) is located approximately 300 m above sea level in the north-western 

part of this watershed and drains a sub-watershed of 25 km2 that is mainly forested (>95% 

mixed forests; Land Cover Map of Catalonia 2009, CREAF). The riparian vegetation is well 

Figure 2.1 Map showing the location of the five consecutive sampling reaches (A, B, C, D, E) along the study section 

within the Riera de Sant Aniol. The blue circle symbolizes the lentic reach, solid lines represent perennial reaches 

and dashed lines represent intermittent reaches. The upper left inset shows the location of the Fluvià River 

watershed in the NE of the Iberian Peninsula. The upper right inset shows the location of the study stream (Riera 

de Sant Aniol) within the Fluvià River watershed.
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developed and dominated by Mediterranean species such as Alnus glutinosa, Populus nigra, 

Fraxinus angustifolia, Salix sp. and Corylus avellana. The dominant lithology is calcareous and 

its highly permeability allows the continuous infiltration of surface water into the underlying 

karstic aquifer (Conca Alta del Fluvià, Catalan Water Agency, http://aca-web.gencat.cat). 

Stream flow is usually fragmented into a series of perennial reaches that maintain surface 

flow and intermittent reaches that might be completely dry almost all year. This stream also 

contains a small weir that generates a lentic area called El Gomarell (Figure 2.1) 

Within this stream, we focused our study on a 2 km section with high spatial flow 

variability. We selected five consecutive reaches of about 50 m each that represented flow 

conditions occurring from upstream to downstream of the section in the following sequence 

(Figure 2.1 and 2.2): perennial lentic (i.e., stagnant waters stored in a small weir; Reach A), 

perennial lotic (i.e., running waters; Reach B), intermittent (Reach C), perennial lotic (Reach 

D) and intermittent (Reach E). 

The lentic surface area of reach A covered 0.084 ha, with a capacity of 0.001 hm3 and mean 

depth of 1.5 m. The stream channel in reach B averaged 5 m wide and 0.18 m deep and had 

a slope of 2%. The riparian canopy in this area was dense and the substrate was dominated 

mainly by gravels and cobbles, interspersed with sand and some boulders. In reach D, the 

Figure 2.2 Photographs of each consecutive sampling reach (A, B, C, D, E) at the start of the summer experiment.

A B C D E
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stream channel was wider (7 m), with a more pronounced slope (6%) and a similar water 

depth (0.15 m). The riparian canopy was more open than in reach B and the substrate was 

characterized by a substantial coarse fraction dominated by boulders and cobbles, with an 

abundant cover of periphyton on their surface. In both reaches, we also observed a calcite 

precipitate that formed a thin layer over the substrate. Regarding intermittent reaches, in 

reach C the riparian vegetation covered the main part of the channel and the substrate was 

composed mainly of cobbles and boulders, intermixed with patches of gravel, sand and 

silt. In reach E the riparian vegetation was less dense than in reach C and the substrate was 

dominated mainly by cobbles and boulders (Figure 2.2). Based on direct field observations in 

intermittent reaches prior to the start of the experiment, we observed that surface water flow 

only occurred following precipitation events, disappearing immediately after precipitation in 

reach E but remaining for a longer period of time in reach C.

The experiment was carried out in late autumn-winter (from 26th November 2012 to 19th 

March 2013)  and summer (from 25th June to 14th October 2013). Both intermittent reaches 

were dry at the start of the experiment in both seasons. 

PhySicochemical characteriSticS  

of Stream water

A WTW multi-parametric sensor (Weilheim, Germany) was used to measure water 

temperature, conductivity, pH, dissolved oxygen concentration and oxygen saturation 

in perennial reaches (reaches A, B and D) monthly during winter (November, December, 

January and February) and summer (June, July, August and September). In intermittent 

reaches, physicochemical variables were measured only if stream water was present at the 

time of sampling along the study section. Water samples for nutrient determination were 

collected at the same frequency, then filtered through pre-ashed glass fiber filters (0.7 μm 

pore size; Whatman GF/F, Germany), transported to the laboratory under cooled conditions, 

and stored at −20 ºC in the dark until analysis. All DOC samples were acidified with 6 drops 

of 10 % HCl and preserved at 4 ºC until analysis. The concentrations of dissolved nitrite 

(NO2
-) and nitrate (NO3

-) were analyzed using ionic chromatography (IC5000, DIONEX, 

USA), and soluble reactive phosphorus (SRP) was determined by spectrophotometry 
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(APHA, 2005). The dissolved organic and inorganic carbon concentrations in water (DOC 

and DIC, respectively) were measured using a total organic carbon analyzer (TOC-V CSH, 

Shimadzu, Japan). The average of the monthly measures for each parameter was used as the 

representative value of each study period for each reach.

characterization of flow conditionS  

along the Study Section

The mean cross-sectional water velocity was estimated monthly using an acoustic-Doppler 

velocimeter (Sontek, YSI, USA) in reach B and a current meter (MiniAir2; Schiltknecht, 

Switzerland) in reach D. For both reaches, discharge was calculated as the measured wetted 

reach by its average water velocity. In reach A, the water volume of the lentic area was 

estimated from digitized bathymetric maps using geospatial processing software (ArcMap 

10, ArcGis, USA). Then, the water residence time of this reach was calculated dividing the 

water volume by the average of the stream discharge (in and out flow into the lentic reach), 

assuming steady-state conditions. Its water velocity was obtained by multiplying the inverse 

of the residence time by the total distance of the lentic reach.  

We combined temperature and precipitation data to characterize flow conditions in 

intermittent reaches. Temperature was recorded hourly on the streambed of each reach 

(perennial and intermittent) during the winter and summer experiments using HOBO 

data loggers (Hobo® Pendant, Onset Computer Corp., MA, USA). We calculated the daily 

temperature range as the difference between the highest and lowest temperatures recorded on 

each day. Daily accumulated rainfall was obtained from the closest (< 10 km) meteorological 

station to the study section via the SIGMA consortium (http://www.consorcisigma.org). Based 

on this data, we determined potential inundated days in reach C or E when we observed a 

drastic reduction in the daily temperature range just after or on the same day that a rainfall 

event occurred, reaching values close to those of perennial reaches. We calculated the 

percentage of potential inundated days in each intermittent reach during the period of litter 

incubation in the winter and summer experiments. We also used temperature data to estimate 

the total cumulative temperature in degree-days during the exposure of litter bags as the sum 

of the mean daily temperatures accumulated by each sampling day (Menéndez et al., 2003).
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leaf litter decomPoSition 

Black poplar (Populus nigra L.) leaves were collected just after abscission from the nearby 

riparian area of the studied stream during fall of 2012. Leaves were air-dried to constant 

weight and stored at room temperature until needed. Portions of 2.58 ± 0.04 g (mean ± 

SE) of these leaves were weighed, moistened with distilled water using a garden atomizer, 

and packed in coarse- (15 × 20 cm, 5 mm mesh openings) and fine-mesh (15 × 20 cm, 0.5 

mm mesh openings) size nylon bags. A total of 20 coarse- and 20 fine-mesh bags were tied 

with nylon lines to five iron bars situated randomly in the streambed of each reach, on 26th 

November 2012 for the winter experiment and 25th June 2013 for the summer experiment. 

Five pairs of coarse- and fine-mesh bags (one pair per bar) from each reach were retrieved 

after 7 days (7d), and thereafter, on dates that approximately corresponded to losses of 20 

(T20), 35 (T35), and 50% (T50) of the initial mass. These sampling dates were estimated 

from exponential decomposition rates (k) recalculated from previous sampling data from 

each reach. The leaf litter bags were then placed in individual zip-lock plastic bags and 

transported in cool conditions to the laboratory, where they were immediately processed. 

The remaining leaf material from each bag was rinsed with distilled water over a 500 µm 

sieve to remove invertebrates and inorganic particles. Invertebrates resting on the sieve 

for coarse-mesh bags were preserved in 70% ethanol for later counting and identification 

to the lowest-feasible taxonomic level. All macroinvertebrates were grouped as aquatic or 

terrestrial and classified into functional feeding groups when possible. Based on the total 

number of macroinvertebrates found inside the litter bags from each reach, we calculated 

the total taxonomic richness and the percentage of shredders. For each coarse-mesh bag, we 

calculated the macroinvertebrate abundance expressed as the number of individuals (ind.) 

per unit of ash-free dry mass (AFDM) of leaf litter and the macroinvertebrate taxonomic 

richness as the number of identified taxa per bag. At T20, one set of 10 leaf discs (12 mm Ø) 

from three coarse- and fine-mesh bags was cut with a cork borer just after cleaning leaves, put 

into small zip-lock plastic bags and frozen at -80 °C to estimate fungal biomass by ergosterol 

determination (see below). At the same time, another set of five discs (12 mm Ø) was taken 

from the same bags to determine fungal sporulation rates and identify sporulating species 
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(see below). An extra set of five leaf discs was dried in the same way as the remaining material 

to estimate the mass used for fungal determinations. The remaining material was oven-

dried (60 °C, 72 h) and weighed to determine dry mass. A subsample of dried material was 

incinerated (450 °C, 5 h) to obtain the AFDM for each sample. The results were expressed 

as a percentage of the initial AFDM remaining. The initial AFDM was determined from an 

extra set of five leaf bags that were transported into the field and returned to the laboratory 

on the same day. These bags were processed as described above to create a conversion factor 

between the initial air-dry mass and the initial AFDM, taking into account manipulation 

losses. A subsample of the dried material from three coarse- and three fine-mesh bags from 

each reach after 7 days of incubation and at the times that roughly corresponded to 20% and 

35% of mass loss was ground into a fine powder (~1 mm pore size) to determine leaf carbon 

(C) and nitrogen (N) content using a Perkin Elmer series II CHNS/O elemental analyzer. The 

same process was followed for leaves that were not incubated to determine the initial nutrient 

content. Results were expressed as C:N molar ratios. As a result of floods or vandalism, two 

coarse-mesh bags from reach A and C were lost in winter and one fine-mesh bag from reach 

C in summer. 

fungal ParameterS

Fungal biomass was estimated by measuring the ergosterol content in the frozen sets of leaf 

discs, which had previously been lyophilized and weighed to determine dry mass (Gessner, 

2005). Lipid extraction and saponification were performed using KOH methanol 0.14 M (8 

g L−1) at 80 °C for 30 min in a shaking bath. Extracted lipids were purified using solid-phase 

extraction cartridges (Waters Sep-Pak®, Vac RC, 500 mg, tC18 cartridges, Waters Corp., 

Milford, MA, USA) and ergosterol was eluted using isopropanol. Ergosterol was detected 

and quantified via high pressure liquid chromatography (HPLC) by measuring absorbance at 

282 nm. A Jasco HPLC system (USA) equipped with a Gemini-NX 5 μm C18 250 × 4.6 mm 

column (Phenomenex, UK) was used. The mobile phase was 100% methanol and the flow 

rate was set to 1.2 ml min−1. Ergosterol was converted to fungal biomass using a conversion 

factor of 5.5 mg ergosterol per gram of fungal mycelium (Gessner & Chauvet, 1993). The 

results were expressed in mg of fungal biomass per gram of leaf litter AFDM.
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To determine fungal sporulation rates and identify sporulating species, leaf discs were 

incubated immediately in 100 ml Erlenmeyer flasks with 50 ml filtered stream water (0.45 

µm pore size, Nylon membrane; Millipore, USA) in a shaker (60 rpm) for 48 h at 15 °C. 

Flasks were covered with perforated aluminum foil to allow air exchange. After 48 h, conidial 

suspensions from the microcosms were decanted into 50 ml centrifuge tubes, fixed with 

2 mL of 37% formalin and pre-stained with a few drops of Trypan Blue in lactic acid (ca. 

0.05%) to be later counted and identified. An aliquot of the suspension obtained for each 

sample (volume depending on conidial concentration) was filtered (5 µm pore size, SMWP 

membrane; Millipore, USA). Filters were stained again with Trypan Blue in lactic acid (ca. 

0.05%) and mounted on a microscope slide to count and identify conidia under a microscope 

at 250x magnification.

data analySiS

Leaf litter decomposition rates (k) were calculated assuming an exponential decay, by linear 

regressions between the ln-transformed proportion of AFDM remaining corrected for 

manipulation losses and time expressed in terms of days (d) or degree days (dd). To compare 

the slopes of these regressions, we performed an analysis of covariance based on a Generalized 

Least Square Model (GLS-based ANCOVA) using the ln-transformed proportion of AFDM 

remaining as a dependent variable, time (d or dd) as a covariate, and reach, season and mesh- 

size as categorical variables. The GLS model was fitted using the gls function in the nlme 

package in software R (Pinheiro et al., 2012; R Development Core Team 2013) following 

procedures described by Zuur et al. (2009). The GLS model allowed us to account for the 

residual heteroscedasticity found in our data by adding a variance structure into the model. 

The use of a specific variance structure in the model was substantiated by the lower Akaike’s 

Information Criterion (AIC) value found on it compared to models with or without other types 

of structures. For AFDM remaining as a dependent variable, a variance structure of the form 

varConstPower (form = ~Time|Reach) for all data or varConstPower (form = ~Time|Season) 

for each reach dataset was added because these structures significantly improved the model. 

In addition, since our sampling reaches were located consecutively along the stream, we 

checked the assumption of spatial independence in our models using the same gls function by 
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fitting variograms of residuals and adding different spatial correlation structures to the GLS 

model to check whether they significantly improved the model based on AIC values (Zuur et 

al., 2009). However, we did not find any influence of spatial autocorrelation on our data and 

thus, the spatial correlation structure was not applied in our models. 

For all other dependent variables, we used GLS models combined with a variance structure 

only when heteroscedasticity was detected and variance structures improved the model 

based on the AIC value. In this regard, we analyzed C:N molar ratio and fungal biomass 

data using analysis of variance based on a GLS model (GLS-based ANOVA) with a variance 

function of the form varIdent (form = ~ 1|Reach). In the case of fungal biomass, factors in 

the model were season, reach and mesh-size, while in the case of C:N molar ratio, sampling 

time (7d, T20, T35) was also included as a factor. Fungal sporulation rates were analyzed by a 

three-way ANOVA, with season, reach and mesh-size as factors. Data from reach E were not 

included because no conidia were found in microcosms. Macroinvertebrate abundance and 

taxonomic richness were assessed using data from all sampling dates with a two-way ANOVA 

including reach and season as factors. The same analysis was used to compare stream water 

characteristics between reaches. To meet normality assumptions, fungal sporulation rate, 

macroinvertebrate abundance and taxonomic richness data were transformed by log (x + 1), 

and dissolved oxygen concentration and water flow velocity were log (x) transformed. 

If differences between factors were found in any model, we performed the same analysis 

for each season, reach or mesh-size separately, including the variance structure only when 

heteroscedasticity appeared. Post-hoc comparisons of means were conducted with a Tukey’s 

test using the lsmeans function from the lsmeans package (Lenth & Hervé, 2015) in software 

R (R Development Core Team 2013). 

We performed an analysis of similarities (ANOSIM) based on a Bray-Curtis similarity 

matrix of relative abundances using PAST software (PAlaeontological STatistics, ver. 3.11; 

Hammer et al., 2001) to test differences in fungal and macroinvertebrate community structure 

between reaches and seasons. We ran a two-way factor ANOSIM on all samples with reach 

and season as factors and, for each season, a one-way ANOSIM with only reach as a factor. 

Subsequently, in cases where there were significant differences, we used ANOSIM post-hoc 

tests to account for multiple comparisons between reaches. For macroinvertebrates, one 



leaf litter decomposition in a temporary stream

59

59

sampling date in reach C and E in winter was excluded from the similarity matrix since it did 

not contain any invertebrates. For fungi, reach E was not included because no conidia were 

released during the microcosm incubation. 

We used Pearson’s correlation to test for potential relationships among variables. 

Homoscedasticity, the normality of residuals and the influence of outliers in all analyses 

were tested using residual plots as recommended by Pinheiro & Bates (2000) and Zuur et al. 

(2009, 2010). Two samples from the summer experiment (fine-mesh bags from reach C and 

D) were considered as outliers and thus were excluded from the data analysis. All statistical 

analyses (except when indicated) were conducted using software R (R Core Team 2013) with 

a significance level set at p < 0.05 for all tests. 

RESULTS

PhySicochemical characteriSticS  

of Stream water

Water temperature did not differ between perennial reaches (ANOVA, Reach, F = 2.73, p 

= 0.090) and was higher in summer (17.5 ± 0.1 °C) than in winter (8.9 ± 0.9 °C; ANOVA, 

Season, F = 88.51, p < 0.001). Oxygen concentration in stream water was higher in winter 

(11.5 ± 0.7 mg L-1) than in summer (9.0 ± 0.1 mg L-1; ANOVA, Season, F = 27.83, p < 0.001) 

and without differences between perennial reaches. Conductivity exhibited higher values in 

reaches A and B (945.5 ± 6.2 µS cm-1) than reach D (717.8 ± 8.2 µS cm-1; Tukey’s test, p < 

0.001) in winter, but similar values between them in summer (706.2 ± 22.2 µS cm-1; ANOVA, 

Season x Reach, F = 5.63, p < 0.001). pH remained constant between seasons with similar 

values in all reaches (8.3 ± 0.1; ANOVA, Season x Reach, F = 0.48, p = 0.620). 

The concentrations of dissolved nutrients in stream water were especially low. Nitrite and 

SRP concentrations were always below the detection limit (detection limit: 0.003 mg NO2
- 

L-1; 0.007 mg SRP L-1). Nitrate was below the detection limit only in winter (detection limit: 

0.002 mg NO3
- L-1), while in summer its concentration increased in all perennial reaches, 

reaching similar values that averaged 0.012 ± 0.001 mg NO3
- L-1. DIC concentrations were 
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slightly higher in reach A and B than in reach D in both seasons (ANOVA, Reach, F = 52.69, 

p < 0.001; Tukey’s test, p < 0.001). The opposite trend was found in DOC, which exhibited 

higher concentrations in reach D than in reach B and A (ANOVA, Reach, F = 9.38, p = 0.001; 

Tukey’s test, p < 0.01) in both seasons (ANOVA, Season, F = 0.46, p = 0.510; Table 2.1). 

Physicochemical characteristics in intermittent reach C were measured only once in winter 

(3rd December, 2012) and on seven occasions in summer, coinciding with the presence of 

surface stream water (Table 2.1). The monthly mean air temperature was 6.9 ± 0.8 °C during 

the winter experiment and 20.8 ± 1.1 °C during the summer experiment. 

  Reach

 Parameter A B   C   D

Temperature (°C) 7.8  ± 1.5 8.1   ± 1.4 10.5 10.9 ± 0.8

16.7 ± 0.7 17.2  ±  0.6 20.3 ± 1.3 18.6  ±  1.1

Conductivity (µs cm-1)
951.7 ± 43.5 939.3 ± 41.8 744 717.8 ± 16.6

747.7 ± 40.1 671.7 ± 48.3 723  ± 27.3 699.3 ± 30.1

pH
8.4  ± 0.1 8.1  ± 0.1 7.34 8.2  ± 0.3

8.4  ± 0.1 8.0  ± 0.1 8.15 ± 0.04 8.5  ± 0.1

Dissolved oxygen (mg L-1)
11.3 ± 0.1 10.3 ± 0.2 10.2 13.0 ± 1.2

8.9  ± 0.2 8.8  ± 0.1 7.7 ± 0.3  9.3  ± 0.1

Oxygen saturation (%)
99 ± 5 92 ± 5 - 106 ± 1

98 ± 5 95 ± 2 - 102 ± 1

Discharge (m3 s-1)
- 0.02  ± 0.01 - 0.03 ± 0.01

- 0.06  ± 0.01 - 0.05 ± 0.00

Water velocity (m s-1)
0.002 ± 0.000 0.03  ± 0.01 - 0.03 ± 0.01

0.004 ± 0.001 0.066  ± 0.012 - 0.055 ± 0.004

DIC (mg C L-1)
35.3 ± 0.4 35.2 ± 0.4 - 30.9 ± 0.56

34.1± 0.7 35.3 ± 0.8 - 25.21 ±  1.47

DOC (mg C L-1)
0.5 ± 0.1 0.5 ± 0.1 - 1.8 ± 0.3

0.7 ± 0.0 0.7 ± 0.1 - 1.0 ± 0.4

Table 2.1 Physicochemical characteristics of stream water in perennial reaches (mean ± SE, n = 4) and intermittent 

reach C for winter (in bold) and summer experiment. In reach C, stream water was present once in winter (n = 1) and 

seven times in summer (mean ± SE, n = 7). No surface water was found at any of the times of sampling in reach E. 

DIC = dissolved inorganic carbon, DOC = dissolved organic carbon. 
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characterization of flow conditionS  

along the Study Section

The water velocity was lower in winter than in summer in all perennial reaches (ANOVA, 

Season, F = 25.65, p < 0.001). In both seasons, reach B and D exhibited similar velocities that 

were significantly higher than in reach A (Tukey’s test, p < 0.001; Table 2.1). 

In perennial reaches, we obtained narrow daily stream water temperature ranges with low 

variability across the experiment performed in winter (0.99 ± 0.02 °C) and summer (2.18 ± 

0.05 °C; Figure 2.3). In contrast, intermittent reaches C and E showed wider daily temperature 

ranges than perennial reaches, especially in winter. In winter, the average daily temperature 

range between the first and the last sampling date was 8.98 ± 0.03 °C in reach C and 13.27 ± 

0.04 °C in reach E. In summer, it was 4.11 ± 0.20 °C in reach C and 8.02 ± 0.23 °C in reach E 

(Figure 2.3). Unexpectedly, the total accumulated rainfall during the experiment was higher in 

summer than in winter. In the summer experiment (from 25th June to 14th October) the total 

accumulated rainfall was 370.7 mm, while in the winter experiment (from 26th November to 

14th March) it was 229.4 mm, occurring mainly in March as a result of heavy rainfall events 

(Figure 2.3). Focusing on intermittent reaches, samples incubated in reach C in winter were 

subjected to an accumulated rainfall of only 151.5 mm because the last samples were collected 

from reach C on 27th February. In contrast, the last samples from reach E were collected on 14th 

March and thus, they were affected by the heavy rainfall events occurring in March. 

Combining the daily temperature range data with the daily rainfall data recorded for each 

reach, we estimated a 6.5% and 6.1% potential inundated days in reach C and E respectively 

during the winter experiment, and 28.6% and 7.1% in reach C and E respectively during the 

summer experiment (Figure 2.3). 

leaf litter decomPoSition

Decomposition rates (d-1) differed significantly between reaches (GLS based ANCOVA, Time 

x Reach, F = 13.0, p < 0.001), between seasons (GLS-based ANCOVA, Time x Reach x Season, 

F = 11.7, p < 0.001) and between litter bag mesh sizes (GLS-based ANCOVA, Time x Reach 

x Mesh, F = 3.0, p = 0.018).  
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Figure 2.3 Daily accumulated rainfall recorded near the study section and daily temperature range recorded in 

each reach (A, B, C, D and E) during the winter (26th November 2012 –19th March 2013) and summer (25th June –14th 

October 2013) experiments. 
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In winter, leaf litter decomposed faster in perennial than in intermittent reaches (GLS-

based ANCOVAwinter, Time x Reach, F = 15.6, p < 0.001; Tukey’s test, p < 0.05). Perennial 

reaches presented similar decomposition rates in coarse-mesh bags but faster rates in reach 

D than in reaches A and B in fine-mesh bags. The mesh-size effect was only apparent in 

reach A and B, with faster decomposition rates in coarse- than fine-mesh bags (GLS-based 

ANCOVAwinter, Time x Reach x Mesh, F = 2.9, p = 0.023; Tukey’s test, p < 0.05; Figure 2.4).  

Figure 2.4 Leaf litter decomposition rates (k d-1) in each consecutive sampling reach (A, B, C, D, E) along the study 

section, in the winter and summer experiments. Values represent regression slopes ± SE.
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In summer, leaf litter mass loss was significantly slower in intermittent reach E than in all 

other reaches (GLS-based ANCOVAsummer, Time x Reach, F = 13.0, p < 0.001; Tukey’s test, p < 

0.001; Figure 2.4). In these other reaches, leaf litter incubated in coarse-mesh bags decomposed 

faster in reaches B and D than in reaches A and C (GLS-based ANCOVAsummer, Time x Reach 

x Mesh, F = 4.0, p = 0.006; Tukey’s test, p < 0.001). In fine-mesh bags, decomposition rates 

were faster in reach D than in all other reaches (Tukey’s test, p < 0.001). Reach C had similar 

rates to reach A and, in fine-mesh bags only, to reach B. Different rates were found in reach 

A and B for both mesh sizes (Tukey’s test, p < 0.001). The mesh-size effect was only apparent 

in reach B.  

Leaf litter decomposition rates (d-1) were in general (except in reach A) significantly faster 

in summer than in winter in all reaches (Figure 2.4). However, when decomposition rates 

were calculated using degree-days to account for between-season temperature differences, a 

significant effect of season on leaf decomposition only remained in reach A and E, with faster 

rates in winter than in summer (Table 2.2).

Table 2.2. Summary of GLS-based ANCOVA for each reach using incubated days (d) or degree days (dd) as a  

co-variable, the log-transformed percentage of AFDMr as a dependent variable, and the mesh-size (coarse or fine) 

and season (winter or summer) as factors (n = 37 – 40).

    F p F p F p F p F p

Time (d)   460.9 <0.01 305.2 <0.01 26.93 <0.01 185.2 <0.01 433.3 <0.01

x Season 4.7 0.03 20.1 <0.01 36.69 <0.01 11.9 0.01 60.0 <0.01

x Mesh 5.0 0.02 24.5 <0.01 0.27 0.61 0.6 0.42 1.5 0.23

x Season x Mesh 18.2 <0.01 2.3 0.13 0.68 0.41 0.0 0.89 0.0 0.95

Time (dd)   310.8 <0.01 341.6 <0.01 62.45 <0.01 168.39 <0.01 355.5 <0.01

x Season 78.6 <0.01 3.1 0.08 1.79 0.18 0.15 0.70 8.4 <0.01

x Mesh 0.0 0.98 26.5 <0.01 2.29 0.13 0.73 0.39 1.0 0.33

x Season x Mesh 22.6 <0.01 0.1 0.82 0.06 0.81 0.25 0.62 0.1 0.76

  Reach

A          B                 C                     D       E
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leaf litter quality

The C:N molar ratio of the decomposing leaf litter decreased over time in all reaches (GLS-

based ANOVA, Time, F = 54.7, p < 0.001; Figure 2.5) compared to the initial value of 110.5 

± 5.4. This decrease was more pronounced in summer than in winter (GLS-based ANOVA, 

Time x Season, F = 9.8, p  < 0.001), especially in intermittent reaches C and E (GLS-based 

ANOVA, Time x Reach x Season, F = 4.3, p < 0.001). 

Figure 2.5 C:N molar ratio in leaf litter incubated in each reach (A, B, C, D and E) over time in the winter and summer 

experiments (mean ± SE, n = 6). Because no differences were found between mesh sizes, samples of both mesh 

types in each reach were used as replicates.
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In winter (ANOVAwinter, Time x Reach, F = 3.8, p = 0.011), the C:N molar ratio decreased 

more rapidly in perennial than in intermittent reaches, which in turn showed significant 

variation, with the lower values in reach C (Tukey’s t-test, p < 0.05). No differences were 

found between litter incubated in reach C and perennial reaches at 7d. In summer, there were 

no differences between reaches (ANOVAsummer, Time x Reach, F = 1.4, p = 0.227). Likewise 

there were no differences between litter bag mesh sizes in any reach or season. 

We found a general relationship between 

the percentage of AFDM lost and the 

percentage of N in leaf litter, with an increase 

in the N content as leaf litter decomposed 

(Pearson’s correlation, r = 0.58, p < 0.001). 

This correlation differed between reaches. 

In winter, this relationship was significant 

only in perennial reaches, while in summer 

it was significant also in intermittent reaches  

(Table 2.3).

macroinvertebrateS 

Macroinvertebrate abundance (n° ind. g-1 AFDM) associated with leaf litter in coarse-

mesh bags differed between reaches and seasons (ANOVA, Reach x Season, F = 11.5, p = 

0.001). In winter, macroinvertebrate abundance was higher in perennial than intermittent 

reaches (ANOVAwinter, Reach, F = 22.2, p < 0.001; Tukey’s test, p < 0.001). The highest average 

abundance across all sampling dates was found in reach B (8.6 ± 1.9 ind. g-1 AFDM), followed 

by reach D (6.7 ± 1.2 ind. g-1 AFDM) and reach A (4.7 ± 1.0 ind. g-1 AFDM) but with no 

significant difference between them. In summer, macroinvertebrate abundance increased 

drastically in reach B (30.1 ± 5.8 ind. g-1 AFDM) and differed significantly from all other 

reaches (ANOVAsummer, Reach, F = 35.9, p < 0.001; Tukey’s test, p < 0.001). Taxonomic 

richness was highly and positively correlated with macroinvertebrate abundance (Pearson’s 

correlation, r = 0.71, p < 0.001). 

Winter Summer

Reach r p r p

A 0.85 <0.01 0.57 0.01

B 0.48 0.04 0.56 0.01

C -0.15 0.55 0.51 0.03

D 0.51 0.03 0.47 0.05

E -0.32 0.19 0.49 0.04

Table 2.3 Coefficients (r) of Pearson correlation 

analysis between AFDM lost (%) and content of N (%) 

in leaf litter incubated in each reach and season (n = 

18). 
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Table 2.4 Percentage contribution of macroinvertebrate taxa based on the total number of macroinvertebrates 
found in litter bags across all sampling times in each reach and season. Taxa from the feeding group shredders are 
indicated with an asterisk (*).  

Winter Summer

Taxa Habitat A B C D E A B C D E
    O. Coleoptera

Fam. Elmidae A 0 0,4 0 0 0 0 0,6 1,1 0,5 0
Fam. Hydrophilidae A 0 0 4,5 0 0 0 0 0 0 0

Fam. Haliplidae * A 0 0 0 0 0 0,7 0 0 0 0
Fam. Dryopidae * A 0 1,1 0 0 0 0 0,4 0 0 0

    O. Diptera
Fam. Stratiomydae * A 0 0 0 0,9 0 0 0,6 0 0 0

Fam. Ceratopogonidae A 4,8 6,5 0 1,9 0 3,6 1,8 4,4 5,8 0
Fam. Tanypodinae A 37,0 27,8 0 26,9 0 38,4 15,9 20 29,6 0

Fam. Empididae A 0,7 0 0 0 0 0 1,1 6,7 0 0
Fam. Chironomidae (- Tanypodinae) A 49,3 48,7 68,2 61,3 0 13,0 22,8 17,8 45,7 0

Fam. Simuliidae A 0 3,8 0 0,9 0 0 34,3 0 0 0
Fam. Athericidae A 0 0,8 0 0 0 1,4 0,5 2,2 2,6 0

Fam. Sciomycidae A 0 0 0 0 14,3 0 0 0 0 0
Fam. Dolichopodidae A 0 0 0 0 0 0 0,1 0 0 0

Fam. Gerridae A 0 0 0 0 0 0 0,1 0 0,2 0
Fam. Dixidae A 0 0 0 0 0 0 0,5 0 1,4 0

Adult T 0 0 18,2 0 14,3 0 0 0 0,2 0
    O. Plecoptera

Fam. Capniidae * A 0 0 0 2,4 0 0 0 0 0 0
Fam. Chloroperlidae A 0 1,1 0 0 0 0 0 0 0 0

Fam. Perlodidae A 0 1,1 0 0 0 0 0 0 0 0
        Fam. Leuctridae * A 0 4,6 0 1,4 0 4,3 7,3 2,2 2,4 0

Fam. Nemouridae * A 0 0 0 0 0 0 0,3 0 0 0
    O. Trychoptera

Fam.Hydropsychidae A 0 0,4 0 0 0 0 0,2 0 0 0
Fam. Limnephilidae * A 0,7 0,4 0 0 0 0 0,1 0 0,2 0

Fam. Lepidostomatidae * A 0 0 0 0 0 0,7 0 0 0 0
Fam. Polycentropodidae A 0 0 0 0 0 10,9 1,8 3,3 1,7 0

Fam. Hydroptilidae A 0 0 0 0,7 0 0 0,3 0 0 0
    O. Odonata

Fam. Aeschnidae A 0 0 0 0 0 3,6 0,4 0 0,2 0
Fam. Calopterygidae A 0,7 0 0 0 0 0 0 0 0 0

Fam. Gomphidae A 0 0 0 0 0 0 0,8 0 0 0
Fam. Libellulidae A 0,7 0 0 0 0 0 0 0 0 0

Fam. Platycnemididae A 0 0 0 0 0 11,6 0,2 0 0,2 0
Fam. Coenagrionidae A 0 0 0 0 0 2,2 0,1 0 0 0

Fam.Lestidae A 0 0 0 0 0 0 0,1 0 0 0
    O. Ephemeroptera

Fam. Leptophlebiidae A 0 0 0 0 0 0,7 0,2 0 0 0
Fam. Baetidae A 2,1 1,1 0 0,9 0 1,4 3,0 2,2 5,5 0

Fam. Ephemerellidae A 0 0 0 0 0 0 0,1 0 0 0
Fam. Caenidae A 0 0 0 0 0 5,1 0,6 0 0 0

Fam. Heptageniidae A 0 0 0 0 0 0 0,3 0 0,2 0
    O. Collembola * T 0 0 9,1 0 28,6 0 0 4,4 1,0 18,2
    O. Hymenoptera T 0 0 0 0 21,4 0 0 3,3 0,2 36,4
    O. Lepidoptera T 0 0 0 0 7,1 0 0 0 0 0
    O. Megaloptera T 0 0 0 0 0 0 3,5 0 0 0
    O. Hemiptera T 0 0 0 0 0 0 0 7,8 0 18,2
    O. Gastropoda

Fam. Hydrobiidae A 0,7 0 0 0 0 0 0,3 0 0 0
Fam. Planorbidae A 0,7 0 0 0 0 0 0,1 0 0 0

    O. Oligochaeta A 1,4 0 0 0 0 2,2 0,2 20,0 0 0
    C. Diplopoda T 0 0 0 0 7,1 0 0 0 0,2 0
    O. Opiliones T 0 0 0 0 0 0 0 0 0,5 0
    O. Araneae T 0 0 0 0 0 0 0 1,1 0 9,1
    O. Acarina A/T 1,4 2,3 0 2,8 7,1 0 1,5 2,2 1,4 18,2
    O. Isopoda * T 0 0 0 0 0 0 0 1,1 0 0

Total n° macroinvertebrates 146 263 22 212 14 138 1003 90 416 11
 Shredders (%) 0,7 6,1 9,1 4,7 28,6 5,8 8,7 7,8 3,6 18,2



CHAPTER 2

68

68

We found differences in macroinvertebrate communities between reaches (ANOSIM, 

Reach, R = 0.28, p < 0.001) and seasons (ANOSIM, Season, R = 0.07, p < 0.001). In winter 

(ANOSIMwinter, Reach, R = 0.29, p < 0.001), the macroinvertebrate community in perennial 

reaches was dominated by Chironomidae, which, combined with Tanyponidae, comprised 

more than 75% of the total number of macroinvertebrates found in leaf litter bags. The small 

number of macroinvertebrates found in intermittent reaches included mainly terrestrial taxa 

in reach E, while in reach C we found both terrestrial and aquatic taxa, also dominated by 

Chironomidae. The subsequent post-hoc analysis differentiated these reaches from perennial 

ones (Pairwise ANOSIM, p < 0.001), but did not differentiate between them. In summer 

(ANOSIMsummer, Reach, R = 0.28, p < 0.001), Chironomidae remained the dominant taxa in 

perennial reaches. Reach C experienced a remarkable increase in the presence of aquatic taxa, 

but even so the community retained more similarities with the terrestrial community found 

in reach E (Pairwise ANOSIM, p = 0.137) than with perennial reaches (Pairwise ANOSIM, 

p < 0.005). The percentage of shredders in relation to total macroinvertebrates was especially 

low and only represented 5 and 7% of the total macroinvertebrates found in litter bags in 

winter and summer experiment, respectively, across all reaches (Table 2.4). 

fungi

The amount of fungal biomass colonizing leaves at sampling time T20 differed significantly 

between reaches and seasons (GLS-based ANOVA, Reach x Season, F = 2.96, p = 0.031; 

Figure 2.6). The effect of seasonality was significant only in reach C (ANOVA, SeasonReach 

C, F=39.5, p < 0.001) and E (ANOVA, SeasonReach E, F = 37.1, p < 0.001). In reach C, fungal 

biomass was roughly three times greater in summer (25.8 ± 1.2 mg g−1 AFDM) than in winter 

(9.4 ± 2.2 mg g−1 AFDM). Reach E exhibited approximately seven times more fungal biomass 

in summer (28.5 ± 3.4 mg g−1 AFDM) than in winter (4.3 ± 1.8 mg g−1 AFDM). Subsequent 

post-hoc comparisons only reflected clear differences between reaches in summer, when leaf 

litter incubated in reach A contained significantly less fungal biomass than in reach C and E 

(Tukey’s test, p < 0.005). We found a highly positive correlation only in winter between the 

average fungal biomass and the average AFDM lost across all reaches (Pearson’s correlation, 

r = 0.91, p = 0.032). 
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Despite the presence of fungal biomass colonizing leaf litter in reach E, we did not observe 

any conidia release during the microcosm incubation. Sporulation occurred with high 

variability in all other reaches, without differences between them (ANOVA, Reach, F = 0.77, 

p = 0.516) but with large differences between seasons (ANOVA, Season, F = 10.8, p = 0.002). 

Across all reaches and mesh sizes, the average sporulation rate was higher in winter (23.3 ± 

6.2 n° conidia mg-1 DM d-1) than in summer (5.4 ± 1.7 n° conidia mg-1 DM d-1; Table 6). A 

total of 13 and 10 sporulating species were identified in the winter and summer experiment, 

respectively. No differences were detected between coarse- and fine-mesh bags in terms of 

fungal biomass and sporulation rate. 

Fungal community structure exhibited some differences between reaches (ANOSIM, 

Reach, R = 0.17, p = 0.003) with a similar pattern between seasons (ANOSIM, Season, R 

= 0.09, p = 0.057). Perennial reaches showed a similar community structure, different from 

reach C (Pairwise ANOSIM, p<0.001) that included aquatic and terrestrial species (Table 

2.5).  

Figure 2.6 Fungal biomass (mean ± SE; mg g-1 AFDM) on leaf litter at T20 in each reach (A, B, C, D and E) and season 

(n = 6). Litter bags of both mesh types in each reach were used as replicates. 
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DISCUSSION

Leaf litter decomposition varied widely along the longitudinal profile of our temporary 

Mediterranean stream during both seasons. 

In winter, fluctuations in the decomposition rates were clearly related to differences 

between perennial (reach A, B and D) and intermittent reaches (reach C and E), with 

twofold lower decomposition rates in the latter reaches. The few precipitation events that 

occurred during the winter experiment resulted in a low percentage of potential inundated 

days (around 6%) for both reach C and E, indicating that emerged and dry conditions 

predominated in these intermittent reaches. Under these conditions, the lack of moisture in 

the sediment was probably a limiting factor for microbial decomposers. Moisture availability 

is considered a critical factor controlling biological processes such as decomposition in soil, 

because reductions in availability constrain the osmotic regulation of microbes and the 

diffusion transport of solutes (Borken & Matzner, 2009; Mazoni et al., 2012), thus limiting 

microbial activity (Sardans & Peñuelas, 2005; Amalfitano et al., 2008; Corti et al., 2011) and 

    Winter Summer

Taxa Habitat A B C D A B C D

Lunulospora curvula A 0 0.4 0 2.3 30.6 14.7 0.5 1.0

Flagellospora curvula A 1.5 2.6 0.1 1.1 0 0 0 0.2

Lemonniera terrestris A 0.1 0.4 0 0 0 0 0 0

Heliscus lugdunensis A 0 2.3 0 1.2 1.1 17.5 0 1.2

Tetracladium marchalianum A 0.1 0.8 0 20.6 0 19.7 1.0 21.0

Tetracladium furcatum A 1.4 4.6 0 0 0 0 0 0

Tetracladium setigerum A 0 0 0 0.1 0 0 0 0.2

Alatospora acuminata A 13.9 42.7 0.1 33.7 8.4 29.6 0.3 21.0

Campylospora chaetocladia A 0 0 0 0.05 0 0 0 0

Tricladium angulatum A 16.1 10.5 0 27.1 0.4 18.5 0 34.7

Fusarium sp. T 0.3 0.3 2.3 0 1.3 0 2.2 1.0

Alternaria sp. T 0 0 46.3 0 0 0 95.4 0

Unidentified filiforms   66.7 35.4 51.2 14.0 58.1 0 0.6 19.6

Table 2.5 Percentage contribution of fungal species in each reach and season based on the total number of conidia 

found in litter bags of both mesh types at T20. 
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hence overall microbial decomposition (Cortez, 1998; Arroita et al., 2013; Lee et al., 2014; 

Christiansen et al., 2016). The results obtained from leaf litter C:N molar ratios support this 

explanation. In winter, there was a more pronounced decrease in the C:N molar ratio in litter 

incubated under perennial compared to intermittent flow conditions. The decrease in the 

C:N molar ratio throughout the decomposition process was the result of an increase in the 

N content in leaf litter (Pearson’s correlation, r = -0.95; p < 0.001), as previously detected in 

several decomposition studies (e.g., Menéndez et al., 2011; Abril et al., 2016) and attributed 

to the presence and activity of microbial decomposers (Melillo et al., 1984; Chauvet, 1987; 

Suberkropp, 1998; Pastor et al., 2014). In winter, we detected a positive and significant 

relationship between the litter mass lost and its N content only in perennial reaches, indicating 

that microbial decomposers were constrained in intermittent reaches where abiotic processes 

such as leaching likely dominated the reduced leaf mass lost occurred. 

Despite this pattern, it is interesting to note that leaf litter in intermittent reach C suffered a 

pronounced decrease in the C:N molar ratio during the first few days of the winter experiment, 

reaching lower values than in intermittent reach E and similar values to perennial reaches. 

These contrasting results between intermittent reaches were also observed in terms of mass 

lost, being higher in reach C (18.6 ± 2.9% AFDM lost) than E (6.9 ± 0.94% AFDM lost) after 

the first week of incubation, and in aquatic hyphomycetes conidia, which were identified 

only in reach C. These differences denoted contrasting flow conditions between intermittent 

reaches. Indeed, temperature and precipitation data seem to indicate that, after the rainfall 

event occurred during the first few days of the winter experiment, surface flow remained for 

some days in reach C but disappeared promptly in reach E. Thus, initial flow conditions in 

reach C promoted leaching and colonization by aquatic microbial decomposers on leaf litter. 

However, subsequent dry conditions caused by the lack of precipitation hindered the activity 

of these decomposers. The mass lost by leaching in reach E could mainly be the result of the 

large rainfall event that occurred in March, when only leaf bags from this reach remained in 

the field. 

Compared to the winter experiment, differences in decomposition rates between perennial 

and intermittent reaches were less defined in summer. The same pattern was observed in 

microbial decomposition, with an increase in N content as leaf litter decomposed occurring 
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even in intermittent reaches. The unexpected increase in precipitation that occurred in the 

summer resulted in a higher percentage of potential inundated days in intermittent reach 

C (28.6%) than in winter. Under these conditions, decomposition rates in reach C were 

substantially faster than in winter, being similar to perennial reaches and about twofold 

higher than in intermittent reach E. Temperature, together with moisture availability, is the 

most important environmental factor affecting microbial activity in soils (Paul & Clark, 

1996). The increase in temperature, together with the increment in inundation days, likely 

promoted the loss of litter mass in reach C by enhancing leaching and physical abrasion but 

also by favouring conditions for microbial decomposers, both aquatic and terrestrial (Paul 

& Clark, 1996). In reach E, the percentage of potential inundated days remained similar 

to that in winter (7%), confirming the differences in flow conditions between intermittent 

reaches observed in winter. Microbial decomposition in reach E was probably constraint by 

moisture availability also in summer, resulting in lower decomposition rates than in all other 

reaches. Fungal biomass in intermittent reaches could also correspond to terrestrial fungi, 

which might grow on leaf litter under emerged conditions in temporary streams (Maamri et 

al., 1998). Terrestrial fungi seem poorly adapted to low winter temperatures (Maamri et al., 

1998), explaining in part the high increase in fungal biomass observed in intermittent reaches 

in the summer. However, terrestrial fungi also need some soil moisture to encourage their 

activity (Dix, 1984). Summer warming may stimulate leaf litter decomposition, but only as 

long as the associated increases in evapotranspiration do not lead to moisture limitation of 

microbial activity (Casper et al., 2016). As some authors have reported, the presence of fungal 

biomass on leaf litter may not be related to its decomposer activity (e.g., Maamri et al., 1998), 

as we probably observed in intermittent reach E. 

The contribution of macroinvertebrates to leaf litter decomposition in our stream seemed 

to be relatively low in both perennial and intermittent reaches in both seasons. On the one 

hand, no effects of macroinvertebrates were detected in intermittent reaches. On the other, 

despite the fact that a mesh-size effect was observed in perennial reaches, high ratios of 

decomposition rates in fine to coarse mesh bags (0.75 ± 0.05) and few aquatic shredders 

found denoted that the effect of macroinvertebrates in total descomposition was reduced 

compared to microbial one. Several studies have reported the low abundance of aquatic 
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shredders in temporary streams even when flow returns (Kirby et al., 1983; Richardson 

et al., 1990; Maamri et al., 1997; Datry et al., 2011b; Mariluan et al., 2015) and especially 

in Mediterranean streams, where collectors commonly dominate the macroinvertebrate 

assemblage (Muñoz, 2003; Acuña et al., 2005; Sabater et al., 2006; Mora-Gómez et al., 2015), 

as found in our study. 

In perennial reaches, total decomposition rates were similar between reaches in winter. In 

summer, the increase in water temperature promoted leaf litter decomposition (e.g., Ferreira 

& Chauvet, 2011a; Martínez et al., 2014) in perennial reaches B and D, which had similar 

total decomposition rates. Despite this increment, decomposition rates in our study were 

lower than in Abril et al. (2016), who found fivefold higher decomposition rates (0.053 ± 

0.003 d-1) for black poplar at a similar water temperature in summer. In our study, leaf litter 

decomposition was probably limited by the low stream nutrient concentration (e.g., Gulis et 

al., 2006; Menéndez et al., 2011), hindering the potential stimulation of metabolic activity 

caused by higher temperatures in summer (Ferreira & Chauvet, 2011b). In both seasons, 

the decomposition rates found in reach B and D were low, within the range of the low rates 

reported by Casas & Gessner (1999) for the same leaf species in a calcareous stream in winter-

spring. Apart from the low nutrient concentration in water, these low rates could also be 

related to the lack of shredders observed or to the calcite precipitation that commonly occurs 

in calcareous streams, which can also slow down decomposition (Casas & Gesnner, 1999).

Unlike in reach B and D, decomposition rates in reach A were not stimulated by temperature 

in summer. If we focus on physicochemical variables, the only significant difference between 

consecutive reaches A and B was water velocity, which was substantially lower in the former in 

both seasons. Some studies have reported faster decomposition rates at high water velocities 

(Chergui & Patté, 1988; Ferreira et al., 2006a; Belančić et al., 2009; Santos Fonseca et al., 2012) 

but we only detected this effect in summer, even though differences in velocity were observed 

in winter too. One possible explanation for this seasonal difference could be related to an 

indirect effect caused by higher sediment deposition in reach A than in reach B in summer. 

The substantial increase in total accumulated precipitation registered in summer could have 

caused an increase in the transported sediments in water, which in turn, would be deposited 

under low water velocities and trapped by the small weir (Vericat & Batalla, 2005; Colas et 
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al., 2016). The sediment deposition on leaf litter may negatively influence its decomposition 

by effects on fungal decomposers and detritivores (Sponseller & Benfiled, 2001; Bruder 

et al., 2016). Therefore, we suggest that the lower decomposition rates, macroinvertebrate 

abundance and declining trend in fungal biomass observed in reach A in summer compared 

to winter could be caused by a damming effect due to the deposition and accumulation of 

sediment. 

In summary, we observed discontinuities in leaf litter decomposition along the 

longitudinal profile of our stream due to the wide variability in flow conditions, which in 

turn varied with seasons and depending on local conditions. Contrary to our hypothesis, 

differences in decomposition rates between intermittent and perennial reaches were more 

apparent in winter, when the low frequency of precipitation events promoted emerged and 

dry conditions in intermittent reaches. Under these conditions, leaf litter decomposition was 

mainly controlled by the leaching effect. In contrast, an unexpected rainy summer enhanced 

inundation conditions in intermittent reaches, which increased both abiotic factors and 

microbial decomposition and resulted in similar decomposition rates to perennial reaches. 

However, differences in flow between intermittent reaches caused by local conditions (e.g., 

the number of inundated days or the sediment moisture retention) greatly influenced the leaf 

litter decomposition process. The effects of local conditions on leaf litter decomposition rates 

were also apparent within perennial reaches due to flow lentification. 

Flow fluctuations generate a serial of distinct habitats or patches each one with a particular 

structure and functioning depending on local conditions. The naturally patchy structure of 

temporary rivers and streams fits best with conceptual models based on patch dynamics, 

where rivers are described as a series of discrete patches rather than longitudinal continuous 

gradients. The whole-system structure and functioning would result of the integration of 

these patches and their interactions under a hierarchical view (Frissell, 1986; Pringle et 

al., 1988; Stanley et al., 1997; Poole, 2002; Thorp et al., 2006; Winemiller et al., 2010). To 

better understand the functioning of highly heterogeneous environments such as temporary 

streams, we should assume that they are structured as a changing mosaic of contrasting 

habitats and characterize their conditions properly.
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Photo: Isolated pool in the studied temporary stream (Fluvià river network), by the author. 
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Heterogeneity in leaf litter 
decomposition in a temporary 
Mediterranean stream during  

flow fragmentation

In temporary Mediterranean streams, flow fragmentation during summer droughts originates an 
ephemeral mosaic of terrestrial and aquatic habitat types. The heterogeneity of habitat types 

implies a particular ecosystem functioning in temporary streams that is still poorly understood. 
We assessed the initial phases of leaf litter decomposition in selected habitat types: running 
waters, isolated pools and moist and dry streambed sediments. We used coarse-mesh litter 

bags containing Populus nigra leaves to examine decomposition rates, microbial biomass, 
macroinvertebrate abundance and dissolved organic carbon (DOC) release rates in each habitat 
type over an 11-day period in late summer. We detected faster decomposition rates in aquatic 

(running waters and isolated pools) than in terrestrial habitats (moist and dry streambed 
sediments). Under aquatic conditions, decomposition was characterized by intense leaching and 
early microbial colonization, which swiftly started to decompose litter. Microbial colonization in 
isolated pools was primarily dominated by bacteria, whereas in running waters fungal biomass 

predominated. Under terrestrial conditions, leaves were most often affected by abiotic processes 
that resulted in small mass losses. We found a substantial decrease in DOC release rates in 

both aquatic habitats within the first days of the study, whereas DOC release rates remained 
relatively stable in the moist and dry sediments. This suggests that leaves play different roles 

as a DOC source during and after flow fragmentation. Overall, our results revealed that leaf 
decomposition is a heterogeneous process during flow fragmentation and clearly indicated that 
it is indispensable to deal with the intrinsic environmental heterogeneity of temporary streams 

to better understand their functioning. 
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INTRODUCTION

Temporary rivers and streams are defined as those watercourses that cease to flow at some 

point in space and time along their course (Arthington et al., 2014). Often overlooked in 

global inventories (Acuña et al., 2014), these ecosystems are widespread around the globe 

and are the dominant surface water type in Mediterranean climate regions (Bonada & 

Resh, 2013). Temporary Mediterranean streams are characterized by high hydrological 

variability, alternating wet and dry phases throughout the year (Acuña et al., 2005). A dry 

phase typically occurs in summer, when a decrease in precipitation combined with increases 

in evapotranspiration and water use drastically reduces water flow until the hydrological 

connectivity is lost (Bernal et al., 2013). Flow fragmentation leads to the emergence of a 

changing and ephemeral mosaic of terrestrial and aquatic habitat types along the streambed 

(Larned et al., 2010). These habitat types include areas with running waters, isolated pools 

of different sizes and dry streambed sediments. The dynamics of this habitat mosaic are 

controlled by the magnitude and duration of the drying period (Stanley et al., 1997; Bunn et 

al., 2006), which lasts until hydrological connectivity is restored (Tockner et al., 1999). 

Flow variability is a determining factor in aquatic ecosystems (Richter et al., 2003), and 

in temporary streams the alternation between wet and dry phases influences all ecological 

processes (Sabater & Tockner, 2010). One of these processes is the decomposition of organic 

matter, a key ecosystem process that governs the entry of energy and nutrients into streams 

(Webster & Benfield, 1986). During drying periods, water stress may impact riparian 

vegetation by causing early leaf abscission that coincides with flow fragmentation (Sabater et 

al., 2001; Sanpera-Calbet et al., 2016). Then, leaf litter falls into the streambed and is primarily 

retained in dry streambed sediments and isolated pools (Acuña et al., 2007) where different 

factors affect its processing. 

Decomposition rate is usually slower in dry streambed sediments than under aquatic 

conditions (e.g., Langhans et al., 2008; Schlief & Mutz, 2011), primarily because the absence 

of water limits the activity of decomposers. In dry streambed sediments, invertebrates play 

a minor role in decomposition because aquatic shredders are inhibited by emersion (Datry 
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et al., 2011b; Riedl et al., 2013; Martinez et al., 2015) and terrestrial detritivores are scarce 

(Maamri et al., 1997; Corti et al., 2011). Microbial biomass and activity are also reduced 

in emerged conditions (Boulton, 1991), although the importance of this factor seems to 

be closely linked to sediment moisture levels (Amalfitano et al., 2008; Gómez-Gener et al., 

2015). In this regard, some studies have reported an increase in microbial decomposition 

when litter is partially rehydrated (Langhans & Tockner, 2006; Bruder et al., 2011; Foulquier 

et al., 2015). Nevertheless, little is known about the effect of moisture on decomposition and 

some authors have highlighted the importance of assessing this process at different stages of 

drying to better understand the mechanisms involved (e.g., Larned et al., 2010). 

In isolated pools, decomposer communities are exposed to harsh physicochemical 

conditions. In these habitats, detritus accumulation increases nutrient concentrations and 

stimulates heterotrophic activity that causes a gradual decrease in oxygen levels and pH 

(Stanley et al., 1997; von Schiller et al., 2011). Moreover, the accumulation of leaf leachates 

in pools may be toxic for some decomposer communities (Schlief & Mutz, 2007; Canhoto 

et al., 2013). Though only a few studies have evaluated leaf litter decomposition in pools, 

they reported lower decomposition rates in comparison to running waters and related it to 

conditions unfavourable to the development of aquatic fungi and shredders (Baldy et al., 

2002; Schlief & Mutz, 2009). However, studies of leaf litter decomposition in pools have been 

typically carried out under simulated conditions because the unpredictable dynamics of 

temporary streams make it difficult to develop a larger scale experimental framework. 

This heterogeneity of detritus dynamics along fragmented streams may also have 

implications for other ecological processes that rely on the products of decomposition. Leaf 

litter leachates supply a large proportion of dissolved organic carbon (DOC), an essential 

component of the carbon cycle that fuels stream metabolism (Meyer et al., 1998). Previous 

studies in temporary streams have found changes of the dynamics of DOC in relation to the 

hydrology (Vázquez et al., 2015; von Schiller et al., 2015); however, the contribution of leaf 

litter as a DOC source and its implications for the carbon cycle in these systems remains 

largely unexplored (but see Casas-Ruiz et al., 2015). Moreover, the retention of organic 

matter during flow fragmentation may be an important source of carbon and nutrients for 

downstream reaches when flow returns (Ylla et al., 2010). In this way, the different biotic 
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and abiotic factors involved in organic matter decomposition during flow fragmentation 

may determine the availability of organic resources when flow connectivity is re-established, 

thereby influencing ecosystem’s metabolism and related food webs (Riedl et al., 2013; von 

Schiller et al., 2015).

Despite the abundance of temporary streams and their predicted increase due to climate 

change (Larned et al., 2010), our knowledge of the dynamics of ecosystem processes such as 

litter decomposition in these systems is still limited. This limits our capacity to understand 

ecosystem processes in a large proportion of fluvial networks worldwide, hindering the 

accurate assessment of ecological conditions and preventing the effective management of 

these systems (Acuña et al., 2014; Arthington et al., 2014; Leigh et al., 2016). 

The aim of our study was to assess the initial phases of leaf litter decomposition within 

different habitats resulting from flow fragmentation in a temporary Mediterranean stream: 

running waters, isolated pools and moist and dry streambed sediments. We used litter bags 

containing Populus nigra L. leaves to examine decomposition rates, carbon to nitrogen molar 

ratios, microbial biomass, macroinvertebrate abundance and DOC release rates associated 

with leaves in each habitat type over a period of 11 days in late summer. A short incubation 

period was set due to the importance of the first stages of decomposition in the release of 

DOC from the litter (Yoshimura et al., 2010) and to avoid a drastic shift in habitat conditions 

during the experiment. We hypothesized that higher decomposition rates would be observed 

in aquatic than in terrestrial habitats because microbial decomposers and detritivores would 

be more abundant under aquatic conditions. Regarding aquatic habitats, we expected lower 

decomposition rates in isolated pools than in running waters because the absence of flow 

in pools promotes harsh conditions for shredders and aquatic fungi. Regarding terrestrial 

habitats, we anticipated sediment moisture level to be an important factor driving leaf litter 

decomposition, with higher microbial biomass and, thus, higher decomposition rates in 

moist than in dry streambed sediments. Finally, we predicted a more pronounced decrease 

in the DOC release rate during the decomposition process in aquatic habitats compared to 

terrestrial habitats because of the utilization of DOC by microbial communities associated 

with leaf litter and the effect of leaching in aquatic habitats. 
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MATERIALS AND METHODS 

Study Site 

This experiment was conducted on the Fluvià River, located in the north-eastern Iberian 

Peninsula (Figure 3.1). Its watershed drains an area of 990 km2 and has a mainstem that 

is 97 km long and flows into the Mediterranean Sea. The watershed is characterized by a 

Mediterranean climate, with dry, warm summers and scarce precipitation occurring primarily 

in the spring and autumn. In the upper part of this watershed, we selected an experimental 

section of approximately 2 km along a fourth-order stream. The section included both a 

perennial and a intermittent reach. The section is situated between 42º8’33.61’’N; 2º26’59.83’’E 

and 42º7’35.54’’; 2º26’59.83’’E with the temporary reach located in the upstream portion 

of this range (Figure 3.1). The perennial and intermittent reaches were selected as close as 

possible to minimize the potential interference of other environmental variables different 

from hydrology in our response variable. The land cover in the sub-watershed associated 

with the study section is comprised primarily of forest (78%), with some agricultural (19%) 

and urban (3%) areas (Land Cover Map of Catalonia 2009, CREAF). The riparian vegetation 

along the section is dense and dominated by Populus nigra, Fraxinus angustifolia and Platanus 

hispanica. 

The experiment was carried out during the August-September 2013 summer drought, 

when the intermittent reach was fragmented into isolated pools of different sizes and emerged 

streambed sediments with different moisture levels. Along this reach, we selected three 

replicate sites for each of the following habitat types: isolated pools, moist sediments and dry 

sediments (Figure 3.1). In the isolated pools, the wetted area ranged from 12 to 20 m2 and the 

maximum depth from 30 to 80 cm, as measured on the first sampling date. At the streambed 

sediment sites, we identified three points that were completely dry and three points that were 

moist. We also selected three running water sampling sites from the perennial reach (Figure 

3.1). Water flowed at a constant rate continuously during the experiment, with a discharge of 

0.03 m3 s−1, a maximum wetted width of 5 m and a maximum depth of 20 cm. 

During the study period (29 August - 9 September 2013), the average daily air temperature 
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was approximately 23 ºC (min. 11 ºC - max. 29 ºC) and the accumulated precipitation was 

17.3 mm (Meteorological Service of Catalonia, METEOCAT). This occurred in a single 

precipitation event just two days before the experiment ended. 

Habitat cHaracteriSticS

A WTW multi-parametric sensor (Weilheim, Germany) was used to measure water 

temperature, conductivity, pH and the dissolved oxygen concentration in the perennial reach 

and isolated pools three times during the study period. Current velocity and discharge were 

also determined in situ. Water samples were taken in triplicate from each of these aquatic 

habitats on the third sampling day (after 8 days of leaf incubation) for nutrient analyses. Water 

was filtered through nylon membrane filters (0.45 μm pore size; Millipore, USA), transported 

Figure 3.1 Map showing the location of the sampling reaches along the study section. Blue solid line inside 

rectangle indicates the perennial reach from which we selected the sampling sites for running waters (RW). Dashed 

line inside rectangle symbolizes the intermittent reach, that was fragmented during the experiment, from which 

sampling sites for isolated pools (IP) and dry and moist streambed sediments (DS and MS, respectively) were 

selected. The upper inset shows the location of the Fluvià watershed (NE Iberian Peninsula). The lower inset shows 

the watershed area associated to the study section within the Fluvià watershed. 
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to the laboratory under cool conditions, and stored at –20 °C in the dark until analysis. The 

concentrations of dissolved nitrite, nitrate, ammonium, soluble reactive phosphorus (SRP), 

chloride, sulphate, calcium and sodium were analysed using ionic chromatography (IC5000, 

DIONEX, USA). The dissolved organic and inorganic carbon concentrations in water (DOC 

and DIC, respectively) were measured using a total organic carbon analyser (TOC-V CSH, 

Shimadzu, Japan). 

In the moist and dry streambed sediments, temperature and moisture were measured 

in triplicate at each replicate site using portable sensors (ECH2O 10HS, Decagon, USA and 

Hi93500, Hanna, USA) on three sampling dates (4, 8 and 11 days of leaf incubation). 

Leaf Litter decompoSition

Black poplar (Populus nigra L.) leaves were collected just after abscission in the fall of 2012. 

Leaves were air-dried to constant weight and stored at room temperature until needed. 

Portions of 3.27 ± 0.01 g (mean ± SE) of these leaves were weighed, moistened with distilled 

water using a garden atomizer, and enclosed in coarse-mesh nylon bags (15 x 20 cm, 5 mm 

mesh openings).

During the August-September 2013 summer drought, a total of 12 leaf bags were placed 

in each habitat type (4 bags x 3 replicate habitat type). At the running water and isolated pool 

sites, bags were tied with nylon lines to iron bars. At the streambed sediment sites, bags were 

put in contact with the substrate and secured using tent pegs and rocks. One litter bag was 

retrieved from each habitat replicate 1, 4, 8 and 11 days after the experiment started. The litter 

bags were then placed in individual plastic bags and transported in cool conditions to the 

laboratory, where they were immediately processed. Leaf material from each bag was rinsed 

with distilled water over a 500 µm sieve to remove invertebrates and inorganic particles. 

Invertebrates remaining on the sieve were preserved in 70% ethanol for later counting and 

identification to the lowest-feasible taxonomic level. Macroinvertebrate abundance was 

expressed as the number of individuals (ind.) per unit of ash-free dry mass (AFDM) of leaf 

litter. Just after cleaning the leaves, 5 leaf discs from each bag (12 mm diameter) were cut with a 

cork borer to determine the DOC release rate (see below). On all sampling dates except day 1, 

another set of 3 discs per bag were obtained to determine bacterial biomass (see below). These 
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discs were preserved in vials with 10 ml of distilled water and 0.5 ml of 37% formalin at 4 °C 

until analysed. On the last sampling date, one set of 10 discs from each bag was divided into 

small plastic bags and frozen at –80 °C to obtain fungal biomass by ergosterol determination 

(see below). The remaining material was oven-dried (60 °C, 72 h) and weighed to determine 

dry mass. An extra set of 5 leaf discs from each habitat type and for each sampling date was 

dried in the same way as the remaining material to estimate the mass used in the microbial 

biomass and DOC release determinations. Then, a subsample of each dried material sample 

was incinerated (450 °C, 5 h) to remove the inorganic components and to obtain the AFDM. 

The results were expressed as a percentage of the remaining initial AFDM. The initial AFDM 

was determined from an extra set of 5 leaf bags that were transported into the field and 

returned to the laboratory on the same day. These bags were processed as described above 

to create a conversion factor between the initial air-dry mass and the initial AFDM, taking 

into account manipulation losses. Another subsample of dried material was ground into a 

fine powder (~ 1 mm pore size), and the carbon (C) and nitrogen (N) concentrations were 

analysed. Both elements were determined using a Perking Elmer series II CHNS/O elemental 

analysis. The results were expressed in terms of C:N molar ratios. We also obtained the C:N 

molar ratio from non-incubated leaves in the field.

microbiaL biomaSS

FUngal biomass

To calculate the fungal biomass at each site, frozen leaf discs were lyophilized, weighed to 

determine the dry mass and used in the ergosterol analyses (Gessner, 2005). Lipid extraction 

and saponification were performed using KOH methanol 0.14 M (8 g L−1) at 80 °C for 30 

min in a shaking bath. Extracted lipids were purified using solid-phase extraction cartridges 

(Waters Sep-Pak®, Vac RC, 500 mg, tC18 cartridges, Waters Corp., Milford, MA, USA), and 

ergosterol was eluted using isopropanol. Ergosterol was detected and quantified via high 

pressure liquid chromatography (HPLC) by measuring absorbance at 282 nm. A Jasco HPLC 

system (USA) equipped with a Gemini-NX 5 mm C18 250 x 4.6 mm column (Phenomenex, 

UK) was used. The mobile phase was 100% methanol and the flow rate was set to 1.2 ml min−1. 
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Ergosterol was converted to fungal biomass using a conversion factor of 5.5 mg ergosterol per 

gram of fungal mycelium (Gessner & Chauvet, 1993). The results were expressed in mg of 

fungal biomass per unit of leaf litter AFDM. 

bacterial biomass

For bacterial biomass, one leaf disc of each fixed sample was transferred to a new glass vial 

filled with 10 ml of pure water previously filtered through 0.2 μm pore size nitrate cellulose 

membranes (Whatman, Germany). Samples were mixed with a vortex and then sonicated 

for 15 min at low power (10 W) using an ultrasonic homogenizer (Sonic Ruptor 250, Omni 

International) to detach bacteria from the leaves. During sonication, samples were kept on ice 

to minimize cell damage. After appropriate dilution, bacterial suspensions were stained with 

DAPI (4, 6-diamidino-2-phenylindole hydrochloride; Sigma-Aldrich, Germany) for 5 min 

in the dark to a final concentration of 2 μg ml−1. Then, the suspensions were filtered through 

polycarbonate membranes (0.2 μm pore size; Whatman, Germany) and the filters were mounted 

on a slide between two drops of immersion oil. Bacteria were counted using an epifluorescence 

microscope (Olympus BX-60, 100x objective and UV excitation/long-pass filter set). From each 

filter, a minimum of 200 bacterial cells were counted in at least 20 random fields. The bacterial 

biomass was estimated in terms of C at 2.2 x 10−3 g C µm−3 (Bratbak & Dundas, 1984) and 

considering a bacteria cell biovolume in Populus nigra of 0.147 µm3 (Gaudes et al., 2009). The 

results were expressed as mg of bacterial biomass per unit of leaf litter AFDM. 

doc reLeaSe rate

Leaf discs were incubated in 100 ml Erlenmeyer flasks with 50 ml filtered stream water (0.45 

μm pore size, Nylon membrane; Millipore, USA) in a shaker (60 rpm) for 48 h at the stream’s 

water temperature. Flasks were covered with perforated aluminium foil to allow air exchange. 

After 48 h, 30 ml of 0.45 μm filtered water was taken from each microcosm, acidified and 

stored in pre-combusted vials at 4 °C for DOC determination using a total organic C analyser 

(TOC-V CSH, Shimadzu, Japan). The stream water used in the microcosms was collected 

from the perennial reach on each sampling date, during which time three 30 ml aliquots were 

also sampled for initial DOC determination. Obtained DOC release rates corresponded to 
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the net release of DOC (production – consumption) in the water during the incubation time, 

as corrected using the initial DOC concentration in the stream water at the beginning of the 

incubation (Baldy et al., 2007). Values were expressed as mg of C produced per gram of leaf 

litter AFDM per day. 

data anaLySeS

Physicochemical characteristics were compared within aquatic (running waters and isolated 

pools) and terrestrial (moist and dry sediments) conditions using Student’s test. Leaf litter 

decomposition rates were calculated assuming an exponential decay. Linear regressions 

between the ln-transformed proportion of AFDM remaining and time were used to estimate 

the decomposition rate given by the slope. To compare the slopes of these regressions 

between habitats, we performed an analysis of covariance (two-way ANCOVA) using the 

ln-transformed proportion of AFDM remaining as a dependent variable, time as a covariate 

and habitat as a categorical variable. Subsequent pair-wise comparisons were performed 

using Tukey’s Honest Significant Difference (HSD) test. Bacterial biomass, the C:N molar 

ratio, macroinvertebrate abundances and leaf litter DOC release rates were compared among 

habitats using a two-way analysis of variance (ANOVAs) with time and habitat as categorical 

variables. For macroinvertebrate abundance and DOC release rates, subsequent pair-wise 

comparisons were performed using Tukey’s HSD test. For the C:N molar ratio and bacterial 

biomass two samples lost during processing unbalanced the data; therefore, we applied the 

Tukey-Kramer HSD post-hoc test to these data. To meet assumptions for normality and 

equality of variances, bacterial biomass and DOC release rate data were ln-transformed and 

macroinvertebrate abundances were log10 + 1 transformed. In the case of fungal biomass, the 

data were log10 + 1 transformed and compared between habitats using a one-way ANOVA 

and Tukey’s HSD test. We used Pearson’s correlation to test for potential relationships among 

variables and a simple linear regression to build predictive models of these relationships. 

Before the statistical analysis, the distributional properties of the data were assessed to 

identify outliers. The Shapiro-Wilk test was applied to assess normality and the Bartlett’s test 

to assess equality of variances. All statistical analyses were conducted using the R statistical 

environment (R Core Team 2013), with a significance level set at p < 0.05 for all tests.
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RESULTS

pHySicaL and cHemicaL cHaracteriSticS  

of HabitatS

In the streambed sediments, temperature remained stable at an average 17.9 ± 0.4 °C during 

the study period, without significant differences between the moist and dry sediments (t-test, 

t = 0.61, p = 0.54). By contrast, sediment moisture differed between these habitats (t-test, t =  

–5.07, p < 0.001), with an average soil water content of 19.6 ± 2.5% in moist sediments and 4.3 

± 1.7% in dry sediments. In the dry sediments, soil water content reached a minimum value 

of  0% during the third sampling and a maximum of 13.1% on the last sampling date, which 

may have been related to a precipitation event (17.3 mm) that occurred just two days before 

the end of the experiment. In the moist sediments, the maximum moisture level (27.3%) was 

registered during the second sampling date, when the soil water content across all replicated 

sites averaged 25.0 ± 1.3% and we found the greatest difference for dry sediments (6.4 ± 3%).

Regarding the aquatic habitats (Table 3.1), water temperature differed between the running 

water and isolated pool sites (t-test, t = 4.66, p = 0.01), with slightly higher values in the isolated 

pools (17.8 ± 0.3 °C) than in the running waters (16.0 ± 0.3 °C). Dissolved oxygen concentrations 

were lower (t-test, t = –3.0, p = 0.04) in isolated pools (3.4 ± 1.3 mg l-1) than in running waters 

(7.7 ± 0.5 mg l-1). We found high variability in dissolved oxygen content between pools, with 

percent saturation ranging between 8% and 58%. No current was found in isolated pools, whereas 

running water sites had a perennial flow during the experiment. Nutrient levels differed sharply 

between aquatic habitats. DOC (t-test, t = 25.2, p < 0.001), nitrite (t-test, t = 9.5, p < 0.001), 

ammonium (t-test, t = 328.1, p < 0.001) and SRP (t-test, t = 29.9, p < 0.001) had significantly 

higher concentrations in isolated pools than in running waters. On the contrary, DIC (t-test, t 

= –14.4, p < 0.001), nitrate (t-test, t = –144.9, p < 0.001), chloride (t-test, t = –14.1, p < 0.001), 

sulphate (t-test, t = –14.3, p < 0.001), sodium (t-test, t = –17.8, p < 0.001) and calcium (t-test, t = 

–6.0, p < 0.001) concentrations were significantly lower in isolated pools than in running waters. 
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decompoSition rateS

Decomposition dynamics differed significantly between habitats during the study period 

(ANCOVA, Time x Habitat, F = 12.71, p < 0.0001), with a clear distinction between aquatic 

and terrestrial habitats (Tukey’s test, p < 0.01; Figure 3.2, A). After 24 h of incubation, the 

percentage of mass loss (as AFDM) in running waters was 13.7 ± 1.2%, and in isolated pools 

it was 17.9 ± 2.1%. By contrast, a mass loss of 3.1 ± 1.5% was measured in moist sediments 

on the first sampling date, and a mass loss of only 1.8 ± 0.9% was measured in dry sediments. 

On the following dates, mass loss in the aquatic habitats continued to be more pronounced 

than in streambed sediments. Moist sediments presented a constant mass loss over time, with 

a final remaining AFDM percentage of 84.6 ± 2.6%. The mass loss from the dry sediments 

was practically non-existent during the first 8 days (2.4 ± 1.2% AFDM loss) but increased 

thereafter until reaching a remaining AFDM percentage of 87.4 ± 3.5%, which was probably 

related to the precipitation event. 

  Units Running waters Isolated pools

Temperature °C 16.0 ± 0.3 17.8 ± 0.3

Conductivity μS cm-1 718 ± 12 450 ± 122

pH   7.6 ± 0.1 7.3 ± 0.1

Dissolved O2 mg L-1 7.7 ± 0.5 3.4 ± 1.3

O2 saturation % 84 ± 6 38 ± 15

Water velocity m s-1 0.04 ± 0.01 0

DIC mg C L-1 75.5 ± 0.2 26.2 ± 3.4

DOC mg C L-1 0.8 ± 0.0 5.1 ± 0.2

Nitrite mg N L-1 0.02 ± 0.00 0.08 ± 0.01

Nitrate mg N L-1 6.6 ± 0.0 0.9 ± 0.0

Ammonium mg N L-1 0.01 ± 0.00 0.24 ± 0.00

SRP mg P L-1 0.03 ± 0.00 0.18 ± 0.01

Chloride mg Cl L-1 18.4 ± 0.1 9.5 ± 0.6

Sulphate mg S L-1 13.1 ± 0.0 3.8 ± 0.6

Sodium mg Na L-1 12.3 ± 0.0 6.9 ± 0.3

Calcium mg Ca L-1 83.2 ± 4.8 39.7 ± 5.4

Table 3.1 Physicochemical characteristics of running waters and isolated pools during the study period (mean ± 

SE; n = 3).
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Figure 3.2 Percentage of ash-free dry mass (AFDM) remaining (A), C:N molar ratio in leaf litter (B) and DOC release 

rate (C) from leaf litter in each habitat over time (mean ± SE, n = 3): running waters (RW), isolated pools (IP), moist 

sediments (MS) and dry sediments (DS).
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Running waters had a slightly higher decomposition rate (0.053 ± 0.003 d-1; R2 = 0.95, p 

< 0.001) than isolated pools (0.044 ± 0.005 d-1, R2 = 0.88, p < 0.001), although this difference 

was not statistically significant. As with aquatic habitats, no significant differences were 

found in the rates between streambed sediments, despite a higher decomposition rate in 

the moist (0.013 ± 0.001 d-1, R2 = 0.89, p < 0.001) than in the dry sediments (0.009 ± 0.002 

d-1, R2 = 0.66, p < 0.001).  Taking into account decomposition dynamics across all habitats 

conforming the intermittent reach (isolated pools, moist and dry sediments), we obtained 

a global decomposition rate (–0.021 ± 0.002 d-1, R2 = 0.95,  p < 0.001) lower than that of the 

perennial reach (running waters; 0.053 ± 0.003 d-1, R2 = 0.95, p < 0.001).   

microbiaL biomaSS 

FUngal biomass 

After 11 days of incubation, the amount of fungal biomass colonizing the leaves was 

significantly different between habitats (ANOVA, Habitat, F = 7.98, p = 0.008). Running 

waters presented the highest colonization rates, with an average value of 91.6 ± 21.9 mg of 

fungal biomass per g-1 AFDM, whereas isolated pools had the lowest values (1.5 ± 1.2 mg g-1 

AFDM). Fungal biomass was higher in moist (15.9 ± 2.4 mg g-1 AFDM) than in dry (11.8 ± 

6.1 mg g-1 AFDM) sediments. Subsequent post-hoc comparisons revealed that fungal biomass 

was significantly different from running waters only in isolated pools (Tukey’s test, p < 0.05). 

bacterial biomass 

Bacterial biomass on leaf litter varied significantly between habitats over time (ANOVA, 

Time x Habitat, F = 8.80, p < 0.001; Figure 3.3). Bacterial colonization was much higher 

in aquatic than in terrestrial habitats (Tukey Kramer’s test, p < 0.001), with a maximum 

value of 0.71 ± 0.22 mg g-1 AFDM  at running waters and a minimum value of 0.02 ± 0.005 

mg g-1 AFDM  in dry sediments after 11 days of incubation. No significant differences in 

bacterial biomass were found between aquatic habitats during the process; however, bacterial 

colonization in isolated pools increased faster than in running waters, reaching a maximum 

value of 0.28 ± 0.03 mg g-1 AFDM after 8 days of incubation. In running waters, we found the 

highest bacterial biomass after 11 days of incubation. Regarding streambed sediments, post-
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hoc comparisons revealed significant differences in bacterial colonization between moist and 

dry sediments (Tukey’s Kramer test, p = 0.012). These differences appeared clearly only after 

4 days of incubation, when the bacterial biomass presented in moist sediments was 3 times 

higher than that in dry sediments. Both habitats had maximum colonization rates on the last 

sampling date (0.03 ± 0.004 mg g-1 AFDM in moist and 0.02 ± 0.005 mg g-1 AFDM in dry 

sediments). 

After 11 days of incubation, bacterial biomass in isolated pools represented 12.9% of the 

total microbial biomass (fungal and bacterial biomass) associated with leaves. This value was 

0.8% for running waters, 0.2% for moist sediments and 0.1% for dry sediments. 

macroinvertebrate abundance

Total macroinvertebrate abundance associated with leaf litter was significantly higher in aquatic 

than in terrestrial habitats (ANOVA, Habitat, F = 56.99, p < 0.001; Tukey’s test, p < 0.001; Figure 

3.4). Macroinvertebrate abundance in aquatic habitats increased gradually until the end of 

the experiment. No significant differences were found in total macroinvertebrate  abundance 

Figure 3.3 Bacterial biomass associated with Populus nigra leaves in each habitat over time (mean ± SE, n = 3): 

running waters (RW), isolated pools (IP), moist sediments (MS) and dry sediments (DS).
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between isolated pools and running waters, but total abundance varied considerably between 

pools (Figure 3.4, inset), a fact likely related to the marked differences in oxygen availability 

between pools. Approximately 90% of the macroinvertebrates in isolated pools were scrapers 

of the genus Physa, whereas this proportion was lower in running waters (41%). Shredders 

accounted for less than 1% to total macroinvertebrate abundance in both aquatic habitats. 

c:n moLar ratio

The elemental composition of the decomposing leaf litter varied significantly between 

habitats during the study period (ANOVA, Time x Habitat, F = 2.83, p = 0.015; Figure 3.2, B). 

The C:N molar ratio decreased over time in all habitats (ANOVA, Time, F = 18.63, p < 0.001) 

compared to the initial value of 110.5 ± 5.4 found on litter not incubated in the field, a result 

related to an increase in N while C concentrations remained constant. The lowest values were 

detected at running water sites (35.9 ± 2.6) after 11 days of incubation. In this habitat, leaf 

quality differed significantly from that in dry and moist sediments (Tukey Kramer’s test, p 

< 0.001) but not from that in isolated pools (Tukey Kramer’s test, p = 0.076). Significant 

Figure 3.4 Total macroinvertebrate abundance in leaf bags over time for all habitat types (n = 3, mean ± SE): 

running waters (RW), isolated pools (IP), moist sediments (MS) and dry sediments (DS). Inset: Total macroinvertebrate 

abundance in each isolated pool (IP1, IP2, IP3) at each sampling time (days).
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differences in the C:N molar ratio were also found between isolated pools and dry sediments 

(Tukey Kramer’s test, p = 0.002). 

In aquatic habitats, we found a significant negative correlation between the percentage of 

AFDM lost and the C:N molar ratio (Pearson’s correlation, r = –0.92, p < 0.001), which decreased 

in a significant linear relationship (R2 = 0.85, p < 0.001; Figure 3.5, A) as decomposition 

progressed. This correlation was higher in running waters (Pearson’s correlation, r = –0.97, 

p < 0.001) than in isolated pools (Pearson’s correlation, r = –0.81, p < 0.001) and was not 

observed in dry or moist sediments (Pearson’s correlation, r = –0.27, p = 0.197; Figure 3.5, B).

Figure 3.5 Relationship between the leaf C:N molar ratio and the proportion of ash-free dry mass (% AFDM) lost in 

aquatic (A; n = 22) and terrestrial (B; n = 24) habitats.
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doc reLeaSe rate from Leaf Litter

DOC release rates from leaf litter differed significantly between habitats over time (ANOVA, 

Time x Habitat, F = 2.70, p = 0.018; Figure 3.2, C). After 11 days of incubation, all habitats 

presented lower DOC release rates than the initial value of 57.5 ± 8.4 mg C g-1 AFDM day-1 in 

litter not incubated in the field. However, the decrease in DOC release rates followed different 

patterns in aquatic and terrestrial habitats (Tukey’s test, p < 0.001). A more pronounced 

decrease occurred in aquatic habitats, where the DOC release rate fell to 10.2 ± 2.2 mg C 

g-1 AFDM day-1 in running waters and 6.2 ± 0.9 mg C g-1 AFDM day-1 in isolated pools after 

only 4 days in the field. In terrestrial habitats, we observed a more constant decrease in the 

DOC release rate during the first days, without significant differences between moist and dry 

sediments. After 11 days of incubation, the DOC release rate was 19.7 ± 7.6 mg C g-1 AFDM 

day-1 in moist sediments and 21.2 ± 8.6 mg C g-1 AFDM day-1 in dry sediments. In the case of 

dry sediments, we observed a drastic decrease in the DOC release rate from litter on the last 

sampling date, which may be related to the precipitation event that occurred two days earlier. 

Across all habitats, we found a negative correlation between DOC release rates and the 

proportion of AFDM lost (Pearson’s correlation, r = –0.89, p < 0.001). This correlation followed 

a linear relationship with AFDM lost and explains 80% of the variation in DOC release rates (R2 

= 0.80, p < 0.001; Figure 3.6). 

Figure 3.6 DOC release rate from leaf litter related to the proportion of ash-free dry mass (% AFDM) lost in all 

habitats: running waters, isolated pools, moist sediments and dry sediments (n = 48).
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At the same time, the DOC release rates in aquatic habitats correlated positively with the 

C:N molar ratio (Pearson’s correlation, r = 0.73, p < 0.001). However, this correlation was found 

to be higher in running waters (Pearson’s correlation, r = 0.85, p < 0.001) than in isolated pools 

(Pearson’s correlation, r = 0.61, p = 0.04). This correlation was not significant in moist or dry 

sediments (Pearson’s correlation, r = 0.39, p = 0.055).

DISCUSSION

In temporary streams, the decomposition of organic matter tends to be a slower process than 

in perennial ones (e.g., Herbst & Rice, 1982; Richardson, 1990) basically because processing 

efficiency is reduced during drought events (Maamri et al., 1997; Pinna & Basset, 2004). 

However, spatial and temporal habitat heterogeneity caused by flow fragmentation during 

these events creates disparate ecological conditions that may result in a highly heterogeneous 

decomposition process. To assess this hypothesis, we analysed the initial stages of leaf litter 

decomposition in different habitats resulting from flow fragmentation. After only 11 days of 

incubation, we detected widely different decomposition rates among habitats, distinguishing 

faster rates for leaves exposed to aquatic (isolated pools and running waters) than terrestrial 

(moist and dry sediments) conditions. These results are consistent with previous studies 

(Langhans et al., 2008; Datry et al., 2011b) and can be primarily attributed to the fact 

that decomposer communities are negatively affected by emersion (Corti et al., 2011; 

Foulquier et al., 2015; Martínez et al., 2015). However, we also found differences in factors 

controlling leaf litter decomposition within aquatic and terrestrial conditions, suggesting a 

high heterogeneous decomposition process that is not detectable within general (i.e., per 

condition) decomposition rates.

In aquatic habitats, contrary to our expectations, isolated pools showed similar 

decomposition rates to running waters. Using Populus nigra leaves, Langhans et al. (2008) 

found an opposing trend, with higher rates in the river channel than in pools after three 

months of incubation in a floodplain. Along the same lines, Schlief & Mutz (2009) simulated 

isolated pools using mesocosms and found slower decomposition rates of Alnus glutinosa 
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under reduced flow conditions. In these studies, a greater contribution of shredders to 

litter decomposition in streams than in stagnant waters was a key factor explaining these 

differences. In our study, however, macroinvertebrate abundance in litter bags was similar 

among aquatic habitats, and the relative abundance of shredders was insignificant. This lack 

of shredders in the study reach may be related to the fact that sampling was performed in 

late summer, when the presence of shredders is practically non-existent in Mediterranean 

streams (Muñoz, 2003; Sabater et al., 2006). Thus, shredder feeding did not appear to play an 

important role in leaf litter decomposition in our study. In contrast, our results were in line 

with Baldy et al. (2002), who found similar decomposition rates for Populus nigra at the river 

channel and in a floodplain pond despite differences in the microbial communities colonizing 

the leaves. Similarly, we found a much lower fungal biomass in pools than in running waters 

after only 11 days of incubation. As previous studies have already described (Langhans et 

al., 2008; Schlief & Mutz, 2009), the reduced presence of fungi in our isolated pools may be 

attributed to the absence of flow. A decrease in water flow limits fungal colonization because 

flow stimulates the sporulation process (Webster & Towfik, 1972; Maamri et al., 2001) and 

supplies a continuous source of fungal spores to detritus (Bärlocher, 1992). Furthermore, 

reduced flow also limits re-aeration and allows the accumulation of detritus in pools, causing 

a reduction in oxygen and an increase in leaf leachates that can hinder fungal development 

in these habitats (Schlief & Mutz, 2007; Medeiros et al., 2009; Canhoto et al., 2013). Similarly, 

our study pools exhibited high DOC concentrations, and the oxygen concentrations observed 

therein were lower than in running waters.  

Based on our results, bacterial biomass was similar in running water and isolated pool 

sites, which is in accordance with the results described by Baldy et al. (2002). Physicochemical 

conditions in pools were likely not so unfavourable to bacteria, as in the case of fungi. For example, 

Pascoal & Cassio (2004) reported an increase in bacterial production in polluted sites, and Eiler 

et al. (2003) found that bacterial metabolism was stimulated by large amounts of DOC in batch 

cultures. Along these lines, a high availability of DOC and other nutrients could drive the rapid 

bacterial development observed in pools after just 8 days of incubation. This development may 

also be enhanced by the large abundance of scrapers found in pools because scrapers are able 

to stimulate microbial growth and activity through their feeding practices (Suberkropp, 1992).
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Our results revealed a decrease in the C:N molar ratio in leaf litter during decomposition 

as a result of a gradual increase in N that occurred while C concentration remained practically 

constant. Other studies have found a similar pattern (e.g., Gulis & Suberkropp, 2003; Pascoal 

& Cássio, 2004; Menéndez et al., 2011) and have associated it with the accumulation of 

microbial biomass on leaves that uptake and immobilize N from the water column as C is 

mineralized (Melillo et al., 1984; Chauvet, 1987). The mineralized litter C is replaced by 

microbial cells, which explains the small changes observed in C concentration (Yoshimura et 

al., 2010). Along these lines, the mass loss during leaf decomposition was negatively related 

to the C:N molar ratio in aquatic habitats, suggesting that microbial decomposers played an 

active role in these habitats. However, a less pronounced decrease in the C:N molar ratio and 

a lower correlation with mass loss observed in isolated pools than in running waters may 

indicate that microbial development and activity was constrained in pools, a fact already 

apparent in the relatively low bacterial biomass observed at the end of the incubation period 

and in the low presence of fungi found in this habitat. This constraint also suggests that 

decomposition rates in isolated pools may have been lower than in running waters if a longer 

incubation time was allowed. 

Terrestrial habitats showed litter decomposition rates up to four times slower than in 

aquatic habitats, as well as a much lower macroinvertebrate and bacterial biomass presence. 

Similar decomposition rates were recorded in emerged streambed sediments, with slightly 

faster rates observed in the moist sediments. However, bacterial biomass differed between 

habitats and reached higher values in leaves exposed in moist than in dry sediments. These 

differences were larger after four days of incubation coinciding with the highest levels of soil 

water content registered in the moist sediment sites. Previous studies have reported a positive 

effect of sediment moisture on mass loss (Cortez, 1998; Lee et al., 2014), which has mainly 

been attributed to the more active role microbial decomposers play under wet conditions 

(Amalfitano et al., 2008; Manzoni et al., 2012). A decrease in moisture availability results 

in the physiological stress of microbial communities because it constrains their osmotic 

regulation and the diffusive transport of solutes in soil (Borken & Matzner, 2009). In contrast, 

we found similar fungal biomass on leaf litter in moist and dry sediments after 11 days of 

incubation with values in agreement with Langhans & Tockner (2006). These findings may 
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be related to the fact that fungi are generally more resistant to desiccation than bacteria, likely 

because their hyphal development facilitates the search for water and nutrients (Yuste et al., 

2011; Barnard et al., 2013). Nevertheless, and contrary to aquatic habitats, we did not find any 

relationship between the C:N molar ratio and mass loss in sediments, indicating the limited 

role microbial decomposers played in these habitats. 

Thus, based on our results, the initial phase of leaf litter decomposition in emerged 

streambed sediments was primarily driven by abiotic factors, whereas biotic factors were 

probably not important at the time scale of our study. Steward et al. (2012) reviewed the 

ecology of dry streambeds and described an increase in the relative importance of abiotic 

mineralization processes in these systems. Austin & Vivanco (2006) also suggested the limited 

influence of biotic activity in leaf litter decomposition under semi-arid conditions and noted 

the relevance of photo-degradation as an important driver of decomposition. Leaves on the 

sediment surface are exposed to high solar radiation that promotes direct photochemical 

mineralization and also facilities litter biodegradability (Gallo et al., 2006; Wang et al., 

2015; Almagro et al., 2015). Together with this process, the negligible mass loss observed in 

streambed sediments also could be attributed to the leaching of water-soluble compounds 

(Langhans et al., 2008). A high moisture level may have enhanced leaching in our study, 

causing the slightly higher mass loss observed in moist than in dry sediments. 

By the action of these biotic and abiotic factors involved in decomposition, a significant 

part of leaf mass is transformed and released as DOC (Baldy & Gessner, 1997). In our 

microcosms, DOC release rates obtained at each sampling time represent the integration of 

all the processes of DOC production and loss from leaves occurring inside each microcosm 

during the 48 h incubation period. Rates are the net balance between the DOC produced by 

leaching and microbial degradation of leaves, and the DOC lost via microbial assimilation 

and physical adsorption (Baldy et al., 2007; Yoshimura et al., 2010). The importance of each of 

these processes during incubation in each microcosm was influenced by leaf preconditioning 

within each habitat type; and indeed, we observed clear differences in the DOC release rates 

obtained from leaves previously incubated under aquatic or terrestrial conditions. Under 

aquatic conditions, leaching promotes a substantial release of DOC just after immersion 

that could account for an important decrease (10-30%) in initial mass within the first days 
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(Petersen & Cummins, 1974). As a result of this process, leaves exposed to running waters and 

isolated pools experienced an important reduction in their DOC release rate within a few days. 

Then, despite the fact that leaching presumably continued (Gessner et al., 1999), microbial 

processes likely mediated the DOC dynamics (Fischer et al., 2006) and the balance between 

DOC production and consumption in the microcosms maintained rates constant over time. 

By contrast, DOC release rates from leaves in emerged streambed sediments remained high 

during the first week, suggesting that a small amount of DOC had been previously released 

or assimilated from leaves in the field. Contrary to the aquatic habitats, leaching under 

terrestrial conditions in the field was minimal over our timescale (Treplin & Zimmer, 2012), 

as already shown with the irrelevant decrease in initial leaf mass within the first days. The 

small differences observed between these rates and the initial DOC release rate obtained 

from leaves not incubated in the field could be due to an additional DOC release caused by 

rinsing the leaves with distilled water to remove invertebrates and inorganic particles after 

sampling. At the last sampling date, however, we observed a decline in the DOC release rate, 

which coincided with an increase in mass loss occurring in streambed sediments after the 

precipitation event. This decrease was especially dramatic in dry sediments, in accordance 

with Dieter et al. (2011), who suggested that leaf desiccation promotes greater leaching losses 

at first water contact. 

Summarizing all these processes, we found a negative relationship between the proportion 

of leaf mass lost in the field and the DOC release rate obtained in the microcosms across all 

habitats and times. This relationship evidences a decrease in the capacity to release DOC as 

leaves decompose, suggesting differences in the potential of leaves as a DOC source during 

flow fragmentation and, presumably, when flow is re-established. Previous studies have 

described an increase in DOC concentrations during the rewetting phase (e.g., von Schiller et 

al., 2015; Vázquez et al., 2015) due to the amount of organic matter retained in the streambed 

during drought events. Along the same lines, we detected that the decomposition degree of 

this organic matter determines its remaining potential as a DOC source, which is higher for 

leaves exposed in dry streambed sediments. 
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concLuSionS

When leaf litter fall into a streambed during flow fragmentation, the heterogeneity of 

habitats governs the differences in factors affecting the decomposition of this litter. Under 

aquatic conditions, we found that initial phases of decomposition of Populus nigra leaves 

were marked by an intense leaching just after immersion and early microbial colonization, 

which swiftly began to mineralize the litter. By contrast, under terrestrial conditions leaves 

were mainly affected by abiotic processes that caused small mass losses. As a result, leaves 

in aquatic habitats yielded faster decomposition rates than those in emerged streambed 

sediments. Despite this overall decomposition rate, the environmental heterogeneity within 

each condition type (aquatic or terrestrial) also implied differences in the decomposition 

factors affecting leaf litter. These results underline that in temporary streams decomposition 

is a heterogeneous process both in space and time and is primarily determined by the 

aquatic or terrestrial conditions that are consequence of the varying duration and frequency 

of droughts in the basin. The reduced scale of our experiment restricts to generalize about 

the decomposition process in temporary streams. However, our results contribute with new 

empirical evidences to build new hypothesis about this process and clearly indicate that it is 

indispensable to deal with the environmental heterogeneity of temporary streams to better 

understand their functioning, especially when perennial streams are currently becoming 

temporary as a result of warming and water abstraction activities. 
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Photo: Riera de Castellar (Fluvià river network), by the author.
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Uptake and trophic transfer  
of nitrogen and carbon in a 
forested headwater stream  

during late autumn
Biotic assemblages developed on streambed substrata (benthic compartments) play a relevant 

role on nitrogen (N) and carbon (C) cycling in stream ecosystems. In forested headwater streams, 
riparian vegetation supplies large inputs of detrital particulate organic matter into streams. 

Microbial assemblages associated with this detritus could influence the uptake, retention and 
trophic transfer of dissolved N and organic C, especially in autumn when a large input of detritus 
occurs. The aim of this study was to examine the relative role of different benthic compartments 

on in-stream N and C uptake, storage and transfer to consumers in a forested headwater 
stream. To achieve this goal, we performed a simultaneous whole-reach tracer addition of 

15N-ammonium (NH4
+)  and 13C-acetate in a forested headwater stream during autumn. We found 

that both acetate and NH4
+ from the water column were highly immobilized along the study 

reach. Among the benthic compartments studied, the microbial assemblages associated to leaf 
litter had the highest contribution to whole-reach NH4

+ and acetate uptake. The C:N content of 
detrital substrata was related to the microbial demand of N and C from the water column, with 

lower C:N molar ratios coinciding with lower molar acetate to NH4
+ uptake ratios. Our results also 

evidenced the transfer of NH4
+ and acetate from benthic compartments to higher trophic levels. 

This transfer differed depending on the feeding strategy of each consumer, with similar transfer 
pathways between both elements. Overall, our study provides insights into the influence of 

autumnal organic matter inputs on the cycling of N and C in forested streams. 
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IntroductIon

Headwater streams are characterized by strong interactions with the surrounding terrestrial 

ecosystem, from which they receive large inputs of organic carbon (C) and nutrients such 

as nitrogen (N). These inputs are effectively processed in streams by the activity of aquatic 

communities, which can be enhanced by the high hydrologic interaction between the water 

column and the stream surface (Peterson et al., 2001; Lowe & Likens, 2005; Battin et al., 2008). 

This bioreactive capacity of headwater streams determines the quantity and quality of the 

nutrients and C exported to downstream reaches (Alexander et al., 2007; Wipfli et al., 2007). 

Biotic assemblages developed on streambed substrata (hereafter referred to as benthic 

compartments) play a relevant role on in-stream nutrient and C cycling because they use 

these resources to meet their energy and elemental demand (Peterson et al., 2001; Bernhardt 

& McDowell, 2008). These assemblages include primary producers, such as bryophytes, 

macrophytes or algae, which mostly obtain dissolved inorganic nutrients from stream water 

(Peipoch et al., 2014). Benthic compartments also include heterotrophic organisms, mainly 

bacteria and fungi associated with detrital particulate organic matter (detrital compartments), 

which can take up N and organic C from the water column but also from the substrate where 

they develop via the decomposition process (Gessner, 1999; Cheever et al., 2013; Pastor et 

al., 2014). These benthic compartments are also important food resources for higher trophic 

levels, providing a direct pathway for the transfer of dissolved N and C into food webs (Hall 

& Meyer, 1998; Dodds et al., 2000), which may delay the export of N and C to downstream 

reaches. 

In forested headwater streams, the surrounding riparian vegetation hinders the 

development of primary producers by reducing light availability in the stream channel. By 

contrast, riparian vegetation supplies large inputs of detrital particulate organic matter (e.g., 

leaf litter, wood and fine organic particles) into the streams, which promote the development 

of heterotrophic organisms and influence overall stream metabolism (Vannote et al., 1980; 

Wallace et al., 1997). Thus, detrital benthic compartments could play a relevant role on the 

uptake, retention and trophic transfer of dissolved N and organic C in headwater streams, 
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especially in autumn when a large input of detritus occurs. In fact, some studies have indicated 

that forested streams show higher rates of nutrient uptake during autumn, coinciding with 

the peak of heterotrophic activity (Mulholland et al., 1985; Mulholland, 2004; Goodale et 

al., 2009). In addition, Tank et al. (2000) reported a high demand of NH4
+ by the microbial 

assemblages colonizing leaf litter during autumn, showing the relevance of this compartment 

for N cycling. Although the microbial decomposers that colonize detritus accumulated on 

the streambed can obtain nutrients and C directly from these substrata (Webster et al., 2009), 

these assemblages generally have lower C to N ratios than detritus, and they compensate this 

elemental imbalance by relying on N from the water column (Sanzone et al., 2001; Stelzer 

et al., 2003; Cheever et al., 2013; Pastor et al., 2014). Therefore, the C:N ratio of detrital 

substrata can influence the extent to which microbial decomposers take up N from the water 

column (Dodds et al., 2004; Gibson & O’Reilly, 2012). In contrast to expectations for N 

uptake, detrital particulate organic matter can be a key source of organic C for heterotrophs. 

Therefore, despite bacteria are considered the main driver of biological dissolved organic 

C (DOC) removal in streams (Bott et al., 1984), the large abundance of detritus in forested 

streams during autumn can reduce the demand by bacteria of DOC from the water column 

(Hall & Meyer, 1998). Nevertheless, some studies have indicated that microbial assemblages 

on leaf litter can rely on stream water DOC (Baldy et al., 2007; Pastor et al., 2014); yet, the 

relative contribution of these assemblages to whole-reach DOC uptake is still unexplored. 

Experimental tracer additions of isotopically labelled compounds are powerful tools for 

tracking N and C from the water column into benthic compartments and higher trophic levels 

without altering the ambient nutrient and C concentration in the stream water (Newbold et 

al., 1983; Mulholland et al., 2000b). In the case of N, additions have generally used dissolved 

inorganic N (DIN) compounds, such as nitrate (NO3
-) and ammonium (NH4

+), enriched 

with the 15N stable isotope as tracer. Water column NH4
+ is the preferred form of DIN for 

assimilatory uptake by autotrophic and heterotrophic microbial assemblages (Hall & Tank, 

2003; Ribot et al. 2017), and it can also be transformed into NO3
- by nitrifying bacteria 

(Peterson et al., 2001). In forested headwater streams, the results from whole-reach 15N-NH4
+ 

tracer additions show a high biological demand for NH4
+ (Hall et al., 1998; Mulholland et al., 

2000b; Tank et al., 2000; Ashkenas et al., 2004). Unlike pathways of in-stream DIN uptake, 
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particular pathways of DOC uptake in forested headwater streams have been examined to 

a lesser extent. There have been few tracer additions with 13C-labelled organic compounds, 

used as proxies for DOC, to follow the heterotrophic pathway of DOC in streams. Some of 

these studies have used acetate (Hall, 1995; Hall et al., 1998; Simon et al., 2003), a monomeric 

organic molecule representative of the labile fraction of stream DOC, and DOC from tree 

tissue leachates (Wilcox et al., 2005; Kaplan et al., 2008; Wiegner et al., 2015). These studies 

focused mainly on the DOC uptake by heterotrophic bacteria and its transfer to higher trophic 

levels, and showed a strong link among stream water DOC, bacteria and macroinvertebrates 

in headwater streams (Meyer, 1994; Hall, 1995). Surprisingly, to the best of our knowledge, 

only one study (Collins et al., 2016) until now has simultaneously examined the coupling 

between stream water DIN and DOC uptake using stable isotope tracer additions. Collins et 

al. (2016) focused on the trophic link between bacteria and consumers and the influence of 

light availability on this link; however, their study did not examine and compare the relative 

contribution of different stream benthic compartments to the uptake of DIN and DOC at the 

whole-reach scale. Nevertheless, due to the strong linkage between mechanisms involved in 

DIN and DOC cycling in streams (Bernhardt & Likens, 2002; Trimmer et al., 2012; Ghosh & 

Leff, 2013) and the observed influence of the C:N ratio on N uptake, important insights can 

arise from the evaluation of benthic compartments to simultaneous contribution to DIN and 

DOC dynamics in streams. 

The aim of this study was to examine the relative role of different benthic compartments 

on in-stream DIN and DOC uptake, storage and transfer to consumers. To achieve this goal, 

we performed a simultaneous whole-reach tracer addition of 15N-NH4
+ and 13C-acetate in 

a forested headwater stream. The study was conducted during late autumn, when organic 

matter inputs from riparian vegetation was largest; and thus, differences in uptake pathways 

between DIN and DOC could be more relevant. We predicted that the large abundance of 

detrital organic matter in the stream channel would stimulate DIN uptake from water column 

to satisfy the N requirements of the microbial decomposers developed on these substrata. 

However, high demand for DIN would not be accompanied by high demand of DOC because 

detrital organic matter would supply C requirements of microbial decomposers. We also 

expected that microbial decomposers would play a major role on DIN and DOC uptake 
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at whole-reach scale and that the relative contribution of different benthic compartments 

to DIN and DOC in-stream uptake would be correlated to their C:N content. Finally, we 

expected a transfer of DIN and DOC from benthic compartments to higher trophic levels 

that would depend on the feeding strategy of each consumer. 

MaterIals and Methods 

Study Site

The Riera de Castellar is a calcareous second-order stream within the Fluvià River watershed 

(NE Iberian Peninsula). The climate in this area is Mediterranean, characterized by scarce 

precipitation that occurs mainly in the spring and autumn and dry and warm summers. In 

this stream, we selected a 77 m reach (42°14’57.043”N and 2°29’21.738”E) located at 415 

m above sea level and without observed lateral outflows and inflows. Land cover in the 

watershed upstream of the selected reach (155 ha) consists primarily of forest (96%), with 

few agricultural (3%) and urban (0.1%) areas (Land Cover Map of Catalonia 2009, CREAF). 

The selected reach was characterized by alternating riffles and pools (73% and 27% of the 

total reach length, respectively). Streambed substrata comprised a mixture of sand (28%), 

gravel (28%), cobbles (21%) and bedrock (23%). The reach was flanked by a riparian forest 

dominated by Quercus ilex, Corylus avellana, Salix spp. and Populus nigra. 

Addition of 15n And 13C trACerS

One week prior to the whole-reach tracer addition, a short-term constant rate addition of 

NH4
+ (as NH4Cl) in conjunction with chloride (Cl-, as NaCl), used as a conservative tracer, was 

conducted on the selected reach to estimate the appropriate reach length, establish sampling 

stations, determine stream discharge and detect possible groundwater and lateral inflows 

and outflows (Munn & Meyer, 1990). The selected site for the tracer addition was located 

in a turbulent zone to allow a fast mixing of the added solution and the stream water, and 

the first sampling station was established where this mixing was complete, based on cross-

section measurements of stream conductivity. We established six sampling stations, which 
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were situated at 17, 27, 37, 47, 57 and 77 m (1st to 6th station) downstream of the addition site. 

An additional sampling station was established 10 m upstream from the addition site (Up 

station) as a reference site of ambient stable isotope conditions.

The whole-reach 15N-NH4
+ and 13C-acetate addition was conducted from 9 to 16 December 

2013, just after the autumn rainfalls and the leaf peak fall, to ensure stable hydrological 

conditions and a well-developed heterotrophic community in the stream. The tracer addition 

was performed following procedures adapted from Hall & Meyer (1998), Mulholland et 

al. (2000b) and Tank et al. (2000). At the addition site, we simultaneously added 267 mg 

of 15N-NH4Cl (15N-NH4
+; 72.7 mg 15N; 99% enriched) and 16.5 g of 13C-1-sodium acetate 

(13C-acetate; 4.8 g 13C; 99% enriched) to the stream water over 7 days. The solute addition, 

containing filtered stream water (300 µm mesh-size sieve) and the stable isotope tracers, was 

released from a 110 L carboy to the stream at a constant rate (10 ml min-1) with a battery-

powered peristaltic pump. The solute injection rate and battery status were checked daily 

during the addition period. 

We collected water samples for nutrient chemistry and isotopic 15N and 13C signals at 

each sampling station just before the tracer addition (i.e., background sampling); after ~24 

hours and 7 days from the beginning of the tracer addition (i.e., plateau 24 h and plateau 

7 d, respectively); and after ~24 hours and 7 days from the end of the addition (i.e., post 

24 h and post 7 d, respectively). All water samples were immediately filtered through pre-

ashed glass fiber filters (Whatman GF/F, Whatman International, Maidstone, UK). Filtered 

samples for the determination of the nutrient chemistry (15 ml, two replicates per station) 

and 15N-NO3 (1 L, one replicate per station) were stored on ice in the field and then at -20 

°C in the laboratory until analysis. Samples for DOC concentration (30 ml, one replicate per 

station) and 13C-DOC (30 ml, one replicate per station) were acidified with 6 drops of 10% 

HCl and stored at 4 °C until analysis. Samples for 15N-NH4 (3 L, one replicate per station) 

were immediately processed as described in the laboratory methods section. 

During the addition, the stream water level was monitored every 10 min at the 6th station 

using a pressure transducer (Solinst Levelogger Junior Model 3001 and Solinst Barologger 

Gold Model 3001, Solinst Ltd, Georgetown, Canada). Short-term constant rate additions of 

Cl- (as NaCl) were also conducted each time water samples were collected to determine the 
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stream discharge and to estimate the tracer dilution at each station (Gordon et al. 1992). With 

these data, we developed an empirical relationship between stream water level and discharge 

that was used to infer continuous values of stream discharge over the course of the addition. 

Water temperature, conductivity, dissolved oxygen concentration (DO) and saturation were 

recorded every 10 min during the experiment at the Up station and the 6th station with optical 

oxygen probes (YSI 6150 connected to YSI 600 OMS; YSI Corporation, Yellow Springs, OH, 

USA). 

ChArACterizAtion of benthiC CompArtmentS 

And mACroinvertebrAte ConSumerS At the 

whole-reACh SCAle

One day after the end of the addition, we determined the wetted width, channel depth, 

percent coverage of the different substrate types (bedrocks, gravels, sand and cobbles), 

and the coverage of benthic compartments and stream habitats (riffle or pool) using cross-

sectional point transects located every 5 m along the selected reach. Sampled benthic 

compartments consisted of epilithic biofilm (hereafter ‘epilithon’), submerged bryophytes, 

fine benthic organic matter (FBOM, < 1 mm) and coarse benthic organic matter (CBOM, > 

1 mm) classified into leaf litter and small wood. Reach-weighted standing stocks of ash free 

dry mass (g AFDM m-2 reach) and N and C (g N m-2 reach and g C m-2 reach, respectively) 

for each benthic compartment were estimated using the percent reach coverage and the 

average patch-specific estimates of AFDM and N and C content (as % dry mass) along the 

reach. The patch-specific biomass for epilithon was obtained by scraping the surface of three 

randomly collected cobbles at each station and filtering the slurries onto pre-ashed glass fiber 

filters. The cobble surface was estimated by covering it with aluminium foil and applying a 

weight to area relation. Samples for CBOM were collected from three corers (400 cm2) placed 

into the sediment at each station. CBOM samples were sorted into small wood and leaves. 

Bryophytes, when present at the sampling stations, were sampled by scraping the material 

found within a 225 cm2 corer. Samples for FBOM were collected using an open-ended cylinder 

(21 cm Ø) placed over the sediment surface at each sampling station. The water depth in the 
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cylinder was measured, and after sediments were vigorously agitated, aliquots (~40 ml) of 

the total volume were filtered onto pre-ashed glass fiber filters. Additionally, concentration 

of suspended particulate organic matter (SPOM) in stream water was determined by filtering 

a known volume of water from each station onto pre-ashed glass fiber filters. Additional 

composite samples (n = 3 - 5) of each benthic compartment and SPOM were collected at 

each sampling station for the analysis of the 15N and 13C isotopic signal. These samples were 

collected at plateau 7 d, post 24 h, post 7 d and after 14 days of the end of the addition (post 

14 d) following the same methods as with the standing-stock sampling. Samples from the Up 

station were used as the ambient values for 15N and 13C isotopic signal for each compartment 

at each sampling date. All samples were dried at 60 °C until reaching a constant weight and 

further processed as described in the laboratory methods section. 

Macroinvertebrates consumers were collected only at plateau 7 d. For biomass estimations, 

organisms were sampled only in riffles from three replicated Surber nets (0.06 m2, 250 µm 

mesh) at each sampling station. Samples were preserved with a 70% alcohol solution, and 

all individuals were sorted from the debris upon arrival to the laboratory. All taxa were 

identified and counted. The invertebrate biomass was estimated by a length/dry mass 

conversion, based on the application of a regression function according with each specific 

taxon (Meyer, 1989; Burgherr & Meyer, 1997). Abundances and biomass were referred to 

units of streambed surface (m2) based on the percentage of riffle habitat in the reach. The 

most abundant macroinvertebrate species that were present at all stations, including the Up 

station, were selected for 15N and 13C analyses. The invertebrates used in the isotopic analyses 

and elemental content were hand-picked directly in the field at the sampling stations and 

stored in plastic vials with a small amount of stream water, where they were kept for 24 h to 

allow them to clear their gut contents. After this period, we removed the snails from their 

shells, and all individuals were dried at 60 °C until constant weight and stored in a desiccator 

until further processing. Organisms from shredders and collector-filterer feeding groups 

could not be used for biomass estimations and isotopic analyses because in the former, size 

was too small for reliable isotopic analyses, and in the latter, the absence of organisms in the 

Up station hindered their isotopic enrichment evaluation. 
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lAborAtory methodS

Water samples were analysed for ammonium (N-NH4
+), nitrate (N-NO3

-), and soluble 

reactive phosphorus (SRP) following standard colorimetric methods (APHA, 2005) on an 

Automatic Continuous Flow Futura–Alliance Analyser (Alliance Instruments, France). The 

concentration of acetate was analysed by ion exclusion chromatography with an HPX-87H 

organic acid column (300 × 7.8 mm; Aminex, Bio-Rad, UK) and a mobile phase of 0.01 M 

H2SO4 at a flow rate of 0.8 ml min-1 at 65 °C. The isotopic signals of 15N-NH4
+ and 15N-NO3

- 

were determined following the ammonia-diffusing technique adapted from Holmes et al. 

(1998) and Sigman et al. (1997), respectively. For the 15N-NO3
- analyses, we amended each 

water sample with 3 g of MgO and 5 g of NaCl, and then, we boiled it to concentrate the 

water volume and remove the dissolved NH4
+. Water samples were then amended with 0.5 mg 

MgO and 0.5 mg Devarda’s alloy (to reduce NO3
- to NH4

+) and then processed as described 

for 15N-NH4
+

 estimates. The 15N-NH4
+

 samples were amended with 3 g L-1 of MgO, 50 g L-1 of 

NaCl and a Teflon filter packet containing a pre-ashed Whatman GF/D glass fiber filter (1 cm 

Ø) acidified with 25 ml of 2.5 M KHSO4 and incubated on a shaker at 40°C for 4 weeks. Due 

to the low NH4
+ concentration in the stream water, the 15N-NH4

+
 samples were spiked with 

20 µg of unlabelled NH4
+ to reach the detection limit needed for the N mass spectrometer 

analyses. To determine the influence of the NH4
+ spike on the 15N signal, we added 20 µg of 

unlabelled NH4
+ to 3 L deionized water and processed these samples identically to the 15N-

NH4
+

 water samples. At the end of the incubation, we removed the filter packets, dried them 

in desiccators for 4 days, and encapsulated the filters in tins and stored them until the 15N 

analysis (see below). The DOC concentration was determined on a Shimadzu TOC-V CSH 

analyser (Shimadzu Corporation, Kyoto, Japan). Water samples of the 13C-DOC were bubbled 

for 6 minutes with compressed nitrogen gas (N2) prior to the isotopic analyses to remove 

gaseous inorganic C retained after acidification. After that, the samples were analysed by FIA-

IRMS (Flow Injection Analysis–Isotope Ratio Mass Spectrometry) using a system composed 

of an LC unit (Surveyor MS-pump with autosampler) coupled to a DeltaV-Advantage IRMS 

via an LC-IsoLink interface (Thermo Fisher Scientific, Germany) to determine their 13C:12C 

ratio.
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Samples from all benthic compartments were dried at 60 °C for several days and weighed 

to the nearest 0.1 mg to determine the dry mass. A subsample of the dried material was 

combusted at 500 °C for 4 h to calculate the ash-free dry mass (AFDM) for standing-stock 

estimations. For the elemental and isotopic analyses of N and C, another subsample of the 

dried material of bryophytes, leaf litter and small wood was ground to a fine powder, weighed 

to the nearest 0.001 mg, encapsulated in tins and stored until analyses. For the epilithon, 

FBOM and SPOM samples, discs of a known surface area were cut out from the previously 

oven-dried filters, weighed to the nearest 0.001 mg, encapsulated in tins and processed as the 

rest of samples. For consumers, the dried organisms were ground, weighed to the nearest 0.001 

mg, encapsulated in tins and stored until analysis. While largest macroinvertebrates were 

analysed individually, for smaller taxa we performed a composite sample of 2-5 individuals 

for each station. Whole-body samples were analysed except for odonates, from which we 

used only muscle tissue. 

Encapsulated samples of 15N-NO3
-, 15N-NH4

+, SPOM, benthic compartments and 

consumers were analysed for N and C content (as a percentage of the total dry mass), and the 
15N and 13C isotope signal, by EA-IRMS technique (Elemental Analysis - Isotope Ratio Mass 

Spectrometry) using a Carlo-Erba Flash 1112 series elemental analyser (Carlo-Erba, Italy) 

interfaced with a Finnigan Delta C isotope ratio mass spectrometer (IRMS) via a Finnigan 

Conflo III interface (Thermo Fisher Scientific, Germany). 

pArAmeter CAlCulAtion 

All isotope ratios were expressed as δ13C and δ15N in ‰ units according with the equation: 

δ (15N or 13C) = [(R sample/R standard) - 1] × 1000,                         (1)

where the R sample is the 15N:14N or 13C:12C ratio in the sample, and the R standard is the 13C:12C 

ratio in the Vienna Pee Dee Belemnite for δ13C (VPDB; R VPDB = 0.011237) and the 15N:14N 

ratio in the air for δ 15N (Rair = 0.003663). The δ13C and δ15N values for the samples obtained 

from the isotope tracer addition were corrected for ambient isotope values measured at the 

Up station to estimate the isotopic enrichment during the addition.

We estimated the uptake length (Sw, m; i.e., the average distance travelled by a molecule 

before being removed from the water column) and the uptake velocity (Vf, mm min-1; i.e., 
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the velocity at which a nutrient molecule is removed from the water column) for NH4
+ 

and acetate at plateau 24 h and plateau 7 d based on Mulholland et al. (2000b). The Sw was 

calculated as the inverse of the slope of the linear regression between the natural logarithm 

of the tracer 15N-NH4
+ or 13C-DOC flux in the water column at each sampling station and the 

distance downstream. The Vf was calculated dividing the specific discharge (i.e., the average 

discharge/wetted width) by the Sw of 15N-NH4
+ and 13C-acetate. The tracer 15N-NH4

+ and 
13C-DOC fluxes (µg 15N s-1; mg 13C s-1) were estimated using the ambient-corrected δ15N-NH4

+ 

or δ13C-DOC, the NH4
+ or DOC concentrations, and the dilution-corrected values of the 

stream discharge at each sampling station. We estimated whole-reach 15N-NH4
+ areal uptake 

rates from the water column (UNH4water; mg N m−2 d−1) by dividing the average reach NH4
+ 

flux (i.e., the discharge × average NH4
+ concentration) by the product of the NH4

+ Sw with 

the average wetted width. We calculated the whole-reach areal nitrification rates (UNIT; mg N 

m−2 d−1) using the background-corrected δ15N-NO3
- at plateau 24 h following procedures by 

Mulholland et al. (2000b) and Hamilton et al. (2001). Despite the fact that we used 13C-acetate 

as a tracer, we estimated δ13C-DOC in water because the acetate concentration was below the 

detection limit (0.5 mg L-1). We estimated Sw and Vf for acetate from longitudinal changes in 

δ13C-DOC; however, we were not able to calculate the DOC areal uptake rate at whole-reach 

because we would need to assume that all stream water DOC was acting as a labile fraction of 

C (i.e., acetate); and thus, this would probably overestimate areal uptake rates of DOC. 

The reach-weighted masses of isotopic enrichment (in mg 15N m-2 reach and mg 13C m-2 

reach) measured in each benthic compartment and consumer along the reach were calculated 

from the product between the fraction of 15N or 13C, obtained using the ambient-corrected 

δ15N and δ13C and the estimated standing stock of N and C at the reach scale (mg N m-2 reach; 

mg C m-2 reach). Using samples from plateau 7 d, the compartment-specific areal uptake rates 

for NH4
+ (UNH4) and acetate (Uacetate) were calculated as the reach-weighted mass of tracer 15N 

or 13C in the compartment divided by the time of addition (7 days) and the fraction of 15N or 
13C present in the NH4

+ or DOC flux in the water column at the same station and sampling 

time (Hamilton et al., 2001). These calculations were performed only with samples from 

the upper three stations (1st to 3rd station) since they were the least affected by the isotopic 

signal from N and C regeneration. Average values for these three stations were used as the 
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compartment-specific areal uptake rates of 15N-NH4
+ and 13C-acetate at the reach scale. The 

turnover rates of the N and C (d-1) for each benthic compartment were estimated from the 

decay in the 15N and 13C signal at the 1st station over the first 14 days after the end of the 

addition (Mulholland et al., 2000b; Tank et al., 2000). Turnover rates were reported only 

when a significant decline over time occurred. 

The amount of 15N and 13C tracer stored at the end of the addition was estimated for each 

benthic compartment and selected consumer taxa. We used the integration of the exponential 

downstream decline in their tracer 15N or 13C mass, assuming a distance of five times the 

obtained uptake length for each tracer and the average wetted width of the reach. In case 

for a given benthic compartment or consumer the slope of the linear regression between the 

natural logarithm of the tracer 15N or 13C mass and the distance was not significant (p > 0.05), 

we used the mean tracer 15N or 13C mass to integrate total 15N and 13C mass storage in the 

selected reach (Hamilton et al., 2001; Ashkenas et al., 2004). The total mass export of 15N (mg 
15N) and 13C (mg 13C) tracers from the study reach as NH4

+, NO3
−, DOC and SPOM during 

the tracer addition was calculated from the product between the fluxes of tracer 15N (mg 15N 

s-1) or 13C (mg 13C s-1) at the 6th station at plateau 7 d for each form, the discharge, and the total 

addition time. However, in the case of NO3
-, we used data from plateau 24 h instead of plateau 

7 d, and assumed that its concentration and tracer mass were constant during the addition. 

dAtA AnAlySiS

The trends of 15N-NH4
+ and 13C-DOC fluxes along the reach were compared between 

tracers and sampling dates (plateau 24 h and plateau 7 d) by one-way analyses of covariance 

(ANCOVA) using distance as a co-variable for all tests. 

To evaluate the feeding relation between consumers and benthic compartments as potential 

food resources, we calculated the ratio of δ15N or δ13C signals in consumers to isotopic signals 

in their potential food resources (Mulholland et al., 2000a; Simon et al., 2003). To determine 

these pairs, we used the most common food resources and feeding strategies described in the 

species traits list of Tachet et al. (2002). We used tracer ambient-corrected δ15N or δ13C to 

remove the effect of trophic fractionation. Ratios were calculated for each sampling station 

only when both the consumer and the food resource were labelled. Ratios for each station 
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were averaged to obtain a representative consumer-food resource ratio at the reach scale. We 

also performed simple linear regressions between each consumer-food pair to illustrate these 

relations. 

Statistical analyses were conducted using the R statistical software (R Core Team 2015), 

with a significance level set at a p < 0.05.

results

ChArACterizAtion of the reACh during the 

whole-reACh trACer Addition

Reach conditions remained relatively constant over the course of the 7-day tracer addition. 

Stream discharge was low and ranged between 3.0 and 3.8 L s-1 (mean ± SE = 3.33 ± 0.01 L 

s−1). The stream was shallow (mean depth ± SE = 6 ± 1 cm) and relatively narrow (mean width 

± SE = 1.9 ± 0.2 m, range = 0.9 - 2.9 m). The water temperature was very low, ranging from 

2.3 °C to 4.4 °C (mean ± SE = 3.3 ± 0.01 °C). The stream water was highly oxygenated (mean 

± SE = 13.0 ± 0.01 mg O2 L
−1, range = 13.5 - 12.6 mg O2 L

−1), and saturation approached 

100% (mean ± SE = 97.6 ± 0.03%, range = 95.7 - 100.0%). Conductivity was relatively high 

(mean ± SE = 513 ± 0.1 µS cm−1, range = 518 - 508 µS cm−1), which is common in calcareous 

streams. In general, the concentrations of dissolved inorganic nutrients were low, especially 

in the case of SRP (mean ± SE = 5 ± 0.2 µg P L−1) and NH4
+ (mean ± SE = 1 ± 0.1 µg N L−1). 

The concentration of NO3
- averaged 102 ± 4 µg N L−1. The concentration of DOC was also 

low, averaging 1.30 ± 0.03 mg C L−1, and the concentration of acetate was below the analytical 

detection limit of 0.5 mg L-1. The tracer addition resulted in an increase of 5% and 0.2% of the 

ambient NH4
+ and DOC stream concentrations, respectively. 

whole-reACh 15n-nh
4

+ And 13C-ACetAte uptAke 

Fluxes of tracer 15N-NH4
+ and 13C-DOC at plateau decreased along the reach, and the decrease 

was similar among samplings done at plateau 24 h and at plateau 7 d (ANCOVA: sampling 

date × distance, F = 1.2, p = 0.3 for 15N-NH4
+, and ANCOVA: sampling date × distance, F 
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= 1.8, p = 0.20 for 13C-DOC). In addition, the fluxes of the two tracers showed a similar 

decrease along the reach (ANCOVA: tracer type × distance, F = 0.5, p = 0.50; Figure 4.1). The 

Sw was 35 m for 15N-NH4
+ and 44 m for 13C-DOC, and the Vf was 3.0 mm min-1 for 15N-NH4

+ 

and 2.4 mm min-1 for 13C-DOC. The total UNH4water was 4.2 mg N m-2 d-1, and nitrification 

only accounted for 9% of this uptake. At post 24 h and post 7 d samplings, the δ15N-NH4
+ and 

δ13C-DOC returned to background levels, and tracer fluxes of 15N-NH4
+ and 13C-DOC were 

practically undetectable. 

Contribution of benthiC CompArtmentS to 

whole-reACh 15n-nh
4

+ And 13C-ACetAte uptAke

The total standing stocks of the main benthic compartments in the study reach was 125.1 g 

AFDM m-2. Detrital compartments (FBOM, leaf litter and small wood) accounted for 96% of 

Figure 4.1 Linear regressions for the natural logarithm of tracer 15N-NH4
+ flux (continuous line) and tracer 13C-DOC 

flux (dashed line) in the water column over distance at Plateau 7 d. The inverse of each regression slope is the uptake 

length (Sw) of each tracer. The result from a one-way ANCOVA with tracer type (15N-NH4
+ or 13C-DOC) as factor and 

distance as a co-variable is also shown. 
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this stock, with leaf litter (49%) being the dominant compartment in the reach. Epilithon and 

bryophytes only accounted for 4% of the total standing stock. The N and C standing stocks in 

the reach were 1.62 g N m-2 and 74.8 g C m-2, respectively (Table 4.1). Detrital compartments 

accounted for 93% and 95% of the total standing stocks of N and C, respectively, with leaf 

litter being the dominant compartment (55% for N; 46% for C). Epilithon (6% for N; 4% for 

C) and bryophytes (1% for N; 1% for C) only accounted for a small proportion of the total 

standing stocks of N and C. The C:N molar ratio varied among the compartments, ranging 

from 33.2 in epilithon to 83.4 in small wood (Table 4.1). 

The total assimilatory uptake determined from the sum of all compartment-specific 

uptakes was 1.35 mg N m-2 day-1 for NH4
+ and 616.0 mg C m-2 day-1 for acetate (Table 4.1). 

Leaf litter accounted for the largest proportion of this assimilatory uptake for the two tracers 

(53% for N and 42% for C), followed by epilithon for N uptake (22%) and FBOM for C 

uptake (24%). Small wood (3%) and bryophytes (1%) accounted for the lowest proportion of 

total assimilatory N and C uptake, respectively. The molar ratios between the compartment-

specific Uacetate and UNH4 were >1, indicating a higher demand for DOC than for DIN from 

the water column for all compartments (Table 4.1). However, this ratio differed widely across 

benthic compartments, ranging from 71.9 in bryophytes to 2503.6 in small wood (Table 4.1). 

Compartment

C stock N stock C:N Uacetate UNH4 Uacetate:UNH4

g C m-2 g N m-2 molar ratio mg C m-2 d-1 mg N m-1 d-1 molar ratio

Epilithon 2.9 0.10 33.2 107.4 0.30 411.6

Bryophytes 0.7 0.02 40.5 6.7 0.11 71.9

FBOM 10.3 0.24 50.7 152.6 0.18 1000.3

Leaf litter 34.4 0.89 45.0 255.7 0.72 417.3

Small wood 26.5 0.37 83.4 93.6 0.04 2503.6

Reach total 74.8 1.62   616.0 1.35  

Table 4.1 Standing stocks of C (g C m-2 reach) and N (g N m-2 reach), C to N ratio (molar ratio), areal uptake rates of 

acetate (Uacetate, mg C m-2 d-1) and NH4
+ (UNH4, mg N m-2 d-1), and the molar ratio of these uptakes (Uacetate: UNH4) for each 

compartment and for the entire reach based on data from plateau 7 d. 
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Considering all compartments together, we found a positive relation between the C:N molar 

ratio of benthic compartments and their Uacetate:UNH4 molar ratio (Figure 4.2). 

Over the first 14 days after the addition, leaf litter showed a significant decline in the δ15N 

and δ13C values. Based on this decline, the turnover rates of N and C for leaf litter were 0.088 

d-1 (i.e., a turnover time of 11.4 d) and 0.047 d-1 (i.e., a turnover time of 21.3 d), respectively. 

Small wood also showed a significant decline in the δ
13

C over time, with a turnover rate 

of 0.036 d-1 (i.e., a turnover time of 27.8 d). For the remaining benthic compartments, the 

declines in the δ15N and δ13C values were not significant. 

At the end of the 7-day tracer addition, we accounted for 76% and 14% of the total 15N and 
13C added, respectively (Table 4.2), with benthic compartments contributing to the retention 

of 65% and 7% of the total 15N and 13C added, respectively (Table 4.2). Leaf litter contributed 

to the largest fraction of this retention (39.7% 15N added; 2.9% 13C added) and epilithon also 

contributed to a relevant fraction of it (14.7% 15N added; 2.3% 13C added). 

Figure 4.2 Relationship between the acetate to NH4
+ molar uptake ratio (Uacetate:UNH4) and the molar ratio between 

the C and N content (C:N) considering values for the different benthic compartments.



CHAPTER 4

120

trAnSfer of 15n And 13C trACerS to 

mACroinvertebrAte ConSumerS 

The biomass of the most abundant taxa of consumers (81% of total abundance found in the reach) 

was 0.2 g DM m-2. The biomass of the consumers was dominated by grazers (39%; primarily 

Habroleptoides sp.) and predators (34%; primarily Boyeria irene), followed by collector-filterers 

(15%; primarily Hydropsyche sp.), collector-gatherers (11%; primarily Radix sp.) and a negligible 

presence of shredders (1%; primarily Nemoura sp.). Consumers considered in parameter 

calculations (grazers, collector-gatherers and predators) accounted for 84% of the total biomass of 

consumers. The total N and C standing stocks associated with the selected consumers were 16.2 

mg N m-2 and 69.9 mg C m-2 (Table 4.3), which represented 1% of the total N (1.64 g N m-2) and 

0.1% of the total C (74.9 g C m-2) measured at 

the reach scale. The N and C standing stocks of 

the consumers were dominated by the biomass 

from Habroleptoides (37% of N standing stock; 

41% of C standing stock) and Boyeria irene 

(49% of N standing stock; 44% of C standing 

stock). C:N molar ratios were similar among 

consumers, with values close to 5 for all of them 

(Table 4.3).

 
Tracer

13C added
Tracer

15N added

  % %

Stored    
Epilithon 2.3 14.7

Bryophytes 0.2 1.9
FBOM 1.0 6.3

Leaf litter 2.9 39.7
Small wood 0.5 1.4

     
Habroleptoides sp. 0.113 0.56

Oulimnius sp. 0.001 0.01
Radix sp. 0.105 0.04

Boyeria irene 0.003 0.03
Total stored 7.2 64.8

     
Exported    

SPOM 0.04 0.2
NH4

+ - 8.6
NO3

- - 2.5
DOC 6.8 -

Total exported 6.8 11.2
     
Reach total 14.0 76.0

Table 4.2 Percentage of the total 15N and 13C tracer stored 

in benthic compartments and consumers or exported at 

the end of the addition. The total masses of 15N and 13C 

added to the stream reach over the 7-day tracer addition 

were 72.7 mg 15N and 4.8 g 13C, respectively.

Consumer
C stock N stock C:N

mg C m-2 mg N m-2 molar ratio
Grazer -  

Habroleptoides sp. 28.3 6.0 5.4
Grazer -  

Oulimnius sp. 2.5 0.5 5.5
Collector gatherer -  

Radix sp. 8.2 1.8 5.3
Predator -  

Boyeria irene 30.9 7.9 4.6

Total 69.9 16.2  

Table 4.3 Standing stocks of C (mg C m-2) and N (mg 

N m-2) and molar C to N ratio (C:N) for each sampled 

consumer across the study reach.
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All sampled consumers were labelled with the added 15N and 13C by the end of the 7-day 

tracer addition. Habroleptoides showed the highest isotopic tracer labelling, with δ15N and 

δ13C tracer values following those of epilithon, its potential food source, along the reach. In 

fact, the ratio between the δ15N in Habroleptoides and the δ15N in epilithon averaged 1.1 ± 

0.2 (mean ± SE; Figure 4.3, A1). In contrast, the ratio between the δ13C in Habroleptoides and 

Figure 4.3 Relationship between the isotopic signal of each consumer (A, B and C) and that of its potential food 

resource for the 15N tracer (1) and the 13C tracer (2). Values are from samples collected at plateau 7 d. The 1:1 relation 

is indicated on each panel with a dashed line. 
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the δ13C in epilithon averaged 17.0 ± 8.0 (mean ± SE; Figure 4.3, A2). Oulimnius, another 

grazer that presumably feeds on epilithon, became less enriched than epilithon and showed 

a relatively constant isotopic signature along the reach for the two tracers (Figure 4.3, B1 

and B2). In relation to the collector-gatherer Radix, the δ15N values closely followed those 

of the δ15N in FBOM along the reach, and the isotopic ratio between them was 1.1 ± 0.2 

(mean ± SE; Figure 4.3, C1). In contrast, the ratio between the δ13C in Radix and the δ13C 

in FBOM averaged 4.3 ± 2.2 (mean ± SE; Figure 4.3, C2). The predator Boyeria irene was 

less isotopically enriched than any of the other consumer taxa sampled. The ratios between 

the average isotopic signal from all sampled primary consumers and the isotopic signal for 

this predator were 0.2 ± 0.05 for δ15N and 0.1 ± 0.04 for δ13C. At the end of the 7-day tracer 

addition, sampled consumers contained only 0.6% and 0.2% of the total 15N and 13C tracer 

added, respectively (Table 4.2).

dIscussIon

In the study reach, with abundant organic matter detritus on the streambed, we anticipated 

a high NH4
+ demand together with a relatively low demand of acetate at the reach scale 

derived mainly from differences in DIN and DOC demand from water column by detrital 

compartments. This hypothesis was partially based on results from Tank et al. (2000), who 

described N uptake patterns from a 15N-tracer addition performed in a forested stream during 

autumn. This study found one of the highest N demand (Vf = 42 mm min-1), described in 

the literature for NH4
+ and attributed it to the high heterotrophic demand for DIN by the 

microbial assemblages colonizing leaf litter. Other studies have also found that the presence 

of litter in streams during autumn enhances the N demand from the water column (Webster 

et al., 2000; Mulholland et al., 2004; Goodale et al., 2009). In contrast, results from a 13C-tracer 

addition performed in a forested stream (Hall & Meyer, 1998) showed that bacteria relied 

more upon DOC in a litter-excluded stream than in a reference stream with leaf litter on 

the streambed. Our results indicate that efficiency for NH4
+ and acetate uptake was high and 

similar (i.e., short Sw and high Vf for both elements) in the study stream, indicating a high 
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biological demand of both DIN and DOC from stream water column. 

Stream water NH4
+ was efficiently removed from the water column, exhibiting a Vf  of 3.0 

mm min-1, that is within the range of values found in other headwater streams (Peterson et 

al., 2001; Hall et al., 2002; von Schiller et al., 2008; Johnson & Tank, 2009; Martí et al., 2009). 

However, stream conditions during autumn leaf fall seemed to have less influence on the NH4
+ 

demand than anticipated. Despite the study reach had a standing stock of leaf litter similar 

to that in Tank et al. (2000), their reported values of NH4
+ Vf were 10 times higher than our 

measured values. This may be explained by the fact that the cold water temperatures limited 

the microbial activity in our study stream during the addition period (Fabre & Chauvet, 1998; 

Brown et al., 2004). Indeed, measurements of ecosystem respiration in the study reach during 

the following autumn (ER = 4.5 g O2 m
-2 d-1; Pastor et al., 2017) were 7 times lower than in 

Tank et al. (2000). Previous studies have indicated that the NH4
+ Vf is positively related to the 

ecosystem respiration (Hall & Tank, 2003; Webster et al., 2003) and negatively related to the 

stream water temperature at low discharges (Butturini & Sabater, 1998), which support the 

observed results. 

The rapid Vf estimated for acetate in our reach (2.4 mm min-1) was similar to that previously 

reported for in-stream uptake of labile DOC forms in streams (Hall & Meyer, 1998; Wiegner 

et al., 2005; Kaplan et al., 2008; Martí et al., 2009; Johnson et al., 2009). Thus, our results 

support the idea that labile forms of DOC from water column are at least as strongly retained 

as NH4
+ in streams (Wiegner et al., 2005; Martí et al., 2009; Johnson et al., 2009), even when 

large amounts of detrital particulate organic matter are available on the streambed. Given 

the stream acetate concentration maintained during the addition, we assumed that only 

bacteria were able to take up the tracer 13C-acetate (Wright & Hobbie, 1966; Newell, 1984; 

Hall & Meyer, 1998). We acknowledge that labile DOC, such as acetate, comprises a small 

fraction of the bulk DOC, but it represents the in-stream dynamics of a readily available form 

of C; and our results indicate that it acts as an important energy source for heterotrophic 

bacteria developed on streambed substrata supporting previous studies (Kaplan & Newbold, 

2003; Kaplan et al., 2008; Bernhardt & McDowell, 2008; Wiegner et al., 2015). In addition, 

the bacterial dependence on water column DOC observed in our study may be stimulated 

by the acetate lability, which might have favoured the uptake of acetate over other forms of 
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more recalcitrant organic C available in the stream, leading to higher demand for DOC than 

anticipated. 

The microbial assemblages established on leaf litter showed the highest contribution to 

reach-scale uptake of NH4
+ and acetate in the study stream. The relevance of leaf litter on 

whole-reach NH4
+ uptake was previously described in 15N studies performed in forested 

streams (Mulholland et al., 2000b; Tank et al., 2000), but this was not the case for reach-

scale uptake of acetate. The few whole-reach 13C-acetate additions performed until now (Hall 

& Meyer, 1998; Simon et al., 2003; Collins et al., 2016) generally focused on the isotopic 

label found in each benthic compartment without estimating the relative contribution of 

benthic compartments to whole-reach acetate uptake. In these 13C studies, leaf litter showed 

a reduced or even non-detectable isotopic enrichment, suggesting a minor role of this 

benthic compartment to whole-reach DOC uptake. In contrast, our estimation of the specific 

compartment areal uptake at the whole-reach scale indicated that, despite a reduced 13C 

enrichment, the relative contribution of heterotrophic bacteria developed on leaf litter was 

remarkably relevant to DOC uptake at whole-reach scale.

Our results showed differences in the relative contribution of different detrital compartments 

to whole-reach NH4
+ and acetate uptake. Small wood exhibited a weak isotopic enrichment 

and a moderate contribution to whole-reach acetate uptake despite its large standing stock, 

indicating a reduced dependence of DOC by the bacteria colonizing this substrate. This pattern 

does not necessarily indicate a reliance of microbial assemblages on the substrate C, but most 

likely it suggests a reduced bacterial activity on small wood. Wood is considered poor-quality 

organic matter litter due to its high C:N ratio and low surface-to-volume ratio (Allan & Castillo, 

2007; Arroita et al., 2012). These characteristics limit the development of microbial assemblages 

on wood, which results in low decomposition rates (Meentemeyer, 1978; Melillo et al., 1982). 

In contrast, FBOM and leaf litter generally have lower C:N ratios than wood and offer a higher 

surface-to-volume ratio that allows more surface exposure to stream water, which enables 

microbial growth. In our study, FBOM showed a high contribution to whole-reach acetate 

uptake, which was even more relevant than that associated with leaf litter if areal acetate uptake 

rates are normalized by the compartment C standing stock. FBOM is considered more refractory 

than leaf litter (Yoshimura et al., 2008), but in contrast to leaf litter, its microbial biomass is 
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mainly formed by bacteria rather than by fungi (Weyers & Suberkropp, 1996; Hamilton et al., 

2001; Sanzone et al., 2001). Therefore, the FBOM may contain a dominant bacterial biomass 

that would be more dependent on DOC than the bacteria colonizing the leaf litter, which can 

also use the more labile substrate C. As observed in our study, two similar 13C-acetate tracer 

additions also reported FBOM as the most-labelled detrital compartment (Hall & Meyer, 1998; 

Simon et al., 2003), supporting our suggestion. The higher relative contribution of leaf litter 

to whole-reach acetate uptake than that of FBOM was likely the result of the larger standing 

stock of leaf litter. Nonetheless, the same explanation does not apply to the greater relative 

contribution of leaf litter to the whole-reach NH4
+ uptake compared to FBOM and small wood. 

Leaf litter had 4 and 18 times greater specific areal N uptake rate than FBOM and small wood, 

respectively; and these differences were even higher when we normalized the compartment-

specific areal NH4
+  uptake by the compartment N standing stock. Coinciding with previous 15N 

studies performed in forested streams (Mulholland et al., 2000b; Tank et al., 2000), these results 

indicate that microbial assemblages in leaf litter were taking up N more actively than those 

assemblages in FBOM or small wood (Dodds et al., 2004). As a result of its lower C:N ratio, leaf 

litter generally has a greater microbial biomass (including fungi and bacteria) than the more-

refractory detritus such as the FBOM or small wood (Sanzone et al., 2001; Gulis et al., 2008; 

Yoshimura et al., 2008; Talbot & Treseder, 2012). This microbial biomass has large amounts of C 

available in the leaf litter, but the leaf N content is low to meet microbial demand. To overcome 

the stoichiometric constraints caused by this large elemental imbalance, microbes rely upon 

dissolved N (Sterner & Elser, 2002; Cheever et al., 2013; Pastor et al., 2014) as supported by our 

results. Moreover, a greater decomposer activity in leaf litter also would probably rely upon the 

labile DOC, increasing the uptake of dissolved N even more. In FBOM and small wood, the 

recalcitrant C limits both microbial biomass development and decomposer activity, reducing 

the need for dissolved N. In this sense, our results suggest that with low C:N molar ratio in 

detritus, more microbial biomass can colonize it and decomposer activity uses more C from 

the substrate, thereby showing lower Uacetate from water column, but higher UNH4 to sustain the 

microbial growth. Therefore, this would explain the observed positive relationship between 

C:N molar ratio and Uacetate:UNH4 molar ratios. In summary, this pattern seems to indicate that 

the uptake of N is stimulated in high-quality detritus, where a developed microbial biomass 
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needs an extra source of N to optimize the large use of C from the substrate but also from 

the water column. By contrast, as the litter quality decreases, such as in wood, the C available 

in the substrate also declines, and the constrained microbial biomass developed on it is more 

likely to rely only on the labile DOC without showing the high need for N observed in high-

quality detritus. Therefore, as we hypothesized, our results indicate that the large amount of C 

available in detritus stimulates the NH4
+ demand but only if available C in the substrate is not 

too recalcitrant. 

Despite differences in their C:N content, epilithon had a similar Uacetate:UNH4 molar ratio 

compared to leaf litter. Among benthic compartments, epilithon showed the highest 15N 

enrichment (e.g., Mulholland et al., 2000b; Tank et al., 2000; Hamilton et al., 2001; Merriam 

et al., 2002) and 13C enrichment (e.g., Hall & Meyer, 1998; Simon et al., 2003; Collins et 

al., 2016) and also exerted a significant contribution to whole-reach areal NH4
+ and acetate 

uptake in spite of its reduced standing stock. These results suggest an important reliance on 

DIN by the entire microbial assemblage in epilithon, together with an important reliance on 

DOC by epilithic heterotrophic bacteria, thereby denoting a certain heterotrophic character 

of the epilithon. The N demand observed in epilithon responded to the use of N from both 

the autotrophic and heterotrophic components of the biofilm. Conversely, the C demand 

measured in our study was mostly associated with heterotrophic activity, and more specifically 

bacterial, which explains the low Uacetate:UNH4 obtained for epilithon. In a similar way, the N 

demand observed in leaf litter satisfied the use of C from both the substrate and water column 

by heterotrophic organisms colonizing leaf litter, but since we only observed the use of DOC 

by bacteria, the ratio of Uacetate:UNH4 was relatively low. The Uacetate:UNH4 ratio was even lower 

in the bryophytes, reflecting its autotrophic character and basically the N dependence from 

stream water. Bryophytes showed a high 15N label (e.g., Tank et al., 2000; Mulholland et al., 

2000b; Ashkenas et al., 2004), but their relative contribution to whole-reach NH4
+ uptake 

was limited by their low standing stock. Additionally, we observed C uptake in bryophytes, 

although at low rates, which can be likely the result of the microbial biofilms commonly 

associated with them (Suren, 1988). 

Macroinvertebrate consumers were labelled with 15N and 13C tracer at the end of the 

addition period, showing a transfer of DIN and DOC from the water column throughout 
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benthic compartments to higher trophic levels as we expected. According to our results, each 

consumer seemed to assimilate the two elements from the same resource. Habroleptoides sp. 

reached the strongest labelling for both elements, reflecting the high enrichment in epilithon, 

its main food resource. The role of epilithon as a valuable pathway to transfer microbial N 

(Tank et al., 2000; Ashkenas et al., 2004) and bacterial C (Hall, 1995; Hall & Meyer, 1998; 

Simon et al., 2003; Parkyn et al., 2005; Collins et al., 2016) to higher trophic levels has 

been reported previously, even in forested streams where the epilithon biomass is low. In 

contrast, Oulimnius sp., another grazer that presumably feeds also on epilithon, showed a 

low enrichment, which was nearly constant among the samples and did not coincide with the 

pattern followed by the epilithon tracer. One possible explanation for this observation may 

be related to the morphology of Oulimnius sp., which is characterized by a thick, chitinous 

exoskeleton (Liess & Hillebrand, 2005) that results in a large body mass with slow turnover 

rates and long times to reach isotopic equilibrium. The same explanation may apply to the 

low enrichment found for the predator Boyeria irene (Ashkenas et al., 2004). Alternatively, 

the relatively constant enrichment in Oulimnius sp. could also suggest a more homeostatic 

character (Hessen et al., 2013) in this species than in other grazers, suggesting differences in 

the utilization of N and C within the same feeding group. Unfortunately, we cannot reliably 

evaluate the transfer of N and C linked to the microbial assemblages established on leaf litter 

and small wood because the presence of shredders in our reach was extremely low during the 

study period. However, the relevance of the detrital pathway was apparent in the collector 

Radix sp., which obtained N and C from the microbes associated with the FBOM and retained 

a considerable proportion of 15N and 13C tracer despite its low standing stock. 

We also observed that Habroleptoides sp. and Radix sp. were consistently more isotopically 

enriched than their potential food resources for both tracers, but especially for 13C. This label 

mismatch has been observed in previous 15N (Dodds et al., 2014) and 13C tracer studies (Hall, 

1995; Collins et al., 2016) and it was attributed to a selective assimilation by consumers of a 

more biologically active fraction of their resource (e.g., algae, bacteria and fungi). Previous 
15N (Mulholland et al., 2000a; Tank et al., 2000) and 13C studies (Hall & Meyer, 1998; Collins 

et al., 2016) showed that the bulk detritus is less labelled than the active microbial biomass 

associated with them, indicating that detrital N and C diluted the 15N and 13C tracer taken 
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up by the active microbes. This explanation also justifies the lower labelling found in detrital 

compartments compared to epilithon, which likely contains a lower fraction of detrital 

organic matter. This dilution effect on the isotopic signature could be even more prominent 

in 13C studies because the amount of detrital C commonly is larger than that of detrital N 

and because microbes, other than bacteria, may contribute to the tracer dilution. However, 

the wider mismatch for 13C than for 15N label could also indicate a selective assimilation of 

bacterial C. In this regard, previous studies reported that some macroinvertebrates could 

derive a large fraction of their C directly from bacteria (Edwards & Meyer, 1987, 1990; Hall & 

Meyer, 1998; Collins et al., 2016). 

In our experiment, we could account for 76% of the total 15N tracer added, with most 
15N being stored in leaf litter and, to a lesser extent, in epilithon. This amount is within the 

range observed in other 15N tracer additions performed in forested streams (e.g., Mulholland 

et al., 2000b; Ashkenas et al., 2004). The remaining 24% of 15N was probably not detected 

because we may have underestimated the standing stocks. We found a miscellaneous fraction 

of CBOM (> 1 mm) not classifiable into leaf litter or wood, although it accounted for 27.7 

g AFDM m-2, and was not used for standing stocks or for uptake calculations. Because leaf 

litter retained a considerable proportion of the total 15N tracer added, we could be missing an 

important amount of tracer stored in leaf litter within the miscellaneous fraction. Moreover, 

the consumer biomass used for isotopic analyses accounted for 84% of the total consumer 

biomass estimated in the studied reach; and therefore, another 16% of consumer biomass was 

not taken into account in the mass balance. Apart from standing stocks, some 15N may have 

been lost due to abiotic sorption onto stream sediments (Richey et al., 1985; Peterson et al., 

2001), involvement in missed processes that occur in hyporheic waters (Triska et al., 1989) or 

consumption by meiofauna, and therefore omitted from our study. 

Although we observed relatively high biological demand for DOC in our reach, we 

were able to account for only 14% of the total 13C tracer added at the end of the addition. 

Approximately half of the total 13C tracer that could be accounted for was stored in leaf 

litter and epilithon, whereas the other half was exported downstream as DOC. The same 

explanations offered above for 15N tracer could at least partially explain the missing 13C 

tracer, including abiotic absorption (McDowell, 1985), hyporheic processes (Sobczak & 
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Findlay, 2002) and consumption by meiofauna (Suberkropp, 1998). However, we must take 

into account the possible amount of C lost by respiration. In this sense, Simon et al. (2003) 

calculated that, similar to our study, only 0.8 – 6.3% of the 13C tracer added was stored within 

the studied reaches, attributing in part to a large amount of the 13C missing due to respiration. 

These results could indicate that an important fraction of the labile DOC removed from the 

water column by bacteria was rapidly mineralized and lost as CO2 via respiration rather than 

being stored or incorporated into the food web (McDowell & Fisher, 1976). 

ConCluSionS

Overall, we found that labile forms of DOC are as strongly immobilized from the water column 

as NH4
+ even when large amounts of detrital organic matter are available. Among benthic 

compartments, microbial assemblages established on leaf litter had the highest contribution 

to whole-reach NH4
+ and acetate uptake, indicating the influence of autumnal inputs of leaf 

litter onn the immobilization of DIN and DOC in streams. The predominant role of leaf litter 

in the whole-reach uptake of NH4
+ and acetate among other detrital compartments was the 

result of the large standing stock of this compartment, but also of its litter quality. In this regard, 

the simultaneous addition of the 13C and 15N tracers used in our study yielded interesting 

insights on the relevance of litter quality, with a positive relationship between C:N molar ratio 

and Uacetate:UNH4 molar ratios.  However, further research exploring a wider range of substrate 

qualities is needed to better elucidate this relation. In the same way, future studies that explore 

whether N and C compounds with different liabilities are subjected to similar uptake by benthic 

compartments would be interesting. Our results also underscore that the immobilization of 

DIN and DOC into benthic compartments acted as a source of N and C for macroinvertebrates 

consumers. This trophic transfer differed depending on the feeding strategy of each consumer, 

with similar transfer pathways between the two elements. For future research, analyses on only 

the actively cycling N and C fraction from food resources could reduce the observed label 

mismatch and improve the interpretation of the results (Dodds et al., 2014). Finally, the small 

percentage of the total added 13C tracer added retained in our reach at the end of the addition 

suggested that DOC could be rapidly mineralized and lost as CO2 via respiration, indicating 

that future studies on C cycling should account also for this pathway.
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Photo: Riera de Sant Aniol (Fluvià river network), by the author. 
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GENERAL DISCUSSION

Nowadays, it is recognized that freshwater ecosystems can process a substantial part of the 

terrestrial organic matter they transport, thereby contributing significantly to global C fluxes 

(Battin et al., 2008; Raymond et al., 2013). However, the mechanisms behind this processing 

are still poorly defined. The scant consideration of the environmental heterogeneity commonly 

found in river networks in ecological studies could be limiting our comprehension of the 

real capacity of freshwater ecosystems to process organic matter and the range of existing 

pathways to do so. Mediterranean river networks are ideal settings to explore this knowledge 

gap because their large variability in flow conditions (Bonada & Resh, 2013), both climate- or 

human-induced, lead to high spatial and temporal environmental heterogeneity. This flow 

variability results in complex river networks that commonly include temporary streams that 

cease to flow at some point in space and time, and a notable presence of lentic waterbodies 

generated by flow regulation. These are features that are also expected to expand to freshwater 

ecosystems worldwide due to the ongoing global change (Bernal et al., 2013; Datry et al., 

2014; Zarfl et al., 2015). Despite their current and predicted widespread occurrence, the 

processing of organic matter under these conditions is far from fully understood. This 

thesis contributes to filling this shortage of knowledge by exploring different mechanisms 

involved in the processing of terrestrial organic matter along a Mediterranean river network, 

considering its complexity due to flow variability at different temporal and spatial scales. 

In the following discussion, I combine the results obtained in the different chapters of this 

thesis in order to put them in a wider context, discuss their implications and their relation 

with the initial hypothesis laid out previously, and indicate future research directions to 

address unanswered questions. The first section focuses on POM decomposition under the 

heterogeneity generated by flow variability, specifically in lentic reaches generated by flow 

regulation and in temporary streams. The second section focuses on the results obtained 

concerning DOC uptake by bacteria and its trophic transfer in a forested headwater stream.
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POM decOMPOsitiOn and flOw variability 

Understanding the role of environmental heterogeneity in the ecology of freshwater ecosystems 

is still a challenge for aquatic ecologists. The River Continuum Concept (RCC, Vannote et al., 

1980) —presumably the most influential concept in stream ecology— put forward the idea 

of rivers as longitudinal gradients of environmental conditions from the source to the mouth 

of the river that results in predictable changes in biotic composition and loading, transport, 

processing and storage of POM along the continuum. However, the frequent observation of 

natural or human disturbances that interrupt this gradient challenges the predictability of 

this concept. Some authors viewed these interruptions simply as adjustments to the original 

RCC (e.g., Ward & Standford, 1983; Junk et al., 1989; Standford & Ward, 1993) whereas others 

advocated the discontinuous nature of rivers, highlighting the importance of uniqueness in 

their structure and functioning (Pringle et al., 1988; Townsend, 1989; Montgomery, 1999; 

Rice et al., 2001; Winemiller et al., 2010; Jones & Stanley, 2016). Despite the fact that these 

studies pointed out the relevance of this heterogeneity for the structure and functioning of 

freshwater ecosystems, empirical data to support these conceptual frameworks are generally 

lacking, especially data regarding ecosystem processes such as the transport, storage and 

processing of organic matter (but see Tockner et al., 2010; Doering et al., 2011; Langhans et 

al., 2013)

Water flow is a major determinant of environmental conditions in freshwater ecosystems, 

and thus, flow variability is also a major generator of environmental heterogeneity too (e.g., 

Poff et al., 1997; Lake, 2000). Because Mediterranean river networks are characterized by a 

high variability in flow conditions as a result of natural and human disturbances, they present 

marked environmental heterogeneity along their courses that counters gradient perspectives 

of these systems. How can these discontinuities generated by flow variability influence the 

fate of POM along river networks?

POM decOMPOsitiOn and flOw regulatiOn 

One of the common discontinuities is derived from flow regulation. The presence of a dam 

disrupts the continuum gradient by changing flow conditions, increasing water residence 
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time below it and generating lentic reaches that can present distinct environmental conditions 

compared to adjacent lotic reaches (e.g., Poff & Hart, 2002; Strayer, 2006). Our results in 

Chapter 1 indicated that these structural differences, even when only encompassing changes 

in water flow, can also entail differences in the ecosystem functioning between lotic and 

lentic reaches. We observed that wood decomposition in lentic reaches generated by small 

dams and weirs (< 1 hm3) was slower than in lotic reaches. The higher water residence time 

in the former implied a decrease in water velocity that probably reduced both the effect of 

physical abrasion and the role of fungi, the main decomposers of submerged wood (Gulis et 

al., 2004; Ferreira & Graça, 2006; Ferreira et al., 2006b). Supporting the latter explanation, 

we detected a substantial decrease in fungal biomass colonizing leaf litter under reduced 

flow conditions in Chapter 2 and 3, and Colas et al. (2016) reported recently that the fungal 

production associated to leaf litter was significantly reduced within a reservoir. Therefore, 

according to our expectations, differences in water flow between lotic and lentic waterbodies 

created by small dams promote fluctuations in POM decomposition along the river network. 

However, the scale of our study allowed us to elucidate that the degree of fluctuation might 

vary along the network; and across the Fluvià river network, it was only evident in high-order 

streams (order 4-5). In low-order streams (order 2-3), water residence time was similar for 

these waterbodies or even higher in lotic reaches. In addition, the low nutrient concentration 

found in these low-order streams probably constrains the activity of microbial decomposers 

(Ferreira et al., 2014) in both lotic and lentic habitats, thereby masking a potential effect of 

flow conditions on them. These results highlight the importance of assessing the ecosystem 

response to an impact at the large scale (Allan et al., 1997; Chauvet et al., 2016). As our results 

suggested, variability in factors such as nutrient concentration in stream water across the 

watershed can modulate the ecosystem response to an impact such as damming.

The serial discontinuity concept (Ward & Standford, 1983) recognizes that dams can create 

discontinuities in the river continuum and cause upstream–downstream shifts in ecosystem 

structure and processes. Several studies indicated that small dams can alter the POM 

decomposition downstream of them compared to upstream, increasing (Nelson & Roline, 

2000; Menéndez et al., 2012) or decreasing (Mendoza-Lera et al., 2012; Menéndez et al., 2012; 

González et al., 2012; Mbaka & Schäfer, 2016) decomposition rates, depending on the dam 
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characteristics or geographical areas (Mollá et al., 2017). However, very few studies have been 

published  of  how POM decomposes within reservoirs (but see Brierley & Fryirs, 2008; Abril 

et al., 2013; Colas et al., 2013; Quintão et al., 2013; Bonanomi et al., 2015). Alternating series 

of lotic and lentic reaches can result in drastic fluctuations in the processing of POM along 

the river network; downstream of the impoundment but also within the reservoir. 

The presence of impoundments such as small dams also modifies the transport of organic 

matter along the river network because they disrupt the hydrological connectivity and 

promotes the accumulation of large amounts of POM transported from upstream reaches 

(López-Tarazón et al., 2016). Therefore, contemplating the fate of this POM accumulated 

within reservoirs is crucial in order to understand its transport and processing along river 

networks, especially in Mediterranean river networks which are strongly affected by flow 

regulation (Nilsson et al., 2005). Our results pointed out that these systems cannot process 

organic matter in the same way as running waters do, but further research is needed to elucidate 

the main patterns governing this processing. Based on our results, the low decomposition 

rates observed in these systems in Chapter 1 would promote a POM sink. The POM in such a 

sink could be buried over time on the reservoir bottom as a result of sediment deposition and, 

under anaerobic conditions, it could be subjected to methanogenesis, which is in accordance 

with the important emissions of methane observed from reservoirs, even from small ones 

(e.g., Maeck et al., 2013). 

Recognizing the relevance of these lentic waterbodies generated by flow regulation, 

including small dams and weirs, on POM processing may lead to a better understanding of the 

fate of terrestrial organic matter in freshwater ecosystems. The role of these lentic waterbodies 

in the processing of organic matter in river networks is expected to increase worldwide as a 

consequence of the global change due to the predicted increase in both extreme precipitation 

events and the number of reservoirs (Acuña & Tockner, 2010). Flood and drought events 

are expected to reduce the capacity to process POM in lotic reaches (see section below), 

but flow variability would be attenuated in lentic reaches where floods would promote the 

accumulation of large amounts of detritus (Kominoski & Rosemond, 2012). 
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POM decOMPOsitiOn and teMPOrary streaMs

In temporary rivers and streams, the loss of hydrological connectivity leads to discontinuous 

surface flow which includes dry or drying reaches at some points in space and time along 

their course (Lake, 2003; Datry et al., 2014). This extreme variability in flow generate drastic 

changes in environmental conditions which, as we hypothesized, underpin large fluctuations 

in POM processing. The results presented in this thesis indicated that decomposition rates 

in dry streambed sediments were 2- to 6-fold lower than under adjacent inundate conditions 

(Chapters 2 and 3). This pattern is in contrast to that contemplated in the RCC, where gradual 

environmental changes along the river continuum result in predictable changes in POM 

processing. In contrast, it is in agreement with the conceptual model proposed by Larned et 

al., (2010), which represents temporary rivers as longitudinal but punctuated biogeochemical 

reactors where the continuous transport and processing of organic matter along the stream is 

interrupted at these dry reaches and reactivated when flow returns. Nevertheless, streambed 

sediments do not always dry completely before flow returns and, rather than an interruption, 

several factors continue to affect organic matter during the dry phase. The period between 

flow cessation and complete drying of the streambed sediment covers a gradual transition 

from aquatic to terrestrial conditions, functioning as a temporal ecotone that has been poorly 

explored to date (Larned et al., 2007; Steward et al., 2012). Through these different states of 

drying, the POM accumulated in the streambed is subjected to aquatic, terrestrial or even 

combined processing modes (Larned et al., 2010). This diversity is especially evident during 

flow fragmentation, when drying reaches commonly include a mosaic of aquatic and terrestrial 

habitats types formed by isolated pools of different sizes and emerged streambed sediments 

with different moisture levels. In Chapter 3, in agreement with our expectations, we showed 

that this mosaic of habitats encompasses a highly heterogeneous decomposition process. In 

isolated pools created soon after flow ceased, leaf litter underwent rapid decomposition driven 

by leaching and bacterial decomposers that resulted in similar rates to those found in the 

adjoining perennial reaches. The presence of aquatic fungi in pools was limited, probably due 

to the absence of flow, the high concentration of leaf leachates and the progressive decrease in 

dissolved oxygen (Schlief & Mutz, 2007, 2009; Canhoto et al., 2013) as other authors previously 
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reported (Baldy et al., 2002; Langhans et al., 2008). Despite this initial rapid decomposition, 

our results seemed to indicate that the continuous deterioration of these physicochemical 

characteristics as the water volume declines (Acuña et al., 2005; Schiller et al., 2011) could also 

affect bacterial decomposers, thereby slowing down the decomposition of leaf litter in pools 

during the drying period. In dry streambed sediments, abiotic factors such as leaching of 

soluble compounds and photo-degradation dominate leaf litter decomposition (Dieter et al., 

2011; Steward et al., 2012). However, decomposition rates on them are commonly substantially 

lower than those found under aquatic conditions, both in running waters and isolated pools 

(Langhans et al., 2008; Chapter 3). Emerged conditions are considered to inhibit microbial 

decomposition (Boulton et al., 1991; Datry et al., 2011b) but some authors point out that 

sediment moisture can modulate this constraint and thus, overall decomposition (Cortez, 

1998; Manzoni et al., 2012; Lee et al., 2014). However, contrary to our hypothesis, our results 

from Chapter 3 did not show such pattern. We observed reduced and similar decomposition 

rates in emerged streambed sediments regardless of sediment moisture levels, probably due 

to the short incubation time (11 days) and the fact that the leaves had not been previously 

colonized under inundated conditions. Corti et al. (2011) and Foulquier et al. (2015) found 

a negative relationship between the decomposition rate and the duration of the emersion 

period for leaf litter that had already been colonized, presumably related to the reduction in 

microbial activity occurred as sediment moisture decreases over the drying period (Tzoraki 

et al., 2007; Amalfitano et al., 2008). In Chapter 2, we observed that short-term reconnection 

of surface flow caused by frequent precipitation events in a intermittent reach resulted in 

similar decomposition rates to those found in perennial reaches. Precipitation events probably 

maintained sufficient soil moisture to preserve microbial decomposition between the short 

immersed periods, without decreasing the processing efficiency. Therefore, it seems that 

frequent emerged periods of short duration may have less effect on leaf litter decomposition 

than long emerged periods (Corti et al., 2011). However, relatively little is still known about 

how microbial decomposition, both fungal and bacterial, proceeds over drying in temporary 

streams. Further research focused on this drying period are required to elucidate factors such 

as the resistance of microbial decomposers to desiccation, the existence of critical thresholds 

for their activity or shifts in their community composition (but see Foulquier et al., 2015). In 
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this regard, it would be very interesting to explore the links that exist in this temporal ecotone 

between aquatic and terrestrial microbial communities, in addition to the widely unexplored 

role of the former in the decomposition of organic matter in temporary rivers and streams. 

When flow ceases, rather than becoming quiescent, our results in Chapter 3 demonstrated 

that the wide range of habitats that occur within the streambed can have diverse capacity 

to decompose, creating spatial and temporal variability in both decomposition rates and 

its causes. Thus, the characteristics of this mosaic of habitats and its transformation during 

the streambed drying would drive the fate of POM during the dry phase. This pattern is in 

accordance with that predicted in the Telescoping Ecosystem Model (Fisher et al., 1998; Ward 

& Tockner, 2001) where a maximum heterogeneity of habitats during the dry phase would 

result in processing lengths for different nutrients increasing or decreasing and being strongly 

dependent on local conditions. Climatic conditions such as precipitation events but also local 

conditions (e.g., riparian vegetation, channel slope, groundwater table level or, sediment 

permeability) are key factors that determine the duration of the dry phase, the speed of 

drying and the feature of the mosaic of habitats that occur during it. For example, reaches 

with pools over bedrock have a higher probability to retain water in the form of isolated pools 

than reaches with riffles over sand and gravel substrates (Bonada et al., 2007). Therefore, 

different states of drying with different processing capacity can occur simultaneously in the 

same stream depending on local conditions. This pattern was clearly observed in Chapter 2 

where, under the same precipitation and temperature regime, local conditions modulated 

differences in flow and sediment moisture levels between two intermittent reaches that 

resulted in differences in the leaf litter decomposition too. At the river network scale, the 

combination of these intermittent reaches at different states of drying and different perennial 

reaches configured a complex mosaic of habitats that increased even more the heterogeneity 

of the processes affecting POM in freshwater ecosystems. 

All these processes affecting POM during the dry phase can also influence its further 

processing once flow returns. This link makes the relevance of both dry and wet phases in the 

dynamics of POM clear and indicates the need to examine both of them to understand POM 

dynamics in temporary streams. Previous studies noted that accumulated POM on emerged 

streambed sediment may be an important source of organic C and nutrients for downstream 
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reaches when flow returns (Ylla et al., 2010). However, the different biotic and abiotic 

factors involved in POM decomposition during the dry phase may determine its posterior 

availability. For example, different studies reported a reduction on substrate quality after long 

exposure to severe drought conditions (Dieter et al., 2011, 2013; Ylla et al., 2011; Mas-Martí, 

2014), leading to an increase in POM of poor quality being transported downstream when 

flow returns. Contrary to those studies, but in agreement with other (Pu et al., 2014; Campo 

& Gómez, 2016), our results from Chapters 2 and 3 showed that litter quality was enhanced 

during the incubation, with an increment in N content and a reduction in the C:N ratio 

attributed to microbial growth (Webster et al., 2009) that could favour a rapid decomposition 

upon stream rewetting. Our results also indicated that the potential for leaves to act as a 

DOC source when flow returns can also be determined by processes occurring during the 

dry phase, in accordance with our hypothesis. While the considerable decomposition that 

occurred on isolated pools reduces this potential, leaf litter in emerged streambed sediments 

can maintain this potential (Chapter 3), which is in line with the characteristic peak in DOC 

concentration and the resulting microbial activity observed when flow returns to temporary 

streams (Romaní et al., 2006; von Schiller et al., 2015; Vázquez et al., 2015). In Chapters 2 and 

3 we observed that moist conditions and small precipitation events can enhanced leaching 

from leaves in emerged streambed sediments, thereby also diminishing the potential for leaves 

to act as a DOC source. However, if rains is not associated with flood events, these leached 

compounds could remain attached to the litter surface or accumulate in the sediment around 

it. The large and rapid increases in microbial respiration observed in emerged streambed 

sediments after short precipitation events (Timoner et al., 2014) could be stimulated by the 

availability of these compounds. It seems clear that processes that occur during the dry phase 

can affect the subsequent bioavailability of C, both from POM or DOM, when flow returns.  

However, several factors such as the incubation time or the initial substrate quality could be 

behind the contradictory results observed above, highlighting that further studies are needed 

to elucidate the effects of the dry phase on the quality of organic matter and its consequences 

for the ecosystem functioning once flow recovers (Steward et al., 2012). 

Some studies have evaluated leaf litter decomposition at the river network scale in 

Mediterranean regions in summer. They found the lowest decomposition rates at sites 
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exposed to drought, which were mainly situated in low-order streams. They reported a 

positive relationship between decomposition rates and stream order (e.g., Pinna et al., 

2003, 2004; Pinna & Basset, 2004; Sangiorgio et al., 2006, 2007); a pattern that departs from 

that described by the RCC. Headwater streams receive large inputs of organic matter from 

surrounding terrestrial ecosystems and their export has a strong influence on the structure 

and functioning of downstream reaches (Wipfli et al., 2007). With the notable presence of 

temporary streams at low orders, the accumulation of POM and the factors affecting it during 

the dry phase can have strong implications for the ecosystem from the source to the mouth 

of the river. 

Temporary rivers and streams are a common phenomenon globally (Datry et al., 2014) 

and their extension is expected to increase as a result of the combined effect of climate 

change, land use alteration or increasing water demand (Larned et al., 2010). Thus, processes 

occurring during the dry phases in temporary rivers and streams must be considered in 

order to understand the fate of terrestrial organic matter in river networks. In Mediterranean 

regions, the current climate change models predict more intense and less frequent 

precipitation events, increasing the duration of drought and the intensity of punctual flood 

events in river networks (IPCC, 2013). These conditions might imply extended dry phases in 

temporary streams that could result in the complete drying of the streambed sediment. In the 

light of those findings discussed above, longer periods under completely dry conditions will 

affect microbial decomposers negatively, reducing the decomposition of the large amount of 

POM accumulated on the river channel due to water stress in riparian vegetation. This POM 

would be subjected to rapid mobilization and pulsed transport during intense flood events, 

which would imply an important supply of organic C and nutrients for aquatic organisms. 

However, the bioavailability of these resources would depend on processes affecting the POM 

during the preceding dry phase and also, on the intensity of the flood event (Grimm et al., 

2013), which might increase the risk of washing these resources downstream before they 

can be utilized. As we pointed out in the previous section, flood events could also promote 

the accumulation of these resources in reservoirs and they could be subjected to a slower 

decomposition process than in perennial reaches. Therefore, the expected increase in both 

temporary streams and impoundments such as dams across river networks, in Mediterranean 
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regions but also in other temperate regions that are likely to experience drying trends, would 

probably result in less continuous and less efficient processing of POM than there is today, 

thereby affecting the metabolism and the food web structure of the overall ecosystem.  

·· ·· ·· ·· ·· ·· ·· ·· ·· ·· ·· ··

In the light of this, in Mediterranean river networks, the characteristic flow variability 

induced by both natural and human disturbances generates a complex mosaic of habitats at 

different temporal and spatial scales with distinct capacity to transport, retain and process 

POM. The overall processing capacity of the river network would result from the integration 

of the different processes occurring on these habitats and the interactions between them 

across space and time. The expected increase in flow intermittency and regulation due to 

global change, would expand this complex structure to river networks worldwide. Thus, 

omitting the existence of this mosaic of habitats and the processes occurring on it would result 

in inaccurate generalizations regarding the fate of terrestrial organic matter in freshwater 

ecosystems. 

Despite this complex river network structure includes gradual changes along it, the 

continuous gradient described in the RCC should be combined with the description of 

rivers as a series of distinct patches that are hierarchically organized, where each patch 

has a particular structure and functioning determined mainly by local features rather than 

its position in the river course (Frisell et al., 1986; Ward & Standford, 1989; Thorp et al., 

2006, 2008). From this patchy perspective, ecological attributes are more comparable in 

similar patch types than in adjacent patches of fundamentally different types (Poole, 2002). 

According to this view, the processing of organic matter might differ in distinct patches along 

the river network depending on local environmental conditions, as we observed along our 

study river network. Therefore, the characterization of this mosaic of patches could help us 

to understand the real fate of terrestrial organic matter across river networks. Indeed, Stanley 

et al. (1997) proposed this view to simplify and understand the complex structure of systems 

such as temporary rivers, where each scale is composed of different patches and each patch 

has a distinct pattern of water loss and susceptibility to drying. Identifying patch types can 

serve as a basis to predict ecological conditions. Similarly, Datry et al. (2016b) proposed the 
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use of tools from landscape ecology to describe and quantify the different patches of this 

mosaic. The development of new tools and techniques that facilitate the characterization of 

this mosaic would help us to account for the intrinsic environmental heterogeneity of river 

networks, which in parallel with further studies of the effects of this heterogeneity on the 

ecosystem, would help us to reach a more accurate view of the structure and functioning of 

river networks, including their role as transformers of terrestrial organic matter and their 

contribution to the global C cycle. 

the influence Of autuMnal inPuts  

On dOc dynaMics

The different processes affecting POM decomposition observed in the previous section 

could directly influence the fate of DOM along river networks. DOC, as the most important 

element of DOM (Allan & Castillo, 2007), constitutes the largest pool of C transported 

along river networks, and its mineralization by heterotrophic bacteria is consider the main 

contributor to the global C cycle from freshwaters ecosystems (Volk et al., 1997; Battin et al., 

2008; Kaplan & Cory, 2016). Despite its relevance, large uncertainties still remain regarding 

the mechanisms involved in the removal and processing of this DOC (Battin et al., 2008) 

and the factors controlling them (Mineau et al. 2016). In Chapter 4, we aimed to expand this 

knowledge. A substantial part of the DOC transported in rivers and streams is produced 

through leaching from POM (Karlsson et al., 2005; Yoshimura et al., 2010). Hence, leaf 

leachates constitute a large fraction of the total DOC pool transported, especially during 

autumn in forested streams (McDowell & Fisher, 1976; Meyer et al., 1998). In addition to 

this recognized role as a DOC source, our results from Chapter 4 indicated that the large 

amount of POM and associated heterotrophic bacteria (detrital compartments) accumulated 

at the streambed substrata during autumn can also play an important contribution in DOC 

removal from the water column. Previous studies indicated an active role of these detrital 

compartments in the immobilization of nutrients such as nitrogen or phosphorus (e.g., Tank 

et al., 2000; Sanzone et al., 2001; Gibson & O’Reilly, 2012) in order to satisfy the requirements 

of microbial decomposers (Mulholland et al., 1985, 2004; Goodale et al., 2009). In agreement 

with them, we found a high biological demand for NH4
+ in our reach, mainly driven by the 
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microbial assemblages associated to leaf litter. This pattern was unexpected in the case of 

DOC; we hypothesized that POM accumulated in the streambed substrata would supply C 

requirements of microbial decomposers. However, we reported a similar demand between 

NH4
+ and acetate —the labile form of DOC added in our experiment—, indicating that 

bacteria associated with this detritus relied on labile DOC, removing it efficiently even when 

large amounts of recently fallen detritus were available. Among the benthic compartments 

studied, bacteria associated to the large standing stock of leaf litter had the highest contribution 

to the whole-reach acetate uptake. The C:N content of detrital compartments was related 

to the microbial demand of N and C from the water column, with lower C:N molar ratios 

coinciding with lower molar acetate to NH4
+ uptake ratios. However, further studies would 

be necessary to elucidate this relationship. Those studies should include a wider range of litter 

qualities and estimations of the microbial biomass and activity associated with them. Also, it 

would be interesting to examine the relationship between the range of litter qualities and their 

role in the uptake of different lability classes of DOC, in order to explore which of the factors 

is more determining for the bacterial use of C. In addition to detrital compartments, our 

study also indicated a considerable role of epilithon in the uptake of DOC, despite its reduced 

standing stock in our reach. Altough it could indicate the contribution of heterotrophic 

communities, Tittle et al. (2009) reported that algae are capable of DOC utilization. Very 

little is known about this pathway and further study of it may bring interesting new insights.

Once DOC is immobilized by bacteria, it can be release as CO2 to the atmosphere or 

incorporated into bacterial biomass, becoming an important source of C, energy and nutrients 

for higher trophic levels (Meyer, 1994; Hall & Meyer, 1998; Collins et al., 2016). In our study, 

we observed this trophic link; we noticed that the labile DOC removed by bacteria was 

assimilated by macroinvertebrate consumers. However, despite the fact that we observed a rapid 

immobilization of acetate, only a small fraction of the total C tracer added in our reach was 

retained in compartments and consumers at the end of the experiment. These results could 

indicate that an important fraction of the labile DOC removed by bacteria is rapidly mineralized 

and lost as CO2 via respiration rather than being retained or incorporated into the food web 

(McDowell & Fisher, 1976; Simon et al., 2003). It is known that headwater streams can respire 

large quantities of terrestrial organic matter (Marcarelli et al., 2011), but this could depend on 
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its lability. Kaplan et al. (2008) indicated that labile forms of DOC can support large fractions 

of heterotrophic respiration, while semi-labile DOC molecules are metabolized after longer 

exposures. In this regard, it would be interesting to explore the relationship between the stream 

metabolism and the DOC uptake further, including different lability classes, to elucidate the role 

of DOC in supporting whole-stream respiration. 

CONCLUSIONS

This thesis contributes to a better understanding of how Mediterranean river networks 

process organic matter and highlights the need to study it taking into account the mosaic of 

habitats generated by flow variability. The main conclusions of the four chapters of this thesis 

can be summarized as follows: 

chaPter 1: effects of water flow regulation on ecosystem 
functioning in a Mediterranean river network assessed by wood 
decomposition

Flow regulation by small dams and weirs triggers changes in the ecosystem functioning along 

the river network, as revealed by differences in wood decomposition rates between lotic and 

lentic reaches.

Differences in decomposition rates between lotic and lentic reaches were evident only in 

high-order streams and specially in winter, with faster decomposition rates in lotic than in 

lentic reaches. 

The higher water residence time in lentic reaches likely reduced the effect of physical abrasion 

and the contribution of aquatic fungi in wood decomposition compared to lotic reaches.

In low-order streams, the lack of differences in decomposition rates between lotic and lentic reaches 

was likely the result of their similar water residence time and the low nutrient concentration in 

stream water, which probably constraint microbial decomposers in both reaches.
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chaPter 2: leaf litter decomposition along the longitudinal 
profile of a temporary Mediterranean stream: spatial and 
seasonal variability

The combination of consecutives reaches with perennial and intermittent flow conditions in 

temporary streams creates discontinuities in leaf litter decomposition.

In our field study, the lack of precipitation in winter caused dry and emerged conditions on 

intermittent reaches that resulted in lower decomposition rates than in perennial reaches. 

An unexpected increase in precipitation in summer evidenced differences in the flow 

regime between intermittent reaches that resulted in higher decomposition rates in the more 

inundated reach, with similar rates to perennial ones.

Our results evidenced that flow variability in temporary streams generats a structure far from that 

described in classic continuous paradigms that entails a particular processing of organic matter.

chaPter 3: Heterogeneity in leaf litter decomposition in a 
temporary Mediterranean stream during flow fragmentation

Flow fragmentation in temporary streams generates a mosaic of aquatic and terrestrial habitats 

along the streambed that encompasses a highly heterogeneous decomposition process, with 

potential implications for the availability of organic matter when flow returns.

Leaf litter decomposed faster in aquatic (running waters and isolated pools) than in terrestrial 

habitats (moist and dry streambed sediments).

The early phase of decomposition in aquatic habitats was driven by an intense leaching and 

microbial decomposers. The presence of fungi in isolated pools was hindered by the harsh 

water physicochemical conditions on this habitat. 

The early phase of decomposition in terrestrial habitats was driven by abiotic factors, 

especially by leaching enhanced by small precipitation events. Microbial decomposers 

colonized terrestrial habitats, but their effect on decomposition was negligible. 
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The DOC release rate from leaf litter suffered a substantial decrease within the first days 

of incubation in aquatic habitats but remained relatively stable in terrestrial habitats until a 

precipitation event. 

chaPter 4: uptake and trophic transfer of nitrogen and carbon 
in a forested headwater stream during late autumn

Labile forms of DOC are as highly immobilized from the water column as DIN even when 

large amounts of detritus are available, as shown by the high and similar biological demand 

for both NH4
+ and acetate found in our studied reach in late autumn. 

Microbial assemblages established on leaf litter had the highest contribution to whole-reach 

NH4
+ and acetate uptake among benthic compartments, indicating the influence of autumnal 

inputs of leaf litter on the cycling of N and C in forested streams. 

The elemental content of detritus influenced the demand of N and C from the water column, 

with a positive relationship between C:N molar ratios and Uacetate:UNH4 uptake molar ratios.

The immobilization of DIN and DOC into benthic compartments acted as a source of N and 

C for macroinvertebrates consumers. This transfer highlights the importance of bacteria as a 

trophic link between DOC and consumers. 
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• Flow regulation transformed lotic into lentic reaches along the river network.
• We assessed differences in ecosystem functioning between lotic and lentic reaches.
• We use wood decomposition as a functional indicator.
• Decomposition rates differed between lotic and lentic reaches in high-order streams.
• Flow regulation can affect the stream ecosystem functioning along the river network.
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Mediterranean rivers are extensivelymodifiedbyflowregulation practises along their courses. An important part
of the river impoundment in this area is related to the presence of small dams constructed mainly for water ab-
straction purposes. These projects drastically modified the ecosystemmorphology, transforming lotic into lentic
reaches and increasing their alternation along the river. Hydro-morphologial differences between these reaches
indicate that flow regulation can trigger important changes in the ecosystem functioning. Decomposition of or-
ganic matter is an integrative process and this complexity makes it a good indicator of changes in the ecosystem.
The aim of this study was to assess the effect caused by flow regulation on ecosystem functioning at the river
network scale, using wood decomposition as a functional indicator. We studied the mass loss from wood sticks
during threemonths in different lotic and lentic reaches located along aMediterranean river basin, in bothwinter
and summer. Additionally, we identified the environmental factors affecting decomposition rates along the river
orders. The results revealed differences in decomposition rates between sites in both seasons thatwere principal-
ly related to the differences between stream orders. The rates weremainly related to temperature, nutrient con-
centrations (NO2

−, NO3
2−) and water residence time. High-order streams with higher temperature and nutrient

concentrations exhibited higher decomposition rates compared with low-order streams. The effect of the flow
regulation on the decomposition rates only appeared to be significant in high orders, especially in winter, when
the hydrological characteristics of lotic and lentic habitats widely varied. Lotic reaches with lower water residence
time exhibited greater decomposition rates compared with lentic reaches probably due to more physical abrasion
and differences in the microbial assemblages. Overall, our study revealed that in high orders the reduction of flow
caused by flow regulation affects the wood decomposition indicating changes in ecosystem functioning.

© 2015 Elsevier B.V. All rights reserved.

1. Introduction

Many rivers and streamshave been altered bydifferent anthropogen-
ic activities such as water extraction, canalisation, or dam construction

(Malmqvist and Rundle, 2002; Nilsson et al., 2005). In Mediterranean
areas, the presence of these impacts is particularly significant due to
the combination of a high population density, agricultural and industrial
activities, and a high natural variability of the flow regime (Grantham
et al., 2012). Most of the flow regulation in this area results from the
construction of small dams and weirs (e.g. b1 hm3), mainly for water
abstraction purposes (Martin and Hanson, 1966; Marcé et al., 2012). In
addition, flow variability is predicted to increase with climate change
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(Schneider et al., 2013), increasing the need for flow regulation. More-
over, in Mediterranean areas, shifts in the flow regime below these im-
poundments may also result in change from perennial to temporary
streams, leading to irreversiblemodifications in the ecosystemprocesses
and services (Datry et al., 2014). With this perspective, a better under-
standing of the effects of flow regulation on the freshwater ecosystem
to improve environmental flows is needed (Grantham et al., 2014).

Flow regulation interrupts the fluvial continuity, altering the natural
structure of the ecosystem along the river (Ward and Standford, 1983).
The hydro-morphology of the river network becomes highly modified,
increasing the water residence time and transforming lotic reaches
into lentic reaches (Sabater, 2008). The differences in water flow be-
tween these reaches also imply differences in several physicochemical
factors, such as water temperature (Poff and Hart, 2002) and oxygen
or nutrient concentrations (Friedl and Wüest, 2002), and ecosystem
processes such as sediment transport (Vericat and Batalla, 2005; Hupp
et al., 2009) and organic matter retention (Dewson et al., 2007). At the
same time, these factors and processes potentially shape the presence
of biological communities in each habitat (Clavero et al., 2004; Strayer,
2006; Buffagni et al., 2009;Gido et al., 2009), directly affecting key ecosys-
tem functions, i.e., the decomposition of organic matter (Menéndez et al.,
2012;Martínez et al., 2013) andmetabolism (Baxter, 1977). These forced
differences between lotic and lentic habitats indicate that flow regulation
can trigger important changes in river ecosystem functioning (Elosegi and
Sabater, 2012). Moreover, given that flow regulation involves the inter-
ruption of the fluvial continuum, consequences may be evident along
the entire river network (Ward and Standford, 1983).

Different key ecosystemprocesses, such as organicmatter decompo-
sition (Gessner and Chauvet, 2002; Feio et al., 2010), nutrient retention
(Von Schiller et al., 2008), and metabolism (Bunn et al., 1999; Young
et al., 2008), have been used as indicators to assess ecosystem function-
ing. Organic matter decomposition is a fundamental process in stream
ecosystems (Tank et al., 2010) and results from the interaction between
several physical, chemical, and biological factors (Benfield, 1996;
Gessner et al., 1999). Many researchers have demonstrated the effect
of water temperature (Petersen and Cummins, 1974), dissolved nutri-
ent concentration (Ferreira et al., 2014), or oxygen concentration
(Webster and Benfield, 1986) on organic matter decomposition. At the
same time, decomposition is influenced by alterations of the hydrological
regime, such as drastic flow reductions (Dewson et al., 2007; Schlief and
Mutz, 2009), variations in flow velocity (Ferreira and Graça, 2006;
Santos Fonseca et al., 2012), and damming (Casas et al., 2000; González
et al., 2013;Menéndez et al., 2012). The decomposition process integrates
this complexity and is a good indicator of changes in the ecosystem.

At awatershed scale, decomposition rates dependon the river order,
altitude, and/or different land uses (Benfield et al., 2000; Fleituch, 2001;
Fonnesu et al., 2004; Pozo et al., 2011; Silva-Junior et al., 2014). As a con-
sequence, several studies highlighted the importance of assessing the
ecosystem response to an impact at this scale (e.g., Stanford and
Ward, 1992; Allan et al., 1997; Poff and Zimmerman, 2010; Elosegi
and Sabater, 2012). However, few studies considering organic matter
decomposition have been performed at a catchment scale to date
(see: Feio et al., 2010; Aristi et al., 2012).

Various studies used the litterbagmethod as an approach to quantify
decomposition rates (Bärlocher, 2005). However, its utilisation allows
high versatility in various aspects, such as mesh size, litter species, or
the initial quality of the substrate, restricting the comparisons among
studies (Lecerf and Chauvet, 2008). To overcome this issue, an alterna-
tive approach involves the use of commercial wood sticks (Young and
Collier, 2009; Aristi et al., 2012; Arroita et al., 2012) that limits manipu-
lation and allows standardisation of the initial chemical composition.

The aimof this studywas to assess the variability causedbyflow reg-
ulation on ecosystem functioning at the river network scale using the
organic matter decomposition process as a functional indicator. To
achieve this objective, we studied themass loss fromwood sticks in dif-
ferent lotic and lentic reaches located in a diverse range of streamorders

along a Mediterranean river network. Additionally, we identified the
main environmental factors potentially affecting decomposition rates
along the river orders. Due to the marked seasonality of Mediterranean
areas (Bonada and Resh, 2013), the experiment was conducted in
summer and winter. We hypothesised that there would be differences
in the decomposition processes between lotic and lentic reaches along
the river network given their environmental differences. We expected
increased decomposition rates in lotic reaches based on increased
physical abrasion due to higher flow. We predicted these rates to be
particularly higher in summer when milder temperatures promote
increased biological activity.

2. Materials and methods

2.1. Study area

This study was conducted in the Fluvià River watershed, located in
the northeast of the Iberian Peninsula (Fig. 1). This sixth order water-
shed drains an area of 990 km2. Its mainstream is 97 km in length and
flows into the Mediterranean Sea. The climate is typically Mediterra-
nean and is characterised by scarce precipitation occurring mainly in
spring and autumn with drier and warmer summers. The mean annual
precipitation in this region is 660 mm, and the monthly mean air tem-
perature varies between 6 °C in January and 23 °C in July (ACA, http://
aca-web.gencat.cat). The basin is relatively pristine and is covered
mainly by mixed forests (78%); some agricultural (13%) and urban
(3%) areas are present, mostly associated with the lowest altitudes
(Land CoverMap of Catalonia 2009, CREAF). However, theflow is highly
regulated by a total of 51 man-made watercourse interruptions of dif-
ferent dimensions (ACA, http://aca-web.gencat.cat). Nevertheless, all
of these interruptions are small dams and weirs with less than 1 hm3

of capacity.
We selected a total of 10 experimental reaches of orders ranging

from 2 to 5 (Strahler, 1957) within this catchment to ensure an appro-
priate representation of the river network heterogeneity (Table 1).
These reaches were also classified as lotic (i.e., running water reaches,
n = 6) and lentic (i.e., stagnant waters stored in small dams and
weirs, n = 4). The mean depth of lentic habitats ranged from 1.1 to
2.5 m and their surface ranges from 0.1 to 10.8 ha. The mean depth
for a 1 km-reach of lotic habitats ranges from 0.1 to 0.3 m and the
mean width from 4.1 to 23.7 m. The experiment was conducted during
winter (November 2012 to February 2013) and summer (June 2013 to
September 2013).

2.2. Environmental parameters

During the study period, several physical, chemical, and hydro-
logical parameters were obtained monthly at each site (Table 2).
Portable probes were used to measure the water temperature,
conductivity, pH (±0.1 °C, ±1 μs/cm and ±0.005 pH; Cond 3310,
WTW, Germany), and the dissolved oxygen concentration
(±0.1 mg/L; YSI ProODO Handheld, USA) on the field. The water
samples were filtered through pre-ashed glass fibre filters (0.7-μm
pore size; Whatman GF/F, Germany), transported to the laboratory
under cooled conditions, and stored at 4 °C in the dark until analysis.
All water samples were analysed the day after their collection. The
concentrations of dissolved nitrite (NO2

−), nitrate (NO3
−2), phos-

phate (PO4
−3), chloride (Cl−), and sulphate (SO4

−2) were analysed
by ionic chromatography (IC5000, DIONEX, USA), with an average
accuracy of ±2.8% at 1 ppm. The dissolved organic and inorganic car-
bon concentrations in water (DOC and DIC, respectively) were mea-
sured with a total organic carbon analyser (TOC-V CSH, Shimadzu,
Japan), with an accuracy of ±4.4% at 5 ppm.

The sub-catchments associated with the experimental reaches
were characterised for the total area and percentage of land use
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cover by a geospatial-processing software (ArcMap 10, ArcGIS,
USA).

The water residence time of the experimental reaches was ob-
tained by combining dischargemeasurements with reach morpholo-
gy. In the case of lotic reaches we used morphological data provided
by the Catalan Water Agency (ACA, http://aca-web.gencat.cat) and
punctual measured discharge to calculate reach average velocities
using the hydraulic software HecRas 2.2 (US Army Corps of Engi-
neers, USA). These velocities were then combined with the reach
length to calculate the water residence time. In lentic reaches, we es-
timated the volumewith detailed bathymetric maps using geospatial
processing tools in ArcMap10. The water residence time in lentic
reaches was then calculated dividing the volume by the average of
up and downstream discharges, assuming steady-state conditions.
All discharge measurements were carried out using an acoustic-
Doppler velocimeter (Sontek, YSI, USA).

For each parameter, the average of the monthly measures was used
as the representative value of each study period.

2.3. Decomposition experiment

The decomposition rates were studied in all of the experimental
reaches using commercial wood sticks (15 × 1.8 × 0.22 cm) of Canadian
poplarwood (Populus nigra× canadensis). Before their placement in the
reaches, each stick was marked with a pirographer, oven dried (70 °C,
72 h), and weighed. A total of 15 (five groups of three) wood sticks
were placed in each selected site in November 2012 and June 2013 for

the winter and summer experiments, respectively. Each group was
tied with nylon threads to metal bars, branches, or roots, and lead
weights were used to ensure that the sticks were completely sub-
merged. One group of these sticks was used at each site to prevent pos-
sible losses. An extra set of five sticks was transported to the stream
without being immersed in the water and returned to the laboratory
to correct the initial mass value for manipulation.

The methodology was adapted from the protocol outlined by Aristi
et al. (2012) and Arroita et al. (2012). Five sticks (one per group) at
each location were recovered after approximately 65 and 110 days in
both winter and summer. After their retrieval, the sticks were placed
in individual zip-lock bags and transported in refrigerated containers
to the laboratory, where they were immediately processed. The
recovered sticks were washed with distilled water and brushed to
remove adhering material, oven dried (70 °C, 72 h), and weighed. An
aliquot of each stick was incinerated (500 °C, 5 h) to remove the effect
of the inorganic components and obtain an ash-free dry mass (AFDM).
A subsample of each recovered stick was ground into a fine powder
(c.a 1-mm pore-size), and the nitrogen (N) and carbon (C) contents
were analysed. Both elements were determined using a Perking Elmer
series II CHNS/O elemental analyser.

2.4. Data analysis

The decomposition rates were estimated following the negative ex-
ponential model Mt = M0 e−kt (Petersen and Cummins, 1974), where
M0 is the initial AFDM corrected for manipulation, Mt is the remaining

Fig. 1. Locations of the study sites (letters A to J) in the Fluvià Riverwatershed (NE, Iberian Peninsula). Black dots denote lotic sampling reaches,whereaswhite dots denote lentic-sampling
reaches.

Table 1
Characterization of the studied sites. Percentages of land use cover are referred to the total sub-catchment area associated to each site. The category “Others” in the land use cover (%) is
formed by scrublands, grasslands and surface cover by water on each sub-catchment.

Land use cover (%)

Site Latitude, N Longitude, E Altitude (m.a.s.l) Order Hydrologic habitat Catchment area (ha) Forest Agricultural Urban Others

A 42°10′08″ 3°03′18″ 2 5 Lotic 96,131 77.89 18.11 2.59 1.41
B 42°10′06″ 3°01′48″ 9 5 Lentic 94,803 78.23 17.82 2.56 1.39
C 42°10′39″ 2°50′11″ 83 5 Lotic 80,947 82.14 14.14 2.37 1.35
D 42°11′9″ 2°45′36″ 115 5 Lentic 78,938 82.75 13.56 2.36 1.34
E 42°10′07″ 2°43′47″ 135 4 Lotic 11,571 82.46 15.76 1.25 0.53
F 42°13′3″ 2°34′29″ 214 5 Lotic 29,656 78.35 16.87 3.56 1.22
G 42°10′28″ 2°28′71″ 434 4 Lentic 10,355 76.90 19.44 2.55 1.11
H 42°15′02″ 2°28′49″ 451 2 Lotic 155 96.58 3.03 0.10 0.29
I 42°18′03″ 2°35′21″ 356 3 Lotic 2476 95.15 0.13 0.01 4.71
J 42°18′06″ 2°35′20″ 358 3 Lentic 2475 95.17 0.01 0.13 4.69
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AFDM at time t, and k is the decomposition rate. A decomposition rate
was obtained for each site and period (summer and winter).

A linear mixed-effects model, using the R package nlme (Pinheiro
et al., 2012), was used to analyse differences in water characteristics
and wood decomposition over time along the river network. For wood
decomposition, the proportion of the remaining AFDM was used as
the dependent variable; the elapsed time (co-variable), season (winter
or summer), river order (low = 2–3, medium = 4, high = 5) and hy-
drologic habitat (lentic or lotic) served as the fixed-effects factors. We
used the natural logarithm of the proportion of remaining AFDM to
achieve a linear relationship with time. For the streamwater character-
istics, we applied a linear mixed-effects model for each of these charac-
teristics (dependent variable) using the same fixed-effects factors
indicated above as the independent variables, with the exception of
elapsed time. The full factorial model was employed; therefore, all of
the interactions were assessed. For both models, the site was fitted as
a random factor with an effect on the intercept. This effect was assessed
using likelihood ratio tests to compare the linear regressionmodelwith-
out random factors (gls function) with the linear mixed model with all
the fixed effects (lme function) and the random effect. The final models
were selected by Akaike's Information Criterion (AIC) and fitted using
the restricted maximum likelihood (REML). Model validation plots
were used to assess the assumptions of the analysis. We implemented
a variance function (varIdent function) in the model (Pinheiro and
Bates, 2000; Zuur et al., 2009) to correct for residual heteroscedasticity.
For wood decomposition, the effects of thefixed factors on the response
variable were interpreted based on the statistical significance of the in-
teraction among the fixed-effects habitat, order, and season with time
(Lagrue et al., 2011).

The relationship between wood decomposition and watershed
characteristics was determined by correlating the environmental vari-
ables with the decomposition rates to assess linear relationships and
to identify significant associations. A stepwise linear regression be-
tween the water characteristics and rates was performed with the R
package MASS (Venables and Ripley, 2002) to identify which factors
or factor combinations were the best predictors of the decomposition
rates. Model selection was done using a bidirectional elimination
based on AIC. Prior to the regression analysis, Pearson correlation coef-
ficients between all of the variables were examined for multi-
collinearity. Within the higher correlated predictor pairs, we selected
the pair that could provide the most ecological information. Sulphate,
DIC, and phosphate were discarded because they were highly correlated

with conductivity, DOC, and NOx (NO2
− + NO3

2−, N90% in NO3
2− form),

respectively.
Before the statistical analysis, the distributional properties of the

data were assessed to identify outliers. The Shapiro–Wilk test was
applied to assess normality for each variable, and a log natural transfor-
mation was performed when necessary. All statistical analyses were
conducted using R version 2.15.3 (R Core Team, 2013), with a signifi-
cance level set at a p b 0.05 for all tests.

3. Results

3.1. Stream water characteristics

The stream water characteristics exhibited high variability between
the sites along the river network in both seasons (Table 2). The interac-
tion of habitat, order, and season was significant for NOx, dissolved ox-
ygen, and the water residence time (Table 3). NOx concentrations
varied widely between the orders with increased concentrations
noted in sites from orders 4 and 5 (high orders) compared with sites
from orders 2 and 3 (low orders) in both seasons. Within the high-
order reaches, the sites located in themiddle of thewatershed exhibited
the highest NOx concentrations, especially in summer. However, for all
of the other high-orders sites, NOx concentrations increased in winter.
The average residence time of water in summer was 8.9 ± 4 h, whereas
it was 34.9± 18 h inwinter. Lentic habitats exhibited awater residence
time that was increased 4-fold compared with lotic habitats. These dif-
ferences between the habitats were especially evident among the high
orders in winter. Oxygen concentrations and pH were less variable
among the sites. However, the oxygen concentration was generally
higher in winter than in summer, and the highest values appeared in
the high orders. The water temperature increased with stream order
and exhibited higher values in summer compared with winter at all of
the sites. The conductivity and Cl− varied between orders and seasons,
with the highest values noted in high-order reaches andwinter. Regard-
ing the DOC, significant differences were only evident between seasons,
with increased DOC in summer compared with winter (except in 4th
order reaches).

3.2. Decomposition process

The decomposition rates differed significantly between seasons
(interaction time × season, Table 4), with higher rates in summer

Table 2
Stream water characteristics of the studied sites. DIC = dissolved inorganic carbon, DOC = dissolved organic carbon, NOx = NO2

− + NO3
−2, PO4

−3 = phosphate, Cl− = chloride,
and SO4

−2 = sulphate. Values (Mean ± SE, n = 4) highlighted in bold correspond to winter period, and not-bold values to summer.

Site Temperature Conductivity pH Dissolved oxygen DIC DOC NOx PO4
−3 SO4

−2 Cl− Residence time

(°C) (μS/cm) (mg/L) (mgC/L) (mgC/L) (mgN/L) (mgP/L) (mgS/L) (mgCl/L) (h)

A 12.2 ± 1.1 926.5 ± 15.5 7.9 ± 0.1 9.3 ± 0.1 44.7 ± 0.3 0.8 ± 0.1 1.5 ± 0.1 0.004 ± 0.001 79.0 ± 4.1 49.1 ± 2.1 3.0 ± 0.7
22.0 ± 0.6 941.3 ± 27.7 8.0 ± 0.1 9.5 ± 0.8 43.2 ± 1.9 1.0 ± 0.1 1.1 ± 0.1 0.002 ± 0.001 90.3 ± 3.7 33.7 ± 1.4 1.1 ± 0.2

B 10.0 ± 1.8 951.2 ± 21.0 8.3 ± 0.1 11.5 ± 0.3 44.9 ± 0.6 1.0 ± 0.1 2.1 ± 0.1 0.005 ± 0.003 86.4 ± 6.1 53.2 ± 2.9 7.3 ± 0.8
23.6 ± 0.5 936.2 ± 34.9 8.2 ± 0.1 10.8 ± 0.6 41.6 ± 2.1 1.1 ± 0.1 1.0 ± 0.1 0.002 ± 0.001 89.7 ± 4.9 34.4 ± 1.9 4.1 ± 1.2

C 10.3 ± 1.1 1035.1 ± 20.1 8.1 ± 0.1 13.0 ± 0.9 52.6 ± 0.1 1.3 ± 0.1 2.0 ± 0.1 0.023 ± 0.007 92.5 ± 6.1 52.3 ± 3.6 2.5 ± 0.9
23.4 ± 0.8 1004.8 ± 52.8 8.2 ± 0.0 9.2 ± 0.1 45.7 ± 2.0 1.5 ± 0.1 1.2 ± 0.2 0.023 ± 0.019 91.4 ± 8.4 36.5 ± 2.0 1.8 ± 0.2

D 11.6 ± 0.8 1122 ± 60.3 7.5 ± 0.0 8.6 ± 0.6 56.1 ± 1.0 1.3 ± 0.1 1.8 ± 0.1 0.051 ± 0.021 86.1 ± 4.2 51.9 ± 3.9 81.1 ± 9.2
23.1 ± 1.1 933.2 ± 44.8 8.1 ± 0.1 11.2 ± 1.2 47.1 ± 2.2 2.5 ± 0.3 1.3 ± 0.3 0.052 ± 0.022 72.9 ± 3.6 51.3 ± 5.1 33.8 ± 8.8

E 6.7 ± 1.5 771.5 ± 37.2 8.1 ± 0.1 11.5 ± 0.7 58.1 ± 2.5 1.7 ± 0.3 2.0 ± 0.1 0.014 ± 0.008 55.9 ± 3.1 18.1 ± 0.2 7.6 ± 1.7
19.4 ± 0.6 1143.5 ± 193.7 8.1 ± 0.1 9.2 ± 0.4 49.2 ± 3.9 1.6 ± 0.2 1.9 ± 0.4 0.015 ± 0.006 154.4 ± 54.3 21.5 ± 2.8 2.2 ± 1.2

F 9.8 ± 1.0 1216.7 ± 25.6 7.9 ± 0.0 13.7 ± 1.0 52.4 ± 0.9 1.3 ± 0.1 2.2 ± 0.1 0.046 ± 0.027 117.4 ± 5.1 81.2 ± 2.6 5.0 ± 0.4
21.0 ± 1.1 919.5 ± 42.7 8.2 ± 0.1 10.7 ± 0.7 53.2 ± 0.8 1.9 ± 0.2 3.0 ± 0.1 0.194 ± 0.021 55.0 ± 5.9 63.9 ± 6.1 3.0 ± 0.3

G 8.1 ± 0.9 606.5 ± 22.6 8.1 ± 0.0 11.6 ± 0.5 58.1 ± 2.6 1.7 ± 0.4 3.5 ± 0.3 0.038 ± 0.022 23.1 ± 5.2 15.9 ± 2.6 184.7 ± 8.6
17.1 ± 0.4 617.6 ± 57.0 8.1 ± 0.0 7.7 ± 0.4 63.2 ± 2.0 1.6 ± 0.1 4.8 ± 0.5 0.024 ± 0.004 14.3 ± 1.4 15.1 ± 1.5 25.7 ± 12.2

H 5.5 ± 1.6 475.4 ± 47.8 8.1 ± 0.0 10.8 ± 0.3 50.8 ± 0.8 1.2 ± 0.1 0.03 ± 0.006 0.003 ± 0.001 19.8 ± 1.1 10.8 ± 0.2 34.1 ± 10.4
17.4 ± 0.9 512.3 ± 17.7 8.2 ± 0.0 8.9 ± 0.1 49.4 ± 1.3 1.5 ± 0.1 0.01 ± 0.007 0.003 ± 0.001 19.04 ± 0.71 7.6 ± 0.2 9.0 ± 2.7

I 8.1 ± 1.3 939.2 ± 41.8 8.01 ± 0.1 10.3 ± 0.2 35.2 ± 0.4 0.5 ± 0.1 0.003 ± 0.0006 0.002 ± 0.001 127.4 ± 5.8 2.3 ± 0.1 10.4 ± 0.8
17.2 ± 0.6 671.7 ± 48.3 8.0 ± 1.1 8.8 ± 0.1 35.3 ± 0.8 0.7 ± 0.1 0.01 ± 0.006 0.002 ± 0.001 80.2 ± 7.8 1.8 ± 0.3 3.1 ± 0.5

J 7.8 ± 1.5 951.7 ± 43.5 8.4 ± 0.1 11.3 ± 0.1 35.3 ± 0.4 0.5 ± 0.1 0.002 ± 0.006 0.002 ± 0.001 134.0 ± 6.9 2.2 ± 0.1 5.9 ± 0.4
16.7 ± 0.7 747.7 ± 40.1 8.4 ± 0.1 8.9 ± 0.2 34.1 ± 0.7 0.6 ± 0.0 0.01 ± 0.007 0.002 ± 0.001 82.5 ± 6.7 1.7 ± 0.3 4.8 ± 0.2
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(0.0027 ± 0.0004 d−1) than in winter (0.0009 ± 0.0001 d−1) at all of
the sites (Fig. 2). Differences were also noted between orders (interac-
tion time × order, Table 4). The decomposition rates were increased in
high orders compared with low orders in both seasons. The differences
between lotic and lentic habitats was only evident in high orders, with
the highest decomposition rates in lotic habitats.

The seasonal variability in the decomposition rateswasmore impor-
tant in high-order reaches compared with low-order reaches. In high
orders, the decomposition rates were increased 2.9-fold in summer
compared with winter (0.001 ± 0.0003 d−1), whereas the seasonal
differences in low orders were reduced until rates were only 1.57
times higher. Accordingly, the variability among sites was more pro-
nounced in summer, with rates 6.03 times higher in high-order reaches
(0.003 ± 0.0007 d−1) compared with low-order reaches (0.0006 ±
0.00009 d−1) (interaction time × order × season, Table 4).

Clear differences between lotic and lentic habitats were exclusively
evident in high orders, especially in winter (interaction time ×
habitat × order × season, Table 4). In high orders, lotic habitats exhibit-
ed an average decomposition rate that was higher than that observed in
lentic habitats. This difference between habitats was especially remark-
able in winter; decomposition rates in lotic habitats (0.002 ±
0.0005 d−1) were increased 2.5-fold compared with lentic habitats
(0.0007 ± 0.0002 d−1). In summer, lentic habitats exhibited rates that
were more similar (0.003 ± 0.0011 d−1) than the rates obtained for
the lotic habitats. Conversely, low-order lentic and lotic habitats pre-
sented similar decomposition rates in both seasons (Fig. 2).

The initial nitrogen content of sticks was 0.07% of dry mass, and an
increase was observed during decomposition in both periods. This in-
crease was more pronounced in winter compared with summer. After
a loss of 20% of the initial mass, the amount of nitrogen in the sticks in
winter was approximately 0.4% of the drymass, whereas it was approx-
imately 0.2% in summer (Fig. 3). The initial carbon content of sticks was
47.2% of dry mass and a slight decrease in this percentage was observed
during decomposition in both periods (45.2% in summer, 47% in
winter). A decrease in the C:N ratio along decomposition was observed
during the experiment. Any pattern was detected in the carbon and ni-
trogen content between habitats and orders along the river network.

3.3. Watershed characteristics and decomposition rates

The stepwise regression revealed that the decomposition rates were
significantly associated with stream water characteristics. The final se-
lected model included temperature, NOx, water residence time, and
DOC as the best combination of variables to predict the mass loss. The
proportion of variance in the rates explained by these predictors includ-
ed in the model was approximately 72% (Table 5).

At the same time, we identified a significant relationship between
the decomposition rates and the surface of agricultural land use in
each sub-catchment in summer (Fig. 4). This relationshipwas unimodal
at thewatershed scale from low to high orders, exhibiting increased de-
composition rates at intermediate levels of agricultural land use in both

Table 3
Summary of linearmixed-effect models of streamwater characteristics of the studied sites along the river network in both seasons (n= 80). DIC, PO4

−3, and SO4
−2 values with correlation

coefficients greater than 0.70 with DOC, NOx, and conductivity, respectively, were not included in the linear mixed-effects model. Data appearing in bold are statistically significant.

Dependent variables

Temperature NOx Residence time
(log x)

DOC Dissolved
oxygen

pH Cl− Conductivity

Fixed factors F p F p F p F p F p F p F p F p

Habitat 0.40 0.5526 6.02 0.0576 28.09 0.0061 0.21 0.6607 0.02 0.8711 1.88 0.2291 0.01 0.9475 0.02 0.8835
Order 35.27 0.0011 29.75 0.0017 15.16 0.0136 2.86 0.1481 1.03 0.4211 1.45 0.3177 21.56 0.0035 4.41 0.0787
Season 490.85 b .0001 1.02 0.3147 25.10 b .0001 8.17 0.0058 27.49 b .0001 1.76 0.1897 63.84 b .0001 10.16 0.0220
Habitat × order 0.34 0.7245 5.44 0.0556 124.52 0.0002 0.24 0.7936 0.22 0.8074 1.92 0.2412 0.02 0.9735 0.54 0.6119
Habitat × season 0.25 0.6140 0.01 0.92 0.55 0.4609 0.49 0.4851 2.40 0.1263 2.58 0.1134 29.96 b .0001 1.53 0.2199
Season × order 1.41 0.2508 6.68 0.0023 5.53 0.0072 3.22 0.0463 3.89 0.0254 2.03 0.1402 14.69 b .0001 3.76 0.0286
Habitat × order × season 1.89 0.1594 6.99 0.0018 56.05 b .0001 0.62 0.5409 5.58 0.0059 0.31 0.7372 2.29 0.1093 3.08 0.0526
(n = 80) AIC 352.29 150.75 336.54 131.19 293.06 4.71 416.56 892.014

Table 4
Summary of the linearmixed-effectsmodel used to analyse differences inwooddecompo-
sition over time along the river network. The proportion of remaining AFDMwas used as
dependent variable. Season, hydrological habitat, river order, and time (co-variable) were
used as fixed factors, whereas site was used as a random factor. Data appearing in bold are
statistically significant.

Dependent variable

Fixed factors AFDMr (log x)

F p

Time 56.69 b .0001
Habitat 3.83 0.1219
Time × habitat 0.46 0.4969
Order 10.27 0.0266
Time × order 6.74 0.0015
Season 98.56 b .0001
Time × season 35.30 b .0001
Habitat × order 11.17 0.0211
Time × habitat × order 10.10 0.0001
Habitat × season 18.52 b .0001
Time × habitat × season 0.09 0.7679
Order × season 69.65 b .0001
Time × order × season 4.89 0.0086
Habitat × order × season 11.82 b .0001
Time × habitat × order × season 5.49 0.0049
(n = 192, AIC = −351.90)

Fig. 2.Decomposition rated (day−1) of each site inwinter and summer. Error bars indicate
standard error.
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lentic and lotic habitats. No significant relationshipwas observed during
the winter period.

4. Discussion

Wood decomposition revealed differences in ecosystem functioning
along the studied river network that were more associated with differ-
ences between stream orders than with differences between habitats
(lentic–lotic). Flow regulation affected decomposition rates in high
orders, where lotic and lentic habitats differed widely in their
characteristics.

Contradictory results related to the decomposition of organic matter
along stream orders or altitudes are reported in the literature. Some au-
thors report that the decomposition rates of leaf litter increased in the
downstream direction (Benfield et al., 2000; Fleituch, 2001; Fonnesu
et al., 2004), whereas others report a decrease (Cortes et al., 1995) or
even no trend along the river network (Tiegs et al., 2009). Regarding
wood decomposition, the number of studies performed at the water-
shed scale is even smaller, and these results are also inconsistent.
Naiman and Melillo (1987) reported increased rates in headwater
streams, whereas other studies, including our study, described faster
decomposition downstream (Diez et al., 2002; Aristi et al., 2012). The
differences could be closely related to the characteristics of the study
basin. In our basin, the nutrient concentrations and water temperature
differed widely between stream orders, with a clear differentiation be-
tween high and low orders. The former exhibited higher temperature
and nutrient concentrations, and these factors were positively correlat-
ed with decomposition rates.

Previous studies have already indicated that elevated nutrient con-
centrations can accelerate wood decomposition rates (Tank and
Webster, 1998; Diez et al., 2002),mainly via fungal and bacterial activity
(Crenshaw et al., 2002). An increase in nutrient availability in the water
column, especially nitrogen and phosphorus, potentially provides an
extra source of nutrients, stimulating microbial activity on litter

(Ferreira et al., 2014). At the same time, this stimulation effect is more
pronounced in substrates with low nutrients and high lignin content,
such as wood, because themicrobial community is more limited by nu-
trients (Stelzer et al., 2003; Gulis et al., 2004; Ferreira et al., 2006b).
Thus, our results revealed an increase in the nitrogen content in litter
during decomposition, which was more pronounced in winter com-
paredwith summer. In high orders, where nutrients are available, nitro-
gen concentration in water is higher in winter than in summer for 4 of
the 6 studied sites. At least for these sites, this increase in the nitrogen
content in litter is likely due to differences in nutrient availability.
Other researchers have found this increase (Menéndez et al., 2011)
and attributed it to microbial nutrient uptake and immobilisation in
the water column (Chauvet, 1987; Kuehn et al., 2000).

The effect of nutrient concentrations on litter decomposition also de-
pends on water temperature (e.g., Ferreira and Chauvet, 2011). As we
predicted, a clear effect of the temperature on the decomposition rates
was detectable in our results, with increased decomposition rates
noted in summer compared with winter at all of the sites. However,
despite similar increases in temperatures between reaches of different
orders, the effect of temperature on decomposition rates was much
greater for high orders than low orders. Similarly, Fonnesu et al.
(2004) studied the organic matter decomposition in a 5th order Medi-
terranean watershed and found that the seasonal variation in leaf de-
composition was low in reaches with low decomposition rates and
high in reacheswith high decomposition rates. This finding is potential-
ly related to a synergistic effect of nutrient concentration and tempera-
ture on decomposition (Ferreira and Chauvet, 2011). Temperature
stimulates metabolic activity, allowing a faster decomposition process;
however, stimulation only occurs if nutrients are available, especially
in substrates such as wood. In high orders with relative nutrient avail-
ability, an increase in temperature in summer potentially enhances mi-
crobial activity. By contrast, in low orders, decomposition is limited by
nutrients, and rates are less independent of the temperature (Graça
and Canhoto, 2006).

Fig. 3. Nitrogen (N) content in each stick as a percentage of stick dry mass and related to the total proportion of ash-free dry (ADFM) lost in each stick (n = 192).

Table 5
Multiple regression analyses of decomposition rates (day−1) and streamwater characteristics inwinter and summer (n= 20). T= temperature, NOx=NO2

−+NO3
2−, DOC= dissolved

organic carbon. R = multiple regression coefficient. Note that residence time was negatively correlated with decomposition rates. Data appearing in bold are statistically significant.

Dependent variable Selected independent variables Coefficient Standard error t value p

k (days−1) n = 20, R = 0.72, F = 13.55, p b 0.001 T 0.060 0.024 2.470 0.0260
NOx 0.242 0.104 2.318 0.0350

Residence time −0.322 0.112 −2.873 0.0116
DOC 0.687 0.3293 2.087 0.0543
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Stream environmental parameters, such as nutrients and tempera-
ture, are strongly influenced by land uses within the watershed (Allan,
2004). Our watershed was primarily covered by forest, but increased
agricultural land use was observed downstream. Agricultural activity
as a consequence of runoff and deforestation is associatedwith elevated
nutrient concentrations and increased water temperature (Townsend
and Riley, 1999; Paul et al., 2006). In our study, summer decomposition
rates exhibited a unimodal relationship with the amount of agricultural
land use, revealing the highest decomposition rates at intermediate
levels of agricultural land use. A similar relationship with leaf litter de-
composition in streams was reported by Mctammany et al. (2008)
along an agricultural land gradient and by Woodward et al. (2012)
along a nutrient gradient. Moderate levels of agricultural runoff stimu-
late decomposition, which is limited by nutrients, but extreme amounts
may cause decreased decomposition rates due to other pollutants or
sediment inputs (Hagen et al., 2006; Lecerf et al., 2006).

As we predicted, significant differences in decomposition rates be-
tween habitats were observed in high orders; increased rates were
noted in lotic habitats compared with lentic habitats, especially in win-
ter. However, significant responses were not observed in low orders,
likely due to the low replication for these habitats.

The only environmental variables with significant differences in the
interaction amonghabitat, order, and season in themixed-effectsmodel
and at the same time, related with decomposition rates in the final re-
gression model were water residence time and NOx concentration.
Given that lentic habitats are characterised by higher water residence
time, we hypothesised that they experience less physical abrasion
than lotic habitats. Similarly, different studies have demonstrated
higher decomposition rates of leaves and twigs when flow velocity in-
creases, suggesting that physical abrasion caused by flowing water
alongwith transported sediment (Ferreira et al., 2006a) serves as an im-
portant breakdown factor (e.g., Chergui and Pattee, 1988; Vingada,
1995; Santos Fonseca et al., 2012). Flow is also a major determinant of
biotic composition (Bunn and Arthington, 2002). Fungi are considered
the main decomposers of submerged wood (Gulis et al., 2004), and
the current velocity can serve as an important factor regulating their as-
semblage structure. Ferreira and Graça (2006) reported increased
aquatic hyphomycete activity in leaves exposed to high, rather than
low, current velocity. Water flow supplies a continuous source of fungal
spores to detritus (Bärlocher, 1992) and promotes oxygen-rich waters,
preferentially colonised by aquatic hyphomycetes (Chauvet, 1992).
This colonisation primarily occurs in winter when the presence of leaf
litter allows the maximum fungal production (Suberkropp, 1997).

Therefore, in high orders, fungal activity in lotic habitats might be stim-
ulated. In contrast, in lentic areas, where physical abrasion and fungal
activity might be low, decomposition rates remain low. This notion is
primarily true in winter. However, in summer, when no difference
between habitats was noted, the temperature would homogenise
their decomposition rates.

The wood decomposition rates measured along the river network
integrated the effects of flow regulation. The reduction of flow due to
small dams andweirs reduced the organicmatter decomposition capac-
ity of the river, especially in thewinter season,when the environmental
differences between lentic and lotic reaches were more evident.

This study demonstrated that small dams and weirs modify ecosys-
tem functioning along the river network, affecting key ecosystem
functions such as organic matter decomposition. These types of im-
poundments are especially abundant in Mediterranean areas. Despite
the abundance of these impoundments, their ecological effects remain
poorly understood. Moreover, Mediterranean areas are experiencing
a growth of urban areas and extension in agriculture activities
(Underwood et al., 2009), which could result in major flow regulation
in the future andmore small dams andweirs in the river basins to guar-
antee water supply. Under this scenario, it is especially relevant to fur-
ther investigate the effects of these impacts on ecosystem functioning,
and to consider these results to promote effective river management.
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Heterogeneity in leaf litter decomposition in a temporary Mediterranean
stream during flow fragmentation
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H I G H L I G H T S

• Temporary Mediterranean streams are
characterized by high spatial and tem-
poral hydrological variability.

• Flow fragmentation during the summer
drought gives rise to a mosaic of aquatic
and terrestrial habitat types.

• We assessed leaf litter decomposition in
running waters, isolated pools, moist
sediments and dry sediments.

• We found heterogeneous decomposition
throughout the sites with implications to
DOC utilization.

• Addressing environmental heterogeneity
is crucial to improving our understanding
of temporary streams.
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In temporaryMediterranean streams,flow fragmentation during summer droughts originates an ephemeralmo-
saic of terrestrial and aquatic habitat types. The heterogeneity of habitat types implies a particular ecosystem
functioning in temporary streams that is still poorly understood. We assessed the initial phases of leaf litter de-
composition in selected habitat types: running waters, isolated pools and moist and dry streambed sediments.
We used coarse-mesh litter bags containing Populus nigra leaves to examine decomposition rates, microbial bio-
mass, macroinvertebrate abundance and dissolved organic carbon (DOC) release rates in each habitat type over
an11-day period in late summer.Wedetected faster decomposition rates in aquatic (runningwaters and isolated
pools) than in terrestrial habitats (moist and dry streambed sediments). Under aquatic conditions, decomposi-
tion was characterized by intense leaching and early microbial colonization, which swiftly started to decompose
litter. Microbial colonization in isolated pools was primarily dominated by bacteria, whereas in running waters
fungal biomass predominated. Under terrestrial conditions, leaves were most often affected by abiotic processes
that resulted in small mass losses. We found a substantial decrease in DOC release rates in both aquatic habitats
within the first days of the study, whereas DOC release rates remained relatively stable in themoist and dry sed-
iments. This suggests that leaves play different roles as a DOC source during and afterflow fragmentation.Overall,
our results revealed that leaf decomposition is heterogeneous during flow fragmentation,which has implications
related to DOC utilization that should be considered in future regional carbon budgets.
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1. Introduction

Temporary rivers and streams are defined as those watercourses
that cease to flow at some point in space and time along their course
(Arthington et al., 2014). Often overlooked in global inventories
(Acuña et al., 2014), these ecosystems are widespread around the
globe and are the dominant surface water type in Mediterranean cli-
mate regions (Bonada and Resh, 2013). Temporary Mediterranean
streams are characterized by high hydrological variability governed by
dry andwet periods throughout the year (Acuña et al., 2005). A dry pe-
riod typically occurs in summer, when a decrease in precipitation com-
bined with increases in evapotranspiration and water use drastically
reduces water flow until the hydrological connectivity is lost (Bernal
et al., 2013). This contraction phase implies the fragmentation of stream
ecosystems and ultimately leads to the emergence of a changing and
ephemeral mosaic of terrestrial and aquatic habitat types along the
streambed (Larned et al., 2010). These habitat types include areas
with runningwaters, isolated pools of different sizes and dry streambed
sediments. The dynamics of this habitat mosaic are controlled by the
frequency and duration of the dry period (Stanley et al., 1997; Bunn
et al., 2006), which lasts until hydrological connectivity is restored
(Tockner et al., 1999).

Flow variability is a determining factor in aquatic ecosystems
(Richter et al., 2003), and in temporary streams the alternation between
dry and wet periods influences all ecological processes (Sabater and
Tockner, 2010). One of these processes is the decomposition of organic
matter, a key ecosystem process that governs the entry of energy and
nutrients into streams (Webster and Benfield, 1986). During dry pe-
riods, water stress may impact riparian vegetation by causing early
leaf abscission that coincides with flow fragmentation (Sabater et al.,
2001; Sanpera-Calbet et al., 2015). Then, leaf litter falls into the stream-
bed and is primarily retained in dry streambed sediments and isolated
pools (Acuña et al., 2007) where different factors affect its processing.

Decomposition rate is usually slower in dry streambed sediments
than under aquatic conditions (e.g., Langhans et al., 2008; Schlief and
Mutz, 2011), primarily because the absence of water limits the activity
of decomposers. In dry sediments, invertebrates play aminor role in de-
composition because aquatic shredders are inhibited by emersion
(Datry et al., 2011; Riedl et al., 2013;Martínez et al., 2015) and terrestri-
al detritivores are scarce (Maamri et al., 1997; Corti et al., 2011). Micro-
bial biomass and activity are also reduced in dry conditions (Boulton,
1991), although the importance of this factor seems to be closely linked
to sediment moisture levels (Amalfitano et al., 2008; Gómez-Gener
et al., 2015). In this regard, some studies have reported an increase in
microbial decomposition when litter is partially rehydrated (Langhans
and Tockner, 2006; Bruder et al., 2011; Foulquier et al., 2015). Neverthe-
less, little is known about the effect of moisture on decomposition and
some authors have highlighted the importance of assessing this process
at different stages of drying to better understand the mechanisms
involved (e.g., Larned et al., 2010).

In isolated pools, decomposer communities are exposed to harsh
physicochemical conditions. In these habitats, detritus accumulation in-
creases nutrient concentrations and stimulates heterotrophic activity
that causes a gradual decrease in oxygen levels and pH (Stanley et al.,
1997; von Schiller et al., 2011). Moreover, the accumulation of leaf
leachates in pools may be toxic for some decomposer communities
(Schlief and Mutz, 2007; Canhoto et al., 2013). Though only a few stud-
ies have evaluated leaf litter decomposition in pools, they reported
lower decomposition rates in comparison to runningwaters and related
it to conditions unfavourable to the development of aquatic fungi and
shredders (Baldy et al., 2002; Schlief andMutz, 2009). However, studies
of leaf litter decomposition in pools have been typically carried out in
microcosms because the unpredictable dynamics of temporary streams
make it difficult to develop a larger scale experimental framework.

This heterogeneity of detritus dynamics along fragmented streams
may also have implications for other ecological processes that rely on

the products of decomposition. Leaf litter leachates supply a large pro-
portion of riverine dissolved organic carbon (DOC), an essential compo-
nent of the carbon cycle that fuels stream metabolism (Meyer et al.,
1998). Previous studies in temporary streams have found changes of
the dynamics of DOC in relation to the hydrology (Vázquez et al.,
2015; von Schiller et al., 2015); however, the contribution of leaf litter
as a DOC source and its implications for the carbon cycle in these sys-
tems remains largely unexplored (but see Casas-Ruiz et al., 2016).
Moreover, the retention of organic matter during flow fragmentation
may be an important source of carbon and nutrients for downstream
reaches when flow returns (Ylla et al., 2010). In this way, the different
biotic and abiotic factors involved in organicmatter decomposition dur-
ing flow fragmentation may determine the availability of organic re-
sources when flow connectivity is re-established, thereby influencing
ecosystem's metabolism and related food webs (Riedl et al., 2013; von
Schiller et al., 2015).

Despite the abundance of temporary streams and their predicted in-
crease due to climate change (Larned et al., 2010), our knowledge of the
dynamics of ecosystem processes such as litter decomposition in these
systems is still limited. This limits our capacity to understand ecosystem
processes in a large proportion of fluvial networks worldwide, hinder-
ing the accurate assessment of ecological conditions and preventing
the effective management of these systems (Acuña et al., 2014;
Arthington et al., 2014; Leigh et al., 2015).

The aim of our study was to assess the initial phases of leaf litter de-
composition within different habitats resulting from flow fragmenta-
tion in a temporary Mediterranean stream: running waters, isolated
pools andmoist and dry streambed sediments.We used litter bags con-
taining Populus nigra L. leaves to examine decomposition rates, carbon
to nitrogen molar ratios, microbial biomass, macroinvertebrate abun-
dance and DOC release rates associated with leaves in each habitat
type over a period of 11 days in late summer. A short incubation period
was set due to the importance of the first stages of decomposition in the
release of DOC from the litter (Yoshimura et al., 2010) and to avoid a
drastic shift in habitat conditions during the experiment. We hypothe-
sized that higher decomposition rates would be observed in aquatic
than in terrestrial habitats because microbial decomposers and
detritivoreswould bemore abundant under aquatic conditions. Regard-
ing aquatic habitats, we expected lower decomposition rates in isolated
pools than in running waters because the absence of flow in pools pro-
motes harsh conditions for shredders and aquatic fungi. Regarding ter-
restrial habitats, we anticipated moisture level to be an important
factor driving leaf litter decomposition, with higher microbial biomass
and, thus, higher decomposition rates inmoist than in dry sediments. Fi-
nally, we predicted amore pronounced decrease in the DOC release rate
during the decomposition process in aquatic habitats compared to ter-
restrial habitats because of the utilization of DOC by microbial commu-
nities associated with leaf litter and the effect of leaching in aquatic
habitats.

2. Material and methods

2.1. Study site

This experiment was conducted on the Fluvià River, located in the
north-eastern Iberian Peninsula. Its watershed drains an area of
990 km2 and has amainstem that is 97 km long and flows into theMed-
iterranean Sea. The watershed is characterized by a Mediterranean cli-
mate, with dry, warm summers and scarce precipitation occurring
primarily in the spring and autumn.

In the upper part of this watershed, we selected an experimental
reach of approximately 2 km along a fourth-order stream (Strahler,
1957). The reach included both a permanent and a temporary section.
The reach is situated between 42°8′33.61″N; 2°26′59.83″E and 42°7′
35.54″; 2°26′59.83″E with the temporary section located in the up-
stream portion of this range. The permanent and temporary sections
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were selected as close as possible tominimize the potential interference
of other environmental variables different from hydrology in our re-
sponse variable. The land cover in the sub-watershed associated with
the study reach is comprised primarily of forest (78%), with some agri-
cultural (19%) and urban (3%) areas (Land CoverMap of Catalonia 2009,
CREAF). The riparian vegetation along the reach is dense and dominated
by Populus nigra, Fraxinus angustifolia and Platanus hispanica.

The experiment was carried out during the August−September
2013 summer drought, when the temporary stream section was
fragmented into isolated pools of different sizes and exposed streambed
sedimentswith differentmoisture levels. Along this section,we selected
three replicate sites for each of the following habitat types: isolated
pools, moist sediments and dry sediments. In the isolated pools, the
wetted area ranged from 12 to 20 m2 and the maximum depth from
30 to 80 cm, as measured on the first sampling date. At the streambed
sediment sites, we identified three points that were completely dry
and three points that were moist. We also selected three running
water sites from the permanent stream section. Water flowed at a con-
stant rate continuously during the experiment, with a discharge of
0.03 m3 s−1, a maximum wetted width of 5 m and a maximum depth
of 20 cm.

During the study period (29 August−9 September 2013), the aver-
age daily air temperature was approximately 23 °C (min. 11 °C - max.
29 °C) and the accumulated precipitationwas 17.3 mm (Meteorological
Service of Catalonia, METEOCAT). This occurred in a single precipitation
event just two days before the experiment ended.

2.2. Habitat characteristics

AWTWmulti-parametric sensor (Weilheim, Germany) was used to
measure water temperature (accuracy of ±0.1 °C), conductivity (accu-
racy of±1 μS cm−1), pH and the dissolved oxygen concentration (accu-
racy of ±0.1mg L−1) in the permanent section and isolated pools three
times during the study period. Current velocity and discharge were also
determined in situ. Water samples were taken in triplicate from each of
these aquatic habitats on the third sampling day (after 8 days of leaf in-
cubation) for nutrient analyses.Waterwas filtered through nylonmem-
brane filters (0.45 μm pore size; Millipore, USA), transported to the
laboratory under cool conditions, and stored at −20 °C in the dark
until analysis. The concentrations of dissolved nitrite, nitrate, ammoni-
um, soluble reactive phosphorus (SRP), chloride, sulphate, calcium
and sodium were analysed using ionic chromatography (IC5000,
DIONEX, USA) with an average accuracy of ±2.8% at 1 ppm. The dis-
solved organic and inorganic carbon concentrations in water (DOC
and DIC, respectively) were measured using a total organic carbon
analyser (TOC-V CSH, Shimadzu, Japan) that had an accuracy of ±4.4%
at 5 ppm.

In themoist and dry sediments, soil temperature andmoisture were
measured in triplicate at each replicate site using portable sensors
(ECH2O 10HS, Decagon, USA and Hi93500, Hanna, USA) on three sam-
pling dates (4, 8 and 11 days of leaf incubation).

2.3. Leaf decomposition

Black poplar (Populus nigra L.) leaveswere collected just after abscis-
sion in the fall of 2012. Leaves were air-dried to constant weight and
stored at room temperature until needed. Portions of 3.27 ± 0.01 g
(mean ± SE) of these leaves were weighed, moistened with distilled
water using a garden atomizer, and enclosed in coarse-mesh nylon
bags (15 × 20 cm, 5 mmmesh openings).

During the August–September 2013 summer drought, a total of 12
leaf bags were placed in each habitat type (4 bags × 3 replicate habitat
type). At the running water and isolated pool sites, bags were tied
with nylon lines to iron bars. At the streambed sediment sites, bags
were put in contact with the substrate and secured using tent pegs
and rocks. One litter bag was retrieved from each habitat replicate 1,

4, 8 and 11 days after the experiment started. The litter bags were
then placed in individual plastic bags and transported in cool conditions
to the laboratory, where theywere immediately processed. Leafmateri-
al from each bag was rinsed with distilled water over a 500 μm sieve to
remove invertebrates and inorganic particles. Invertebrates remaining
on the sieve were preserved in 70% ethanol for later counting and iden-
tification to the lowest-feasible taxonomic level. Macroinvertebrate
abundance was expressed as the number of individuals (Ind.) per unit
of ash-free dry mass (AFDM) of leaf litter. Just after cleaning the leaves,
5 leaf discs from each bag (12mmdiameter) were cut with a cork borer
to determine the DOC release rate (see below). On all sampling dates
except day 1, another set of 3 discs per bag were obtained to determine
bacterial biomass (see below). These discs were preserved in vials with
10ml of distilledwater and 0.5ml of 37% formalin at 4 °C until analysed.
On the last sampling date, one set of 10 discs from each bagwas put into
small plastic bags and frozen at−80 °C to obtain fungal biomass by er-
gosterol determination (see below).

The remainingmaterialwas oven-dried (60 °C, 72 h) andweighed to
determine dry mass. An extra set of 5 leaf discs from each habitat type
and for each sampling date was dried in the sameway as the remaining
material to estimate the mass used in the microbial biomass and DOC
release determinations. Then, a subsample of each dried material sam-
ple was incinerated (450 °C, 5 h) to remove the inorganic components
and to obtain the AFDM. The results were expressed as a percentage
of the remaining initial AFDM. The initial AFDM was determined from
an extra set of 5 leaf bags that were transported into the field and
returned to the laboratory on the same day. These bags were processed
as described above to create a conversion factor between the initial air-
drymass and the initial AFDM, taking into accountmanipulation losses.

Another subsample of dried material was ground into a fine powder
(~1 mmpore size), and the nitrogen (N) and carbon (C) concentrations
were analysed. Both elements were determined using a Perking Elmer
series II CHNS/O elemental analysis. The results were expressed in
terms of C:N molar ratios. We also obtained the C:N molar ratio from
non-incubated leaves in the field.

2.4. Microbial biomass

2.4.1. Fungal biomass
To calculate the fungal biomass at each site, frozen leaf discswere ly-

ophilized, weighed to determine the dry mass and used in the ergoster-
ol analyses (Gessner, 2005). Lipid extraction and saponification were
performed using KOH methanol 0.14 M (8 g L−1) at 80 °C for 30 min
in a shaking bath. Extracted lipids were purified using solid-phase ex-
traction cartridges (Waters Sep-Pak®, Vac RC, 500 mg, tC18 cartridges,
Waters Corp., Milford, MA, USA), and ergosterol was eluted using
isopropanol. Ergosterol was detected and quantified via high pressure
liquid chromatography (HPLC) by measuring absorbance at 282 nm. A
Jasco HPLC system (USA) equipped with a Gemini-NX 5 μm C18
250 × 4.6 mm column (Phenomenex, UK) was used. The mobile phase
was 100%methanol and theflow ratewas set to 1.2mlmin−1. Ergoster-
ol was converted to fungal biomass using a conversion factor of 5.5 mg
ergosterol per gram of fungal mycelium (Gessner and Chauvet, 1993).
The results were expressed inmg of fungal biomass per unit of leaf litter
AFDM.

2.4.2. Bacterial biomass
For bacterial biomass, one leaf disc of each fixed sample was trans-

ferred to a new glass vial filled with 10 ml of pure water previously fil-
tered through 0.2-μmpore size nitrate cellulosemembranes (Whatman,
Germany). Samples were mixed with a vortex and then sonicated for
15 min at low power (10 W) using an ultrasonic homogenizer (Sonic
Ruptor 250, Omni International) to detach bacteria from the leaves.
During sonication, samples were kept on ice to minimize cell damage.
After appropriate dilution, bacterial suspensions were stained with
DAPI (4, 6-diamidino-2-phenylindole hydrochloride; Sigma-Aldrich,
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Germany) for 5 min in the dark to a final concentration of 2 μg ml−1.
Then, the suspensions were filtered through polycarbonate membranes
(0.2 μm pore size; Whatman, Germany) and the filters were mounted
on a slide between two drops of immersion oil. Bacteria were counted
using an epifluorescence microscope (Olympus BX-60, 100× objective
and UV excitation/long-pass filter set). From each filter, a minimum of
200 bacterial cells were counted in at least 20 random fields. The bacte-
rial biomass was estimated in terms of carbon at 2.2 × 10−3 g C μm−3

(Bratbak and Dundas, 1984) and considering a bacteria cell biovolume
in Populus nigra of 0.147 μm3 (Gaudes et al., 2009). The results were
expressed as mg of bacterial biomass per unit of leaf litter AFDM.

2.5. DOC release rate

Leaf discswere incubated in 100ml Erlenmeyer flaskswith 50ml fil-
tered stream water (0.45 μm pore size, Nylon membrane; Millipore,
USA) in a shaker (60 rpm) for 48 h at the stream's water temperature.
Flasks were covered with perforated aluminium foil to allow air ex-
change. After 48 h, 30 ml of 0.45-μm filtered water was taken from
each microcosm, acidified and stored in pre-combusted vials at 4 °C
for DOC determination using a total organic carbon analyser (TOC-V
CSH, Shimadzu, Japan). The stream water used in the microcosms was
collected from the runningwater habitat on each sampling date, during
which time three 30 ml aliquots were also sampled for initial DOC
determination. Obtained DOC release rates corresponded to the net re-
lease of DOC (production–consumption) in the water during the incu-
bation time, as corrected using the initial DOC concentration in the
stream water at the beginning of the incubation (Baldy et al., 2007).
Values were expressed as mg of carbon produced per gram of leaf litter
AFDM per day.

2.6. Data analyses

Physicochemical characteristics were compared within aquatic
(running waters and isolated pools) and terrestrial (moist and dry sed-
iments) conditions using Student's test.

Leaf litter decomposition rates were calculated assuming an expo-
nential decay. Linear regressions between the ln-transformedproportion
of AFDM remaining and time were used to estimate the decomposition
rate given by the slope. To compare the slopes of these regressions be-
tween habitats, we performed an analysis of covariance (two-way
ANCOVA) using the ln-transformed proportion of AFDM remaining as a
dependent variable, time as a covariate and habitat as a categorical vari-
able. Subsequent pair-wise comparisons were performed using Tukey's
Honest Significant Difference (HSD) test.

Bacterial biomass, the C:N molar ratio, macroinvertebrate abun-
dances and leaf litter DOC release rates were compared among treat-
ments using a two-way analysis of variance (ANOVAs) with time and
habitat as categorical variables. For macroinvertebrate abundance and
DOC release rates, subsequent pair-wise comparisons were performed
using Tukey's HSD test. For the C:N molar ratio and bacterial biomass
two samples lost during processing unbalanced the data; therefore,
we applied the Tukey–Kramer HSD post-hoc test to these data. To
meet assumptions for normality and equality of variances, bacterial bio-
mass datawas ln-transformed andmacroinvertebrate abundanceswere
log10 + 1 transformed. In the case of fungal biomass, the data were
log10 + 1 transformed and compared between habitats using a one-
way ANOVA and Tukey's HSD test.

We used Pearson's correlation to test for potential relationships
among variables and a simple linear regression to build predictive
models of these relationships.

Before the statistical analysis, the distributional properties of the
data were assessed to identify outliers. The Shapiro–Wilk test was ap-
plied to assess normality and the Bartlett's test to assess equality of var-
iances. All statistical analyses were conducted using R version 2.15.3 (R
Core Team, 2013), with a significance level set at p b 0.05 for all tests.

3. Results

3.1. Physical and chemical characteristics of habitats

In the streambed sediments, temperature remained stable at an av-
erage 17.9 ± 0.4 °C during the study period, without significant differ-
ences between the moist and dry sediments (t-test, t = 0.61, p =
0.54). By contrast, soil moisture differed between these habitats (t-
test, t = −5.07, p b 0.001), with an average soil water content of
19.6 ± 2.5% in moist sediments and 4.3 ± 1.7% in dry sediments. In
the dry sediments, soil water content reached a minimum value of 0%
during the third sampling and amaximumof 13.1% on the last sampling
date, which may have been related to a precipitation event (17.3 mm)
that occurred just two days before the end of the experiment. In the
moist sediments, the maximum moisture level (27.3%) was registered
during the second sampling date, when the soil water content across
all replicated sites averaged 25.0 ± 1.3% and we found the greatest dif-
ference for dry sediments (6.4 ± 3%).

Regarding the aquatic habitats (Table 1),water temperature differed
between the runningwater and isolated pool sites (t-test, t=4.66, p=
0.01), with slightly higher values in the isolated pools (17.8 ± 0.3 °C)
than in the runningwaters (16.0±0.3 °C). Dissolved oxygen concentra-
tions were lower (t-test, t = −3.0, p = 0.04) in isolated pools (3.4 ±
1.3 mg l−1) than in running waters (7.7 ± 0.5 mg l−1). We found
high variability in dissolved oxygen content between pools, with per-
cent saturation ranging between 8% and 58%. No current was found in
isolated pools, whereas running water sites had a permanent flow dur-
ing the experiment. Nutrient levels differed sharply between aquatic
habitats. DOC (t-test, t = 25.2, p b 0.001), nitrite (t-test, t = 9.5,
p b 0.001), ammonium (t-test, t = 328.1, p b 0.001) and SRP (t-test,
t = 29.9, p b 0.001) had significantly higher concentrations in isolated
pools than in running waters. On the contrary, DIC (t-test, t = −14.4,
p b 0.001), nitrate (t-test, t = −144.9, p b 0.001), chloride (t-test,
t = −14.1, p b 0.001), sulphate (t-test, t = −14.3, p b 0.001), sodium
(t-test, t = −17.8, p b 0.001) and calcium (t-test, t = −6.0,
p b 0.001) concentrations were significantly lower in isolated pools
than in running waters.

3.2. Decomposition rates

Decomposition dynamics differed significantly between habitats
during the study period (ANCOVA, Time × Habitat, F3,40 = 12.71,
p b 0.0001), with a clear distinction between aquatic and terrestrial
habitats (Tukey's test, p b 0.01; Fig. 1A). After 24 h of incubation, the
percentage of mass loss (as AFDM) in running waters was 13.7 ±

Table 1
Physicochemical characteristics of running waters and isolated pools during the study
period (mean ± SE; n = 3).

Units Running waters Isolated pools

Temperature °C 16.0 ± 0.3 17.8 ± 0.3
Conductivity μS cm−1 718 ± 12 450 ± 122
pH 7.6 ± 0.1 7.3 ± 0.1
Dissolved O2 mg L−1 7.7 ± 0.5 3.4 ± 1.3
O2 saturation % 84 ± 6 38 ± 15
Water velocity m s−1 0.04 ± 0.01 0
DIC mg C L−1 75.5 ± 0.2 26.2 ± 3.4
DOC mg C L−1 0.8 ± 0.0 5.1 ± 0.2
Nitrite mg N L−1 0.02 ± 0.00 0.08 ± 0.01
Nitrate mg N L−1 6.6 ± 0.0 0.9 ± 0.0
Ammonium mg N L−1 0.01 ± 0.00 0.24 ± 0.00
SRP mg P L−1 0.03 ± 0.00 0.18 ± 0.01
Chloride mg Cl L−1 18.4 ± 0.1 9.5 ± 0.6
Sulphate mg S L−1 13.1 ± 0.0 3.8 ± 0.6
Sodium mg Na L−1 12.3 ± 0.0 6.9 ± 0.3
Calcium mg Ca L−1 83.2 ± 4.8 39.7 ± 5.4
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1.2%, and in isolated pools it was 17.9 ± 2.1. By contrast, a mass loss of
3.1± 1.5%wasmeasured inmoist sediments on the first sampling date,
and amass loss of only 1.8±0.9wasmeasured in dry sediments. On the
following dates, mass loss in the aquatic habitats continued to be more
pronounced than in sediments. Moist sediments presented a constant
mass loss over time, with a final remaining AFDM percentage of
84.6 ± 2.6%. The mass loss from the dry sediments was practically
non-existent during the first 8 days (2.4 ± 1.2% AFDM loss) but in-
creased thereafter until reaching a remaining AFDM percentage of
87.4 ± 3.5%, which was probably related to the precipitation event.
Running waters had a slightly higher decomposition rate (0.053 ±
0.003 d−1; R2 = 0.95, p b 0.001) than isolated pools (0.044 ± 0.005
d−1, R2 = 0.88, p b 0.001), although this difference was not statistically
significant. As with aquatic habitats, no significant differences were
found in the rates between streambed sediments, despite a higher de-
composition rate in the moist (0.013 ± 0.001 d−1, R2 = 0.89,
p b 0.001) than in the dry sediments (0.009 ± 0.002 d−1, R2 = 0.66,
p b 0.001).

Taking into account decomposition dynamics across all habitats
conforming the temporary section (isolated pools, moist and dry sedi-
ments), we obtained a global decomposition rate (0.021 ± 0.002 d−1,
R2 = 0.95, p b 0.001) lower than that of the permanent section (running
waters; 0.053 ± 0.003 d−1, R2 = 0.95, p b 0.001).

3.3. Microbial biomass on leaf litter

3.3.1. Fungal biomass
After 11 days of incubation, the amount of fungal biomass colonizing

the leaveswas significantly different betweenhabitats (ANOVA, Habitat,
F3,8= 7.98, p=0.008). Runningwaters presented the highest coloniza-
tion rates, with an average value of 91.6 ± 21.9 mg of fungal biomass
per g−1 AFDM, whereas isolated pools had the lowest values (1.5 ±
1.2 mg g−1 AFDM). Fungal biomass was higher in moist (15.9 ±
2.4 mg g−1 AFDM) than in dry (11.8 ± 6.1 mg g−1 AFDM) sediments.
Subsequent post-hoc comparisons revealed that fungal colonization
was significantly different from running waters only in isolated pools
(Tukey's test, p b 0.05).

3.3.2. Bacterial biomass
Bacterial biomass on leaf litter varied significantly between habitats

over time (ANOVA, Time × Habitat, F6,22 = 8.80, p b 0.001; Fig. 2). Bac-
terial colonization was much higher in aquatic than in terrestrial habi-
tats (Tukey Kramer's test, p b 0.001), with a maximum value of
0.71 ± 0.22 mg g−1 AFDM at running waters and a minimum value of
0.02 ± 0.005 mg g−1 AFDM in dry sediments after 11 days of incuba-
tion. No significant differences in bacterial biomasswere found between
aquatic habitats during the process; however, bacterial colonization in
isolated pools increased faster than in running waters, reaching a max-
imum value of 0.28 ± 0.03 mg g−1 AFDM after 8 days of incubation. In
running waters, we found the highest bacterial biomass after 11 days of
incubation. Regarding streambed sediments, post-hoc comparisons re-
vealed significant differences in bacterial colonization between moist
and dry sediments (Tukey's Kramer test, p = 0.012). These differences
appeared clearly only after 4 days of incubation, when the bacterial bio-
mass presented in moist sediments was 3 times higher than that in dry
sediments. Both habitats had maximum colonization rates on the last
sampling date (0.03 ± 0.004 mg g−1 AFDM in moist and 0.02 ±
0.005 mg g−1 AFDM in dry sediments).

After 11days of incubation, bacterial biomass in isolated pools repre-
sented 12.9% of the total microbial biomass (fungal and bacterial bio-
mass) associated with leaves. This value was 0.8% for running waters,
0.2% for moist sediments and 0.1% for dry sediments.

3.4. Macroinvertebrate abundance

Totalmacroinvertebrate abundance associatedwith leaf litterwas sig-
nificantly higher in aquatic than in terrestrial habitats (ANOVA, Habitat,
F3,32=56.99, p b 0.001; Tukey's test, p b 0.001; Fig. 3). Macroinvertebrate

Fig. 1. Percentage of ash-free drymass (AFDM) remaining (A), C:Nmolar ratio in leaf litter
(B) and DOC release rate (C) from leaf litter in each habitat over time (mean± SE, n=3):
running waters (RW), isolated pools (IP), moist sediments (MS) and dry sediments (DS).

Fig. 2. Bacterial biomass associated with Populus nigra leaves in each habitat over time
(mean ± SE, n = 3): running waters (RW), isolated pools (IP), moist sediments (MS)
and dry sediments (DS).

334 M. Abril et al. / Science of the Total Environment 553 (2016) 330–339



original publications

abundance in aquatic habitats increased gradually until the end of the ex-
periment. No significant differences were found in total macroinverte-
brate density between isolated pools and running waters, but total
abundance varied considerably between pools (Fig. 3, insert), a fact likely
related to themarkeddifferences in oxygen availability between sites. Ap-
proximately 90% of the macroinvertebrates in isolated pools were
scrapers of the genus Physa, whereas this proportion was lower in run-
ning waters (41%). Shredders accounted for b1% to total macroinverte-
brate abundance in both aquatic habitats.

3.5. C:N molar ratio

The elemental composition of the decomposing leaf litter varied sig-
nificantly between habitats during the study period (ANOVA, Time x
Habitat, F9,30= 2.83, p=0.015; Fig. 1B). The C:Nmolar ratio decreased
over time in all habitats (ANOVA, Time, F3,30 = 18.63, p b 0.001) com-
pared to the initial value of 110.5 ± 5.4 found on litter not incubated
in the field, a result related to an increase in nitrogenwhile carbon con-
centrations remained constant. The lowest values were detected at run-
ningwater sites (35.9 ± 2.6) after 11 days of incubation. In this habitat,
leaf quality differed significantly from that in dry and moist sediments
(Tukey Kramer's test, p b 0.001) but not from that in isolated pools
(Tukey Kramer's test, p = 0.076). Significant differences in the C:N

molar ratio were also found between isolated pools and dry sediments
(Tukey Kramer's test, p = 0.002).

In aquatic habitats, we found a significant negative correlation be-
tween the percentage of AFDM lost and the C:N molar ratio (Pearson's
correlation, r=−0.92, p b 0.001), which decreased in a significant lin-
ear relationship (linear regression, R2= 0.85, p b 0.0001; Fig. 4A) as de-
composition progressed. This correlation was higher in running waters
(Pearson's correlation, r = −0.97, p b 0.001) than in isolated pools
(Pearson's correlation, r = −0.81, p b 0.001) and was not observed in
dry or moist sediments (Pearson's correlation, r = −0.27, p = 0.197;
Fig. 4B).

3.6. DOC release rate from litter

DOC release rates from leaf litter differed significantly between hab-
itats over time (ANOVA, Time × Habitat, F9,32 = 2.70, p = 0.018;
Fig. 1C). After 11 days of incubation, all habitats presented lower DOC
release rates than the initial value of 57.5 ± 8.4 mg C g−1 AFDM day−1

1 in litter not incubated in the field. However, the decrease in DOC re-
lease rates followed different patterns in aquatic and terrestrial habitats
(Tukey's test, p b 0.001). A more pronounced decrease occurred in
aquatic habitats, where the DOC release rate fell to 10.2 ±
2.2 mg C g−1 AFDM day−1 in running waters and 6.2 ±
0.9 mg C g−1 AFDM day−1 in isolated pools after only 4 days in the
field. In terrestrial habitats, we observed a more constant decrease
in the DOC release rate over time, without significant differences
between moist and dry sediments. After 11 days of incubation, the
DOC release rate was 19.7 ± 7.6 mg C g−1 AFDM day−1 in moist
sediments and 21.2 ± 8.6 mg C g−1 AFDM day−1 in dry sediments.
In the case of dry sediments, we observed a drastic decrease in the
DOC release rate from litter on the last sampling date, which may
be related to the precipitation event that occurred two days earlier.

Across all habitats, we found a negative correlation between DOC re-
leased rates and the proportion of AFDM lost (Pearson's correlation,
r = −0.89, p b 0.001). This correlation followed a linear relationship
with AFDM lost and explains 80% of the variation in DOC release rates
(linear regression, R2 = 0.80, p b 0.001; Fig. 5). At the same time, the
DOC release rates in aquatic habitats correlated positively with the
C:N molar ratio (Pearson's correlation, r = 0.73, p b 0.001). However,
this correlation was found to be higher in running waters (Pearson's
correlation, r=0.85, p b 0.001) than in isolated pools (Pearson's corre-
lation, r= 0.61, p= 0.04). This correlation was not significant in moist
or dry sediments (Pearson's correlation, r = 0.39, p = 0.055).

4. Discussion

In temporary streams, the decomposition of organic matter tends to
be a slower process than in perennial ones (e.g., Herbst and Reice, 1982;

Fig. 3. Total macroinvertebrate abundance in leaf bags over time for all habitat types (n=
3, mean ± SE): running waters (RW), isolated pools (IP), moist sediments (MS) and dry
sediments (DS). Insert: Total macroinvertebrate abundance in each isolated pool (IP1,
IP2, IP3) at each sampling time (days).

Fig. 4. Relationship between the leaf C:N molar ratio and the proportion of ash-free dry mass (% AFDM) lost in aquatic (A; n = 22) and terrestrial (B; n = 24) habitats.
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Richardson, 1990) basically because processing efficiency is reduced
during drought events (Maamri et al., 1997; Pinna and Basset, 2004).
However, spatial and temporal habitat heterogeneity caused by flow
fragmentation during these events creates disparate ecological condi-
tions that may result in a highly heterogeneous decomposition process.
To assess this hypothesis, we analysed the initial stages of leaf litter de-
composition in different habitats resulting from flow fragmentation.
After only 11 days of incubation, we detected widely different decom-
position rates among habitats, distinguishing faster rates for leaves ex-
posed to aquatic (isolated pools and running waters) than terrestrial
(moist and dry sediments) conditions. These results are consistent
with previous studies (Langhans et al., 2008; Datry et al., 2011) and
can be primarily attributed to the fact that decomposer communities
are negatively affected by emersion (Corti et al., 2011; Foulquier et al.,
2015; Martínez et al., 2015). However, we also found differences in fac-
tors controlling leaf litter decomposition within aquatic and terrestrial
conditions, suggesting a high heterogeneous decomposition process
that is not detectable within general (i.e., per condition) decomposition
rates.

In aquatic habitats, contrary to our expectations, isolated pools
showed similar decomposition rates to running waters. Using Populus
nigra leaves, Langhans et al. (2008) found an opposing trend, with
higher rates in the river channel than in pools after three months of in-
cubation in a floodplain. Along the same lines, Schlief and Mutz (2009)
simulated isolated pools usingmesocosms and found slower decompo-
sition rates of Alnus glutinosa under reduced flow conditions. In these
studies, a greater contribution of shredders to litter decomposition in
streams than in stagnant waters was a key factor explaining these dif-
ferences. In our study, however, macroinvertebrate abundance in litter
bags was similar among aquatic habitats, and the relative abundance
of shredders was insignificant. This lack of shredders in the study
reach may be related to the fact that sampling was performed in late
summer, when the presence of shredders is practically non-existent in
Mediterranean streams (Muñoz, 2003; Sabater et al., 2006). Thus,
shredder feeding did not appear to play an important role in leaf litter
decomposition in our study. In contrast, our results were in line with
Baldy et al. (2002), who found similar decomposition rates for Populus
nigra at the river channel and in a floodplain pond despite differences
in the microbial communities colonizing the leaves. Similarly, we
found a much lower fungal biomass in pools than in running waters
after only 11 days of incubation. As previous studies have already de-
scribed (Langhans et al., 2008; Schlief and Mutz, 2009), the reduced
presence of fungi in our isolated pools may be attributed to the absence

of flow. A decrease inwater flow limits fungal colonization because flow
stimulates the sporulation process (Webster and Towfik, 1972; Maamri
et al., 2001) and supplies a continuous source of fungal spores to detri-
tus (Bärlocher, 1992). Furthermore, reduced flow also limits re-aeration
and allows the accumulation of detritus in pools, causing a reduction in
oxygen and an increase in leaf leachates that can hinder fungal develop-
ment in these habitats (Schlief and Mutz, 2007; Medeiros et al., 2009;
Canhoto et al., 2013). Similarly, our study pools exhibited high DOC
concentrations, and the oxygen concentrations observed therein were
lower than in running waters.

Based on our results, bacterial biomass was similar in runningwater
and isolated pool sites, which is in accordancewith the results described
by Baldy et al. (2002). Physicochemical conditions in pools were likely
not so unfavourable to bacteria, as in the case of fungi. For example,
Pascoal and Cassio (2004) reported an increase in bacterial production
in polluted sites, and Eiler et al. (2003) found that bacterial metabolism
was stimulated by large amounts of DOC in batch cultures. Along these
lines, a high availability of DOC and other nutrients could drive the rapid
bacterial development observed in pools after just 8 days of incubation.
This development may also be enhanced by the large abundance of
scrapers found in pools because scrapers are able to stimulate microbial
growth and activity through their feeding practices (Suberkropp, 1992).

Our results revealed a decrease in the C:N molar ratio in leaf litter
during decomposition as a result of a gradual increase in nitrogen that
occurred while carbon concentration remained practically constant.
Other studies have found a similar pattern (e.g., Gulis and Suberkropp,
2003; Pascoal and Cassio, 2004; Menéndez et al., 2011) and have asso-
ciated it with the accumulation of microbial biomass on leaves that up-
take and immobilize nitrogen from the water column as carbon is
mineralized (Melillo et al., 1984; Chauvet, 1987). The mineralized litter
carbon is replaced by microbial cells, which explains the small changes
observed in carbon concentration (Yoshimura et al., 2010). Along these
lines, themass loss during leaf decomposition was negatively related to
the C:N molar ratio in aquatic habitats, suggesting that microbial de-
composers played an active role in these habitats. However, a less pro-
nounced decrease in the C:N molar ratio and a lower correlation with
mass loss observed in isolated pools than in running waters may indi-
cate that microbial development and activity was constrained in pools,
a fact already apparent in the relatively low bacterial biomass observed
at the end of the incubation period and in the low presence of fungi
found in this habitat. This constraint also suggests that decomposition
rates in isolated pools may have been lower than in running waters if
a longer incubation time was allowed.

Terrestrial habitats showed litter decomposition rates up to four
times slower than in aquatic habitats, as well as a much lowermacroin-
vertebrate and bacterial biomass presence. Similar decomposition rate
was recorded in exposed streambed sediments, with slightly faster
rates observed in the moist sediments. However, bacterial biomass dif-
fered between habitats and reached higher values in leaves exposed in
moist than in dry sediments. These differences were larger after four
days of incubation coinciding with the highest levels of soil water con-
tent registered in the moist sediment sites. Previous studies have re-
ported a positive effect of soil moisture on mass loss (Cortez, 1998;
Lee et al., 2014), which has mainly been attributed to the more active
role microbial decomposers play under wet conditions (Amalfitano
et al., 2008;Manzoni et al., 2012). A decrease inmoisture availability re-
sults in the physiological stress of microbial communities because it
constrains their osmotic regulation and the diffusive transport of solutes
in soil (Borken andMatzner, 2009). In contrast, we found similar fungal
biomass on leaf litter in moist and dry sediments after 11 days of incu-
bation with values in agreement with Langhans and Tockner (2006).
These findings may be related to the fact that fungi are generally more
resistant to desiccation than bacteria, likely because their hyphal devel-
opment facilitates the search for water and nutrients (Yuste et al., 2011;
Barnard et al., 2013). Nevertheless, and contrary to aquatic habitats, we
did not find any relationship between the C:Nmolar ratio andmass loss

Fig. 5. DOC release rate from leaf litter related to the proportion of ash-free dry mass
(% AFDM) lost in all habitats: running waters, isolated pools, moist sediments and dry
sediments (n = 48).
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in sediments, indicating the limited role microbial decomposers played
in these habitats.

Thus, based on our results, the initial phase of leaf litter decomposi-
tion in exposed streambed sediments was primarily driven by abiotic
factors, whereas biotic factors were probably not important at the
time scale of our study. Steward et al. (2012) reviewed the ecology of
dry streambeds and described an increase in the relative importance
of abiotic mineralization processes in these systems. Austin and
Vivanco (2006) also suggested the limited influence of biotic activity
in leaf litter decomposition under semi-arid conditions and noted the
relevance of photo-degradation as an important driver of decomposi-
tion. Leaves on the sediment surface are exposed to high solar radiation
that promotes direct photochemical mineralization and also facilities
litter biodegradability (Gallo et al., 2006; Wang et al., 2015; Almagro
et al., 2015). Together with this process, the negligible mass loss ob-
served in streambed sediments also could be attributed to the leaching
of water-soluble compounds (Langhans et al., 2008). A high moisture
level may have enhanced leaching in our study, causing the slightly
higher mass loss observed in moist than in dry sediments.

By the action of these biotic and abiotic factors involved in decompo-
sition, a significant part of leaf mass is transformed and released as DOC
(Baldy andGessner, 1997). In ourmicrocosms, DOC release rates obtain-
ed at each sampling time represent the integration of all the processes of
DOC production and loss from leaves occurring inside each microcosm
during the 48 h incubation period. Rates are the net balance between
the DOC produced by leaching and microbial degradation of leaves,
and the DOC lost via microbial assimilation and physical adsorption
(Baldy et al., 2007; Yoshimura et al., 2010). The importance of each of
these processes during incubation in each microcosm was influenced
by leaf preconditioning within each habitat type; and indeed, we ob-
served clear differences in the DOC release rates obtained from leaves
previously incubated under aquatic or terrestrial conditions. Under
aquatic conditions, leaching promotes a substantial release of DOC just
after immersion that could account for an important decrease (10–
30%) in initial mass within the first days (Petersen and Cummins,
1974). As a result of this process, leaves exposed to running waters
and isolated pools experienced an important reduction in their DOC re-
lease rate within a few days. Then, despite the fact that leaching pre-
sumably continued (Gessner et al., 1999), microbial processes likely
mediated the DOC dynamics (Fischer et al., 2006) and the balance be-
tweenDOCproduction and consumption in themicrocosmsmaintained
rates constant over time. By contrast, DOC release rates from leaves ex-
posed to sediments remained high during the first week, suggesting
that a small amount of DOC had been previously released or assimilated
from leaves in the field. Contrary to the aquatic habitats, leaching under
terrestrial conditions in the field was minimal over our timescale
(Treplin and Zimmer, 2012), as already shown with the irrelevant de-
crease in initial leaf mass within the first days. The small differences ob-
served between these rates and the initial DOC release rate obtained
from leaves not incubated in the field could be due to an additional
DOC release caused by rinsing the leaves with distilled water to remove
invertebrates and inorganic particles after sampling. At the last sam-
pling date, however, we observed a decline in the DOC release rate,
which coincided with an increase in mass loss occurring in sediments
after the precipitation event. This decrease was especially dramatic in
dry sediments, in accordance with Dieter et al. (2011), who suggested
that leaf desiccation promotes greater leaching losses at first water
contact.

Summarizing all these processes, we found a negative relationship
between the proportion of leafmass lost in the field and theDOC release
rate obtained in the microcosms across all habitats and times. This rela-
tionship evidences a decrease in the capacity to release DOC as leaves
decompose, suggesting differences in the potential of leaves as a DOC
source during flow fragmentation and, presumably, when flow is re-
established. Previous studies have described an increase in DOC concen-
trations during the rewetting phase (e.g., von Schiller et al., 2015;

Vázquez et al., 2015) due to the amount of organic matter retained in
the stream bed during drought events. Along the same lines, we detect-
ed that the decomposition degree of this organic matter determines its
remaining potential as a DOC source, which is higher for leaves exposed
in dry streambeds.

5. Conclusions

When leaves fall into a streambed during flow fragmentation, the
heterogeneity of habitats governs the differences in factors affecting
the decomposition of this litter. Under aquatic conditions, we found
that initial phases of decomposition of Populus nigra leaves were
marked by an intense leaching just after immersion and early microbial
colonization, which swiftly began to mineralize the litter. By contrast,
under terrestrial conditions leaves were mainly affected by abiotic
processes that caused small mass losses. As a result, leaves in aquatic
habitats yielded faster decomposition rates than those in exposed
streambed sediments. Despite this overall decomposition rate, the envi-
ronmental heterogeneity within each condition type (aquatic or terres-
trial) also implied differences in the decomposition factors affecting leaf
litter. These results underline that in temporary streams decomposition
is a heterogeneous process both in space and time and is primarily de-
termined by the aquatic or terrestrial conditions that are consequence
of the varying duration and frequency of droughts in the basin. The re-
duced scale of our experiment restricts to generalize about the decom-
position process in temporary streams. However, our results contribute
with new empirical evidences to build new hypothesis about this pro-
cess and clearly indicate that it is indispensable to deal with the envi-
ronmental heterogeneity of temporary streams to better understand
their functioning. This heterogeneity also has implications for the utili-
zation of carbon in streams, suggesting a specific carbon cycle during
flow fragmentation with potential effects on the rewetting phase that
should be considered in the carbon budgets of temporary streams, espe-
cially when permanent streams are currently becoming temporary as a
result of warming and water abstraction activities.
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