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9 ABSTRACT

10 The sorption and desorption behaviour of samarium (Sm), an emerging contaminant, was 

11 examined in soil samples at varying Sm concentrations. The obtained sorption and desorption 

12 parameters revealed that soil possessed a high Sm retention capacity (sorption was higher 

13 than 99% and desorption lower than 2%) at low Sm concentrations, whereas at high Sm 

14 concentrations, the sorption-desorption behaviour varied among the soil samples tested. The 

15 fractionation of the Sm sorbed in soils, obtained by sequential extractions, allowed to suggest 

16 the soil properties (pH and organic matter solubility) and phases (organic matter, carbonates 

17 and clay minerals) governing the Sm-soil interaction. The sorption models constructed in the 

18 present work along with the sorption behaviour of Sm explained in terms of soil main 

19 characteristics will allow properly assessing the Sm-soil interaction depending on the 

20 contamination scenario under study. Moreover, the sorption and desorption Kd values of 

21 radiosamarium in soils were strongly correlated with those of stable Sm at low concentrations 

22 (r = 0.98); indicating that the mobility of Sm radioisotopes and, thus, the risk of radioactive 

23 Sm contamination can be predicted using data from low concentrations of stable Sm.

24 Keywords: rare earth element, soil contamination, sorption isotherm, solid-liquid distribution 

25 coefficient, desorption. 
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26 Capsule: Soil phases involved in Sm interaction vary depending on Sm concentration and this 

27 fact should be considered for a proper risk assessment of a soil contaminated with Sm or other 

28 lanthanides.

29

30 1. Introduction

31 Rare earth elements (REEs), especially lanthanides, have become important in agriculture and 

32 industrial activities because of their unique physicochemical properties (Awual et al., 2013). 

33 Increased anthropogenic inputs of REE in the environment through mining (Jinxia et al., 

34 2010; Li et al., 2013; Liang et al., 2014), the discharge of industrial effluents (Ali, 2014; He et 

35 al., 2010) and the extensive application of REE-enriched fertilisers (Cao et al., 2001; Pang et 

36 al., 2001; Tyler, 2004; Zhang et al., 2000) have led to the contamination of watersheds and 

37 soil. 

38 Trivalent lanthanide samarium (Sm) is a REE emerging contaminant that has been found in 

39 wastes resulting from agricultural and industrial activities (He et al., 2010; Pang et al., 2001). 

40 There are many evidences of watersheds that, due to contamination by industrial wastes, 

41 specially mine tailings, contain Sm at concentration levels several orders of magnitude higher 

42 than the water background value in Chinese rivers (around 10-4 µg L₋1, that is, ≈ 10-9 meq L₋1) 

43 (Meng and Li, 2008), such as the case of Baotou Area containing up to 130 µg Sm L₋1 

44 (2.4×10-3 meq L₋1) (Lu et al., 1995). Besides, some works have also reported that the Sm 

45 concentration in lands treated with REE-rich fertilisers or irrigated by the abovementioned 

46 contaminated liquid sources is abnormally higher, e.g., 25 mg kg-1 in Jiangxi area, China (Zhu 

47 et al., 2002) or 492 mg kg-1 in Bayan Obo, China (Jinxia et al., 2010), compared to the soil 

48 background value in China (5 mg kg-1) (Wei et al., 1991) and the world average (1 mg kg-1) 

49 (Wang et al., 1989). This concomitant soil contamination is also of special concern since soils 

50 can act as sink of Sm that can be further incorporated in the food chain or reintroduced into 
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51 water sources due to irrigation and raining processes (Liang et al., 2005). Consequently, there 

52 is increasing concern about the potential harmful effects of trivalent REE contamination on 

53 non-human biota and humans (Ali, 2014; Humsa and Srivastava, 2015; Jinxia et al., 2010; Li 

54 et al., 2013; Zhao et al., 2017; Zhu et al., 1997). Although trivalent REE present limited 

55 toxicity for humans, human exposure to high dose of these compounds can cause adverse 

56 effects such as pneumonitis, whereas long-term exposure can cause more harmful effects such 

57 as pneumoconiosis (Hirano and Suzuki, 1996) or abnormal neurobehavioral development 

58 (Feng et al., 2005).

59 Furthermore, Sm radioisotopes are present in spent nuclear fuel and radioactive wastes (GRS, 

60 2012), as the beta-emitting 151Sm radioisotope with a relatively long half-life (T1/2 = 90 

61 years), thus being an element of concern in the mid-term (100-500 years) management of 

62 low- and intermediate-level radioactive wastes (Rego et al., 2011).

63 The interaction of trivalent lanthanides (Ln(III)) with geological media is mediated by the 

64 formation of surface complexes with clay minerals, metal oxides and organic matter (OM) 

65 solid particles, which depend on factors affecting Ln(III) aqueous speciation and sorption site 

66 availability, such as pH, organic matter solubility and mineralogy (Fan et al., 2010; McCarthy 

67 et al., 1998; Ramírez-Guinart et al., 2017; Takahashi et al., 1998; Ye et al., 2014). Ln(III) 

68 sorption by solid mineral particles increases with increasing pH due to the increasingly 

69 negative net surface charge and the predominating Ln3+ and cationic hydroxyl complexes 

70 (Fan et al., 2010; Geckeis and Rabung, 2008; Wenming et al., 2001). Although some studies 

71 have indicated a high affinity of Ln(III) for OM particles (Pang et al., 2001; Pourret and 

72 Martinez, 2009; Shan et al., 2002) and carbonate minerals like calcite or aragonite (Sutton, 

73 2009), the presence of large amounts of dissolved humate compounds or carbonates may 

74 decrease Ln(III) sorption as Ln(III) can form soluble anionic humate and carbonate 

75 complexes (Dupré et al., 1999; Shan et al., 2002; Wenming et al., 2001; Xiangke et al., 2000; 
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76 Zhong and Mucci, 1995). Moreover, the mobility of Ln(III) in a terrestrial ecosystem depends 

77 on its concentration (Galunin et al., 2009, 2010) and soil properties (Jones, 1997; Zhu et al., 

78 1993).

79 There are few studies examining the effect of geochemical factors on the interaction of REEs 

80 with soil and sediments (Cao et al., 2000, 2001; Li et al., 2000, 2001; Ramírez-Guinart et al., 

81 2017; Shan et al., 2002; Wang et al., 2011). To the best of our knowledge, none have 

82 simultaneously evaluated the effect of soil properties and REE concentration on their 

83 sorption-desorption behaviour. The objective of this study is to examine the interaction 

84 between Sm and soil samples with contrasting edaphic properties as a function of Sm 

85 concentration, assessing five types of soils to account for different contamination scenarios. 

86 The dependency of Sm sorption and desorption parameters on Sm concentration was 

87 examined by constructing Sm sorption isotherms, while the soil phases and mechanisms 

88 involved in Sm sorption were assessed by a sequential extraction procedure. Finally, the 

89 sorption and desorption parameters here obtained for low concentrations of stable Sm were 

90 compared with those gathered for Sm radioisotopes in a previous work from the same soils 

91 tested here (Ramírez-Guinart et al., 2017).   

92 2. Materials and Methods

93 2.1. Soil samples

94 For the present study five soil samples presenting contrasting properties (see Table 1) were 

95 selected from a collection of soils for which the interaction of Sm radioisotopes was 

96 extensively studied in a previous work (Ramírez-Guinart et al., 2017). All samples were taken 

97 from the surface layer (0-10 cm), air-dried, sieved though a 2-mm mesh, homogenised with a 

98 roller table and stored in plastic bottles until analysis. The following physical-chemical 

99 characterisation was performed. Particle size distribution (clay, silt and sand percentages) was 

100 determined by the pipette method (Burt, 2004), except for DUBLIN soil, were the clay 
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101 percentage was determined by X-ray diffraction, due to the high organic matter content of this 

102 soil. The carbonate (CaCO3) content was determined by using the calcimeter Bernard method 

103 (Muller and Gastner, 1971). The loss on ignition (LOI) content was determined as the loss of 

104 soil weight by ashing 2 g of each soil sample (previously oven-dried overnight at 110ºC) at 

105 450ºC for 16 h in a muffle furnace. The cation exchange capacity (CEC) was determined as 

106 the sum of exchangeable bases plus the exchangeable acidity obtained by displacement with 

107 BaCl2-triethanolamine solution buffered at pH 8.2 (Burt, 2004) and the specific surface area 

108 of soils (SSA) was determined by N2 adsorption after degasification at 100ºC (Fagerlund, 

109 1973). In addition, the solutions obtained after equilibrating the soil samples with deionised 

110 water under the same conditions as those of the sorption tests (see Section 2.2.) were also 

111 characterised in terms of pH, dissolved organic carbon (DOC) and dissolved inorganic carbon 

112 (DIC), and concentration of major cations (Ca, Mg, K and Na). The DOC content was 

113 measured using a Total Organic Carbon analyser (Shimadzu TOC-5000 A) (Shimadzu, Japan) 

114 with a previous acidification with HCl to a pH of 3 to remove the carbonates in solution. The 

115 DIC content was calculated as the difference between the total carbon content, determined as 

116 the DOC but without the acidification step, and the DOC content. The concentration of major 

117 cations was determined by inductively coupled plasma optical emission spectrometry (ICP-

118 OES) (Thermo-Jarrell Ash 25 and Perkin Elmer Optima 3200 RL, USA). Details about the 

119 methodologies used for the physical-chemical characterisation of soil samples are described 

120 in Ramírez-Guinart et al. (2016).  

121 Most of the soil properties (see Table 1) varied within wide ranges, thus being representative 

122 of different environmental scenarios. CABRIL and ASCO are mineral soils with low amounts 

123 of organic matter (OM), the latter one being a calcareous soil with high carbonate content and 

124 a basic pH. ANDCOR and DUBLIN are organic soils with an acidic pH and high amounts of 

125 soluble organic matter, here represented with dissolved organic carbon content (DOC). 

126 Finally, DELTA2 has a basic pH and significant organic matter content, but moderate 
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127 amounts of soluble organic matter. It had the highest contents of carbonate and clay (fraction 

128 of particles with size < 0.002 mm) among all the soil samples tested.

129  2.2. Sorption and desorption experiments

130 Batch sorption experiments were carried out with each soil sample to quantify Kd (Sm) values 

131 at varying initial Sm concentrations. The sorption test consisted of mixing 2 g of soil sample 

132 with 45 mL of double-deionised water in 80-mL polypropylene centrifuge tubes and shaking 

133 the suspensions for 16 hours using an end-over-end shaker at 60 rpm. Afterwards, each 

134 resulting suspension was spiked with 5 ml of a solution containing a known amount of stable 

135 Sm, prepared from 99.9%-pure Sm(NO3)3 (Sigma-Aldrich, Germany), to give an initial Sm 

136 concentration (Ci) of between 0.01 and 10 meq L-1 (a minimum of 9 different concentrations 

137 were tested). Before each series of sorption experiments, aliquots from the Sm stock solutions 

138 prepared to spike the batch sorption assays were analysed to determine the initial Sm 

139 concentration. Sorption of Sm in the laboratory ware used for the batch sorption and 

140 desorption assays was considered negligible, as it was demonstrated in a previous work 

141 (Ramírez-Guinart et al., 2016) for the case of Am, a chemical analogue of Sm. The selected 

142 Sm concentrations allow to cover different contamination scenarios, i.e., from soil affected by 

143 slightly contaminated liquid sources, such as watersheds or groundwater located far away 

144 from the contamination source point, to those soils affected by high Sm concentration 

145 sources, such as REE mine tailings. The suspensions were equilibrated again for 24 hours and 

146 centrifuged (12,880 g for 30 minutes at 10ºC) using a Beckman J2-HS centrifuge with a JA-

147 14 rotor (Beckman, Ireland). The supernatants were decanted, filtered through 0.45-µm nylon 

148 syringe filters and transferred to 20-mL polyethylene vials before pH analysis. Blank sorption 

149 assays were carried out in parallel following the procedure above, but adding 5 mL of double-

150 deionised water instead of Sm solution. The supernatants obtained from sorption and blank 
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151 assays were diluted with 1% HNO3 and stored at 4ºC until analysis. Aliquots of the blank 

152 sorption supernatants were used to determine relevant soil parameters as explained in 2.1.    

153 The reversibility of Sm sorption into soil was evaluated by applying a desorption test to the 

154 40°C-dried soil residues obtained from the previous sorption experiments carried out at 

155 selected initial Sm concentrations (Ci approximately 0.01, 0.1, 3 and 9 meq L-1). Soil residues 

156 were dried before the desorption step to simulate the ageing process that occurs in field 

157 scenarios. A single extraction was performed under the same experimental conditions as the 

158 sorption test, using double-deionised water as the contact solution. The obtained supernatants 

159 were centrifuged, decanted, filtered through 0.45-µm nylon syringe filters and transferred to 

160 20-mL polyethylene vials. The collected supernatants were then diluted with 1% HNO3 and 

161 stored at 4ºC until analysis.

162 The sorption and desorption Kd data obtained for low concentrations of stable Sm were 

163 compared with those gathered for Sm radioisotopes in a previous work from the same soils 

164 tested here (Ramírez-Guinart et al., 2017).

165  

166 2.3. Sequential extraction procedure 

167 Sequential extractions were applied to the soils contaminated with stable Sm obtained from 

168 the previous sorption experiments to achieve the following sorbed Sm fractions: (F1) 0.01 

169 mol L-1 CaCl2, electrostatically weakly bound (such as exchangeable elements) (Houba et al., 

170 2000); (F2) 0.43 mol L-1 CH3COOH, sensitive to acidification processes (e.g., bound to 

171 carbonates) (Quevauviller et al., 1997); (F3) 0.1 mol L-1 NaOH, bound to organic matter, 

172 mainly organic acids (e.g., humic and fulvic acids) (Shand et al., 1994); and (F4) residue, 

173 bound to non-soluble organic matter and/or to soil mineral phases (e.g., humin or clay 

174 minerals).
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175 Two soil residues from sorption tests corresponding to a low and a high Sm concentration (Ci 

176 approximately 0.06 and 6 meq L-1, respectively) were selected for each soil sample. The 

177 extractions were performed by mixing 1 g of soil residue with 40 mL of extractant solution 

178 and shaking the mixture in an end-over-end shaker for 24 hours at room temperature. 

179 Afterwards, the soil suspensions were centrifuged and the supernatants decanted, filtered 

180 through 0.45-µm nylon syringe filters, transferred to plastic vials, diluted with 1% HNO3 and 

181 stored at 4ºC until analysis.

182 2.4. Analytical measurements

183 Sm concentration in the filtered solutions from the different tests was determined by 

184 inductively coupled plasma optical emission spectroscopy (ICP-OES) at a wavelength of 

185 359.3 nm, using Thermo Jarrell Ash 25 and PerkinElmer Optima 3200 RL (PerkinElmer, 

186 USA). For Sm concentrations lower than the ICP-OES quantification limit (30 µg L-1), Sm 

187 concentrations were obtained from measurements of the 147Sm isotope by inductively coupled 

188 plasma mass spectrometry (ICP-MS), using Perkin-Elmer Elan-6000 (PerkinElmer, USA). 

189 The Sm quantification limit for ICP-MS was 10 ng L-1.

190 2.5. Calculation of sorption and desorption parameters

191 The Sm solid-liquid distribution coefficients of the sorption process, Kd (Sm), corresponding 

192 to the ratio of the Sm concentration sorbed into the soil (Csorb, meq kg-1) to the Sm 

193 concentration remaining in the liquid phase after the sorption process (Ceq, meq L-1), were 

194 calculated as follows:

Kd (L kg - 1) =  
C sorb

Ceq
 =  

(Ci -  Ceq) 
V
m

 

Ceq

[1]
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195 where V is the liquid phase volume (L), m the soil sample dry weight (kg), and Ci the initial 

196 Sm concentration (meq L-1). In addition, sorption percentages (S, %) were calculated as 

197 follows: 

S (%) =  
(Ci -  Ceq) 

Ci
×  100 [2]

198 The solid-liquid distribution coefficients of the desorption process, that is, the ratio of the Sm 

199 concentration in the soil (Csorb,des, meq kg-1) to that in the liquid phase after the desorption 

200 process (Ceq,des, meq L-1), were calculated with the following equation:

Kd,des (L kg - 1) =  
Csorb,des

Ceq,des
 =  

Ci,des -  Ceq,des ×
V
m

Ceq,des

[3]

201 Ci,des, in meq kg-1, is Csorb corrected by the amount of Sm present in the small volume (few 

202 millilitres) of solution remaining after the sorption experiment (Vres), which is incorporated 

203 into the solid phase after drying:

Ci,des =  Csorb + Ceq ×
Vres

m
[4]

204 Desorption percentages (D, %) were calculated as follows:

D (%) =
Ceq,des ×  V 

Ci,des × m
× 100

[5]

205 2.6. Construction and fitting of sorption isotherms

206 Sorption isotherms were constructed by plotting Csorb vs. Ceq and Kd vs. Csorb obtained with 

207 the different Sm concentrations assayed. Moreover, Csorb vs. Ceq isotherms were fitted with 

208 Freundlich, Langmuir and linear sorption models. The sorption models are described in Hinz 

209 (2001). 

210 The Freundlich isotherm equation is defined as follows:

Csorb =  Kf ×  Ceq
N [6]
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211 where Csorb (meq kg-1) is the sorbed concentration of the contaminant, Ceq  (meq L-1) the 

212 contaminant concentration in solution after the sorption process, Kf  (meq(1-N) LN kg-1) the 

213 Freundlich constant describing the partitioning of the contaminant between the solid and 

214 liquid phases at a given initial concentration, and N (dimensionless) the site heterogeneity.

215 The Langmuir isotherm equation is defined as follows:

Csorb =  
b ×  K ×  Ceq

1 +  K ×  Ceq
[7]

216 where b (meq kg-1) and K (L meq-1) estimate the maximum sorption capacity of the soil and 

217 the bonding energy of the sites, respectively. 

218 When the contaminant partitioning is constant over the whole concentration range, a linear 

219 isotherm can be defined as follows:

Csorb =  Kd, linear ×  Ceq [8]

220 For both Freundlich and Langmuir isotherms, Kd,linear can also be deduced from the slope of 

221 the Csorb vs Ceq correlation at the low concentration range.

222 Curve Fitting Toolbox™ (cftool), included in the Matlab R2009a software (MathWorks Inc., 

223 2009) to fit curves to one-dimensional data, was used to fit the sorption isotherms to the 

224 abovementioned sorption models. The fitting coefficients were constrained as positive values, 

225 with confidence limits ≥95%, applying non-linear least squares with the trust-region 

226 algorithm option. 

227 3. Results and Discussion

228 3.1. Description of Sm sorption isotherms

229 Figure 1 shows the Sm sorption isotherms (Csorb vs. Ceq and Kd vs. Csorb) for the five soil 

230 samples analysed. For all soils, the sorption data (Csorb and Ceq) were satisfactorily distributed 
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231 in the entire range of concentrations evaluated, which made possible to analyse the effect of 

232 Sm concentration on the soil capacity to sorb Sm as well as to properly fit the data to sorption 

233 models. Nearly linear-shaped Csorb vs. Ceq isotherms were obtained for DELTA2 and 

234 DUBLIN soil samples, showing constant Sm sorption capacity irrespective of the initial Sm 

235 concentration and, thus, indicating no saturation of sorption sites. However, Kd (Sm) values 

236 appeared to be slightly lower at low Sm concentrations, suggesting that Sm sorption in the 

237 solid phase might be affected by competing processes that keep this element in solution. Thus, 

238 the formation of soluble chelates with dissolved organic matter has been demonstrated to play 

239 a key role in the interaction of trivalent lanthanides and actinides elements in mineral phases 

240 (Ramírez-Guinart et al., 2017; Ye et al., 2014). Besides, in the low concentration range of the 

241 sorption isotherms, the sorption of cationic species present in solution may also decrease the 

242 sorption of Sm in the solid phase (Pathak and Choppin, 2007).

243 Regarding ANDCOR, ASCO and CABRIL, the curve-shaped Csorb vs. Ceq isotherms indicated 

244 that Sm sorption was strongly influenced by Sm concentration. For these soils, the slope of 

245 the Csorb vs. Ceq isotherms decreased with increasing Sm concentration and a pseudo-plateau 

246 was reached at high Sm concentrations, indicating either a saturation of the Sm sorption sites, 

247 or the presence of sorption sites with contrasting affinities for Sm, that is, non-specific 

248 sorption sites and high affinity sites such as silanol groups in clay minerals, carboxylic groups 

249 in organic matter or specific carbonate-like minerals (Ramírez-Guinart et al., 2017; Shanbhag 

250 and Morse, 1981; Takahashi et al., 1998).

251 Examination of the Kd vs. Csorb isotherms, as suggested by Hinz (2001), revealed a relatively 

252 constant partitioning at the lowest Sm concentration range (Ci < 0.6 meq L−1, corresponding to 

253 Csorb < 20 meq kg-1) for ANDCOR and CABRIL, followed by a linear decrease in Kd (Sm) 

254 values at higher Sm concentrations. These sorption patterns are associated with Langmuir-
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255 type sorption behaviour as they indicate the existence of sorption sites with similar affinity for 

256 Sm that become saturated at increasing Sm concentrations. Conversely, the Kd vs. Csorb 

257 isotherm of ASCO showed a sharp decrease in Sm sorption at low concentrations followed by 

258 constant Kd values at Ci > 0.6 meq L-1. This sorption pattern indicates that Sm was sorbed 

259 onto sites with a much higher affinity at low Sm concentrations than at higher Sm 

260 concentrations, which can be linked to Freundlich-type sorption behaviour. 

261 3.2. Analysis of the Sm-soil interaction at varying Sm concentrations 

262 Table 2 summarises the sorption and desorption parameters gathered from the five soil 

263 samples at four Sm concentrations. At the lowest Sm concentration, all soils showed high Sm 

264 sorption capacity, with Kd (Sm) values always >103 L kg-1 and sorption percentages (S) close 

265 to 100%. At this Sm concentration, the Sm remaining in solution after the sorption process 

266 (Ceq) did not exceed the maximum Sm concentration permitted in drinking water (4.8 10-4 

267 meq L-1) proposed by Moikin (1993). 

268 At higher sorbed Sm concentrations, Kd (Sm) remained almost constant for DELTA2 and 

269 DUBLIN. However, for ANDCOR, CABRIL and ASCO, Kd (Sm) values dropped several 

270 orders of magnitude and sorption percentages plummeted to around 50% at the highest Sm 

271 concentration, indicating that Sm sorption occurs at low-affinity sites at these high 

272 concentrations. Therefore, for this type of soil, a single value of Kd (Sm) cannot be used for 

273 risk assessment, but instead a concentration-dependent best estimate should be used according 

274 to the type of contamination.  

275 With respect to the desorption parameters, Kd,des values were always >103 L kg-1 and the 

276 desorption percentages (D %) extremely low (< 2%), suggesting that most of the Sm 

277 incorporated into these soils was irreversibly sorbed regardless of the soil properties or the 

278 amount of Sm previously sorbed into the soil. In addition, the Kd,des/Kd ratio was constant and 
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279 close to 1 at all the Sm concentrations tested for DELTA2 and DUBLIN. For ANDCOR, 

280 CABRIL and ASCO, the Kd,des/Kd ratio increased by up to tens to hundreds at increasing Sm 

281 concentrations. These sorption-desorption patterns suggest that Kd,des values are similar for all 

282 the soil samples after the drying process and become less dependent on the initial Sm 

283 concentration. However, despite the high irreversibility of Sm sorption into soil, for the 

284 highest levels of soil contamination, the Sm concentration in solution after the desorption 

285 process (Ceq,des) exceeded the maximum Sm concentration permitted in drinking water 

286 (4.8×10-4 meq L-1).

287 3.3. Proposal of Sm sorption parameter values for different environmental contamination 

288 scenarios

289 As it has been shown, the Sm sorption into soil is heavily influenced by its concentration and 

290 soil properties and thus, different Sm sorption data should be used to assess properly the Sm-

291 soil interaction depending on the contamination scenario under study. To this end, the 

292 sorption data gathered at the lowest Sm concentration range were fitted to a linear model and 

293 the derived Kd values (Kd,linear (Sm) values) are considered to be appropriate best estimates of 

294 Kd (Sm) to assess risk of soil contamination for low Sm concentrations. Whereas, the entire 

295 sorption isotherms were fitted to Freundlich and Langmuir sorption models so as to describe 

296 the Sm-soil interaction expected in those contamination events involving high Sm 

297 concentrations. Table 3 summarises the parameters derived from the best fitting of the 

298 sorption isotherms constructed for the soils tested. The graphical representation of the best 

299 fitting of the sorption isotherms for the whole range of concentrations can be found in Figure 

300 S1 in Supplementary Information. 

301 As anticipated, the sorption isotherms of DELTA2 and DUBLIN were perfectly described by 

302 a Freundlich model, with N values close to 1. Therefore, there was no saturation of the 

303 sorption sites and all the sites presented similar affinity for Sm (pseudo-linear sorption 
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304 behaviour). However, the N value slightly higher than 1, especially in the case of DUBLIN, 

305 suggests that Sm sorption was slightly decreased at low Sm concentrations. Considering the 

306 high content of dissolved organic matter in these soils, such Sm sorption behaviour at low Sm 

307 concentrations might result from the formation of stable and soluble negatively-charged Sm-

308 humate complexes. The Freundlich model was also the most appropriate for describing the 

309 Sm sorption isotherm of ASCO. The N value (much lower than 1) indicated Sm sorption at 

310 sites with varying affinity for Sm, suggesting that the decrease in the capacity of ASCO to 

311 sorb Sm at high Sm concentrations was due to saturation of the available high-affinity sites, as 

312 deduced from Kd vs. Csorb.

313 The Langmuir model best described the Sm sorption behaviour of ANDCOR and CABRIL. 

314 These soil types presented a limited number of sorption sites (parameter b of the Langmuir 

315 model around 120-130 meq Sm per kg) with a relatively constant and low affinity for Sm. 

316 The Sm sorption sites available in ANDCOR seem to have a much lower bonding energy than 

317 those of the other soil samples. 

318 Soil contaminated by radioactive liquid waste is expected to contain a much smaller 

319 concentration of Sm than that contaminated by stable Sm isotopes. Thus, the Kd,linear (Sm) 

320 derived at the lowest concentration range (Ci = 0.01 – 0.2 meq L-1) (Table 3) and the 

321 Kd,des (Sm) data obtained at the lowest Sm concentration assayed (Table 2) were compared 

322 with the sorption-desorption Kd data obtained for 151Sm in a previous study (Ci = 10-5 meq 

323 L₋1)  (Ramírez-Guinart et al., 2017) with the aim of proving that Kd data of low concentrations 

324 of stable Sm can be used to foresee the soil interaction of Sm radionuclides. As can be 

325 ascertained from Figure 2, the two sets of data were highly correlated (r = 0.98) and the paired 

326 tests revealed no significant differences between the two sets of data (p > 0.05). This 

327 demonstrated that the sorption capacity of soil was similar for Sm radioisotopes and low 
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328 concentrations of stable Sm, thus suggesting that the data obtained with low Sm 

329 concentrations can also be used for assessing the risk of contamination with Sm radioisotopes. 

330 3.4. Soil characteristics associated with Sm sorption as a function of Sm concentration

331 The contrasting sorption behaviour observed among the soil types led us to evaluate the 

332 relationship between the concentration-dependent capacity of soil to sorb Sm and the sorption 

333 mechanisms responsible for this soil-Sm interaction by gaining knowledge about the 

334 fractionation of the Sm sorbed in soils at different Sm concentrations. Figure 3 shows the Sm 

335 fractionations obtained with the sequential extraction procedure applied to the soil residues 

336 from the sorption experiments performed at low and high Sm concentrations (0.06 and 6 meq 

337 L-1, respectively).  The sequential extraction approach indicates the soil phases involved with 

338 Sm interaction and is an excellent tool for comparing the level of contamination of the soil 

339 types at different Sm concentrations. 

340 Almost 100% of the Sm sorbed into DELTA2 at low and high Sm concentrations remained in 

341 the residual fraction, showing that this soil has a large number of high-affinity sorption sites 

342 for Sm. As DELTA2 displays a basic pH as well as high contents of clay and OM, the high 

343 and linear Sm sorption (Kd always > 104 L kg-1) previously observed can be attributed to Sm 

344 forming complexes with high-affinity sites such as hydroxyl groups in clay minerals or 

345 carboxylic and phenolic groups in the insoluble OM (humin) fraction (Pourret et al., 2009; Ye 

346 et al., 2014). Moreover, due to the moderate amount of dissolved organic compounds, only a 

347 small fraction of Sm will form complexes with dissolved organic compounds (soluble Sm-

348 humate complexes) that are weakly sorbed due to Coulomb repulsion with soil surfaces (Shan 

349 et al., 2002; Takahashi et al., 1998). As with DELTA2, the amount of Sm sorbed into 

350 DUBLIN at a low Sm concentration was similar to that at a high Sm concentration. However, 

351 only around 40% of Sm remained in the residual fraction, the majority occurring in the non-

352 residual fraction corresponding to soluble OM at an alkaline pH. Based on the properties of 
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353 DUBLIN (extremely high loss on ignition and negligible clay content), this Sm fractionation 

354 points to a sorption mainly mediated by complexation with more labile (humic and fulvic 

355 acids) or insoluble (humin) OM fractions, rather than with clay minerals. The lower residual 

356 fraction of Sm in DUBLIN agrees with its considerably lower Kd (Sm) when compared to that 

357 of DELTA2. Although a high OM content seems to provide enough high-affinity sorption 

358 sites to ensure linear sorption across the entire Sm concentration range tested, Sm sorption in 

359 DUBLIN (Kd,linear = 2,400 L kg-1) was lower than that in DELTA2 (Kd,linear = 17,000 L kg-1). 

360 This difference can be explained by the high content of dissolved organic compounds in 

361 DUBLIN (290 mg kg-1) resulting from the different nature of the OM present in DUBLIN and 

362 its acid pH, suggesting that the negatively-charged Sm-humate complexes generated remain 

363 in solution due to electrostatic repulsion with soil surfaces (Xiangke et al., 2000; Ye et al., 

364 2014).

365 The Sm fractionation patterns for the remaining soil samples varied according to the Sm 

366 concentration, showing increased Sm sorption into F2 (sensitive to acidification) and/or F1 

367 (exchangeable) fractions at high Sm concentrations. These results indicate that significant 

368 amounts of Sm were sorbed at low-affinity sorption sites, which is consistent with the 

369 concentration dependency of Sm sorption (i.e., significantly decreased sorption capacity at 

370 high Sm concentrations) shown by the sorption isotherms of these soils (Figure 1). Among 

371 these, ANDCOR presented the lowest Sm sorption capacity despite having moderate amounts 

372 of clay and OM (18% and 19%, respectively). A reason is that its acid pH restricts the number 

373 of sorption sites available (low net negative surface charge due to low deprotonation of 

374 organic functional groups) and that a significant amount of Sm is slightly reactive with the 

375 soil surface due to the formation of highly soluble Sm-humate species (dissolved organic 

376 content = 78 mg kg-1) (Ho Lee et al., 2011; Jin et al., 2014; Ye et al., 2014). By contrast, the 

377 relatively moderate Sm sorption capacity of CABRIL can be attributed to an insufficient 

378 number of high-affinity sorption sites resulting from its low content of OM and, on the other, 
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379 from its neutral pH, which limits the pool of sorption sites from clay minerals available to 

380 interact with the cationic Sm species.  

381 ASCO exhibited the highest Sm sorption capacity at low Sm concentrations and the lowest at 

382 high Sm concentrations, thus denoting the presence of a very limited number of extremely 

383 high-affinity sites. The same amounts of Sm were observed in the residual and F2 fractions at 

384 low Sm concentrations, whereas Sm was mainly found in the F2 fraction at high Sm 

385 concentrations, indicating that Sm was bound to carbonate minerals since ASCO has a very 

386 low content of OM (LOI = 1.6%) and a high content of carbonates (38%). This behaviour 

387 agrees with the published data demonstrating extremely high affinity of trivalent lanthanides 

388 and actinides for certain carbonate minerals, such as aragonite, which occur less frequently in 

389 soil than other carbonate-like minerals like calcite or dolomite (Sutton, 2009; Zhong et al., 

390 1995). Given that ASCO has the lowest clay content among the soils tested (except for the 

391 peat soil DUBLIN), the presence of different types of carbonates in ASCO appears to be 

392 responsible for its Sm sorption behaviour.

393 4. Conclusions

394 For some types of soils, the Sm sorption is highly dependent on the Sm concentration present 

395 in solution. Whereas Sm sorption is high and strongly irreversible at low Sm concentrations, 

396 at high Sm concentrations, only those soils with a large pool of high-affinity sorption sites for 

397 Sm, i.e., slightly acidic peat soils (high content of slightly soluble organic matter) or alkaline 

398 soils rich in clay and organic matter, present a linear Sm sorption capacity. For other types of 

399 soil, it is expected a concentration-dependent capacity to sorb Sm, resulting in low Sm 

400 retention at high Sm concentrations. Therefore, risk assessment models aiming at evaluating 

401 the environmental impact of Sm contamination episodes should use the Sm sorption data that 

402 better suits to the scenario under study by selecting them on Sm concentration basis. The 

403 Kd,linear values and sorption models developed in the present work can be used to estimate the 
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404 Sm interaction in soils presenting soil characteristics similar to those tested here, especially 

405 for screening purposes, in a wide range of contamination scenarios. Furthermore, it was 

406 demonstrated that Kd data gathered for low concentrations of stable Sm can be successfully 

407 applied to assess the interaction of Sm radioisotopes in soils affected by radioactive 

408 contamination events, which entails a remarkably advantage since Kd data for stable Sm is 

409 frequently much more available, or can be obtained more easily, than those for Sm 

410 radioisotopes.
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563 Table 1. Summary of soil characteristics.

Solid phase Liquid phasea

Clay Silt Sand CaCO3 LOI CEC SSA pH DIC DOC Ca Mg K Na

Soil sample

(%wt) (%wt) (%wt) (%wt) (%wt) (cmolc kg-1) (m2 g-1) (mg L-1) (mg L-1) (mmol L-1) (mmol L-1) (mmol L-1) (mmol L-1)

DELTA2 33.5 31.3 12.2 51 23 87.3 6.5 8.0 32 39 2.0 0.70 0.13 4.0

DUBLIN 1.3b na na 2 78 140 0.6 5.7 29 290 1.4 0.37 0.15 0.19

ANDCOR 18.3 23.6 39.1 2 19 54.2 4.5 4.9 1 78 0.10 0.37 0.08 0.13

CABRIL 20.0 16.5 57.5 2 6.0 19.3 9.5 6.4 3 10 0.12 0.12 0.05 0.05

ASCO 16.9 63.0 18.5 38 1.6 40.8 11.0 8.4 5 5 3.4 0.16 0.13 0.03

564 LOI, loss on ignition; CEC, cation exchange capacity; SSA, specific surface area; DIC, dissolved inorganic carbon; DOC, dissolved organic carbon.
565 Clay, silt and sand percentages are referred to the whole soil. 
566 na: not analysed.
567 a Liquid phase refers to the supernatant obtained from sorption blank assays (see section 2.2).
568 b Clay content was obtained by X-ray diffraction.
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569 Table 2. Sorption and desorption parameters of Sm in the tested soil samples.

Soil Sorption Desorption Kd,des/Kd 
sample Ci (meq L-1) Ceq (meq L-1) Kd (L kg-1) S (%) Ci,des (meq kg-1) Ceq,des (meq L-1) Kd,des (L kg-1) D (%) ratio

DELTA2 0.01 1.8×10-5 16,000 99.8 0.28 1.6×10-5 18,000 0.1 1.1
0.1 1.5×10-4 16,000 99.8 2.5 1.3×10-4 19,000 0.1 1.2
2.9 4×10-3 19,000 99.9 74 0.0042 18,000 0.1 1.0
9.9 0.01 22,000 99.9 260 0.0098 27,000 0.1 1.2

DUBLIN 0.03 3.5×10-4 2,200 98.7 0.75 1.7×10-4 4,300 0.7 2.0
0.3 3.5×10-3 2,200 98.7 7.8 1.5×10-4 5,400 0.5 2.4
2.7 0.027 2,900 99.0 77 0.017 4,500 0.6 1.6
9.4 0.068 3,400 99.4 233 0.051 5,300 0.5 1.6

ANDCOR 0.01 1.9×10-4 1,400 98.2 0.28 1.1×10-4 2,600 0.8 1.8
0.1 1.7×10-3 1,400 98.2 2.5 8.8×10-4 2,800 0.7 1.9
2.9 0.16 400 94.3 71 0.018 3,800 0.5 8.8
9.8 4.9 26 50.2 128 0.097 1,300 1.6 50

0.03 1.3×10-4 5,400 99.5 0.71 8×10-5 8,900 0.3 1.6
0.3 1.1×10-3 6,700 99.6 7.3 9×10-4 8,100 0.3 1.2
3.1 0.013 6,000 99.6 78 0.0034 23,000 0.1 3.8

CABRIL

9.6 4.5 29 53.4 132 0.071 1,800 1.4 62

ASCO 0.05 4.1×10-6 300,000 >99.9 1.2 < lq - - -
0.2 1.4×10-4 41,000 99.9 6.0 9.3×10-5 64,000 0.04 1.6
2.7 0.19 340 93.0 63 0.0019 21,000 0.1 63
10.3 5.6 21 45.6 119 0.019 6,200 0.4 300
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570 Table 3. Sorption parameters (confidence range, p = 0.05) derived from fitting Sm sorption isotherms to Freundlich, Langmuir and linear 

571 equations. Kd,linear (L kg-1); K (L meq-1); b (meq kg-1); Kf  (meq(1-N) LN kg-1) and N (dimensionless).  

Soil sample Sorption models

Kd,linear
a
 = 17,000 (80) ; R2 = 0.99

DELTA2
Freundlich: Kf  = 37,000 (15,000), N = 1.1 (0.1); R2 = 0.99

Kd,linear
a
 = 2,400 (40); R2 = 0.99

DUBLIN
Freundlich: Kf  = 6,000 (1,000), N = 1.2 (0.1); R2 = 0.99

Kd,linear
a
  = 1,400 (20); R2 = 0.99

ANDCOR
Langmuir: K = 10 (4), b = 124 (13); R2 = 0.99

Kd,linear
a
 = 5,900 (100) ; R2 = 0.99

CABRIL
Langmuir: K = 90 (17), b = 132 (5); R2 = 0.99

Kd,linear
a
 = 260,000 (75,000) ; R2 = 0.92

ASCO
Freundlich: Kf  = 81 (15), N = 0.23 (0.05); R2 = 0.99

a Linear model at Ci < 0.1 meq L-1 for ASCO and at Ci < 0.2 meq L-1 for ANDCOR, CABRIL, DELTA2 and DUBLIN.

572
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573

574 Figure 1. Sorption isotherms of Sm in the soil samples: Csorb vs. Ceq and Kd vs. Csorb plots.
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576 Figure 2. Comparison of the Kd values of stable Sm at low initial concentrations (Ci = 0.01 – 

577 0.2 meq L-1) and 151Sm (Ci = 10-5 meq L-1). Error bars for the Kd values correspond to the 

578 standard deviation of replicates (n= 3) for 151Sm and to the confidence range of Kd,linear for 

579 stable Sm (p = 0.05).

580



30

581

582 Figure 3. Fractionation of Sm sorbed into the soil residues obtained from sorption tests with a 

583 low (-L) and high (-H) initial Sm concentration.
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Figure S1. Graphical representation of the best fitting of the sorption isotherms for the whole range 
of concentrations.


