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• Ferrous iron in Gallocanta lake drives 
nitrate and nitrite reduction. 

• Chemodenitrification seems enhanced 
by the addition of external ferrous iron. 

• Chemodenitrification experiments lea
ded to ε15NNO2 between − 6.8 and − 12.3 
‰. 

• Denitrification experiments leaded to 
ε15NNO3 between − 8.5 and − 15.1 ‰.  
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A B S T R A C T   

The interconnection between biotic and abiotic pathways involving the nitrogen and iron biogeochemical cycles 
has recently gained interest. While lacustrine ecosystems are considered prone to the biotic nitrate reduction 
(denitrification), their potential for promoting the abiotic nitrite reduction (chemodenitrification) remains un
clear. In the present study, batch incubations were performed to assess the potential for chemodenitrification and 
denitrification in the saline inland lake Gallocanta. Sulfidic conditions are found in top sediments of the system 
while below (5–9 cm), it presents low organic carbon and high sulfate and ferrous iron availability. Anoxic 
incubations of sediment (5–9 cm) and water from the lake with nitrite revealed potential for chemo
denitrification, especially when external ferrous iron was added. The obtained isotopic fractionation values for 
nitrite (ε15NNO2) were − 6.8 and − 12.3 ‰ and therefore, fell in the range of those previously reported for the 
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nitrite reduction. The more pronounced ε15NNO2 (− 12.3 ‰) measured in the experiment containing additional 
ferrous iron was attributed to a higher contribution of the chemodenitrification over biotic denitrification. In
cubations containing nitrate also confirmed the potential for denitrification under autotrophic conditions (low 
organic carbon, high ferrous iron). Higher reaction rate constants were found in the experiment containing 100 
μM compared to 400 μM nitrate. The obtained ε15NNO3 values (− 8.5 and − 15.1 ‰) during nitrate consumption 
fell in the range of those expected for the denitrification. A more pronounced ε15NNO3 (− 15.1 ‰) was determined 
in the experiment presenting a lower reaction rate constant (400 μM nitrate). Therefore, in Gallocanta lake, 
nitrite generated during nitrate reduction can be further reduced by both the abiotic and biotic pathways. These 
findings establish the significance of chemodenitrification in lacustrine systems and support further exploration 
in aquatic environments with different levels of C, N, S, and Fe. This might be especially useful in predicting 
nitrous oxide emissions in natural ecosystems.   

1. Introduction 

During the last decades, anthropogenic activities have boosted the 
exports of reactive nitrogen compounds to ecosystems, leading to water 
bodies eutrophication (Beusen et al., 2016; Gruber and Galloway, 2008). 
Some of the nitrogen cycling pathways occurring naturally in the envi
ronment can partially mitigate this deterioration such as N assimilation 
by plants and microorganisms or the denitrification (Knowles, 1982; Lin 
and Stewart, 1997; Masclaux-Daubresse et al., 2010). 

The denitrification (nitrate (NO3
− ) reduction to N2 through a series of 

enzyme-mediated reactions involving the intermediates nitrite (NO2
− ), 

nitric oxide (NO) and nitrous oxide (N2O)), has been thoroughly studied 
at laboratory and field-scales (Akunna et al., 1993; Khan and Spalding, 
2004; Knowles, 1982; Kraft et al., 2011; Margalef-Marti et al., 2019). It 
is a well-known process allowing the return of bioavailable N to the 
atmosphere (Hauck, 1984). In contrast, abiotic reduction processes 
involving NO2

− had not gained attention until one decade ago (Coby and 
Picardal, 2005; Dhakal et al., 2013; Klueglein and Kappler, 2013; Rak
shit et al., 2008). NO2

− is an intermediate of several N cycling pathways, 
including denitrification (Knowles, 1982). Recent studies have pointed 
that NO2

− can undergo abiotic reduction to N2O through oxidation of 
ferrous iron (Fe2+) in an anaerobic process known as chemo
denitrification (CDNT) (Carlson et al., 2013; Chen et al., 2018; Coby and 
Picardal, 2005; Rakshit et al., 2016). Given the environmental signifi
cance of N2O as a greenhouse gas (Badr and Probert, 1993), under
standing CDNT becomes crucial to prevent pollution swapping unless 
N2O is further reduced to N2. Current knowledge on CDNT primarily 
stems from laboratory experiments which may not fully replicate field 
conditions. Thus, further research is required to determine the relevance 
and the specific environmental conditions under which the CDNT occurs 
at the ecosystem level. Compounds such as iron, sulfur, organic carbon 
and oxygen, known to drive the denitrification over other biotic N 
cycling processes in aquatic ecosystems (Burgin and Hamilton, 2007; 
Cojean et al., 2020), are also suspected to impact CDNT. 

One of the main challenges in studying CDNT at fields-scale in 
aquatic ecosystems is its simultaneous occurrence with denitrification, 
since both reactions can be induced by Fe2+ oxidation, and/or with 
other biotic pathways. Traditional measurement of nitrogen compounds 
concentrations alone cannot determine the multiple processes involved 
due to the dual role of intermediates as products and substrates. In 
complement, the measurement of stable isotope ratios and associated 
isotopic fractionation can be a very powerful tool to discriminate among 
various processes and refine reaction mechanisms. In the course of the 
enzymatic NO3

− reduction, the unreacted residual substrate becomes 
enriched in the heavy isotopes 15N and 18O, since the lighter isotopes 
(14N and 16O) react preferentially (Aravena and Robertson, 1998; 
Böttcher et al., 1990; Fukada et al., 2003; Mariotti et al., 1981). While 
nitrogen stable isotope data have been previously employed to trace 
enzymatic processes, such as the denitrification, isotopic studies on 
CDNT remain scarce (Abu et al., 2024; Buchwald et al., 2016; Jones 
et al., 2015; Liu et al., 2018). Determining the extent of isotopic frac
tionation (ε) during CDNT becomes critical for assessing the potential of 
isotopic tools to trace CDNT in ecosystems in situ. 

Endorheic lakes are appropriate environments to study interactions 
between nutrient cycling pathways since they are uniquely influenced 
by geological background, nutrient loading, and meteorological condi
tions (Jolly et al., 2008; Williams, 2002). In the saline inland lake Gal
locanta, bacterial sulfate (SO4

2− ) reduction (BSR) has been detected near 
the water-sediment interface due to high organic C content that induce 
anaerobic conditions as well as an active iron cycling (Castañeda et al., 
2017; Corzo et al., 2005; Margalef-Marti et al., 2023). The availability of 
electron donors points that environmental conditions may be conducive 
to the occurrence of CDNT and denitrification. However, no study on N 
cycle has been performed in Gallocanta lake up to date. In this context, 
the main goal of the present study was to assess the potential occurrence 
of CDNT and denitrification in Gallocanta lake sediment and addition
ally to determine the environmental conditions inducing these pro
cesses. An integrated geochemical and isotopic approach, combining 
field measurements and laboratory experiments, was conducted to 
provide insights into biotic and abiotic N cycling pathways and their 
modulation by iron and sulfur content in the system. 

2. Methods 

2.1. In vitro nitrate and nitrite reduction experiments 

Gallocanta lake, located on a plateau within the Iberian Range at 
990 m a.s.l., covers a surface of 14 km2 and exhibits saline conditions 
(20–40 mS/cm). The lake, characterized by a pH range between 8 and 
10 (CHE, 2005), is ephemeral and hosts macrophytes (Ruppia drepa
nensis) on its bed, with a large community of migratory crane (Grus grus) 
population from November to March, leading to substantial organic 
matter inputs (Alonso López, J.A. et al., 1990a; Alonso López, J.C. et al., 
1990b; Castañeda et al., 2020). In October 2022, water and sediment 
samples were collected from one selected station in Gallocanta lake (N 
40◦57.8499′ and W 001◦30.4894′). Water was collected at a depth of 15 
cm, corresponding to the middle of the water column (30 cm depth in 
total). After three rinses with water from the lake, a PP container was 
placed sealed at the specified depth and then opened to completely fill it 
without leaving free headspace. Sediment cores were collected in sealed 
PVC tubes (10 cm diameter, 40 cm height). Immediately after obtention 
the sediment cores were sliced inside an anaerobic chamber under a N2 
atmosphere to keep the depth intervals between the surface and 5 cm 
and between 5 and 9 cm while the remaining deeper sediment was 
discarded. The obtained water and sediment were characterized 
geochemically following the methodology described in (Margalef-Marti 
et al., 2023) and were employed to set-up batch incubations as described 
below. 

Batch incubations were set-up immediately after sampling in 50 mL 
pre-combusted glass vials under anaerobic conditions. The water used 
for the experiments was preventively deoxygenated by purging it for 1 h 
with argon gas and the absence of oxygen was confirmed at the end of 
the purge. Glass vials containing 4 g of fresh sediment supplemented 
with deoxygenated water were crimp sealed with butyl rubber stoppers. 
According to previous results, sediment in the 0–5 cm range was rich in 
organic matter and sulfide (S− 2), while sediment at depths between 5 
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and 9 cm exhibited low organic C content and high availability of Fe2+

(details can be found in section 3.1 and in (Margalef-Marti et al., 2023)). 
Therefore, deep sediment (5–9 cm) exhibited conditions conducive to 
low heterotrophic bacterial activity and a high potential for autotrophic 
bacterial activity or abiotic processes involved in both nitrogen and iron 
cycling. A total of 6 different conditions were tested in triplicates 
(Table 1). 

Incubations of the 6 types of experiments were conducted simulta
neously, with constant shaking, in the dark, at approximately 20 ◦C. The 
bottles were sacrificed at sequential time based on NO2

− accumulation 
and reduction dynamics. Water samples from sacrificed flasks were 
immediately filtered through 0.2 μm syringe filters and conditioned as 
follows. Aliquots for NO3

− , NO2
− and NH4

+ concentration and isotopic 
composition determination were frozen at − 20 ◦C. A zinc acetate solu
tion (20 g/L) was added to aliquots for sulfide concentration determi
nation. A ferrozine solution was added to aliquots for total Fe and Fe2+

measurements. 

2.2. Analytical methods 

Concentrations of NO3
− , NO2

− , NH4
+, Fe2+, Fe3+ and 

∑
S2− (H2S, HS−

and S2− ) were determined by spectrophotometry using specific methods 
based on the formation of colored complexes with an intensity propor
tional to the reagent concentration. The NO3

− was reduced to NO2
− with a 

vanadium chloride solution and then NO2
− formed a pink complex by 

reacting with sulfanilamide and N-Naphtyl-1-éthylènediamine solutions 
in acidic media, then absorbance was read at 543 nm wavelength 
(García-Robledo et al., 2014). The NO2

− was measured following the 
second step of the aforementioned reaction. The NH4

+ formed a blue 
complex by reacting with dichlorocyanuric acid and phenol in the 
presence of nitroprussiate and in basic medium, then absorbance was 
read at 630 nm (Koroleff, 1976). The Fe2+ formed a violet complex by 
reacting with ferrozine in ammonium acetate buffer (0.5 M), then 
absorbance was read at 562 nm after 24 h (Greenberg et al., 1992; 
Stookey, 1970). For total Fe (Fe2+ + Fe3+) determination, 1 M HCl and 
ascorbic acid (50 mM final concentration) were added to reduce Fe3+ to 
Fe2+ and then the aforementioned method was applied. The 

∑
S2−

concentration was determined after precipitation as ZnS (described in 
section 2.1) which forms a blue complex in the presence of diamine and 
iron chloride, then absorbance is read at 660 nm (Fonselius, 1983). 
Minisensor probes (unisense) were employed to determine qualitative 
N2O content after daily calibration. The isotopic composition of dis
solved N compounds (δ15N–NH4

+, δ15N–NO3
- , δ18O–NO3

- , δ15N–NO2
- and 

δ18O–NO2
- ) have been determined after their subsequent chemical 

transformation into NO2
− and N2O. Dissolved NH4

+ was oxidized to NO2
−

by using a hypobromite solution (Zhang et al., 2007). Dissolved NO3
−

was reduced to NO2
− using spongy cadmium (McIlvin and Altabet, 2005; 

Ryabenko et al., 2009). Then, for all the samples, NO2
− was reduced to 

N2O with a sodium azide solution with acetic acid (McIlvin and Altabet, 
2005; Ryabenko et al., 2009; Zhang et al., 2007). Simultaneous δ15N and 
δ18O analysis of N2O produced during the conversion of NH4

+, NO3
− and 

NO2
− was carried out using a Pre-Con (Thermo Scientific) coupled to a 

Finnigan MAT-253 Isotope Ratio Mass Spectrometer (IRMS, Thermo 
Scientific). The standard deviation reproducibility of the samples was 
±1.0 ‰ for δ15N of dissolved NO3

− , NO2
− and NH4

+ and ±1.5 ‰ for δ18O 
of dissolved NO3

− and NO2
− . The isotopic notation is expressed in terms of 

δ per mil relative to international standards Atmospheric N2 (AIR) for 
δ15N and Vienna Standard Mean Oceanic Water (VSMOW) for δ18O, 
following: 

δ =
Rsample-Rstandard

Rstandard 
, where R = 15N/14N and 18O/16O, respectively. 

2.3. Isotopic fractionation calculation 

Under closed system conditions, with no substrate renewal, in the 
absence of isotopic exchange and considering a unidirectional irre
versible reaction, the isotopic fractionation (ε) of NO3

− and NO2
− can be 

calculated by means of the Rayleigh distillation type equation (Böttcher 
et al., 1990; Denk et al., 2017; Mariotti et al., 1988): 

δresidual = δinitial + ε ln
(

Cresidual

Cinitial

)

Thus, ε can be obtained from the slope of the linear correlation between 
the natural logarithm of the substrate remaining fraction (C refers to the 
analyte concentration) and the determined isotopic composition. 

3. Results and discussion 

3.1. Nitrogen and iron in porewater from gallocanta lake 

The main geochemical characteristics of surface water and pore
water in Gallocanta lake are summarized in the Supporting Information 
S1. Since Fe and N compounds are involved in the reactivity of batch 
incubations, here we briefly described its measured content in Gallo
canta Lake porewater during the October 2022 campaign. Also, we 
compared these findings with the results obtained for previous cam
paigns performed in November 2020 and June 2021 (Margalef-Marti 
et al., 2023). 

Porewater from Gallocanta Lake exhibited Fe concentrations of up to 
150 μM (Fig. 1A to C). A marked peak on Fe concentrations was 
observed approximately at the middle of the sediment cores, with depths 

Table 1 
Tested conditions in batch experiments. In the chemodenitrification experi
ments, deionized water was used instead of the lake water to reduce bacterial 
activity. In the case of external compounds addition, NO3

− was added as KNO3, 
NO2

− was added as NaNO2 and Fe2+ was added as FeSO4.  

Process involved Code Sediment 
depth (4 g) 

Water 
type 
(50 mL) 

Added 
compounds 

Ammonification – surface 
Control experiment to 
determine possible natural 
N compounds release and 
transformation from surface 
sediment (heterotrophic) 

sAMON 0–5 Lake x 

Ammonification 
Control experiment to 
determine possible natural 
N compounds release and 
transformation from deep 
sediment (autotrophic) 

AMON 5–9 Lake x 

Denitrification – higher 
NO3
¡Experiment to test the 

potential of denitrification 
and/or DNRA in deep 
sediment (autotrophic) 

hDNT 5–9 Lake NO3
− 400 

μM 

Denitrification – lower 
NO3
¡Experiment to test the 

potential of denitrification 
and/or DNRA in deep 
sediment (autotrophic) 

lDNT 5–9 Lake NO3
− 100 

μM 

Chemodenitrification – 
lower Fe2þ

Experiment to test the 
potential of 
chemodenitrification and/ 
or biotic NO2

− reduction in 
deep sediment 
(autotrophic) 

CHDN 5–9 mQ NO2
− 500 

μM 

Chemodenitrification – 
higher Fe2þ

Experiment to test the 
potential of 
chemodenitrification and/ 
or biotic NO2

− reduction in 
deep sediment 
(autotrophic) 

FeCHD 5–9 mQ NO2
− 500 

μM 
Fe2+ 500 
μM  
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Fig. 1. Iron and nitrogen compounds in porewater from Gallocanta lake. Dissolved Fe (A, B, C), ammonium (D, E, F), nitrite (G, H, I) and nitrate (J, K, L) 
concentrations measured in porewater in November 2020, June 2021 and October 2022. Error bars in the November 2020 plots reflects the standard deviation from 
averages calculated for three different cores. Fe2+ was not measured in November 2020. SW = surface water (blue), PW = porewater (orange). (For interpretation of 
the references to color in this figure legend, the reader is referred to the Web version of this article.) 
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varying between 4 and 13 cm in different campaigns. Iron speciation 
analysis highlighted that a substantial portion existed as Fe2+, rein
forcing the potential for NO3

− dependent iron oxidation and CDNT at this 
depth. Another pool of labile iron was identified in the solid fraction 
(sediment) through the acid volatile sulfide (AVS) extraction (1 M HCl) 
which allows quantitative extraction of mackinawite (Rickard and 
Morse, 2005). AVS shows very high content (up to 3700 μmol g− 1) 
associated with high 

∑
S2− concentration (up to 1100 μM), in the BSR 

active zone (Supporting Information S2). This points that iron sulfides 
and S2− could only play a role on denitrification in surface sediment, 
where organic C is also available. The availability of Fe2+ for microbial 
oxidation can also be enhanced by the presence of ligands (Zhao et al., 
2020). 

Regarding N compounds, porewater contained NH4
+ levels up to 500 

μM (Fig. 1D to F). Moreover, NO3
− and NO2

− were detected in porewater 
but only in the first of the 3 campaigns, with concentrations reaching up 
to 65 and 12 μM, respectively Fig. 1G to L). The depth profile of N 
compounds content exhibited variations across campaigns, suggesting 
an active N cycling. A detailed discussion on the potential N sources to 
the system is provided in Supporting Information S3 and S4. 

3.2. Nitrogen compounds reactivity in sediment from gallocanta lake 

When incubating surface sediment with water from the lake (0–5 cm 
depth, sAMON), no NH4

+, NO3
− , or NO2

− were released from sediment 
(Fig. 2A). In contrast, when incubating deep sediment (5–9 cm depth, 
AMON) resulted in the rapid release of up to 5 μM NH4

+ (Fig. 2B). These 
results supported field observations since NH4

+ was below detection limit 

in porewater from the top 3 cm of sediment while the highest concen
trations were measured at 7 cm depth in October 2022 (125 μM, Fig. 1F). 
The 

∑
S2− concentrations increased over time in the sAMON experiment 

reaching up to 130 μM (Fig. 2C), and confirming the availability of 
organic matter for BSR and mineralization. The absence of simultaneous 
accumulation of dissolved NH4

+ in the sAMON experiment could be 
attributed to adsorption and/or volatilization under alkaline conditions 
(pH = 9.0–9.5) (Hargreaves, 1998). In contrast, and as expected, S2−

was not detected in the AMON experiment due to the much lower 
organic content compared to sAMON (Fig. 2D). Indeed, the measured 5 
μM NH4

+ was the concentration expected from diluting deep sediment 
porewater (4 g, 125 μM NH4

+) with surface water (45 mL, no NH4
+). This 

suggested a lack of a significant mineralization activity in deep sediment 
and reinforced that different N cycling pathways take place in deep 
compared to surface sediment. 

Concerning Fe, no release was observed in the sAMON experiment 
while up to 11 μM accumulated in AMON from ~3000 min onwards 
(Fig. 2C and D). This is consistent with field observations, as lower 
dissolved Fe concentrations were measured in surface sediment 
compared to deep sediment (Fig. 1C), and confirms a higher Fe reac
tivity in deep sediment. The lower Fe content in surface sediment is 
likely due to its precipitation with the S2− produced from the high BSR 
activity. 

The potential for denitrification and/or dissimilatory NO3
− reduction 

to NH4
+ (DNRA) was tested in the lDNT and hDNT experiments, which 

involved deep sediment and NO3
− at concentrations of 100 or 400 μM, 

respectively. In lDNT (Fig. 3A), a lag-time of ~700 min was observed 
before the decrease of NO3

− concentration, which lasted for more than 

Fig. 2. Ammonification experiments results. Plots A and B show the measured concentration of ammonium (dark blue triangles), nitrate (blue rhombus) and 
nitrite (light blue circle), while plots C and D show the measured concentration of sulphide (red squares) and total dissolved iron (black squares). (For interpretation 
of the references to color in this figure legend, the reader is referred to the Web version of this article.) 
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2000 min. During the lag-time, NH4
+ accumulated up to 25 μM then 

decreased simultaneously with NO3
− . Conversely, NO2

− accumulated only 
during the period of NO3

− reduction reaching up to 30 μM. A similar 
pattern was observed in hDNT (Fig. 3B), with a lag-time of ~1000 min 
characterized by NH4

+ accumulation (up to 29 μM) followed by NO3
−

reduction period lasting for more than 2700 min, accompanied by NH4
+

consumption and NO2
− build up (to 94 μM). 

The lag-time observed before the NO3
− concentration decrease sug

gested that denitrifying microorganisms in the sediment were inactive 
state during the sampling period. This is consistent with the non- 
detection of NO3

− or NO2
− in field porewater samples in October 2022 

(Fig. 1I and L). Concerning intermediate products accumulation, the 
measured NO2

− corresponded to up to 30 % and 20 % of the initial NO3
− - 

N in lDNT and hDNT, respectively. Transient NO2
− accumulation is 

usually observed in denitrification experiments since NO2
− reductases 

are activated later than NO3
− reductases (Zumft, 1997). Regarding NH4

+, 
its accumulation began before the start of NO3

− reduction in both ex
periments, and the measured concentration (25–29 μM) was higher than 
the content measured in the AMON experiment (5 μM). Since NH4

+

concentration increased while NO3
− concentration remained stable, it is 

unlikely that DNRA played a major role on NH4
+ release. Remineralisa

tion or sediment desorption could be alternative sources of NH4
+. The 

later hypothesis was likely in accordance with the isotopic character
ization of NH4

+ and a detailed discussion is provided in Supporting in
formation S5. The decrease of NH4

+ concentration by the end of the 
experiments might be explained by a possible readsorption on sediment 

or by anammox. 
The NO3

− reduction period occurred simultaneously to the release of 
reduced dissolved species (iron and sulfur), suggesting NO3

− reduction 
dependent on Fe2+ oxidation, i.e., autotrophic denitrification. Up to 1 
μM Fe accumulated both in lDNT and hDNT (Fig. 3C and D). Concerning 
S2− , it was not detected in hDNT but it reached 3 μM in lDNT treatment 
(Fig. 3C and D), which could result from a slight BSR activity. The ratio 
between BSR and denitrification rates tends to increase with higher 
electron donor availability (Laverman et al., 2012), as observed in lDNT 
compared to hDNT. Also, the fact that S2− was detected in the lDNT 
experiment and not it the AMON experiment reinforced that NO3

− re
agent addition triggers a system disturbance that can lead to the acti
vation of biological and/or physical processes. 

Aiming to detect a potential chemodenitrification activity, NO2
−

concentration evolution in batch experiments containing deep sediment 
was compared with or without addition of external dissolved Fe2+ in the 
CHDN and FeCHD experiments, respectively. The total NO2

− reduced 
after 4000 min incubation in the CHDN and FeCHDN experiments was 
approximately 30 and 40 %, respectively (Fig. 4A and B). Increased 
reactivity due to the addition of dissolved Fe2+ cannot be discarded, 
which is in accordance with previous chemodenitrification studies 
where Fe2+ addition increased NO2

− reduction rates (Abu et al., 2024; 
Benaiges-Fernandez et al., 2020; Grabb et al., 2017; Margalef-Marti 
et al., 2020). Qualitative N2O measurements showed a much higher 
accumulation in the CHDN and FeCHD compared to the lDNT and hDNT 
experiments (1-fold, Supporting Information S6). This suggested the 

Fig. 3. Denitrification experiments results. Plots A and B show the measured concentration of ammonium (dark blue triangles), nitrate (blue rhombus) and nitrite 
(light blue circle), while plots C and D show the measured concentration of sulphide (red squares) and total dissolved iron (black squares). (For interpretation of the 
references to color in this figure legend, the reader is referred to the Web version of this article.) 
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occurrence of an abiotic reaction although presumably in combination 
with the biotic reduction. Accumulation of N2O is usual in abiotic ex
periments since it is the final product in contrast to the biotic reduction 
where N2 is the final product (Chen et al., 2018; Cooper et al., 2003; 
Robinson et al., 2021). However, the accumulated N2O through che
modenitrification can be further reduced to N2 by denitrifying micro
organisms. On the other hand, similarly to what was observed in the 
lDNT and hDNT experiments, up to 35 and 25 μM NH4

+ accumulated in 
CHDN and FeCHD, respectively, when starting the incubations. The 
reason of NH4

+ accumulation in these experiments seems also desorption 
from sediment (Supporting information S4), which is activated after 
addition of NO2

− . 
Concerning Fe evolution, in the CHDN experiment it accumulated up 

to 1.5 μM (Fig. 4C), which is in the same range of that measured for the 
lDNT and hDNT experiments. In contrast, dissolved Fe2+ concentration 
decreased exponentially over time in the FeCHD experiment, where 
additional dissolved Fe2+ was injected (Fig. 4D). The fact that the 
measured Fe2+ concentration at the beginning of the experiment was 
below the expected (250 μM were measured while 500 μM were added) 
was attributed to the saturation limit of the method (250 μM). The 
observed decrease of concentration over time could be caused mainly by 
adsorption to sediment but also to oxidation, slightly increasing NO2

−

consumption in FeCHD with respect to CHDN. A previous study reported 
that biotically released Fe2+ is more reactive than synthetic Fe2+

(Benaiges-Fernandez et al., 2020). In this sense, the low increase on NO2
−

reactivity after dissolved Fe2+ injection could be due to the fact that 
intrinsic Fe2+ from the slurry is more reactive than the added synthetic 

one. 
Reduction rates constants of NO3

− or NO2
− for all experiments were 

obtained using a pseudo-first order rate expression and the calculations 
are shown in Supporting Information S7. The reduction rate constants 
calculated considering the full incubation period for the lDNT, hDNT, 
FeCHD and CHDN experiments was 0.065, 0.018, 0.006 and 0.005 h− 1, 
respectively. However, when repeating calculations without considering 
the lag time, the rate constants increased to 0.091, 0.022, 0.007 and 
0.005 h− 1, respectively. The highest constant rate was found for the 
lDNT experiment, followed by hDNT, FeCHD and finally CHDN. 

A wide range of constant rates have been reported for chemo
denitrification studies up to date, which range between 0.0001 and 6 
h− 1 (Table 2). The determined constant rates in our experiments are 
closer to the lowest ones, which coincides with the majority of published 
studies. Previous works at laboratory-scale underline that the parame
ters that mostly influence chemodenitrification rates are: (I) the NO2

− to 
Fe2+ ratio (lower ratios trigger higher reactivity), (II) the solution ph 
(most of the studies have been performed at pH between 5.5 and 8.5), 
(III) the source of Fe2+ (biotically released or synthetically added), and 
particularly, (IV) if ferrous iron is found in the aqueous form or adsorbed 
or mineral or in a combination of various forms (Benaiges-Fernandez 
et al., 2020; Buchwald et al., 2016; Chen et al., 2020; Grabb et al., 2017; 
Jones et al., 2015; Robinson et al., 2021). The highest constant rates 
have been determined in experiments containing green rust (Grabb 
et al., 2017). 

Fig. 4. Chemodenitrification experiments results. Plots A and B show the measured concentration of ammonium (dark blue triangles), nitrate (blue rhombus) and 
nitrite (light blue circle), while plots C and D show the measured concentration of sulphide (red squares), total dissolved iron (black squares) and dissolved ferrous 
iron (grey squares)). (For interpretation of the references to color in this figure legend, the reader is referred to the Web version of this article.) 
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3.3. Isotopic fractionation during denitrification and chemodenitrification 

An increase in the heavy isotopes in the remaining substrate was 
observed during NO3

− reduction in the lDNT and hDNT experiments. The 
δ15N values of NO3

− increased from +4.5 to +9.7 ‰ and from +2.1 to 
+16.8 ‰, respectively, while the δ18O values of NO3

− increased from 
+18.8 to +23.3 ‰ and from +17.1 to +33.1 ‰, respectively (Fig. 5A 
and B). Because of the NO3

− isotopic fractionation, the initially generated 
NO2

− during denitrification in the lDNT and hDNT experiments pre
sented a lower δ15N compared to the initial NO3

− . Subsequently, the δ15N 
values of NO2

− increased during the NO3
− reduction from − 18.6 to +12.7 

‰ and from − 15.5 to − 6.2 ‰, respectively (Fig. 5A and B). 
The variations in the substrate isotopic composition during the lDNT 

and hDNT experiments led to ε15NNO3 of − 8.5 and − 15.1 ‰, respec
tively, and ε18ONO3 of − 7.9 and − 19.7 ‰, respectively (Fig. 5C and D). 
The resulting ε15NNO3/ε18ONO3 for the lDNT and hDNT experiments 
were 1.1 and 0.8, respectively. The obtained ε15NNO3 for lDNT and 
hDNT fell within the large range reported for the denitrification from 
− 55 to − 3‰ (Buchwald and Wankel, 2022; Granger et al., 2008). Most 
reported ε15NNO3 values for denitrification up to date correspond to 
heterotrophic activity studies. Nevertheless, two studies focusing on the 
autotrophic denitrification by pyrite oxidation found ε15NNO3 values 
from − 15 to − 28 ‰ (Torrentó et al., 2010, 2011). The obtained ε15NNO3 
for hDNT (− 15.1 ‰) fell within this range, but that obtained for lDNT 
was slightly lower (− 8.5 ‰). As previously discussed, we assumed that 
NO3

− reduction was mainly caused by oxidation of Fe2+, and therefore by 
autotrophic bacteria activity because Gallocanta lake deep sediment do 
not contain significant organic matter amounts and because iron got 
remobilized during denitrification (Fig. 3C and D). In this sense, the 
ε15NNO3 values obtained for lDNT enlarge the range reported in the 
literature up to date for the autotrophic denitrification. 

Three main factors can influence NO3
− isotopic fractionation in closed 

conditions experiments: (I) the enzymes responsible for NO3
− reduction, 

(II) the type of electron donor, and (III) the reduction rate, which is 
dependent on the ratio between NO3

− and the electron donor (Asamoto 
et al., 2021; Granger et al., 2008; Wunderlich et al., 2012). The fact that 

lDNT and hDNT present different ε15NNO3 and ε18ONO3 values was likely 
due to the different NO3

− reduction constant rates between the experi
ments (0.065 and 0.018 h− 1, respectively). A role from the microbial 
community enzymes and the type of electron donor should be discarded 
as both experiments presented the same initial conditions. Higher 
reduction rates are usually associated to less pronounced isotopic frac
tionation since higher kinetics mean lower free energy for the reaction 
and consequently, lower isotope discrimination along the trans
formation process (Mariotti et al., 1982). This is consistent with our 
observations of a higher ε15NNO3 for hDNT while a higher reduction 
constant rate was found for lDNT. 

Concerning the CHDN and FeCHD experiments, an increase in the 
heavy isotopes was also observed in the remaining substrate during NO2

−

reduction. This leaded to a δ15N–NO2
- increase from +1.8 to +5.6 ‰ and 

from +0.8 to +7.5 ‰, respectively (Fig. 5E and F). In contrast, the 
δ18O–NO2

- did not variate significantly (Fig. 5E and F). The low varia
tions on the δ18O–NO2

- pointed the occurrence of equilibration between 
the δ18O–NO2

- and the δ18O–H2O as it has been previously observed in 
other NO2

− isotopic studies (Granger and Wankel, 2016; Kool et al., 
2007). For this reason, the δ18O–NO2

- data, it is not further considered 
for discussion. 

The calculated ε15NNO2 for the CHDN and FeCHD experiments were 
− 6.8 and − 12.3 ‰, respectively (Fig. 5G and H). These values are in the 
range of isotopic fractionation values previously reported for both the 
biotic (− 2 to − 45 ‰) and the abiotic (− 3 to − 26 ‰) NO2

− reduction 
(Benaiges-Fernandez et al., 2020; Bryan et al., 1983; Buchwald et al., 
2016; Grabb et al., 2017; Martin and Casciotti, 2016; Sebilo et al., 2019). 
As it is usually found for biotic experiments, more pronounced ε15NNO2 
have been previously associated to lower chemodenitrification rates, 
while other parameters affecting the isotopic fractionation in chemo
denitrification experiments are yet to be explored (Buchwald and 
Wankel, 2022; Grabb et al., 2017). It has to be noted that, considering 
the 95% confidence intervals, the determined ε15NNO2 for the CHDN and 
FeCHD experiments were not significantly different. However, we 
believe that slight differences cannot be discarded. The CHDN and 
FeCHD experiments showed similar NO2

− reduction constant rates 

Table 2 
Nitrite reduction constant rates. Comparative of reaction rate constants determined from batch experiments aiming to study the chemodenitrification.  

Rate constant (h− 1) Initial NO2
−

(μM) 
Initial dissolved Fe2+

(μM) 
Environment pH Reference 

0.005 (1st order) 500 11 (natural) Gallocanta lake sediment 8.8 Present study 
0.006 (1st order) 500 250 (synthetic) Gallocanta lake sediment 8.8 Present study 
0.0018 (1st order) 100 1000 (synthetic) Walnut Creek sediment 7 Robinson et al. (2021) 
0.0016 (1st order) 183 12000 (synthetic) Artificial seawater 6.5 Grabb et al. (2017) 
1-6 (1st order) 100–960 400-2300 (synthetic) Artificial seawater + Green rust 6.5 Grabb et al. (2017) 
0.0001-0.008 (1st 

order) 
117–205 700-800 (synthetic) Artificial seawater + Corundrum or Montmorillonite or Illite or 

Nontronite 
6.5 Grabb et al. (2017) 

0.03 (2nd order) 800 1200 (synthetic) Artificial seawater + Ferrihydrite 8.2 Benaiges-Fernandez et al. 
(2020) 

0.3 (2nd order) 800 1200 (biotic) Artificial seawater + Ferrihydrite 8.2 Benaiges-Fernandez et al. 
(2020) 

0.0007-0.1 (1st order) 200 600-8700 (synthetic) HEPES buffer 7 Buchwald et al. (2016) 
0.005-0.3 (1st order) 200 800-7900 (synthetic) HEPES buffer + Goethite 7 Buchwald et al. (2016) 
0.03-0.35 (1st order) 200 600-6300 (synthetic) HEPES buffer 8 Buchwald et al. (2016) 
0.05-1.7 (1st order) 200 1000-8100 (synthetic) HEPES buffer + Goethite 8 Buchwald et al. (2016) 
0.46 (1st order) 100 1000 (synthetic) Bicarbonate buffer + Goethite 7 Robinson et al. (2021) 
0.36 (1st order) 100 1000 (synthetic) Bicarbonate buffer + Hematite 7 Robinson et al. (2021) 
0.054-0.28 (1st order) 100 – Bicarbonate buffer + Magnetite 7 Robinson et al. (2021) 
0.01 (1st order) 100 1000 (synthetic) Bicarbonate buffer + Maghemite 7 Robinson et al. (2021) 
0.007 (1st order) 3000 9300 (synthetic) MES-MOPS buffer 5.5 Chen et al. (2020) 
0.01 (1st order) 3000 9300 (synthetic) MES-MOPS buffer 6 Chen et al. (2020) 
0.021 (1st order) 3000 9300 (synthetic) MES-MOPS buffer 6.5 Chen et al. (2020) 
0.041 (1st order) 3000 9300 (synthetic) MES-MOPS buffer 7 Chen et al. (2020) 
0.02 (1st order) 10000 10000 (synthetic) PIPES buffer – Jones et al. (2015) 
0.13 (1st order) 10000 10000 (synthetic) PIPES buffer + Fe(III) (hydr)oxide – Jones et al. (2015) 
0.005 (1st order) 

3.4 (2nd order 
1200 6000 Artificial groundwater 3.1 Abu et al. (2024) 

0.012 (1st order) 
3.4 (2nd order) 

1200 6000 Artificial groundwater + siderite 5.5 Abu et al. (2024)  
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Fig. 5. Isotopic composition evolution and fractionation of N compounds in batch experiments. Measured δ15N–NO3
- and δ15N–NO2

- during NO3
− reduction in 

lDNT and hDNT (A, B) and associated isotopic fractionation (C, D), and measured δ15N–NO2
- during NO2

− reduction in CHDN and FeCHD (E, F) and associated isotopic 
fractionation (G, H). The ε15N and/or ε18O is obtained from the slope of the regression lines between the measured δ values and the natural logarithm of the substrate 
remaining fraction. The 95% confidence intervals are shown for plots C, D, G and H. 
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(0.005 and 0.006 h− 1, respectively) and therefore, they were not likely 
the cause of the different ε15NNO3 values obtained between the two types 
of experiments. Instead, the reason might be a different reaction 
mechanism or a different contribution of parallel mechanisms, e.g. a 
higher contribution of the chemodenitrification (abiotic) with respect to 
the denitrification (enzymatic) in FeCHD with respect to CHDN exper
iments. A comparison between the determined ε15N and the determined 
reduction rate constants for all experiment has been included in Sup
porting information S8. The CHDN and FeCHD experiments seem to 
follow a different pattern than the lDNT and hDNT experiments, rein
forcing that different types of reduction mechanisms were involved in 
the NO3

− compared to the NO2
− containing experiments. 

These results underline that in Gallocanta lake, NO2
− generated 

during NO3
− reduction could be further reduced by both the abiotic and 

biotic pathways. The fact that the chemodenitrification process is 
feasible in Gallocanta lake does not necessarily mean that it occurs 
continuously in this ecosystem. Firstly, NO2

− and Fe2+ should be avail
able on the same time and at the same sediment depth. In Gallocanta 
lake NO2

− can only be present if denitrification and/or nitrification are 
active while Fe2+ content is relevant below surface sediment. The reason 
is that the bacterial sulfate reducing activity near the water-sediment 
interface leads to high S2− accumulation and FeS precipitation. 
Further research should be done in other aquatic ecosystems with 
varying availability of organic carbon, sulfur, nitrogen and iron com
pounds to address under which kind of environments the chemo
denitrification process can be more relevant. 

4. Conclusions 

When incubating NO3
− with sediment (5–9 cm) from Gallocanta lake, 

denitrifying microorganisms were able to reduce it under autotrophic 
conditions (low organic carbon, high Fe2+). A lag-time was observed 
before the start of NO3

− reduction, pointing that Gallocanta lake does not 
contain NO3

− permanently and consequently, denitrifying microorgan
isms are not always active. The determined ε15NNO3 for experiments 
containing low and high NO3

− concentrations were − 8.5 and − 15.1 ‰, 
respectively, while ε18ONO3 were − 7.9 and − 19.7 ‰, respectively, 
which is consistent with denitrification. The more pronounced isotopic 
fractionation was found for the high NO3

− concentration experiment and 
it was related to its lower reduction constant rates. 

The geochemical and isotopic characterization of the experiments 
also allowed to highlight the feasibility of abiotic NO2

− reduction in 
Gallocanta lake sediment (5–9 cm). The obtained ε15NNO2 were − 6.8 ‰ 
and − 12.3 ‰ for the experiments without and with additional Fe2+, 
respectively. These values are in the range of those previously reported 
for the chemodenitrification but they overlap those reported for the 
biotic reduction. The slightly more pronounced ε15NNO2 values found for 
the experiments containing additional Fe2+ reinforced a higher contri
bution of the chemodenitrification with respect to the denitrification in 
these experiments. 

This study showed the feasibility of chemodenitrification in Gallo
canta lake, where anthropogenic inputs of N are low, and at a sediment 
depth between 5 and 9 cm Fe2+ is highly available while organic C is 
low. Further research should be conducted in other aquatic ecosystems 
with contrasting availability of organic carbon, sulfur, nitrogen and iron 
compounds to address under which environments the chemo
denitrification process can be more relevant. 
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Alonso López, J.C., Alonso López, J.A., Cantos, F.J., Bautista, L.M., 1990b. Spring crane 
Grus grus migration through Gallocanta, Spain. I. Daily variations in migration 
volume. Ardea 78, 365–378. 

Aravena, R., Robertson, W.D., 1998. Use of multiple isotope tracers to evaluate 
denitrification in ground water: study of nitrate from a large-flux septic system 
plume. Ground Water 36, 975–982. 

Asamoto, C.K., Rempfert, K.R., Luu, V.H., Younkin, A.D., Kopf, S.H., 2021. Enzyme- 
specific coupling of oxygen and nitrogen isotope fractionation of the nap and nar 
nitrate reductases. Environ. Sci. Technol. 55, 5537–5546. https://doi.org/10.1021/ 
acs.est.0c07816. 

Badr, O., Probert, S.D., 1993. Environmental impacts of atmospheric nitrous oxide. Appl. 
Energy 44, 197–231. https://doi.org/10.1016/0306-2619(93)90018-K. 

Benaiges-Fernandez, R., Offeddu, F.G., Margalef-Marti, R., Palau, J., Urmeneta, J., 
Carrey, R., Otero, N., Cama, J., 2020. Geochemical and isotopic study of abiotic 
nitrite reduction coupled to biologically produced Fe(II) oxidation in marine 
environments. Chemosphere 260, 127554. https://doi.org/10.1016/j. 
chemosphere.2020.127554. 

Beusen, A.H.W., Bouwman, A.F., Van Beek, L.P.H., Mogollón, J.M., Middelburg, J.J., 
2016. Global riverine N and P transport to ocean increased during the 20th century 
despite increased retention along the aquatic continuum. Biogeosciences 13, 
2441–2451. https://doi.org/10.5194/bg-13-2441-2016. 
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