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Abstract/Resum

ABSTRACT

Nitrogen is essential for sustaining life on Earth; however, excessive nitrogen levels have
become a pressing environmental concern with far-reaching consequences. Nitrogen pollution
arises primarily from agricultural and urban activities, such as the excessive use of synthetic
fertilizers, inappropriate waste disposal, industrialization, and increased tourist activities. One of
the most concerning groundwater pollutants is nitrate, a compound formed by the oxidation of
excess nitrogen in aerobic conditions. The consequences of global nitrate pollution pose
significant threats to human health and the ecosystem. Excessive nitrate levels in drinking water
have been linked to several human health issues, such as methemoglobinemia in children and a
prolonged effect of gastric, colorectal and bladder cancer in adults, and deplete oxygen levels in

aquatic systems, deteriorating aquatic life.

Addressing the global nitrate pollution problem requires remediation interventions to
preserve the quality of water resources and safeguard clean water use. This thesis focuses on
understanding the pathways of nitrate decontamination and on developing cost-effective,
environmentally eco-friendly treatment and removal strategies in water resources. This thesis
addresses the characterization of groundwater's prevailing nitrate removal processes using
chemical and isotopic tools coupled with numerical modeling for successfully designing

innovative techniques for nitrate removal from groundwater.

Denitrification stands as the primary process for nitrate reduction in groundwater.
Denitrifying bacteria are widely distributed in both surface and subsurface water, and their
activity is influenced mainly by the availability of electron donors, which act as the main limiting
factor for denitrification. In light of this, the potential of using cheap and easily accessible
electron donor sources aligning with the principles of circular economy, supporting the
objectives of United Nations Sustainable Development Goals 6 and 7, focusing on clean water,
waste reduction, and resource efficiency, were investigated. This study utilized wine residues as
electron donors to remove nitrate from field nitrate-contaminated water in laboratory batch and
column experiments. Two types of wine residues, named lias and vinico, were examined to
assess their ability to induce denitrification by providing external organic carbon. Lias exhibited
high efficiency in removing N compounds, as NOs” was completely removed within two days and
NO; in four days, whereas vinico showed limited efficiency, achieving only 35% NOs removal
paralleled with high NO, concentration in the batch experiments. The distinct organic compound
composition of the wine residues accounts for the differing N attenuation efficiencies observed

in the batch experiments, whereas lias is mainly characterized by polysaccharides, vinico is
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predominantly composed of humic and fulvic acids with less labile organic carbon. N and O
isotope analysis of NOs” and NO;™ confirmed biological denitrification as the primary mechanism

responsible for NOs™ attenuation in the conducted batch experiments.

In a column experiment using lias, controlled daily injection of the wine waste resulted in
complete NOs3™ removal within three days. The injection was stopped in four days, and NOs’
recovery began after seven days and reached the initial concentration by day ten. Nitrate supply
to the column, variations in biomass, mixing, flow velocity, and preferential flow path did not
significantly affect nitrate attenuation in the column. Nitrite did not significantly accumulate
during biostimulation. Similar to the batch experiments, the NOs; and NO; isotopologues
analyses confirmed denitrification as the dominant process. Moreover, both experiments,
biostimulated with fias, exhibited similar isotopic fractionation, indicating the same nitrate
degradation processes. The laboratory-controlled isotope fractionation values obtained are
reliable for quantifying denitrification efficiency for field studies, as they mitigate the variability
associated with field conditions. The column experimental findings show that controlled
injection with lias wine waste is effective for wetland applications, providing flexibility in
adjusting injection parameters to achieve high denitrification at specific times of heightened
denitrification activity. Lias also does pose a pollution risk, as it was not linked with heavy metals

and could be used at the field-scale as an eco-friendly electron donor product to remediate NOs"

A conceptual and numerical geochemical model that describes the coupled nitrate
reduction and organic matter oxidation reactions in a fully saturated system was developed,
incorporating biomass growth and decay, nitrate and nitrite degradation kinetically controlled,
changes in NOs and NO; isotopic composition, aqueous speciation in equilibrium and the
possibility of calcite precipitation (in equilibrium), assuming a constant temperature (25 °C).
Nitrate and nitrite respiration rates were quantified using the dual Monod kinetics. Numerical
simulations conducted for batch experiments were used to determine the reaction rate
parameters with experimental results, and the obtained values were within the reported

literature values.

Combining ferrous iron and organic carbon in nitrate treatment systems can lead to the
simultaneous occurrence of chemodenitrification and biological denitrification processes,
thereby enhancing nitrate removal. Ferrous iron, found abundantly in nature, plays a crucial role
in optimizing denitrification and prolonging the effectiveness of organic carbon donors for
sustainable, long-term nitrate treatment, especially in iron-rich environments. Therefore, the

influence of the coupled nitrite (NO;) reduction-Fe(ll)oxidation has been investigated by
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considering a solution of high nitrite concentration in contact with siderite (FeCOs), dissolved
Fe(ll) and siderite plus dissolved Fe(ll) in laboratory batch experiments, designed to evaluate the
nitrite removal efficiency and the N,O(g) production. Although nitrite reduction capacity was low
in the experiments with only siderite (only 3% NO,- removal), in the experiment with dissolved
Fe(ll), up to 54% of nitrite was removed. However, the nitrite removal rate increased to 84% in
the experiment where siderite plus dissolved Fe(ll) was used. Nitrous oxide production was
observed in all the experiments, but N,O(g) recovery in the headspace did not match the
expected values. The study revealed that N,O(g) was the final product formed and was not
further reduced to Nz(g). N2O(g) also exhibited no leakage through the butyl rubber stoppers.
Consequently, the low N,O recovery was associated with low diffusion of aqueous N,O into the
headspace, as 50-98% of the generated N,O remained dissolved in water. The diffusion of N,O(g)
was unaffected by kinetic isotope fractionation. The isotopic analyses revealed that the same
mechanism degraded NO; in all experiments. A kinetic equation has been obtained for the

coupled nitrite-reduction Fe(ll)-oxidation reaction.

The Rayleigh distillation equation using the experimentally calculated €N values, coupled
with NO; isotopic data, N,O site preference values, and N,O in the liquid phase according to
Henry's Law confirmed that chemodenitrification was the primary NO;™ attenuation pathway in
the experiments. A geochemical model coupling chemodenitrification, kinetic isotope
fractionation, aqueous speciation in equilibrium and precipitation and dissolution of calcite was
implemented and reproduced the experimental results. These models could help predict the
efficiency of abiotic nitrite reduction in bioremediation treatments using Fe(ll) and distinguishing

biotic and abiotic reactions in the field.

Partially treated effluents from wastewater treatment plants and untreated wastewater
frequently exhibit high concentrations of inorganic nitrogen. Ensuring the safe use of this treated
wastewater for groundwater aquifer recharge and domestic applications necessitates the
remediation of inorganic nitrogen to alleviate the elevated inorganic nitrogen levels. Permeable
reactive barriers have proven to be effective and sustainable solutions for the remediation of
inorganic nitrogen in groundwater. In this thesis, the migration of secondary wastewater
treatment effluent in two subsurface infiltration systems has also been studied: one with a
reactive barrier (SAT-PRB) and the other without (SAT-Control). Chemical and isotopic analyses
were conducted to assess the spatial and temporal variability of N species (mainly NH4* and
NOs’) at different sections and depths along the systems. The chemical and isotopic results
revealed contemporaneous nitrification-denitrification as the systems' main N transformation

and distribution pathway. The nitrification rate increased along the systems and with depth.

W
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Temperature and microbial community growth and adaptation influenced N attenuation
efficiency in the systems. High temperatures favored denitrification in the systems during
summer periods. Other mechanisms, including sorption and plant assimilation, were identified

as potential contributors to nitrogen (N) removal.

At the end of the study period, the SAT-PRB system successfully removed 66% of the total N
in the solution. In comparison, the SAT-Control system achieved a removal rate of 69%, measured
at the outlet of both systems. NOs” was the dominant species in the SAT-Control system, with
27% NOs3™ and 4% NH.*, whereas the SAT-PRB system exhibited a more balanced distribution,
with approximately equal proportions of NOs” and NH,*, at 18% and 16%, respectively. The
isotopic data revealed complete NOs™ degradation in the systems during the warmer periods,

indicating the possible mixing of newly generated NOs™ with residual NOs™ in the substrate pool.

This thesis provides valuable insights into effective nitrate removal strategies using
sustainable electron donors through the application of carbon injection systems, ferrous iron,
and permeable reactive barriers. The findings offer potential solutions for mitigating nitrate
pollution of water resources, preserving their quality and ensuring a sustainable supply of clean
water. It provides environmentally friendly methods to safeguard human health and the
environment from the adverse impacts of nitrate pollution. However, further research and
practical implementation of these strategies are essential to achieve lasting positive impacts on

aquatic ecosystems and secure a healthier future for all.

Vil



Abstract/Resum

RESUM

El nitrogen és essencial per mantenir la vida a la Terra. Tot i aix0, els nivells excessius de
nitrogen s'han convertit en una preocupacié ambiental urgent amb conseqiiéncies de gran abast.
La contaminacié per nitrogen prové principalment de les activitats agricoles i urbanes, com I'Us
excessiu de fertilitzants sintetics, I'eliminacié inadequada de residus, la industrialitzacié o
['augment de l'activitat turistica. En concret, el nitrat, format per I'oxidacid de I'excedent de
nitrogen en condicions aerobiques, ha esdevingut un n dels contaminants més preocupants de
les aiglies subterranies.. La contaminacié global per nitrats és una amenaga important
significatives per a la salut humana i els ecosistemes. Els nivells excessius de nitrats a |'aigua
s'han relacionat amb diversos problemes de salut, com la metahemoglobinémia en nens oun
efecte prolongat de cancer gastric, colorectal i de bufeta en adults, a més de reduir els nivells

d'oxigen en els sistemes aquatics, deteriorant la vida aquatica.

Abordar el problema global de la contaminacid per nitrats requereix intervencions per
preservar la qualitat dels nostres recursos hidrics i garantir I'Us d'aigua neta. Aquesta tesi es
centra en comprendre les vies de descontaminacié de nitrats i en desenvolupar estratégies de
tractament i eliminacidn de nitrats en els recursos hidrics, que siguin al mateix temps,
respectuoses amb el medi ambient i econdmicament viables.. Aquesta tesi aborda la
caracteritzacid dels processos dominantsen la degradacid de nitrats a les aiglies subterranies
utilitzant eines quimiques i isotopiques combinades amb models numerics amb l'objectiu de

poder dissenyar amb éexit técniques innovadores per eliminar-ne els nitrats.

El procés principal per a la reduccié de nitrats a les aiglies subterranies és la desnitrificacio.
Les bacteris desnitrificants estan ampliament distribuits en les aiglies superficials i subterranies,
i la seva activitat depén en gran mesura de la disponibilitat de donadors d'electrons, que ha
esdevingut el principal factor limitant del procés. En aquest treball s’ha investigat I'is de fonts
donadores d’electrons economiques i facilment accesibles, d’acord amb els principis de
I'economia circular, i i amb els Objectius de Desenvolupament Sostenible de les Nacions Unides
6 i 7, centrats en aigua neta, reduccié de residus i eficiéncia dels recursos. En concret, aquest
estudi estudia residus de vi com a donants d'electrons en processos de desnitrificacié en
experiments de tipus batch i columna al laboratori. S’han fet servir dos tipus de residus, de vi,
anomenats lias i vinico, is’ha avaluat la seva capacitat d’ induir la desnitrificacié proporcionant
carboni organic extern al sistema. El lias ha demostrat ser molt eficiente en la remocié de
compostos de nitrogen, perqué el NOs™ es va eliminar completament en dos dies i el NO; en

quatre dies, mentre que l'eficiéncia del vinico ha estat més limitada i, aconseguint només el 35%

Vil
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de la remocié de NOs™ i mantenint una una concentracié elevada de NO; als experiments en
bacth. Aquesta diferencia en l'eficiéncia d’atenuacié s’explica per la diferent composicid dels
residus de vi, ja que mentre que el lias esta compost principalment per polisacarids, el vinico
esta predominantment compost per acids himics i falvics amb menys carboni organic labil.
L'analisi isotopica de N i O de NOs i NOy" ha confirma la desnitrificacié6 com el mecanisme

principal responsable de I'atenuacié de NOs™ en els experiments en batch.

En l'experiment de columna realitzat on s’ha utilitzat lias, la injeccié diaria de lias ha
aconseguit I'eliminacié completa del NOs™ en tres dies. Després d’aturar la injeccié al quart dia,
la concentracién de nitrat es va anar recuperant i va arribar a la concentracié inicial al desé dia.
S’ha observat que |'aportacié de nitrats a la columna, les variacions en la biomassa, la barreja, la
velocitat del flux i la ruta preferent no han afectat significativament I'atenuacio dels nitrats a la
columna. El nitrit no s’ha acumulat significativament durant la biostimulacié. Com als
experiments batch, les analisis dels isotops de NO3™ i NO; han confirmat que la desnitrificacid és
el procés dominant. A més, els dos experiments biostimulats amb lias, han exhibit una
fraccionament isotopic similar, indicant que estan ocorrent els mateixos processos de degradacié
dels nitrats. Els valors de fraccionament isotopic obtinguts en el laboratori seran utils per
guantificar I'eficiéncia de la desnitrificacié en estudis de camp. Els resultats dels experiments de
columna mostren que la injeccid controlada de lias seria efectiva per a la desnitrificacié en
llacunes o aiguamolls, i no presentaria un risc de contaminacié important, perquée no estd
asociada amb metalls pesats. Podria doncs, utilizar-se a a escala de camp com a producte

donador d'electrons respectués amb el medi ambient.

S’ha desenvolupat un model geoquimic conceptual i numéric que descriu les reaccions
acoblades de reduccié de nitrat i oxidacid de la materia organica en un sistema completament
saturat, incorporant el creixement i la descomposicié de la biomassa, la degradacié cinéticament
controlada dels nitrats i nitrits, els canvis en la composicié isotopica de NOs i NOy, i I'especiacid
aquosa i la precipitacio de calcita en equilibri, a una temperatura constant de 25 °C. Les velocitats
de degradacié del nitrat i del nitrit s’"han quantificat assumint I'equacié cinetica dual de Monod.
Les simulacions numeriques realitzades per als experiments de batch i columna s’han utilitzat

per determinar els parametres de reaccid, obtenint valors similars als valors de la literatura.

La combinacié de ferro férric i carboni organic en sistemes de tractament de nitrats pot
conduir a l'aparicié simultania de processos de quimodenitrificacié i desnitrificacio biologica,
millorant aixi I'eliminacio de nitrats. El ferro ferro, que es troba abundantment a la natura, té un

paper crucial en I'optimitzacié de la desnitrificacié i la perllongacié de I'eficacia dels donants de
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carboni organic per al tractament de nitrats sostenible i a llarg termini, especialment en entorns
rics en ferro. Per tant, en aquest estudi s’hainvestigat la influéncia de la reduccio del nitrit (NOy
) acoblada a I'oxidacié del Fe(ll), en tres tipus d’experiment batch, considerant 1) una solucio
amb una concentracio elevada de nitrit en contacte amb siderita (FeCOs), 2) una solucié amb
una concentracién elevada de nitrit en contacte amb Fe(ll) dissolt i3) una solucié amb una
concentracion elevada de nitrit en contacte amb Fe(ll) dissolt i siderita, , dissenyats per avaluar
I'eficiencia de I'eliminacié de nitrits i la produccié de N,O(g). Tot i que la capacitat de reduccié
del nitrit ha resultat ser baixa en els experiments amb només siderita (només el 3% d'eliminacio
de NO3), en I'experiment amb Fe(ll) dissolt, s’ha eliminat fins al 54% del nitrit i fins el 84% en
I'experiment amb siderita més Fe(ll) dissolt. S’ha observat la produccié de oOxid nitric en tots els
experiments, pero la recuperacié de N,O(g) a I'espai de cap no ha coincidit amb els valors
esperats. L'estudi ha confirmat que el N;O(g) és el producte final i que no s’ha reduit fins a N,(g).
Donat que les perdues de e N,O(g) a través dels taps de goma també s’han descartat, la baixa
recuperacié de N,O(g)s’ha associat a la baixa difusié del N,O aquds a I'espai de cap, ja que el 50-
98% del N,0O generat s’ha mantingut dissolt a l'aigua. La difusié del N,O(g) no esta afectada pel
fraccionament isotopic cinetic. Les analisis isotopiques han revelat que en tots els experiments
ha actuat el mateix mecanismo per degradar el NO,. S’ha obtingut una equacié cinetica de

segon ordre per a la reaccio de reduccié del nitrit acoblada a I'oxidacié del Fe(ll).

L'equacié de destil-lacié de Rayleigh utilitzant els valors €°N calculats experimentalment,
juntament amb dades isotopiques de NOy, valors de preferencia pel lloc de N0, i concentracions
aquoses de N,O obtingudes amb la llei de Henry, han confirmat la quimiodesnitrificacié com la
principal via de degradacidé del NO;™ en els experiments. S’ha implementat un model numeric
geoquimic que considera quimiodesnitrificacié, fraccionament isotopic cinetic, especiacid
aquosa i precipitacié i dissolucid de calcita en equilibri que reprodueix els resultats
experimentals. Aquest tipus de model podria ajudar a predir I'eficiéncia de la reduccid abiotica
de nitrit que s'observa en tractaments de biorremediacid on s’utilitza Fe(ll) i facilitaria la distincio

entre accions biotiques i abiotiques al camp.

Els efluents que surten de les plantes de tractament d'aiglies residuals mostren sovint altes
concentracions de nitrogen inorganic. Garantir I'Us segur d'aquestes aiglies residuals tractades
per a la recarrega d’aaquifers subterranis i per a aplicacions domestiques requereix la reduir la
concentracié d’aquest nitrogen inorganic. En aquest sentit, s’Tha provat que les barreres
permeables reactives son solucions efectives i sostenibles per a aconseguir la degradacié del
nitrogen inorganic. En aquesta tesi, també s'ha estudiat el comportament d’un efluent d’una

planta de tractament d'aiglies residuals al creuar dos sistemes d'infiltracié: un amb una barrera
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reactiva (SAT-PRB) i I'altre sense (SAT-Control). S'han realitzat analisis quimiques i isotopique per
avaluar la variabilitat espacial i temporal de les espécies aquoses de nitrogen (principalment NH,*
i NO3") en diferents seccions i profunditats dels sistemes. Els resultats quimics i isotopics han
mostrat que la nitrificacié i la desnitrificacid es donen de manera simultania i que son la
principal via de transformacié i distribucid de nitrogen als sistemes. La nitrificacié va augmenta
al llarg dels sistemes i amb la profunditat. La temperatura i el creixement i adaptacié de la
comunitat microbiana haninfluit en I'eficiencia de I'atenuacid del nitrogen en els sistemes. Les
temperatures altes han afavorit la denitrificacié als sistemes durant els periodes estivals. S’han
identificat altres mecanismes, com ara la sorcié i I'assimilacié per part de les plantes, com a

possibles contribuents a |'eliminacié del nitrogen (N).

Al final del periode d'estudi, el sistema SAT-PRB va eliminar amb exit el 66% del N total de
la solucié. En comparacio, el sistema SAT-Control va assolir una taxa d'eliminacié del 69%,
mesurada a la sortida dels dos sistemes. EI NO3™ és |'espécie dominant en el sistema SAT-Control,
amb un 27% de NOs™ i un 4% de NH,4*, mentre que el sistema SAT-PRB ha presentat una distribucio
més equilibrada, amb proporcions aproximadament iguals de NOs i NH,*, del 18% i el 16%,
respectivament. Les dades isotopiques han revelat la degradacid completa de NOs en els
sistemes durant els periodes més calids, indicant la possible mescla de NOs™ de nova generacié

amb el NOs residual del substrat.

Aguesta tesi aporta nous coneixements, valuosos per al disseny d’estratégies efectives
d'eliminacié de nitrats mitjancant donadors d'electrons sostenibles a través de la injeccié de
compostos organics, Fe(ll) i barreres reactives permeables. Les troballes ofereixen solucions
potencials per mitigar la contaminacio per nitrats de les fonts d'aigua, preservant-ne la qualitat
i assegurant un subministrament sostenible d'aigua neta. Proporciona métodes respectuosos
amb el medi ambient per salvaguardar la salut humana i el medi ambient dels impactes adversos
de la contaminacid per nitrats. No obstant aixo, la realitzacié d’investigacions addicionals i la
implementacid practica d'aquestes estrategies son essencials per aconseguir impactes positius

duradors en els ecosistemes aquatics i garantir un futur més saludable per a tothom.
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General introduction

1. GENERAL INTRODUCTION

Groundwater is an essential consumptive water source that provides drinking water to
about 50% of the world's population and contributes 40% of irrigation water (Abascal et al.,
2022; Canter, 2019). Goal 6 of the Sustainable Development Goals (SGD: Clean water and
sanitation) set out in the 2030 agenda by the United Nations is to provide high-quality drinking
water (United Nations, 2022). However, groundwater pollution has enormously increased over
the past three decades, impacting life and the environment (Li et al., 2021). For instance, the
WHO (2022) has reported that poor drinking water quality is the leading cause of diseases and

death worldwide.

Nitrogen is an essential nutrient required for the growth and survival of all living organisms.
Nitrogen fertilizers are an important anthropogenic nitrogen source that contributes 40% of the
world's dietary protein (Smil, 2001) and has increased 40% crop production in the past century
(Mosier, 2008). Excess nitrogen from nitrogen-based fertilizers is oxidized in aerobic conditions
into nitrate (NOs’), as a significant and one of the most prevalent groundwater pollutants.
Excessive fertilizer use, therefore, represents the largest NOs™ pollution source globally (Arauzo,
2017). Moreover, domestic and industrial wastewater mostly contain organic nitrogen, and as
wastewater leaves the septic system and percolates through the unsaturated zone, organic
nitrogen is oxidized to nitrate plumes within the aquifer. Consequently, septic system discharge

also contributes significantly to nitrate and contaminants of emerging concern.

The ingestion of water containing high NOs levels (> 50 mg NOs™ L) affects human well-
being and causes health problems, including methemoglobinemia in children and a prolonged
effect of gastric, colorectal and bladder cancer in adults (Schullehner et al., 2018; WHO, 2022).
High nitrate concentration in groundwater dependent bodies promotes algae growth, causing
eutrophication, which depletes aquatic life (Withers et al., 2014). Therefore, the European Union
nitrate directive has set a threshold limit of 50 mg NOs™ L for the safe consumption of water

(EU parliament, 2020; Massarelli et al., 2021; WHO, 2022).

Nitrate concentrations have gradually increased in many parts of the world in the last few
decades above this threshold value and have sometimes doubled over the past 50 years in some
countries. Figure 1 shows the global nitrate concentration pattern compiled from reported

studies from 2013 to 2020 by Abascal et al. (2022).
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Figure 1. Global groundwater nitrate pollution (Abascal et al., 2022).

It is, therefore, imperative to mitigate groundwater nitrate to regulatory limits to render
water safe for human consumption. Nitrate can be transformed into other N compounds
depending on the aquifer and environmental conditions. Integrated groundwater management
and protection against nitrate contamination require a systematic and scientific understanding

of the biogeochemical processes and reactions that control nitrate transformation.

Nitrogen, depending on its source, enters the groundwater in an organic or inorganic form.
N-based compounds, such as amino acids, proteins, humic substances, and organic fertilizers,
provide organic nitrogen, whereas chemical fertilizers and partially or untreated wastewater
discharge mostly contain inorganic nitrogen sources, usually in the form of NH,* (Canter, 2019;
Grzyb et al., 2021; Hatfield and Follett, 2001; Larramendy, 2016). The form that nitrogen exists
in groundwater depends on environmental conditions, such as Eh, pH, O, concentration and
temperature. Nitrate is produced mainly by nitrification and transformed by denitrification,
dissimilatory nitrate reduction to ammonia (DNRA) and anaerobic ammonium oxidation

(anammox) reactions (Figure 2).
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Figure 2. Nitrate production and degradation pathways.

1.1.2. Nitrification, the primary nitrate production pathway

Biochemical nitrogen mineralization of organic matter in the environment transforms
organic nitrogen into aqueous NH;*. Nitrification is the oxidation of this ammonium or free
ammonia, which is ubiquitous in the environment, to nitrate (R. 1 and R. 2) through intermediate

steps (Figure 2), mainly driven by chemolithoautotrophic nitrifying bacteria.

NH} + 20, -» NO3 + H,0 + 2H* R.1
NH; + 20, » NO3 + H,0 + H* R.2

Nitrification plays a crucial role as it serves as the only recognized source of nitrate
production, facilitated by two distinct groups of microorganisms. During the first step of
nitrification, ammonia or ammonium is oxidized to nitrite (R. 3 and R. 4, respectively). This
conversion process involves ammonia-oxidizing bacteria (AOB), which utilize oxygen as the
electron acceptor through reactions R. 5 and R. 6 (Soler-Jofra et al., 2021; Teske et al., 1994).
The intermediary hydroxylamine (NH,OH) produced in R. 5 is chemically reactive and can also
be chemically oxidized to nitric oxide (R. 7), which is further reduced to nitrous oxide, according
to R. 8 (Figure 2). Consequently, not all the NH,OH produced during nitrification is converted to
nitrite, but it can result in the formation of NO(g) and N»O(g) as important greenhouse gases

that can escape into the atmosphere and cause depletion of the ozone (Os) layer.
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NH} + 1.50, - NO; + H,0 + 2H* R.3
NH; + 1.50, - NO; + H,0 + H* R.4
NH} + 0, + 2H* + 3e™ - NH,0H + H,0 R.5
NH,O0H + H,0 - NO3 + 5H™ + 4e~ R.6
NH,O0H - NO(g) + 3H* + 3e~ R.7

2NO + 2H* + 2e~ - N,0(g) + H,0 R.8

During the second step of nitrification, nitrite is oxidized to nitrate mediated by nitrite-

oxidizing bacteria (NOB), according to reaction R. 9.

2NO3; + 0, = 2NO3 R.9

Nitrification occurs in varying environmental conditions and is influenced by factors
regulating the ammonium supply, such as nitrogen mineralization, immobilization and plant
assimilation. High ammonium immobilization by heterotrophs and plant uptake decreases
available NH4* content, as well as the nitrification rate. On the other hand, nitrification is
promoted by elevated O, concentration because all the known nitrifiers are obligate aerobes,
and different types of obligate aerobes have been reported in surface and subsurface waters
(Kampschreur et al., 2008; Robertson and Groffman, 2007). Nonetheless, some nitrifiers can use
O, from nitrite as an electron acceptor during respiration (Robertson and Groffman, 2007).
Nitrification in groundwater is often limited because of the low dissolved O, content of most
groundwater and is active only in oxidized zones around rhizospheres and sediment-water
interface. Nitrification is highly sensitive to pH and requires a neutral to slightly alkaline optimal

pH of 7.0 to 8.0 (Amatya et al., 2011).

Nitrification provides H* to the solution that tends to lower pH in poorly buffered
environments, inhibiting nitrifying bacteria's enzymatic activity and reducing the nitrification
rate (Robertson and Groffman, 2006). Nitrification efficiency increases with increasing
temperatures and is inhibited at temperatures below 5 °C and higher than 45 °C, with optimal

temperatures between 28 °C and 32 °C (Fdz-Polanco et al., 1994; Gerardi, 2003).

Denitrification is the primary nitrate removal process in groundwater aquifers and involves
the stepwise reduction of nitrate to nitrite and gaseous nitrogen products (Figure 2). Biological

denitrification (R. 10) is the dissimilatory reduction of nitrate to dinitrogen gas through a set of
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biochemical reduction steps (R. 11 - R. 14) (Table 1) catalyzed by reductive enzymes (Hiscock et

al., 1991; Ni et al., 2016).

Table 1. Nitrate reduction steps during biological denitrification (nar, nir, nor, and nos are
nitrate, nitrite, nitric oxide, and nitrous oxide reductase enzymes, respectively).

GLOBAL DENITRIFICATION REACTION

NO3 + 12H* + 10e™ - N, + 6H,0 R. 10
Step 1 nar NO3 + 2H* + 2e~ - NO3 + H,0 R.11
Step 2 nir NO7 + 2H* + e~ - NO + H,0 R. 12
Step 3 nor 2NO + 2H* + 2e~ - N,0 + H,0 R.13
Step 4 nos N,O + 2H* + 2e™ - N,(g) R. 14

Electron donors are the main factor controlling groundwater biological denitrification and
are classified into organic substrates (mainly organic carbon sources) and inorganic substrates,
which comprise inorganic carbon, sulfur-based and iron-based substrates and composite
compounds (Faisal et al.,, 2018; Liu et al., 2013; Ma et al., 2020; Zhao et al., 2022). Most
denitrifying microorganisms are facultative anaerobic heterotrophs that utilize organic
substrates as electron donors and molecular oxygen or nitrogen oxides as electron acceptors to
generate energy for cell synthesis and growth (Robertson and Groffman, 2007). These
denitrifying bacteria synthesize denitrifying enzymes for denitrification at oxygen
concentrations below 0.2 mg L (Hiscock et al., 1991; Seitzinger et al., 2006). Autotrophic
denitrifying bacteria, on the other hand, use inorganic carbon sources, such as carbon dioxide
and bicarbonate, as oxidizable substrates (autotrophic denitrification). These bacterial are also
capable of using hydrogen (hydrogenotrophic biological denitrification), reduced iron (ll) metals
and minerals, such as zero valent iron (ZVI), pyrite, siderite, olivine and magnetite
(chemolithoautotrophic denitrification), or reduced sulfur compounds, such as S° H,S, S* and

S0s% (sulfur autotrophic denitrification), as oxidizable electron donors (Liu et al., 2013).

Temperature is an essential factor that influences the growth of the microbial community
and, consequently, the biogeochemical processes that control groundwater nitrate
transformation. Many denitrifying bacteria can adapt to changes in temperature, and
denitrification has been observed over a wide range of temperatures (12 to 45 °C), but it is
optimal at temperatures between 25 and 30 °C (Qu et al., 2022). Low temperatures below 15 °C
limit denitrifying microbial activities and slow down oxidation-reduction reactions, reducing the

electron transfer for nitrate removal in groundwater (Rivett et al., 2008).

The pH for heterotrophic denitrification ranges between 5.5 and 8.0, with optimum nitrate

removal often observed at 7.0 to 7.5, but the optimal pH is site-specific due to the
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acclimatization and adaptation of the microbial community (Rivett et al., 2008). Sulfur-driven
autotrophic denitrification can occur in slightly acidic conditions at a pH range of 4.0 to 8.0 (Ma

et al., 2020).

The hydraulic retention time, defined as the contact period of the nitrogen contaminant
with the electron donor substrate, significantly influences the denitrification rate. In favorable
conditions, the slow flow of contaminant plumes prolongs the contact of microorganisms with
nitrates, facilitating nitrate removal. Longer retention times may also cause secondary reactions
and, consequently, lead to the generation of secondary contaminants. Pesticides, including
aldrin, atrazine, lindane, and captan, and heavy metals (Cd>Cu>Zn>Pb, in order of toxicity) have
been observed to affect the performance of soil and groundwater microorganisms and the

reactions mediated by these microorganisms (Baath, 1989; Saez et al., 2003).

Besides biological denitrification, chemical denitrification also contributes to significant
nitrate loss, but in this case, step 3 of Table 1 (R. 13) is the last reaction step. Because the
chemical reduction of N,O to N; requires a significant amount of energy, N,O reduction is very
slow, and it is mostly unfavorable in the groundwater environment, making N,O the end-
product. Chemical denitrification (Figure 2) is the chemical redox coupling between nitrogen
oxide species and reduced metals, mainly Fe(ll). Iron is the most prevalent redox active metal
on the earth as particulate ferric Fe(lll) or ferrous Fe(ll) iron-bearing minerals or as dissolved ions
(Kappler and Straub, 2005). Iron is ubiquitous in most groundwater environments, and the redox
transformation of iron and nitrogen are often coupled, affecting the fate of nitrogen oxides
(Kampschreur et al., 2011). Nitrate has relatively high chemical stability, and biological processes
dominate its attenuation. However, the intermediate nitrite generated during biological nitrate
transformation is chemically reactive and can be reduced simultaneously by biological and
chemical means. The chemical reduction of nitrite has been found to occur in acidic conditions
at pH<6in groundwater (Dhakal et al., 2013). Nitrite reduction by zerovalent iron in groundwater
treatment is quick, requires low cost and maintenance and is acid driven with optimal reduction
occurring at pH less than 4 and leads to the production of ammonium, which requires further
treatment to remove nitrogen from water (Huang et al.,, 1998; Young et al., 1964; Zhu and

Getting, 2012).

DNRA is the dissimilatory reduction of nitrate to ammonium by facultative and fermentative
bacteria in anaerobic conditions, generating nitrite as an intermediate product (Luvizotto et al.,

2019; Mohan and Cole, 2007) (Figure 2). During DNRA, nitrate is reduced to ammonium,
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conserving N in groundwater, and further treatment is required to remove the ammonium.
DNRA occurs in environmental conditions similar to biological denitrification and competes for
nitrate in groundwater (Giblin et al., 2013; Rltting et al., 2011). However, the electron donor to
nitrogen ratio, often expressed as the molar C/N ratio, is the primary factor controlling nitrate
reduction partitioning between DNRA and biological denitrification. At limiting nitrogen oxides
(high C/N ratio), DNRA may outcompete denitrification (Friedl et al., 2018; Pan et al., 2020;
Tiedje, 1988; Van den Berg et al., 2016). The C/N ratio favorable for DNRA or denitrification
depends on the type of organic substrate, the experimental method, the bacteria type, and the
oxygen concentration. Different authors have proposed various C/N ratios for DNRA and
denitrification. For instance, Yin et al. (1998) identified DNRA at C/N ratios greater than 12 in
soils (Van den Berg et al., 2016). DNRA has shown importance at C/N ratios greater than 5 in
groundwater studies (Burgin and Hamilton, 2007); however, in batch and column denitrification
experiments, C/N ratios 1.6 were identified to favor DNRA (Carrey et al., 2014). DNRA has been
found to occur in neutral to slightly alkaline conditions (Jahangir et al., 2017; Kraft et al., 2014;

Yoon et al., 2015).

Ammonium contamination often occurs due to surface activities of composting and
landfilling (Erskine, 2000), animal waste disposal (Umezawa et al., 2008), fertilization (Barcelona
and Naymlk, 1984), and septic system effluent (Aravena and Robertson, 1998). During anammox
reactions (Figure 2), ammonium is anaerobically oxidized to nitrogen gas by anammox bacteria
using nitrate and nitrite as an oxidant and contributes to the loss of a large portion of ammonium
nitrogen in low-oxygen marine environments and aquifers (Wang et al., 2020). A mix of partial
nitrogen products (NHs", NO,” and NOs5) tends to cause anammox activity in anaerobic
conditions and involves a two-step process: the oxidation of NHs* to NO,” by ammonium-
oxidizing bacteria (nitritation, R. 15) and the subsequent reduction of NO;, to N;(g) by anammox

bacteria (R. 16) (Cho et al., 2020).

2NHJ + 3NO3 - 3NO; + N, + 3H,0 + 2H* R. 15

NHZ + NO; - N,(g) + 2H,0 R. 16
Anammox bacteria responsible for these transformations are primarily autotrophic and are
widely distributed in the subsurface aquifer, which provides anammox bacteria with an ideal
environment for growth and N-remediation (Wang et al., 2020, 2019; Xing and Clark, 2011). The
anammox process is strongly influenced by temperature, and a wide range of temperatures have

been reported for anammox reactions, as low as -5°C and as high as 80°C, but the optimum
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temperature for anammox bacteria growth is between 30 and 40°C (Cho et al., 2020; Egli et al.,
2001; Jin et al., 2012; Tomaszewski et al., 2017). Water pH can also influence anammox bacteria,
causing an accumulation of inhibitory compounds, which slow down or impede anammox
reactions. Anammox reactions have been observed for pH between 6.5 and 9.0, with an
optimum pH of 7.0 to 8.0 (Carvajal-Arroyo et al., 2014; Egli et al., 2001; Tomaszewski et al.,
2017). At low pH, nitrite reduction slows down, raising nitrite levels, which inhibits anammox
reactions, but the level of inhibition varies between treatment systems and with different
inoculation sources. Like denitrification, high levels of heavy metals (Cu, Zn, Hg, Cd, Ag, and Pb)
inhibit anammox processes as anammox bacteria cannot degrade and accumulate the heavy

metals in their cells, disrupting cell metabolism (Val del Rio et al., 2017).

Understanding groundwater nitrate degradation processes is crucial for designing effective
techniques to remediate nitrate contamination. In this section, the pathways of groundwater
nitrate attenuation, both through natural processes and induced methods applied in situ or ex
situ, are discussed. Nitrate pollution mitigation is challenging due to the prolonged presence of
nitrate and the diffuse and continuous nature of its pollution (Rave et al., 2006; Rivett et al.,
2008). The widespread hazards of nitrate pollution have sparked global research interest in

decontaminating groundwater.

Various mitigation measures are employed to address nitrate pollution, including natural
attenuation and induced attenuation techniques. Biostimulation treatments are used to
enhance the activity of denitrifying bacteria by introducing organic and/or inorganic electron
donors into the aquifer. Laboratory biostimulation studies exploring the potential of different
electron donors, such as whey (Margalef-Marti et al., 2019b), glucose (Carrey et al., 2014),
methanol, ethanol, and acetate (Peng et al., 2007), and compost (Grau-Martinez et al., 2017), in
removing nitrates have been investigated. Although laboratory-scale research has been
promising, successfully upscaling these treatments to field conditions requires pilot-scale
studies, which often resemble field conditions. Acetate and ethanol (Martin et al., 2009) have
shown success in pilot-scale studies. However, pure organic carbon sources like glucose, acetate,
methanol, and ethanol are expensive and seldom used for long-term treatments. Some
biostimulation nitrate treatments that have yielded positive results at the laboratory and pilot
scale have been successfully applied in the field, which includes the use of fumarate (Park et al.,
2019), formate (Killingstad et al., 2002), hydrogen and carbon dioxide (Evans et al., 2011), acetic
acid (Margalef-Marti et al., 2019c) and ethanol (Vidal-Gavilan et al., 2014, 2013)
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Furthermore, sulfur and iron mineral compounds, like pyrite, have been utilized to enhance
denitrifying bacterial activity (Straub et al., 1996; Till et al., 1998; Torrentd et al.,, 2011).
However, some of these compounds can lead to secondary contamination issues, such as the

release of toxic metals or increased sulfate concentration in water.

Natural nitrate attenuation is the physical and biochemical process that causes
groundwater nitrate removal without changes to the natural state of the aquifer conditions. The
physical nitrate attenuation process includes phytoremediation, and the biochemical processes
include denitrification and anammox. Phytoremediation involves the direct uptake of nitrates
by vegetation and immobilization by microorganisms, and it is applicable in areas with shallow
groundwater and low nitrate concentration, where groundwater nutrients are reachable by
plant roots (Zhao et al.,, 2022). As explained in section 1.1.2, chemical and biological
denitrification and anammox reactions tend to remove nitrate from groundwater, whereas
DNRA only alters the nitrogen form, and these processes can occur alone or in combination
(Green and Bekins, 2010; Kazumi and Capone, 1994; Singleton et al., 2007; Vitoria et al., 2008).
The microbial communities responsible for nitrate degradation are ubiquitous in groundwater
aquifers, but the limited bioavailable electron donors only support a low denitrification rate and,

thus, limit natural denitrification (Hiscock et al., 1991; Jacinthe et al., 1998).

The induced nitrate attenuation approach has become a strategy to create optimized
conditions by providing external organic substrates to supplement the inherent aquifers' organic
carbon to overcome the natural limitation of organic carbon in groundwater aquifers. The
organic carbon in aquifers is the main bacterial energy-generating electron donor source in the
subsurface. Facultative aerobic bacteria preferentially oxidize organic carbon with O, and
nitrogen oxides become the energetically favorable electron acceptors when the O, is consumed
to low levels. Facultative and obligate anaerobes then use the remaining organic carbon to

oxidize the nitrogen oxides in anaerobic respiration.

Induced nitrate attenuation methods could be applied as in-situ or ex-situ remediation,
depending on the mode of application. Ex-situ remediation is applied above the ground in
treatment systems, whereas in-situ remediation is a contaminant site treatment often applied
below the groundwater level. Enhanced in-situ bioremediation technique has emerged as a
significant and widely adopted technology to remove groundwater nitrate using engineered

technology that causes physical, chemical, and biological changes to the subsurface
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environment to create the necessary conditions for microorganisms to transform contaminants
(EPA, 2013; Rave et al., 2006). During bioremediation, microbial reagent strains may be added
to facilitate contaminant removal, or nutrients may be supplied to enhance the activity of the
existing microorganisms to degrade contaminants (biostimulation). Bioremediation techniques

are economical and can be adapted to the conditions of the contaminated site (EPA, 2013).

In the design, implementation and operation of in-situ biostimulation systemes, it is essential
to characterize the contaminant site in detail, considering the aquifer type, baseline
geochemistry, and lithology (EPA, 2013). They must be carefully designed to avoid generating
secondary contaminants such as hydrogen sulfide gas from dissimilatory sulfate reduction in the
presence of excess organic carbon during denitrification. The successful design of in-situ
biostimulation systems encompasses laboratory-scale (micro-scale) and pilot-scale (meso-scale)
treatability studies to evaluate the design criteria and its efficiency before the fully-fledged field-
scale study. The design criteria include the electron donor feeding strategy and sustainability.
In-situ biostimulation techniques depend on the delivery method of organic carbon into the
subsurface environment. These include permeable reactive barriers (PRB) (Beganskas et al.,
2018; Gibert et al., 2019), constructed wetlands (Adhikari et al., 2015; Beutel et al., 2009; Luo et
al.,, 2018; Rampuria et al., 2020; Vymazal et al., 2020) and underground injection systems
(Critchley et al., 2014; Margalef-Marti et al., 2019c).

1.1.4.2.1. Permeable Reactive Barriers (PRBs)

Permeable Reactive Barriers (PRBs) provide a dynamic and efficient approach to
remediating contaminated groundwater and have successfully been applied to remove nitrates,
dissolved metal and petroleum hydrocarbons (Guerin et al., 2002; Powell et al., 1995; Zhang et
al., 2012). They are passive methods, require no external energy consumption during operation,
and can be used for long periods. PRBs consist of a reactive media emplaced vertically or
horizontally in the subsurface perpendicular to the groundwater flow path to intercept and
transform nitrates into environmentally acceptable forms downstream of the reactive barrier
by chemical or biological reactions (Faisal et al., 2018). The horizontal installation configuration
is often preferred during soil aquifer recharge due to the advantage of initiating contaminant
attenuation before the recharge water infiltrates the aquifer. In contrast, vertical PRBs are
mainly used to treat horizontal flow nitrate contaminant plumes. PRB remediation mechanisms
depend on the composition of the reactive media, which must be appropriate to the subsurface
environment and not create secondary contaminants. The reactive material must be low-cost,

sustainable for an extended period, readily available, and near the contamination site to achieve
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nitrate remediation at a minimal economic cost. Organic substrates reactive media such as
plant-based compost and woodchips (Beganskas et al., 2018; Hellman et al., 2022; Su and Puls,
2007; Valhondo et al., 20204, b), sawdust (Robertson et al., 2008), mulch (Gibert et al., 2019),
and activated carbon (Ghaeminia and Mokhtarani, 2018), have successfully been employed on
meso-scale and field-scale biological denitrification treatments. Zerovalent iron has been used
as an inorganic reactive material in PRBs to induce chemical denitrification (Geranio, 2007; Su
and Puls, 2007). Chemical denitrification induced by the ZVI often leads to the generation of
ammonium, and in anaerobic conditions, ZVI may corrode to generate hydrogen, which can be
used as an electron donor by autotrophic denitrifiers. Applying mixed organic-inorganic reactive
materials (spongy iron and pine bark: Huang et al., 2015) helps overcome the limitation of a
single reactive material and improves the efficiency of nitrate remediation. In the design of PRBs,
adsorbent materials, such as activated carbon, zeolites and limestones, can be implemented to

sorb intermediate products such as ammonium produced during nitrate transformation.
1.1.4.2.2. Constructed wetlands (CWs)

CWs for wastewater treatment are engineered systems designed to attenuate wastewater
contaminants in a controlled environment using natural processes such as wetland vegetation,
soil, and microorganisms. In terms of the position of the water surface, CWs are described as
either surface flow or subsurface flow CW. In surface flow CWs, water flows horizontally above
the wetland substrate (soil and/or gravel) and is exposed to the atmosphere. In subsurface flow
CWs, water flows horizontally and/or vertically through the wetland substrate below its surface.
Surface flow CWs are designed to treat surface wastewater, including agricultural runoff,
industrial and urban wastewaters, sewage, and landfill leachate, before infiltrating the

groundwater aquifer.

CWs are easy to operate and require low installation and maintenance costs, providing a
sustainable and efficient alternative to removing nitrate in water resources. Biological
processes, including phytoremediation and bioremediation, mainly contribute to nitrate
attenuation in CWs. Vegetation assimilates and accumulates nitrate in roots, shoots, and leaves.
Microorganisms attached to the surfaces of submerged wetland vegetation, plant litter, and the
wetland-substrate degrade or sorb organic substances. Macrophytes provide organic carbon
from plants' biomass and root exudates to biologically enhance denitrification. However, these
natural organic carbon compounds are insufficient to maintain the electron donor demands for
long-term nitrate removal to statutory levels. External electron donors are, therefore, needed

to meet the electron donor demands for high nitrate removal (Gagnon et al., 2007; Ma et al.,
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2020). Diverse electron donor sources including wheat hay, corn stubble, and animal compost
(Margalef-Marti et al., 2019a), elemental sulfur, sulfur-based limestones and natural sulfur ores
(Bezbaruah and Zhang, 2003; Ge et al., 2019; Sierra-Alvarez et al., 2007; Yiping Zhang et al., 2019;
Yongwei Zhang et al., 2019), iron (Till et al., 1998), and H, (Kurt et al., 1987), high nitrates
retention plants, such as Lemna, Phragmitis and Cattail (Adhikari et al., 2015; Ceschin et al.,
2019; Garcia et al., 2020; Saeed and Sun, 2017), have been used in CWs to enhance biological
denitrification. External electron donors in surface flow CWs are easily degraded and must be

frequently replaced (Li et al., 2014).
1.1.4.2.3. Underground injection systems (UISs)

Underground injection systems involve the emplacement of electron donors through
injection wells into the subsurface to facilitate nitrate attenuation. Solid, liquid or gaseous
electron donors are injected into groundwater aquifers to degrade contaminants chemically or
biologically (Evans et al., 2011; Hosseini and Tosco, 2015; Park et al., 2013, 2019). The type of
injection well depends on the aquifer's depth and properties and electron donor type. It ranges
from low-technology constructions, such as shallow dug wells and natural sinkholes with surface
modifications, to highly engineered constructions (EPA, 2013). Injection wells must be
appropriately sited, constructed and operated to maintain environmental safety conditions. The
efficiency of nitrate attenuation during electron donor injection depends on the electron donor
feeding strategy, including the electron donor to nitrogen ratio and the electron donor injection
periodicity, which are often determined from laboratory experiments (Margalef-Marti et al.,

2019b; Vidal-Gavilan et al., 2014).

Chemical and multi-isotopic tools are useful methods to monitor nitrate transformation
processes. During nitrification, the unreacted NH," is often characterized by an enrichment of
the heavy isotope of nitrogen, °N (Fukada et al., 2003; Knéller et al., 2011). N of NH4" is
preferentially incorporated into the generated NOs, decreasing N of NOs (Figure 3) and
accumulating N in the residual NH4*. 6®N of NH,* values can also be influenced by the

volatilization of NHs in vadose zones, which tends to increase §*°N of the residual NHs.

In NOs, the initial 6*°N is derived from 6N of NH4*, and 680 has been experimentally
determined to come from two-thirds of the oxygen atoms of water and one-third from the
oxygen atoms of atmospheric oxygen during nitrification according to Eq. 1 (Andersson and

Hooper, 1983).
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§'%0no3 = 1/3 61800, + 2/3 §'%0n20 Eq.1
During NOs” transformation, the initial 5*°N and 680 isotopic composition of NOs™ is altered.
The unreacted NOs  is characterized by an enrichment of the heavy isotopes (**N and *20) during
denitrification, DNRA or plant uptake (Fukada et al., 2003; Kndller et al., 2011) as the light
isotopes preferentially react faster, accumulating heavy isotopes in the residual substrate and

increasing 6> Nnoz and 6003 of the unreacted NOs™ (Figure 3).
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Figure 3. The effect of nitrate transformation on §®°Nyos (modified after Ryabenko, 2013).

The kinetic isotope effects of nitrogen transformation processes are presented in terms of
their fractionation factors (&), showing the isotope enrichment of a transformation product
relative to the substrate, which, in a closed system, follows the Rayleigh equation (Eq. 2), where
Ro and R are the isotope ratio of the original and residual substrate at time zero and time t,
respectively, Co is the initial analyte concentration at time zero in mol L%, C; is the analyte
concentration at time t in mol L%, and ¢ is the kinetic isotope fractionation in %o (Mariotti et al.,

1981).
Ln (R¢/Ry) = € Ln (C;/Cyp) Eqg. 2

The magnitude of fractionation associated with nitrification, denitrification, anammox and
DNRA reactions is influenced by environmental conditions, such as the substrate concentration,
the availability of electron donors, concentration of dissolved oxygen, temperature, pH and
residence time (Bottcher et al., 1990; Nikolenko et al., 2018). Therefore, isotope fractionation is

site-specific and helps in quantifying the efficiency of nitrate degradation in field-scale studies.
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Geochemical modeling is a useful tool in groundwater contaminant remediation studies. It
helps to evaluate complex processes and to predict the extent and consequences of geochemical
reactions beyond the range of laboratory experiments. It addresses the challenges related to
measuring gaseous denitrification products (NO, N,O and N,) and the low concentrations of
soluble components (NOs" and NO;’) using analytical methods. Therefore, the utilization of
geochemical models offers a more effective solution for addressing such complexities (Zhu,
2012). There is a great number of computer programs and codes for geochemical modeling, such
as EQ3/6 (Wolery, 1992), SOLMINEQ.88 (Kharaka et al., 1988), PHREEQC (Parkhurst and Appelo,
2013) and MINTEQAZ2 (Allison et al., 1991), among others. PHREEQC is one of the most used
codes in modeling hydrogeochemical processes; it can cope with 1D transport calculations, is

compatible with several open-source databases and is easy to use.

Computer models have been used to simulate and quantify denitrification at laboratory
scales and field conditions to test remediation strategies. Denitrification models have become
essential tools for integrating the current understanding of the processes that control
denitrification with measurements of rate-controlling properties for field-scale application.
Models of varying scope and complexity have been developed, ranging from simple empirical
equations to complex simulation models to estimate how environmental conditions such as the
Eh, pH and temperature interact to control denitrification. The representation of various

denitrification models varies widely among approaches.

Complex simulation approaches have been developed based on how the organic and
inorganic species are linked. In one-step process models, both the electron donor and the
acceptor are treated kinetically in a single step (R. 17), where the electron donor (e.g. CH;0)
reacts with a known electron acceptor (NOs’) to produce one mole of biomass (expressed as

CsH;0;N) (Lensing et al., 1994; Schéfer et al., 1998a, 1998b).

10CH,0 + YNO3 — C5H;0,N + 503~ + 2N, + 2H* + H,0 R.17
Two-step process models are based on the Partial Equilibrium Approach (PEA), which
assumes that the degradation of organic compounds occurs in two steps (Jakobsen and Postma,
1996; McNab and Narasimhan, 1994). First, oxidation of the organic compound releases
electrons by R. 18 and the subsequent consumption of the electrons by the electron acceptors,
according to R. 10, and both processes co-occur. During reaction R. 10, microorganisms consume

the organic compounds as the energy source for biomass growth, producing electrons. The
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second reaction, R. 18, balances the production of electrons using nitrate as the electron

acceptor.

CH,0 + 2H,0 - CO3™ + 6H™ + 4e™ R. 18

In the context of the PEA, various simplifying assumptions are made to facilitate the use of
mass action equations in describing equilibrium between all aqueous phases. These assumptions
are tailored to the specific geochemical system being studied, and the key assumptions include
the rate-limiting character of the oxidation of organic matter (R. 18), the absence of internal
NOs™ production source, and limited occurrence of aqueous complexation reactions involving
electron acceptors (Brun and Engesgaard, 2002). The nitrate degradation pathway discussed in
section 1.1.2 is influenced by the geochemical conditions of the environmental, which ultimately
dictate its energetic favorability (Jin and Bethke, 2003). Several authors have modeled biological
denitrification in groundwater in two steps (Breukelen et al., 2004; Kinzelbach et al., 1991;

Rodriguez-Escales et al., 2016a, 2014).

Nitrogen compounds degradation pathways are primarily redox reactions driven by
microorganisms, and their respiration rate depends on the electron donor and acceptor
concentration. The microbial respiration rate in groundwater studies is qualified mainly by the
dual Monod kinetics. The Monod kinetics, according to Eq. 3, is a mathematical model used to
describe the growth rate of the denitrifying microorganisms in a controlled environment with a
limiting nutrient concentration where Rea is the rate of electron acceptor degradation (Rnos for
NOs™ degradation and Rno» for NO, degradation in mol Lt s). kmax[Xea] is the maximum
respiration rate being, kmax the maximum rate of nutrient utilization (s™2), and [Xea] the biomass
concentration (mol L?). The electron donor kinetic factor depends on the electron donor
concentration [ED] (mol L) and Kep, the electron donor half-saturation constant (mol L?),
whereas the electron acceptor kinetic factor depends on the electron acceptor concentration

[EA] (mol L'?) and Kea, electron acceptor half-saturation constant (mol L?).

Ros = —k X [EA] [ED] Eq. 3
EA = —Kmax * [Xgal* <[EA] n KEA> : <[ED] n KED)

When the energy in the environment is the same or slightly higher than the microbial cells'

energy, the microbial respiration rate becomes zero, and when the energy in the environment
is lower than the cells' energy, the respiration rate becomes negative. Therefore, the respiration
rate of the microbial community influences the growth rate and decay of the microbial
population. The growth rate of the bacterial community is linked with the respiration rate
according to Eq. 4, where d[Xga]/dt is the microbial growth rate (mol L s1), Y is the bacterial

growth yield (moles C cells/moles C DOC ) and b is the decay constant (s2)
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d[Xgal Eq. 4
=Y Rgs = b [Xgy] ’

Reactive metals, primarily ferrous iron, can serve as catalysts for the abiotic reduction of

oxidized nitrogen compounds in groundwater environments. Nitrite is highly chemically reactive
and undergoes reduction to form nitrous oxide, a potent greenhouse gas. This reduction process
is linked to the oxidation of the reactive metals, and the degradation rate of the nitrogen
compounds is commonly quantified using second-order kinetics, reflecting the complex

interplay between chemical reactions and environmental factors.
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1.2. Scope and objectives of the thesis

Nitrate contamination is Spain's most significant groundwater pollution problem (Figure 1).
For instance, in Catalonia (NE Spain), 46% of the groundwater is in a bad status (NOs™ > 50 mg

NOs L), mainly from agricultural activities (Micola Colomer et al., 2018).

Many areas in Catalonia (and Spain at large) have recorded nitrate concentrations above
the safe drinking water threshold value. Consequently, these areas have been declared NOs
vulnerable zones (European Commission, 2021; Micola Colomer et al., 2018). This declaration
necessitates the implementation of treatment measures to ensure the provision of clean water
for both residential and industrial purposes. Figure 4 shows the current state of groundwater

nitrates in Catalonia.
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Figure 4. Groundwater nitrate vulnerable areas and location of sampling points in Catalonia
(modified after Agencia Catalana de I'Aigua, 2021).
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The dry, hot summers and the high touristic development of the northeastern coast of Spain
(Mediterranean Spain) cause recurring draught along the coastal communities (Gabarda-
Mallorqui et al., 2016; Rodriguez-Villanueva and Sauri, 2021). Consequently, water reuse has
become an important alternative to the water stress problem in Mediterranean Spain.
Therefore, effluent from wastewater treatment systems is used to recharge the aquifers to
supplement the groundwater and improve its quality. However, these effluents contain high
levels of nitrogen compounds, mainly ammonium, which oxidizes into nitrate in aerobic
conditions, contaminating the groundwater aquifers. Treatment options are, therefore,

required during aquifer recharge to remove nitrogen compounds.

In this context, it is necessary to continue researching alternative sources of low-cost
electron donors that represent an economic and environmental benefit and allow the evaluation
of industrial waste products or minerals through their use in biostimulation (circular economy).
At the same time, bioremediation strategies must continue to be improved to optimize induced
attenuation performance. The generation of adverse by-products (such as NO; and H.S) and the
emission of gases into the atmosphere (such as N,O(g) and COx(g)) should be avoided since
decontamination should not transfer pollution from one compartment to another. For this
reason, it is necessary to make a detailed hydrochemical and isotopic characterization of
nitrogen compounds to understand the reactions that affect contaminant attenuation and to
characterize N,O emissions into the atmosphere during denitrification processes. The analysis
of the isotopic composition of N,O and its isotopomers is being used to determine the origin of
this compound (Well et al., 2012; Wunderlin et al., 2013), as N,O presents different isotopic
values depending on its production source. The generation of N,O during biostimulation
processes is not usually monitored, and therefore, its characterization during induced

attenuation processes could help define the attenuation processes.

The main objective of the doctoral thesis is to advance the knowledge of the mechanisms
of remediation of groundwater contaminated by agricultural and urban activities based on

biostimulation of denitrification by means of chemical, isotopic and numerical modeling tools.
Taking this into account, the specific objectives derived from the main objective are:

¢ Study the denitrification potential of industrial wine wastes as organic electron donor

sources in batch and column experiments.

¢ Study of the chemodenitrification potential of aqueous Fe(ll) and siderite (Fe(ll) mineral)
in laboratory batch experiments with particular emphasis on the dynamic behavior of nitrite

reduction and nitrous oxide gas production.
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e Use chemical and multi-isotopic tools to quantify the treatment efficiencies of nitrogen
compounds attenuation and determine the isotopic fractionation for field application in all the

studied cases.

e Study the biochemical processes that control the fate of N compounds (NH4*, NOs™ and
NO>’) transformation using plant-based compost as a permeable reactive barrier in soil aquifer

treatment operations.

e Develop conceptual and numerical geochemical models able to reproduce the evolution
of NOs', NOy, non-purgeable dissolved organic carbon (NPDOC) concentrations, and 6*°N of NOs3”
NO and N,O of the denitrification processes studied to serve as a tested tool for potential future

field-scale applications.
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1.3. Thesis outline

This thesis comprises of three international peer-reviewed papers: two have been

published, one requires minor revisions, and it also includes seven conference abstracts (four

international and three national). Table 2 provides a comprehensive overview of these

contributions.

Table 2. Summary of the various papers and the contributions to conferences from this

thesis.

Paper/ Title Journal/conference name Year
Conference

PAPER 1 Enhancing Nitrate Removal with Water Resources Research 2024
Industrial Wine Residue: Insights from (Minor revisions)

Laboratory Batch and Column
Experiments using Chemical, Isotopic,
and Numerical Modeling Tools.

PAPER 2 Isotopic and geochemical modeling Chemical Geology 2024
approach to evaluate abiotic nitrite https://doi.org/10.1016/j.che
reduction by ferrous iron. mgeo.2024.121942

PAPER 3 Pathways and efficiency of nitrogen Journal of Environmental 2022
attenuation in wastewater effluent Management
through soil aquifer treatment. https://doi.org/10.1016/j.jenv

man.2022.115927

Conference 1  Numerical modelling of enhanced Il Jornada de Jovenes 2021
biodenitrification in a laboratory flow- Investigadores SEM / SEM-
through experiment. Cat, Barcelona, Spain.

Conference 2  Isotopic characterization of NO, and 3rd European Mineralogical 2021
N,O during abiotic NO; reduction by Conference (emc2020),
ferrous Fe(ll). Cracow, Poland.

Conference 3  The role of siderite on abiotic nitrite XXXIX Reunidn Cientificadela 2022
reduction by dissolved Fe(ll). Sociedad Espafiola de

Mineralogia, Baeza, Spain.
(Best communication of young
researchers)

Conference 4  The potential of wine residue to induce  The 12th International 2022
biodenitrification in a groundwater flow  Geochemistry of the Earth's
constructed wetland. Surface Symposium (GES12),

Zurich, Switzerland.
https://zenodo.org/doi/10.52
81/zeno0do.6829032

Conference 5 The efficiency of different electron Goldschmidt2023, Lyon, 2023
donor sources in biological France.
denitrification processes. https://doi.org/10.7185/gold2

023.19118

Conference 6  Denitrification biostimulation using WRI-17 & AlG-14 (Water-Rock 2023

wine industry by-products. Interaction & Applied Isotope
Geochemistry), Sendai, Japan.
Conference 7  Nitrate attenuation potential using wine  GeoSpeeches 2023, University 2023

residues in laboratory experiments.

of Barcelona, Spain.
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The first paper, PAPER 1, currently undergoing minor revisions, explores the utilization of
wine wastes as electron donors in laboratory batch and column biological denitrification studies
using nitrate-contaminated water from the Lerma basin (Spain). Additionally, this paper
presents a conceptual and numerical model of biological denitrification based on the batch and

column experiments.

PAPER 2 focuses on the use of inorganic electron donors, specifically ferrous iron, in a
laboratory batch chemodenitrification study. This paper also includes conceptual and numerical

modeling to enhance the understanding of the denitrification process.

In PAPER 3, the application of plant-based compost permeable reactive barriers for treating
secondary wastewater effluent during aquifer recharge is evaluated. The study was conducted
as a pilot study in Palamés, NE Spain.

Figure 5 is a summary of the research undertaken in the scope of this thesis.
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Figure 5. A scheme of the research areas and the relationship between the obtained
publications.

1.3.1. PAPER 1: Laboratory treatability study of nitrate-contaminated water

This first paper aims to advance the knowledge on inducing denitrification using industrial
waste products. It investigated the ability of industrial wine residues to induce denitrification in
laboratory experiments using field water from the Lerma basin (Spain), a small hydrological
basin covering 7.38 km? on the left bank of the Ebro basin in the municipality of Ejea de los

Caballeros in northeastern Spain (Figure 6A).
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Figure 6. A). Location of the Lerma basin in the Arba and Ebro basins (Spain) and the
simplified geology. B). Design of the surface flow constructed wetland located northwest of the
Lerma basin.

The Lerma basin has a semi-arid Mediterranean climate with a temperature range of 5 to
40 °C and a mean annual temperature of 14 °C. The area experiences mean yearly rainfall of 468
mm and is characterized by alternating wet (spring and autumn) and dry (summer and winter)
seasons (Merchan et al., 2013). Agricultural return flows from the Lerma Basin have increased
N compounds concentration in the drainage basin, triplicating N exports to receiving water
bodies (Merchan et al., 2015, 2014, 2013). In order to diminish the N exports to the surrounding
water bodies, a surface flow CW covering an area of approximately 2500 m? has been
constructed at the northwestern margin of the basin (Figure 6B). Surface water in the watershed

is diverted to the CW, where nitrate-contaminated runoff is treated before discharge.

This paper aimed to search for alternative cheap and readily available industrial electron
donor sources that can be applied in this CW to reduce nitrate concentration before discharging
the agricultural runoff. To achieve this, laboratory batch and column experiments were
performed to evaluate the potential of two industrial wine residues to provide an eco-friendly
bioremediation solution to nitrate while providing waste recycling (circular economy) before
future field-scale application. The industrial wine residues were obtained from Destileria San
Valero Sociedad Cooperativa Limitada, Zaragoza (Spain), close to the study site. "Lias" was the
residue produced during the first stage of fermentation of leece and pomace, and "vinico" during
the second. Two batch experiments were performed, B-L and B-V, each biostimulated with lias
and vinico, respectively (Figure 7). Based on preliminary batch treatments, 13 batch reactors
were chosen for each set and biostimulated with the wine residues, and a column experiment,

biostimulated with only "lias" (C-L), was chosen based on the results of the batch experiments.
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Figure 7. A) The experimental set-up of batch experiments biostimulated with A) lias and B)
vinico C) experimental column set-up. B-L and B-V are batch experiments biostimulated with lias
and vinico, respectively, and C-L is a column experiment biostimulated with /ias.

Chemical and multi-isotopic tools were used to quantify the efficiency of the batch and

column bioremediation treatments. Samples for chemical and isotopic analyses were prepared

at the laboratory of the MAIMA research group and analysed according to the analytical

methods and in the laboratories summarized in Table 3.

Table 3. A summary of the main analyses, the analytical method employed, and the

laboratory used in PAPER 1.

Analyses

Analytical method Laboratory

pH, Eh and conductivity

Major Cations

Trace elements

Laboratory of MAIMA-
UB research group
Parc Cientific de

pH, Eh and conductivity meters

Inductively coupled plasma optical

emission spectroscopy (ICP-OES) Barcelona
Inductively Coupled Plasma Mass Parc Cientific de
Spectrometry (ICP-MS) Barcelona

Parc Cientific de

Anions lon chromatography (IC) Barcelona and UPC
NPDOC Organic matter combustion method CCiT-UB
HCO; Titration method CCiT-UB
%N and 680 of NO3 Cadmium reduction method CCiT-UB
6N and 60 of NO, Sodium azide reduction method CCiT-UB

Isotopic analyses were carried out using the Finnigan MAT 253, Thermo Scientific, Isotope

Ratio Mass Spectrometry (IRMS) and notation (&) was expressed per mile of (%), and 6°N was
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reported against international atmospheric N, (AIR) and 60 against the international Vienna
Standard Mean Oceanic Water (V-SMOW). International and laboratory standards used to

normalize the isotopic results are summarized in Table 4.

Table 4. International and laboratory (CCiT-UB) standards used for the normalization and
reproducibility of the isotopic analysis in PAPER 1.

. Reference value Reproducibility

Analysis Standard [%o] (10)
USGS-32 +180.0
USGS-34 -1.8

615NN03 +1.0 %o
USGS-35 +2.7
CCiT-IWS +16.9
USGS-32 +25.3
USGS-34 -27.9

5180N03 +1.5 %o
USGS-35 +57.3
CCiT-IWS +28.5

6 Nno2 CCiT-IWS-NO2 -28.5. +1.0 %o

To interpret the findings, chemical and isotopic results were integrated with geochemical
numerical models, using the Phreeqc and GibbStudio codes (Nardi and de Vries, 2017; Parkhurst
and Appelo, 2013) to simulate the experimental results and establish a foundation for future

field studies.

Alex Tiewin Abu was involved in the methodology, preparation of samples for chemical and
isotopic analyses, curation and formal analysis of the experimental data, numerical modeling,

writing of the original draft of the paper, and managing the revisions.

Because chemodenitrification often coexists with biological denitrification in the presence
of reduced metals and Fe(ll) minerals, this article focuses on the performance of nitrite
reduction by ferrous iron in laboratory batch experiments. Nitrite reduction potential was tested
in 3 scenarios using a NO; bearing solution amended with: i) siderite (Sid), ii) synthetic Fe(ll)

solution (DFe) and iii) siderite mixed with synthetic Fe(ll) solution (Sid+DFe) (Figure 8).
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Sid+DFe

Figure 8. The experimental set-up for the experiments of Sid (A), DFe (B) and Sid+DFe (C).

This work was partly carried out at the Research Cluster on Environmental Chemistry and
Microbiology (P6le CME) of the Institute of Analytical Sciences and Physico-Chemistry for
Environment and Materials (IPREM). Results of batch experiments carried out within the MAIMA
research group were discussed with the P6le CME research group, and new experiments were
designed within the framework of a collaboration program between the two research groups to

improve the previous methods.

The laboratory work, encompassing sample preparation and analysis, was conducted at the
MAIMA research group laboratory and the environmental unit of the CCiT-UB (UMA),
respectively. The analytical methods employed in this study and the laboratories used are
presented in Table 5.

Table 5. A summary of the main analyses, the analytical method employed, and the
laboratory used in PAPER 2.

Analyses Analytical method Laboratory
NO, concentration Isotope Ratio Mass Spectrometry (IRMS) CCiT-uB
N,O concentration Isotope Ratio Mass Spectrometry (IRMS) CCiT-uB
SNk of N,O Isotope Ratio Mass Spectrometry (IRMS) CCiT-uB
6N® of N,O Isotope Ratio Mass Spectrometry (IRMS) CCiT-UB
6%N of NO, Refer to Table 3 Refer to Table 3

6%NP and the site preference (SP) of N,O were calculated according to Eq. 5 and Eq. 6,
where §°N“* js the bulk 6°N of N,O(g) and 6*°NP and 6**N® are the 6*°N of the outer and central

N of N2O(g).

NP 0g) (%0) = (85N Nz0(g) + 6°NPyy0(9)/2) Ea. 5
SP (%0) = (81N yz00 — 63 NPyz0(g) Eq. 6
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International and internal working standards used to correct the isotopic results are

summarized in Table 6.

Table 6. International and laboratory (CCiT-UB) standards used for the normalization and
reproducibility of the isotopic analysis in PAPER 2.

Analysis Standard Refere[;:::; value Repro(cit;c;lblllty
6Nno2 Refer to Table 3 Refer to Table 4 Refer to Table 4
6 Nn2o USGS-51 +1.32 11.0 %o
68020 USGS-51 +41.23 11.0 %o

Numerical modeling was performed using the GibbStudio code (Nardi and de Vries, 2017)

and the Phreeqc code (Parkhurst and Appelo, 2013).

Alex Tiewin Abu contributed to the batch experimental design and sample preparation for
chemical and isotopic analyses, the analysis and interpretation of the experimental data, the
development of the conceptual and numerical model, and the writing of the original manuscript

of the paper and also managed the revisions until the paper's final publication.

Partially treated wastewater effluents are recognized for having elevated levels of inorganic
nitrogen, primarily ammonium. Ammonium is readily oxidized to other nitrogen compounds as
a contaminant source, and the safe use of these effluents for domestic purposes and
groundwater aquifer recharge necessitates ammonium nitrogen remediation. In order to
address this concern, nitrogen compound treatment strategies must be employed to mitigate

the high inorganic nitrogen levels in water treatment plant effluents.

Palamés is a coastal community located in northeastern Spain (Figure 9A) with a water
stress problem that requires improving the quantity and quality of the groundwater resource
through managed aquifer recharge. The work of this paper has been done in the frame of the
RESTORA project (https://restora.h2ogeo.upc.edu/) to investigate the use of organic substrates
to accelerate wastewater remediation during soil aquifer treatment (SAT) at the Palamds Waste
Water Treatment Plant (WWTP). The WWTP covers an area of 3.3 Ha, with a design capacity of
33,000 m3/d for 165450 equivalent habitants (Figure 9B and C). The WWTP receives wastewater
from 90000 inhabitants, which triples during the summer periods due to the touristic nature of
Palamds, causing intensive seasonal variation of the plant influent, which may result in different
effluent quality over the year (Gabarda-Mallorqui et al., 2016; Valhondo et al., 2020c). The

WWTP employs the activated sludge and physical-chemical treatment processes going through
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pre-treatment (waste retention), primary treatment, secondary treatment, and tertiary
treatment (only applied for green irrigation areas). A pilot-scale experiment has been executed
to assess the feasibility of enhancing the water quality during SAT by degrading nitrogen

compounds.

The experimental pilot area, built within the WWTP facility, comprises six different tanks
designed to receive secondary treatment effluent from the WWTP, simulating the natural
recharge process (Figure 9D). PAPER 3 evaluates the behaviour of two of the tanks, T2 (SAT-
Control) and T4 (SAT-PRB), to understand the biochemical processes that govern the fate and
migration of the nitrogen compounds in the wastewater effluent. T4 was filled with sand, a small
fraction of clay and plant compost as a PRB, while T2 was filled with only sand without the PRB.
The Polytechnic University of Catalonia (UPC) designed and built the pilot experiment and
performed four recharge episodes from February to December 2018. The first one was to

condition the systems, and the remaining three were to study the performance of the systems.
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Figure 9. A) Location of Palamds (black circle). B). The topographical map shows the location
of WWTP and the pilot SAT systems within Palamds. C). The general view of the WWTP. D). The
general view of the SAT system showing the recharge and discharge areas of the tanks (1-6) and
piezometers.

Field measurements were carried out at the experimental study site, where water samples
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were collected for laboratory analyses. The samples were then prepared at the MAIMA research

group's laboratory for isotopic analyses. The analytical methods used in this study are
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summarized in Table 7, and the international and laboratory standards used to normalize

nitrate, nitrite and ammonium isotopic results are presented in Table 4 and Table 8, and

ammonium isotopic results in Table 8.

Table 7. A summary of the main analyses, the analytical method employed, and the

laboratory used in PAPER 3.

Analyses Analytical method Laboratory
Elle(ljdteor:;ppel-rl;]tE:r,eConductlwty Multiparameter probe UPC
NH,4 ORION lon-Selective Electrode UPC
NPDOC TOC-VCSH analyzer UPC
Anions Refer to Table 3 Refer to Table 3

6N and 680 of NO;
6N and 680 of NO,

6N of NH,

Refer to Table 3
Refer to Table 3

sodium hypobromite and sodium
azide reduction methods

Refer to Table 3
Refer to Table 3

CCiT-uB

Table 8. International and laboratory (CCiT-UB) standards used to correct isotopic results.

Reference value

Reproducibility

Analysis Standard [%] (10)
USGS-25 -30.4
515Nue IAEA-N2 +20.3 1.0 %
CCIT-IWS-NO2 -28.5
CCIT-IWS-NH4 -0.8
5Nnos Refer to Table 4 Refer to Table 4 Refer to Table 4
5%80n03 Refer to Table 4 Refer to Table 4 Refer to Table 4
5%5Nno2 Refer to Table 4 Refer to Table 4 Refer to Table 4

Alex Tiewin Abu was involved in sample preparation for laboratory isotopic analyses, data

analyses, interpretation of the results, writing of the original manuscript and managed the

revisions until the paper's final publication.
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2. GLOBAL SUMMARY OF RESULTS

The groundwater nitrate remediation treatments studied in the framework of this thesis
show a series of compelling findings in three distinct studies. In the first study investigating the
potential of industrial wine wastes in the nitrate removal in laboratory batch and column
experiments, the results show significant changes in NOs’, NO, NPDOC, and bicarbonate
concentrations in both batch and column experiments, accompanied by significant changes in
the isotopologues of NOs  and NO;". The results of the second study about NO; reduction with
ferrous iron show intriguing nitrite attenuation dynamics accompanied by nitrous oxide
generation. Results of the final study in the WWTP show the spatio-temporal variations in NH,*,
NOs, NPDOC, and O, concentrations at different points along the groundwater flow path and at
varying depths across different recharge episodes. These findings underscore the impacts of
various nitrate remediation strategies for sustainable water management and isotopic
composition dynamics, offering valuable information on nitrogen transformation and

attenuation pathways.
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2.1. PAPER 1: Laboratory treatability study of nitrate-contaminated water

The experimental results from batch and column studies demonstrate significant changes
in various parameters following the injection of wine wastes despite the constant conductivity
and pH in the experiments (Figure 10). In B-L and B-V, the injection of wine wastes led to a
substantial increase in NO3™ concentration, rising from 1.7 mM to 2.8 mM in B-L and to 2.6 mM
in B-V within 12 hours (Figure 10a and c). Subsequently, B-L achieved complete NOs" removal
within two days, while in B-V, it was reduced to 1.1 mM by day 5 (Figure 10a and c). No notable
changes in NOs3™ concentration were observed in the control reactors during the study. Initially,
NO; slightly increased in B-L but was completely removed within three days, whereas in B-V, it
increased to 1.3 mM and remained the same throughout the experiment (Figure 10a and c). C-
L was biostimulated daily for four days, and NOs™ was fully removed within three days and
remained undetected in the outflow until day 7, after which it began recovering and reached
full recovery by day 10 (Figure 10e). Unlike the batch experiments, C-L did not show an initial

NOs increase, and there was no significant NO,  accumulation in the outflow water (Figure 10e).
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Figure 10. Changes in NOs’, NO,” and NPDOC concentration and the evolution of §°N and
60 of NOs and NO; in B-L, B-V and C-L. B-L and C-L represent batch and column experiments
biostimulated with /ias, and B-V is the batch experiment biostimulated with vinico.

The injection of the wine wastes caused NPDOC concentration to increase substantially in
B-L (from 0.4 mM to 4.3 mM), B-V (from 0.4 mM to 3.6 mM), and C-L (from 0.4 mM to 5 mM)
(Figure 10b, d and f). However, NPDOC levels gradually decreased towards the end of the
experiments, reaching 0.6 mM (B-L), 0.8 mM (B-V), and 0.8 mM (C-L) (Figure 10b, d and f).
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Bicarbonate concentration also increased over time in response to organic carbon consumption,

rising from 4.8 mM to 7.2 mM (B-L), 5.2 mM to 6.2 mM (B-V), and 2.3 mM to 6.1 mM (C-L).

The decrease in NOs concentration in the experiments was linked with a progressive
increase in the heavy isotopes of N and O atoms in both NO3s  and NO,. 6*°N and 60 of NOs
exhibited notable enrichment, such as in B-L (6*>°N-NOs™: +6.2 %o to +31.5 %o; 680-NOs™: +4.2 %o
to +23.2 %), B-V (6°N-NO3: -1.4 %o to +29.1 %o; 680-NO3™: +6.9 %o to +32.2 %o) and C-L (6°N-
NO3: +6.6 %o t0 +23.5 %o; 680-NOs: +1.7 %o to +17.1 %o) (Figure 10a, c and e). The §*°N of NOy
also increased, from -18.5 %o to -10.2 %o in B-L, from -21.1 %o to -1.5 %o in B-V and -3.4 %o to
+12.8 %o in C-L. Unlike 6>°N-NO;, the §'¥0-NO, did not show a noticeable progressive increase
in all the experiments due to its equilibration with §0-H,0 during denitrification (Kool et al.,
2007). These findings underscore the significant impact of wine waste injection on various
parameters, particularly the removal of NOs; and the associated changes in isotopic

compositions.
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2.2. PAPER 2: Abiotic nitrite reduction with ferrous iron

The results showed that siderite alone had negligible nitrite reduction capacity, with only
3% removal observed in the Sid experiments. In those experiments performed with dissolved
Fe(ll), 54% of nitrite was removed. However, when siderite was combined with dissolved Fe(ll)

solution, the nitrite removal rate increased to 84%.

During nitrite attenuation, nitrous oxide gas was generated in the headspaces of the vials.
Less to no N,O(g) was detected in the Sid experiment. However, 0.187 mmol N,O(g)/L H,0 and
0.194 mmol N>,O(g)/L H,0 of N,O(g) were accumulated in DFe and Sid+DFe, respectively, by day
7. In the Sid+DFe experiments, the liquid-phase N-N,O constituted 50-96% of the transformed
nitrogen in water and 68 to 98% in DFe experiments. Figure 11A, B and C show the transformed
nitrogen and the recovered headspace N,O(g) during nitrite reduction. The rate of N,O(g)
recovery in the headspace of the vials ranged from 19 to 46% (Figure 11D). Nitrite reduction was
marked by an increase of §"°N-NO, over time, from -26.9 to -26.4 %o in Sid, -18.0 %o in DFe and
-15.9 %o in Sid+DFe. On the other hand, 680-NO, values did not correlate with the residual NO,”
concentration due to 6*¥0-NO;” equilibration with §*30-H,0. The §*°*N°“* values of the generated

N,O(g) also increased from -52.6 to -36.5 %o in DFe and from -57.1 to -38.6 %o in Sid+DFe.
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Figure 11. Bar graphs showing the evolution of residual NO,~, the recovered N-N,0O(g), N-
N,O(L) in the liquid phase, and the transformed N-N,O(trans) in the experiments containing only
siderite (Sid: A), only dissolved Fe(ll) (DFe: B) and siderite plus dissolved Fe(ll) (Sid+DFe: C). The
percentage distribution of recovered N,O (g) over time is also shown in D.
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2.3. PAPER 3: Pilot soil aquifer treatment (SAT) using PRBs

During the soil aquifer recharge, the NH4*, NO3", NPDOC and O, concentrations were measured
at the inflow (INF) and the monitoring points O, A, B, C and E (Figure 12) of pilot tanks 2 (SAT-
PRB) and 4 (SAT-Control) from February to June 2018 (recharge episode 2: RE-2), July to
September 2018 (RE-3) and October to January 2019 (RE-4).
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Figure 12. The general scheme of the pilot tanks (SAT-PRB and SAT-Control), showing the
monitoring points O, A, B, Cand E during RE-2, RE-3 and RE-4. The boxplots show NH*, NPDOC,
0O, and NOs concentrations of the various recharge episodes along the flow path and outliers
are represented by dots. Values in A, B, and C were calculated with the samples of the different
depths at each monitoring point. INF =inflow water concentration and E is the outflow water
concentration. First boxplot at each monitoring point (orange) = SAT-Control system, and the
second boxplot (brown) = SAT-PRB system.

NH4* concentration in the inflow water was high during RE-3 and low during RE-2 and RE-4.
No significant NOs~ was measured in the inflow water during all recharge episodes. NPDOC
measured during RE-4 was slightly lower compared to RE-2 and RE-3 in the inflow water. O,

concentration was highest during RE-2 and lowest during RE-3. NH,* concentration progressively
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decreased along the systems from O to C and slightly increased from C to E. NOs™ concentration
was very low at points O, A, and B but increased significantly from C to the outlet (E) in both SAT
systems for all recharge episodes (Figure 12). In the SAT-Control system, NPDOC concentration
slightly decreased from the inflow to the outlet across all recharge episodes. However, in the
SAT-PRB system, NPDOC concentration significantly increased from the inflow to point O and
gradually decreased afterwards. O, of the inflow water significantly decreased at O in both
systems during all recharge episodes and remained consistently low from O to C, slightly

increasing at E (Figure 12).

NHz*, NOs7, NPDOC, and O concentration at different depths (0.25 m, 0.85 m, and 1.35 m)
were measured in sections A, B, and C. NH4* concentration displayed an increasing profile with
depth at section C of both systems and section A of the SAT-Control system. The concentration
of NHs"increased and decreased at section B in both systems, and the opposite was observed at
section A for the SAT-PRB system. NOs did not show significant accumulation at any depth in
either system. NPDOC decreased with depth in the SAT-PRB system but remained relatively
stable in the SAT-Control system. O, concentration slightly decreased with depth in all sampling

points in both systems.

The isotopic composition of NHs* (6*°N-NH;*) ranged from +8.4 %o to +29.4 %o in the SAT-
Control system and from +9.6 %o to +34.7 %o in the SAT-PRB system. The §>N-NOs™ and §0-
NOs ranged from +4.6 %o to +27 %o and from +9.2 %o to +41.9 %o, respectively. The highest
values for 8> N-NH4* and 680-NOs  were observed in sample points O and A and decreased along

the flow path.
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3. SUMMARY OF DISCUSSIONS

The increase in nitrate concentration observed during the initial stages in B-L and B-V
experiments aligns with previous studies suggesting that industrial liquid wastes can serve as a
potential source of ions and denitrifying bacteria. In the case of C-L, however, no initial increase
in NO5™ concentration was observed in the outflow water, indicating that the NOs introduced
with lias was either not transported in the column or consumed before reaching the outflow

reservoir.

Lias proved highly effective in removing nitrogen oxides, completely degrading NOs and
NO; in batch and column experiments. Nitrate removal in lias biostimulated batch and column
experiments occurred at similar time frames, indicating that nitrate supply, biomass variations,
mixing, flow velocity, and preferential flow paths in the column had minimal impact on
denitrification. Nitrate removal efficiency is attributed to the ability to provide organic carbon
to the latent denitrifying bacteria in the field water and gravel. On the other hand, vinico showed
only a slight NOs™ removal efficiency, achieving 35% of NOs; removal. The disparity in the
attenuation efficiencies between the two batch treatments is linked to the composition of the
wine residues. Vinico mainly comprised of humic and fulvic acids with less labile organic carbon,
which explains the lower efficiency of NOs” removal. The incomplete NOs™ reduction in B-V
inhibited NO, reductase production, leading to the high accumulation of NO;". Calcite was
oversaturated in the outflow water in the experiments, although an equilibrium with amorphous

calcite explains the buffering of pH in the experiments, keeping the pH constant over time.

The Rayleigh distillation equation effectively replicated the experimental data, treating it
as a closed system, showing that the mixing of heavy isotopes of residual nitrate with fresh
nitrate from wine waste was not significant. Consequently, the magnitude of fractionation was
quantified using the Rayleigh distillation equation (Eq. 2), and the calculated € values for °N-
NOs and £0-NOs” were determined for the conducted experiments. The resulting €®°Nyos and
£®0nos were —16.542.7 %o and -12.1+1.8 %o in B-L and -17.7+2.9 %0 and —-17.9+1.6 %o in C-L,
respectively (Figure 13). The £ values obtained in this study agree with the reported range of
+6.5 %o t0 -39.0 %o for £°Nyos and -1.0 %o to -30.4 %o for 003 for biological denitrification
(Grau-Martinez et al., 2017). The results showed that B-L and C-L had similar & values, indicating
that the same processes were responsible for NOs; degradation, likely attributed to using the

same organic matter source (l/ias). On the contrary, B-V, despite exhibiting lower efficiency in
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NOs” removal, yielded higher fractionation values (i.e., more negative '°¢), with €°N-NOs™ and
£®0-NO; equal to —-32.0+4.8 %o and -27.6%3.3 %o, respectively. The larger fractionation in B-V
is attributed to its slower denitrification rates, which are consistent with findings reported for
low denitrification rates (Mariotti et al., 1988). 6°N-NOs™ versus 6¥0-NOs™ showed a higher
enrichment effect on €°Nyo3 typical of denitrification at field-scale studies than at laboratory
studies, which may be attributed to NO, reoxidation to NOs™ or the microbial community type.
The isotopic analyses revealed denitrification as the primary NO3™ attenuation process (Carrey
et al,, 2013; Kendall et al., 2007), ruling out DNRA due to the low C/N ratio in the experiments
(Burgin and Hamilton, 2007).
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Figure 13. A plot of the natural logarithm of the substrate remaining fraction (Ci/C,) against
the ratio of the isotopes ratios of the residual and initial substrate (Ri/Ro) showing the isotope
fractionation values (&) for B-L (orange), C-L (pink) and B-V (blue).

According to laboratory results, lias can potentially remove nitrogen oxides from water
through denitrification at a C/N ratio of 1.25. As a result, lias appears to be a suitable option for
denitrification in water treatment, providing valuable insights into the efficiency, isotopic

dynamics, and safety considerations for future field applications at the wetland.

A geochemical modeling study focusing on the coupled reduction of nitrate (NOs’) and the
oxidation of organic matter linked to denitrifying bacterial growth and decay, as well as the
evolution of the isotopic composition (6°N) of NOs™ and NO;™ has been carried out. The study
assumes a fully saturated system at a constant temperature of 25 °C. The model presents NOs’
reduction as a two-step process, nitrate to nitrite and nitrite to dinitrogen gas, linked to the
oxidation of the specific organic compounds for lias and vinico. Nitrate and nitrite reduction and

organic carbon oxidation reactions are summarized in Figure 14.
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NOj3 reducing bacteria NO3 reducing bacteria
NO3 + 2H'+ 2e = NO; + H,0 NO, + 4H*+ 3¢ 1/, N, + 2H,0
NO3 - NO3 » NO3 - N, (g)
5'°NO3 51°NO3

¢ $

CsHy00s + 13H,0 - 6HCO3 + 30H™ + 24~ (Lias)

C3Hg0, + 7H,0 — 3HCO3 + 17H* + 14e™ (Vinico)

CaCO; = Ca* + CO2~

Figure 14. A scheme of the linked nitrate and nitrite reduction and organic carbon
compounds oxidation reactions, bacterial growth and decay and calcite precipitation.

The kinetics of NOs” and NO; reduction reactions are quantified using the dual Monod
kinetics equation Eq. 3, which considers both the electron donor and acceptor, as well as the
limitation of the degradation rates. The oxidation rate of organic compounds, expressed in Eq.
7, relies on the degradation rates of nitrate (Rnos) and nitrite (Rnoz2) determined using Eq. 3,
where k is the specific rate of organic matter consumption (dimensionless), [ED] is the
concentration of lias or vinico (mol L), and k; and k; are the C/N ratios of lias and vinico in a

balanced chemical equation between the oxidation and reduction half-reactions.

Rom =k [ED] - [K; - Ryos + Kz - Ryos | Eq.7
The isotopic fractionation of nitrogen during denitrification is determined according to the
first-order degradation kinetic equation described in Van Breukelen and Prommer (2008) (Eq.
8), where R gupy is the change in the §°N of NOs or NO;™ in per mile (%o), Rea is the degradation
rate of NOs™ or NO; calculated according to Eq. 3, 6"EA is 6*°N isotopic composition of NOs3 or
NO,™ (%o), 6'EA is 6N isotopic composition of NOs  or NOy (%o) and € is the experimentally
calculated isotopic fractionation value (%o).

[SHEA] Eqg. 8
R H =R . .
SUEATREA TSHEA] + [6EA] ©

The model assumes aqueous speciation in equilibrium and incorporates a constant partial
pressure of CO,of 102 atm and the possibility of calcite precipitation when the saturation index
exceeds the calculated saturation indices value (0.7 for lias and 0.6 for vinico). The column
experiment is simulated in a one-dimensional system with specified velocity, dispersivity, and

diffusion coefficient parameters determined after a conservative tracer test.
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Initial values for reaction rate parameters kmax, keo, Kea, Y, k and b for Eq. 6, Eq. 7 and Eq. 8
were taken from Rodriguez-Escales et al. (2014) and adjusted afterwards with CeresStudy in
GibbsStudio (Nardi and de Vries, 2017) to obtain the best-fit values shown in Table 9. The
Levenberg—Marquardt algorithm yielded low least square errors (0.005 to 0.012), indicating a
high level of accuracy in the models.

Table 9. Fitted reaction rate parameters for equations used in the present model estimated
from GibbsStudio (batch and column experiments) and reported values in the literature.

Fitted values

Model Parameter Range of values Initial
guess B-L/C-L B-V
-1 -6 -4 a,b,c,d,e -5 4 4
Kea,nos (Mol-L77) 1.0-10 -1.7-10 1.4-10 5.0-10 5.0-10
-1 -6 -4 a,b,c,d,e -5 -5 -5
Kgano; (mol-L77) 1.0-10 -1.7-10 1.4-10 6.0-10 6.0-10
- - -1la,b,c,d,e - - -
Kgpno; (mol-L™1) 8310 -1.0-10 2.210° 22100 22100
- - -1a,b,c,de - - -
Kgp no; (mol-L™1) 8310 -1.0-10 2.2:10° 1.010°  1.010°
_ - -7 a,b,c,d, - - -
Kmaxnoz (571 1.010°-3.910 %% 3910 5010  5.010
-1 -4 -8a,b,c,de -7 -7 -7
Kmaxno; (571) 5.2.10 -7.0-10 4.4-10 5.0-10 5.0-10
Y' NOE a,b,c,d,e,f
(moles C-cells/moles C-OC] 0.05-0.73 0.57 0.53 0.53
Y' NOZ_ _ a,b,c,d,ef
(moles C-cells/moles C-0C) 0.05-0.73 0.57 0.53 0.53
_ _ -7 a,b,c,de - - -
b,NO3 (s~1) 0-5810 1210 30100 3210
—_, _ -7 a,b,c,d,e - - -
b,NO3 (s™1) 0-5810 1210 3010  5.010°
k 210 950 1400

3Chen & MacQuarrie (2004). *Killingstad et al. (2002). °Kinzelbach et al. (1991). “Mastrocicco et
al. (2011). ®Rodriguez-Escales et al. (2014). fParkhurst & Appelo, (2013).

The model results of the simulated pH and Eh well align with the experimental data for both
the batch and column experiments. The model successfully reproduces NOs,, NOy, 6"°N-NOs’,
and &"™N-NO; (Figure 15a, ¢, and e) along with NPDOC levels (Figure 15b, d, and f). The
simulation captures the removal of nitrate and nitrite from the solution and the increase of §*°N
values of the remaining nitrate fraction and the generated nitrite. However, some discrepancies
between the model and experimental results are noted, particularly in the case of NPDOC in the
B-L model, which may be attributed to using the same reaction rate parameters for B-L and C-L.
In the C-L model, the effect of variations in transport parameters over time and biofilm
colonization was not considered, which can affect the outcome in B-L, contributing to these

differences.
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Figure 15. Results of reactive transport model of batch and column experiments. The dots
represent experimental data, a 5% error of experimental data is indicated by error bars with
non-visible error bars within the circles, and the solid lines represent the fitted model.

The obtained model goes beyond most typical denitrification models by incorporating
nitrate and nitrite concentrations, dissolved organic carbon, biomass, and nitrogen isotope
composition, which is less common in the literature. This model highlights the importance of

considering multiple variables and parameters in geochemical modeling to understand better

and predict complex environmental processes.
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The developed study supports recent findings that nitrite can be abiotically reduced by
solely dissolved Fe(ll) without a mineral catalyst. However, the nitrite removal rate significantly
increased when siderite was mixed with dissolved Fe(ll). This suggests that a portion of the
dissolved Fe(ll) could have been sorbed onto the siderite surface to create reactive sites, acting
as a catalyst to increase the electron density of Fe(ll) to improve nitrite reduction (Dhakal et al.,

2021; Jones et al., 2014; Rakshit et al., 2016, 2008).

N-N,O(g) recoveries during nitrite reduction did not match the N-NO; transformed. N,O
concentration in the liquid and gas phases calculated with Henry's Law, complemented with the
Rayleigh distillation equation, showed that N,O was the final product formed. The absence of
biological components in the experiments may have inhibited N,O to N; reduction, and the
transformed N-NO, was always equal to the sum of N-N,O in the liquid and gas phases, indicating
the absence of N,O leakage through the butyl rubber stoppers or the formation of NO. The study
revealed that 50-98% of the generated N,O remained dissolved in water, likely influenced by
metal chlorides, contributing to low N,O(g) recoveries in the headspace of the vials. The
obtained N,O recoveries were consistent with previous studies reporting less than 50% of N-
NO, recoveries during abiotic nitrite reduction production (G. Chen et al., 2020; Dhakal et al.,
2021; Jones et al., 2015; Rakshit et al., 2016). The N,O(g) recovery decreased from 36% to 19%
in Sid+DFe and 46% to 25% in DFe, attributed to the formation of iron oxide minerals, known to

influence N,O(g) production (G. Chen et al., 2020; Jones et al., 2014, 2015).

NOs” was consistently below detection, and NH,* was not contained in the initially prepared
water, ruling out the possibility of DNRA. The absence of biological components in the

experiments also restricts the potential for biological processes.

Nitrite reduction was linked with 6N enrichment over time, as light isotopes are
preferentially consumed. The isotopic data in this study (€"°Nno2 = -11.8+11.0 %o for Sid, SPn2o =
22.510.5 %o; £°Nno2 = -12.0£1.4 %o for DFe and SPn2o = 23.5+0.7 %o; £°Nno> = -13.0+1.1 %o for
Sid+DFe) (Figure 16A) are consistent with previous findings for chemodenitrification (€**Nno2 = -
19.7 to +16.5, SPn20 = 0 to 30.2 %o) (Benaiges-Fernandez et al., 2020; Grabb et al., 2017; Li et al.,
2022). The similar € values obtained in all the experiments suggest a common nitrite degradation
process. The 6> NP of the generated nitrous oxide became progressively enriched, and the
6Nk approached the initial 6%Nno2 (Figure 16B). Given the above factors,
chemodenitrification was considered the main nitrite reduction process in the experiments,

supported by isotopic data showing characteristic patterns.
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Figure 16. A plot showing the isotope fractionation values of the experiments of only
siderite (orange), only dissolved Fe(ll) (green) and siderite plus dissolved Fe(ll) (blue). The graph
of the bulk §°N of N,O generated over time is presented in B.

Nitrite degradation followed a pseudo-first-order kinetics with respect to nitrite
concentration, while the coupled nitrite reduction-Fe(ll) oxidation followed a second-order
kinetics according to Eq. 9, where d[NO;]/dt is the degradation rate of nitrite (mol L™ s) and
(9.39+0.36)-10* L mol™? s is the second-order kinetic rate constant. The second-order kinetic
rate constant is the slope obtained from the plot of the pseudo-first-order constants versus the
total aqueous Fe(ll) concentration in solution ([Fe(ll)]r) before the start of nitrite reduction.
[Fe(Il)]r was calculated with the Phreeqc software after equilibrating the prepared synthetic
water (SW) with atmospheric CO(g) at a partial pressure of pCO»(g) = 103 atm, calcite and Fe-
minerals before nitrite reduction starts. In all cases, amorphous Fe(lll) hydroxide (Fe(OH)s(am))
and calcite were left to precipitate if oversaturated.

d[NO3 ]
dt

Eq.9

=(9.39 4+ 0.36) - 10™* - [NO3] - [Fe(I)1]

The linked NO;™ reduction and Fe(ll) oxidation reaction (R. 19) was modeled in one step

using equation Eq. 9.

2NO; + 6H* + 4Fe?t — N,O(q) + 4Fe3* + 3H,0 R. 19
The first-order degradation kinetics, according to Eq. 8, was used to model the isotopic
evolution (Van Breukelen and Prommer 2008) using the experimentally calculated kinetic

isotope fractionation (g).

The initial water composition, the initial nitrite concentration of the prepared water, the

siderite amount, and the amorphous Fe(lll) hydroxide presented in Table 10 were used as the
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initial conditions for calculations. Siderite, calcite, and amorphous Fe(lll) hydroxide were allowed
to precipitate or dissolve in equilibrium. The models were run for seven days in 70 equal steps,

and sensitivity cases were also conducted to account for uncertainties in the rate constant.

Table 10. The composition of CO,(g) equilibrated synthetic water (CESW) with Fe-minerals
and mineral composition after equilibration for Sid, DFe and Sid+DFe cases.

Chemicals PH Eh Ca Mg K Na cl S P C Fe(ll)y  Siderite Fe(OH)s
v mM mM mM mM mM mM mM mM mM mM mM
CESW-Sid 6.5 02 0.2 1.2 26 64 5.8 14 004 59 0.1 5.0 3.5
CESW-DFe 31 0.7 0.2 1.2 26 64 15.8 1.4 004 24 15 -- 2.4
CESW-Sid+DFe 55 03 0.2 1.2 26 64 15.8 14 004 44 3.5 6.6 3.5

The model well-reproduced nitrite concentration experimental results in Sid, DFe and
Sid+DFe (Figure 17) and accurately simulated the general trends of the total aqueous nitrous
oxide concentration resulting from nitrite reduction-Fe(ll) oxidation, which does not fit the
experimental gaseous N-N,O(g) measured in the HS. The models project the total aqueous N-
N,O generated within the solution, whereas the experimental results measure the N-N,0O(g)
diffused from the solution into the HS. However, the combined N-N;O in the gas and liquid
phases closely matches the total aqueous N-N,O concentration predicted by the model (Figure
17). Geochemical calculation with the Phreeqc software (Parkhurst and Appelo, 2013) showed
that amorphous Fe-oxyhydroxide was formed in all the batch experiments. Fe(OH)s slightly
increased from 3.5 to 3.7 mmol L'? in Sid and significantly increased from 2.2 to 2.9 mmol Lt in
DFe and 3.5 to 5.5 mmol L™ in Sid+DFe. 0.1 and 1.5 mmol L™ of siderite were dissolved in Sid and
Sid+DFe, respectively, and calcite did not form in any of the models due to the low concentration

of Caions in synthetic water used.

56



Summary of discussions

- 0
A B
| & 12
e |
— —_
S L0 8
£ £
E =08 -
c - 155 S
= £ E
g ~ 5
I - 20§
8 €04 -
c o 4
3 8 4
IN I -25 ™~ +I.
o) z /o s 8 m mm
Pz : /
pd / [
0.0 ‘ ‘ ‘ 30 00 el S
0 2 4 6 8 0 2 4 6 8
Days Days

Figure 17. A) NO; concentration and §*°>Nyo; evolution over time for the three experiments.
Orange, green, and blue colors represent Sid, DFe and Sid+DFe, whereas circles and diamonds
indicate experimental [NO3], and 6> Nyo2 and lines are model results. B) Recovered N-N,O(g) in
the gas phase (squares), calculated N-N,O in the liquid phase (plus inside squares), transformed
N-NO; (plus) and modeled N,O (lines) over time. The thin outer lines represent the margin of
error.

Several chemical denitrification models have been created for nitrogen compound removal
in wastewater treatment systems, primarily concentrating on concentration-based approaches
(Chen et al., 2020; Dhakal et al., 2013; Liu et al., 2019). However, these models may not capture
processes in which isotope effects have considerable influence, as seen in natural attenuation
or biogeochemical reactions influenced by microbial activity. The developed model introduces
a novel dimension by integrating concentration and isotopic data, enhancing its complexity
compared to concentration-only models. Combining isotope and concentration offers a more
comprehensive understanding by providing insights into the overall denitrification rates,
whereas distinguishing between the distinct denitrification pathways based on the isotopic

signatures of nitrogen compounds.
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The chemical and isotopic results indicate organic pollution sources, likely from urban
wastewater and nearby hospitals. NH;* concentration peaked in summer due to higher sewage

input from increased tourism during these warm periods.

The main N-NH4* transformation mechanism in the systems was nitrification NH,*
concentration decreased along the flow path, linked with decreasing O, and NPDOC
concentration levels and increasing NOs;  concentration. However, the measured N-NOs
concentration did not match the N-NH;* removed, suggesting other N-NH,* removal processes
such as sorption, plant assimilation, denitrification or anammox, supported by the microbial
communities' genetic analyses (Hellman et al., 2022). Clay minerals in the PRB could offer cation
exchange sites, yet €2>N-NH," results showed sorption's minor role in the long-term N removal,
limiting its major impact to inflow fluctuation buffering. Plant assimilation likely played a more
significant role in the recharge area, particularly during the initial stages of plant growth. The
decomposition of plants might have contributed to organic nitrogen during the later phases of
the study when the plants reached full maturity and subsequently decayed. Denitrification
played a significant role in the systems, especially following infiltration when O, concentration
was low, confirmed by the isotopic analysis of 8°N and 60 of NOs. A linear plot with a 1:1
relationship between 6®N-NOs™ and 6'®0-NOs typical of denitrification was not observed,
attributed to the simultaneous NOs™ production and reduction. The isotopic results showed the
mixing of 62°N and 60 of newly generated NOs™ and residual NOs™ in the tanks, which hindered
the modeling of €®N-NOs™ and €®0-NO; as a closed-system process using the Rayleigh

distillation equation.

The high levels of NPDOC in the SAT-PRB system could have inhibited nitrification in the
SAT-PRB system as NPDOC consumption of O, may outcompete nitrification, explaining the low
NH4* removal in the SAT-PRB system, which agrees with previous studies (Jie et al., 2009; Ling
and Chen, 2005). The isotopic results of §"°N-NH,* suggest that the NOs™ produced in the SAT-
PRB system was quickly denitrified, facilitated by the reducing conditions created at the reactive

barrier base.

At different sections in the systems, the maximum accumulation of NH;* was observed at
the bottom, indicating a decrease in nitrification rate with depth. This decreasing tendency is
attributed to the prevailing aerobic conditions in the shallower part of the systems, which is
facilitated by the diffusion of atmospheric oxygen into the tanks. The increased nitrification rate

at the top also resulted in greater O, consumption, leading to anoxic conditions for
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denitrification, which explains the high NH." and low O, concentration observed at the bottom
of the systems. However, despite the high nitrification rate at the top, maximum NOj3™ was not
identified at the top due to the simultaneous production and consumption of NO3™. No significant
NOs  accumulation was observed along both systems, except at the outlet (E), where a
considerable increase was detected. This result may be attributed to an elevated nitrification
rate promoted by the presence of grama grass, facilitating a flux of O, in the canal. The analysis
of the isotopologues of NO3™ along the systems displayed trends typical for denitrification and

was linked to NPDOC consumption, providing energy for denitrifying bacteria.

Although the residual N at the outlets of both systems showed similarities, distinct
differences in the dominant nitrogen species were noticed. In the SAT-Control system, the NH,*
concentration progressively decreased from 72% to 4% and NOs" reduced from 54% to 27% of
the total N, whereas in the SAT-PRB system, NH,* decreased from 67% to 16% and NOs
decreased from 75% to 18% during the study period at the outlet (E) (Figure 18). Consequently,
NOs emerged as the dominant species at the end of the study period in the SAT-Control system,
with 27% NOs; and 4% NH'. In contrast, the SAT-PRB system exhibited a more balanced
distribution, with approximately equal proportions of NO3™ and NH,4*, with 18% NOs™ and 16%
NH.".

Temperature variations significantly impacted the growth and adaptation of the microbial
community, thereby influencing nitrogen removal in the studied cases. Increasing temperatures
in the tanks were marked by an increase in the N removal rate by up to 72% in the SAT-Control

system and 65% in the SAT-PRB system (Figure 18).

An enrichment factor (°N-NH4*) of -5 %o was obtained in both systems. The lower £'°N-
NH4* value obtained in this work compared to literature values (-10 %o to -28 %.: Sebilo et al.,

2006) could be attributed to the influence of plant assimilation.
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Figure 18. The % distribution of residual NHs* and NOs™ in solution and % of total N (NH4* +
NOs~) removed from the solution as a function of the average temperature in the tanks. Orange
circles represent the SAT-Control system, brown circles represent the SAT-PRB system, and red
circles represent the average temperature in the tanks. The dotted line represents the point
below where no N is removed from the tanks.
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Nitrogen pollution, primarily from agricultural runoff, urban wastewater, and industrial
activities, poses significant threats to aquatic ecosystems and human health. Understanding and
managing nitrogen compounds attenuation and transformation is crucial for maintaining water
quality and ecosystem integrity. In this thesis, the attenuation and transformation of nitrogen
compounds, including ammonium (NH4*), nitrate (NOs’), and nitrite (NO;), have been
investigated using a variety of innovative approaches. The research spans diverse environmental
contexts and electron donor sources, shedding light on complex nitrogen cycling processes. This
general discussion synthesizes the findings and insights gained from the specific discussions on
nitrate attenuation using wine residues, nitrite reduction using ferrous iron and the
transformation and attenuation of N-NH;* using plant-based compost permeable reactive

barrier during aquifer recharge.

Wine industry byproducts, particularly wine residues, hold substantial promise as a cost-
effective and environmentally eco-friendly carbon source for advancing biological denitrification
research. Repurposing these discarded materials aligns with the concept of circular economy
and supports the United Nations Sustainable Development Goals related to clean water, waste
reduction, and resource efficiency. Efficient use of wine waste can reduce greenhouse gas
emissions associated with their disposal. These residues, derived from various winemaking
stages, are gaining recognition for their rich organic content. They contain diverse organic
compounds, such as sugars, polysaccharides, acids, and lignocellulosic materials, making them
an ideal carbon source for denitrifying bacteria. Variability in residue composition underscores
the need for characterization to optimize denitrification outcomes since wine residue
composition impacts their potential to release carbon. Beyond acting as carbon sources, wine
residues can provide essential nutrients such as nitrogen, phosphorus, cations (Ca, Mg, K, and
Na), and trace elements. While these nutrients are valuable, their presence can pose challenges,
potentially impeding denitrification. Due to this complexity, achieving the ideal composition of
wine residues that perfectly aligns with microbial denitrification needs can be challenging.

Careful management of nutrient ratios is also vital to avoid imbalances and nutrient deficiencies.

Despite challenges such as variations in organic matter composition and microbial
adaptation, integrating ferrous iron-mediated chemical nitrite reduction into existing water
treatment systems is feasible. The presence of both organic (organic carbon) and inorganic
(ferrous iron) electron donors enables the coexistence of biological and chemical processes,

ultimately enhancing denitrification. In groundwater, nitrite is primarily generated as an
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intermediate product through nitrate reduction. The chemical reduction of nitrite to nitrous
oxide isimportantiniron-rich environments, as it represents a crucial transformation of nitrogen
compounds and contributes to controlling nitrogen availability and mobility. Ferrous iron is
readily available and inexpensive, making it a cheap option for enhancing denitrification

processes.

Nitrite molecules are sorbed onto the surface of ferrous iron minerals, such as ferrous
hydroxides or Fe(ll)-bearing minerals, making them more susceptible to reducing reactions. The
adsorbed ferrous iron donates electrons to nitrite, reducing it to nitrous oxide gas via nitric oxide
(NO) intermediate, which mainly does not accumulate in most environmental conditions. The
primary end products of ferrous iron-mediated denitrification are nitrous oxide and Fe(lll)
compounds, but a greater portion of the generated nitrous oxide gas can be further reduced to

nitrogen gas during biological denitrification.

The pH of the environment strongly influences the rate and extent of the nitrite reduction
process. Low pH conditions generally promote the reduction process by enhancing the
availability of reactive ferrous iron species. Concurrently, the concentration of ferrous iron
significantly influences the reaction rate of nitrite; elevated concentrations enhance the nitrite
reduction process, whereas lower concentrations have the opposite effect. Furthermore,
halides and metal chlorides in water can affect the N,O(g) recoveries. Ferric iron minerals
produced from nitrite reduction by ferrous iron tend to adsorb to intermediate reduction
products like NO, thereby influencing the production and transformation of N,O(g). The
presence of other chemical species, such as heavy metals, can inhibit nitrite reduction by

influencing the electron transfer kinetics and adsorption properties.

The significance of abiotic nitrite reduction has implications for various environmental
processes, including soil nitrogen cycling, groundwater quality, and nutrient dynamics in aquatic
systems. It influences the release of nitrous oxide gas into the atmosphere, contributing to

greenhouse gases.

Partially treated wastewater effluent contains high levels of inorganic nitrogen, and PRBs
can be designed to attenuate nitrogen compounds by passing it through a reactive medium that
promotes various physical, chemical, and biological processes to remove or transform these
pollutants. In the current study, plant-based compost is used as an electron donor in a PRB to
treat wastewater containing ammonium during aquifer recharge. A complex set of biological

reactions can lead to the transformation and attenuation of ammonium nitrogen.
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Ammonium-rich wastewater entering the PRB provides a source of ammonium ions, which
are subjected to oxidation reactions driven by the microbial community in the wastewater and
the compost. Ammonium-oxidizing bacteria (AOB) and/or archaea (AOA) oxidize ammonium to
nitrite in ammonium oxidation. The nitrite produced from ammonium oxidation can undergo
further oxidation to nitrate through the action of other bacteria groups, such as nitrite-oxidizing
bacteria (NOB). The plant compost serves as a source of organic carbon for microbial activity. As
the microorganisms in the compost break down the organic matter, they release carbon
compounds that act as energy sources for various microbial processes, including denitrification,
anaerobic ammonium oxidation and dissimilatory nitrate reduction to ammonium. In suitable
conditions, such as limited oxygen availability, denitrifying bacteria utilize nitrate as an electron
acceptor to perform denitrification. Denitrification cooccurs with nitrification, reducing the
generated nitrate to nitrogen gas through microbial-mediated reactions. In the presence of
concurrent nitrification-denitrification partial products (NHs*, NOs and NO;), anammox bacteria
convert ammonium into nitrogen gas using nitrite as the electron donor in anaerobic conditions.
DNRA outcompetes denitrification in high organic matter levels, transforming nitrate to
ammonium in anaerobic conditions. Other constituents of the PRB, such as clay minerals, play a
significant role in nitrogen species transformation, which may act as sorption sites. Ammonium
is one of the primary mobile nitrogen forms that plants can absorb alongside nitrate. Ammonium
assimilation by vegetation is a crucial process in the nitrogen cycle, as plant roots take up

ammonium ions.

The success of PRBs depends on various factors, including the composition of the reactive
barrier, the microbial community present, environmental conditions (e.g., pH, temperature, and
oxygen availability), and the specific design of the PRB. Monitoring and assessing nitrogen
attenuation pathways are essential to ensure the efficient and effective removal of nitrogen

compounds and other pollutants from wastewater.

Geochemical modeling is a powerful tool that helps us better understand the complex
interactions between microbial activities, environmental conditions, and nitrogen cycling to
predict the behavior of nitrogen compounds in various environmental systems. Geochemical
modeling uses computer simulations to describe the interactions between chemical species and
their transformations over time. Denitrification geochemical models simulate the rates at which
denitrification reactions occur based on the concentration of reactants (nitrate, nitrite) and the
environmental conditions (e.g., temperature, pH, and redox potential). Denitrifying
microorganisms require a carbon source as an energy supply for metabolic activities.

Geochemical models incorporate organic carbon availability and predict how carbon availability
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changes influence denitrification rates. Nitrate, nitrite, and organic carbon concentrations are

influenced by the transport of water and solutes in aquatic systems.

Different species of denitrifiers have varying metabolic capabilities and responses to
environmental changes, and modeling microbial interactions provides insights into community
shifts and their impacts on denitrification rates. Denitrification models can be applied at
different temporal scales, allowing researchers to assess denitrification dynamics in various
ecosystems, from small laboratory time scales to larger time scales. The Dual Monod kinetics
have been considered in the present study, assuming that the denitrification rate depends on
the availability of nitrate and organic carbon for the denitrifying microorganisms. It enhances
the accuracy of biological denitrification modeling by considering the interplay between the
electron donor and acceptor, providing a more comprehensive understanding of denitrification
kinetics in various environments and aiding in optimizing denitrification processes for efficient

nitrogen removal.
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4. SUMMARY OF CONCLUSIONS

This thesis presents valuable insights into nitrogen compounds removal strategies and
processes from various research approaches, including batch, column, and pilot studies, using

chemical, isotopic and geochemical modeling tools.

One of the promising approaches investigated in this research is the use of liquid organic
residues from wine production as a material to biostimulate denitrification in field study
laboratory experiments. The effectiveness of the remediation method employed was examined
using lias, which demonstrated efficient nitrate removal capacity in batch and column
experiments. However, the vinico residue, with less labile organic carbon, showed lower nitrate
removal efficiency and is not considered feasible for future nitrate removal treatments. The
successful biostimulation of denitrification using lias suggests a promising strategy for the
remediation of nitrate-polluted water bodies. The results of this study provide valuable insights
for developing a sustainable and effective approach to mitigate nitrate pollution on a field-scale
through biostimulation of denitrification and promote sustainable water management. This
study also emphasizes the importance of using controlled laboratory-scale fractionation values
for estimating denitrification efficiency, considering the challenges in applying field-scale values

due to the inherent natural variability of field conditions.

The study employed isotopic tools to gain valuable insights into nitrate attenuation
processes, contributing to a better understanding of nitrogen cycling during denitrification and

facilitating the quantification of denitrification efficiency.

The research also incorporated geochemical numerical modeling, which supported the
experimental findings, reproducing the identified changes in nitrate, nitrite, and organic carbon
concentrations and the isotopic compositions of nitrate and nitrite isotopologues. This
numerical modeling approach proved to be a valuable tool for predicting nitrogen compounds'
evolution beyond laboratory treatments, which could be used for field applications in the near

future.

Because both concurrent biotic-abiotic processes transform nitrogen compounds in
groundwater in iron-rich environments, abiotic nitrite reduction by ferrous iron and its
implications on nitrous oxide production in three distinct scenarios have been investigated. The
study provides insights into the coupled nitrite reduction-Fe(ll) oxidation reaction and the
resulting isotopic composition changes. The findings contribute to the understanding of these

coupled processes, emphasizing the significant role of mineral surfaces in influencing nitrite
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reactions. This study is essential in understanding nitrogen cycling in iron-rich environments and
can be applied to further studies and field applications. The results showed that nitrite reduction
occurred with a removal efficiency of up to 84% when siderite was combined with dissolved
Fe(ll). However, the reactivity of nitrite with siderite alone was negligible. Chemodenitrification,
identified as the main nitrite attenuation process, was linked to the generation of gaseous
nitrous oxide. Low recoveries (19-46%) were observed due to restricted diffusion of aqueous
N,O from water, resulting in 50-98% of the generated N,O remaining in the liquid phase. The
kinetic analysis showed that coupled nitrite reduction and Fe(ll) oxidation followed second-
order degradation kinetics. The developed conceptual and numerical models successfully
reproduced the experimental results, offering a valuable tool for predicting nitrite reactivity over

extended periods and understanding nitrite reduction in natural systems.

Addressing the presence of high NHs* concentrations in partially treated water, the thesis
provided a comprehensive investigation into the spatial and temporal variability of nitrogen
compounds migration and transformations within two studied systems: one system installed
with plant-based compost permeable reactive barrier and another controlled system with no
reactive barrier. The results highlight the complexity of the nitrogen removal processes,
influenced by various factors, including seasonal variations, temperature, microbial activity, and

redox conditions.

Multiple processes, including nitrification, denitrification, sorption, and plant assimilation,
contributed to the overall nitrogen attenuation in the systems. Nitrification was identified as the
primary mechanism for inorganic NH,* transformation along the tanks, and denitrification was
crucial in reducing NOs concentrations at low oxygen levels, supported by the isotopic
signatures of 6°N-NOs” and 60-NOs,, leading to the concurrent production and reduction of
NOs™ along the systems. The temporal variability of N removal rates showed that the systems

were more effective in removing nitrate at higher temperatures.

The isotopic fractionation of NHs" and NOs provided valuable information about the
underlying microbial reactions. €°N-NH;* values indicated enrichment of the residual NH,,
suggesting the preferential incorporation of lighter isotopes into the newly generated NOs
during nitrification, making it difficult to model the simultaneous NOs™ production and reduction
as a closed system process using the Rayleigh distillation equation. However, isotopic tools could

not quantify the exact contributions of sorption and plant assimilation.

Finally, this thesis significantly contributes to the understanding of nitrogen removal

dynamics and highlights the importance of considering multiple processes, microbial activities,
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and environmental factors in devising effective nitrogen management strategies. Continuing to
address the challenges of nitrogen pollution, the knowledge gained from this research will serve

as a valuable resource in improving environmental practices related to nitrogen pollution.

67



Future work

5. FUTURE WORK

Promising results have been obtained from the current laboratory work, demonstrating
that lias effectively removes nitrate at a C/N ratio of 1.25. However, in the present study, it was
observed that the organic carbon concentration did not support the occurrence of DNRA in the
prevailing experimental conditions. In order to gain more robust insights into the absence of
DNRA under these specific organic carbon concentrations, future investigations should diligently
monitor ammonium levels to establish concrete evidence and identify the conditions conducive
to DNRA. This comprehensive analysis will contribute significantly to the understanding of
nitrogen removal pathways. Additionally, it would be intriguing to evaluate the denitrification
efficiency of lias under diverse feeding strategies, varying C/N ratios, injection frequencies, and
flow velocities. This exploration can uncover valuable insights into optimizing denitrification
processes. Considering the scope of this thesis, experimental biomass analyses were not
conducted. However, incorporating experimental biomass analyses and assessment of
community dynamics of denitrifying bacteria in future experiments would be important, as it
may be useful in model applications to refine the geochemical models and understand the role

of denitrifying bacteria in nitrogen cycling processes.

To bridge the gap between controlled laboratory conditions and real-world applications of
lias, it is essential to conduct field campaigns in the constructed wetland in the future. The field
treatment campaigns will allow the assessment of the performance of lias at larger scales,
advancing the understanding of their practical applications. The isotopic fractionation values
calculated from laboratory experiments can serve as a valuable tool for estimating the efficiency
of nitrate degradation at the field-scale. By utilizing these data, valuable insights can be gained

into the potential of /ias as a sustainable and eco-friendly approach for nitrate remediation.

The utilization of ferrous iron has shown promise in augmenting the removal of nitrogen
compounds. It would be compelling to explore the combined effects of integrating Fe(ll)-
containing minerals with lias to evaluate their combined impact on nitrate attenuation during
nitrate treatment in future laboratory experiments, advancing the current research endeavors.
Previous studies have shown that solid organic compounds like pine bark with zero-valent iron
can improve nitrate removal. However, there remains a lack of research into the treatability of
nitrate with liquid organic waste and ferrous iron, both at the laboratory and field-scales.
Exploring the combined efficacy of Fe(ll) containing minerals and organic liquid waste would be
particularly intriguing for evaluating their potential in nitrate remediation feasibility studies. This

investigation will provide valuable insights into the potential synergy between organic and
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inorganic wastes, which could enhance nitrate reduction and more sustainable electron donor

sources.

The present study identified that a significant portion of the generated N,O remained
dissolved in water during nitrite reduction, and samples were not purged prior to the azide
reduction method, which can lead to potential interferences. It will be important in future
experiments to implement measures to ensure complete recovery of all N,O produced from
nitrite reduction in the headspace of the vials during the azide reduction method. A crucial step
to achieve this will be to flush the vials with an inert gas after the azide reduction method to
expel any dissolved N,O from the water. This adjustment is vital for obtaining a sufficient
quantity of gaseous N,O in the headspace of the vials, particularly during the initial stages of the
experiments when nitrite reduction is minimal for subsequent site preference analyses.
Additionally, it is essential to avoid potential sources of interference, such as the mixing of N,O
generated from the coupled NO; reduction-Fe(ll) oxidation (first step) with N,O produced
through the sodium azide reduction method (second step) in future experiments. To mitigate
this risk in future experiments, thorough purging of the headspace vials with inert gas is
recommended before starting the second step, ensuring the removal of any residual N,O from

the first step.

In this study, the application of isotopic tools faced certain limitations in precisely
quantifying the relative contributions of nitrate removal efficiencies linked to multifaceted
processes. By employing more advanced tools, future experiments can comprehensively
characterize various nitrate removal processes, ultimately leading to a deeper understanding of

the underlying mechanisms.

Scientific research has given relatively limited attention to geochemical models describing
biogeochemical processes, and future study bridges this gap by applying the numerical models
developed in this thesis to previous experiments to study the behavior and transformation of
NOs’, NOy, N>O and NPDOC concentrations and 6*°N of NO3;  and NO, to have a verified tool to
upscale laboratory treatments to the field-scale study. To establish the reliability of the models
for field-scale studies, it is essential to extend their application to more comprehensive studies
conducted under varied experimental conditions. This expanded evaluation will contribute to
more robust and thoroughly tested models, enhancing their suitability for future field
applications. This study will include the coupled reactions involving nitrate and nitrite reduction
and the oxidation of various organic carbon sources linked to biomass growth and decay for

biostimulation treatments in the case of Margalef-Marti et al. (2019b) and the coupled nitrite

69



Future work

reduction-Fe(ll) oxidation for the abiotic nitrite treatments for the case of Benaiges-Fernandez

et al. (2020).

Another aspect of future work aims to investigate alternative organic matter injection
methods in Phreeqc, which addresses the limitation of continuous organic matter injection,
which may introduce errors, especially for daily injections in long-term groundwater nitrate
treatments. Incorporating field measurements is also essential for future studies to further
augment the models' accuracy and precision. Robust field measurements and the establishment
of long-term monitoring protocols are necessary to accommodate the intricate and constantly
evolving dynamics of natural systems. This step is crucial to ensuring the models' effectiveness

in field-scale applications.

An intriguing avenue for advancing the models developed in this thesis also involves
modeling the 60 (oxygen isotopic composition) of nitrogen oxides. Addressing the intricate
nature of O, reactions with diverse compounds in natural settings poses challenges. However,
efforts to refine the models and acquire valuable insights into the isotopic behavior of 60 in
nitrate and nitrite in future models will carry considerable significance. This advancement will

contribute to a better understanding of the isotopic dynamics within nitrogen cycling processes.

In conclusion, the proposed future work aims to expand upon the current thesis, addressing
its limitations and exploring new avenues of research. By incorporating novel experimental
approaches and advanced analytical tools, future investigations will improve nitrate removal in
laboratory and field-scale biostimulation treatments and nitrate attenuation geochemical

numerical models.
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Batch and Column Experiments using Chemical, Isotopic, and Numerical Modeling
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Key Points:

e Wine industry residues induced nitrate attenuation in laboratory batch and column
experiments.

e Denitrification efficiency varied with the wine residue type, showing ¢°N between -16.5
—-32.0 %o and &80 between -12.1 — -27.6 %o.

e A geochemical model describing the trends of the experimental results has been
developed and can be used for field applications.
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Abstract

Agricultural run-off exposes recipient water bodies to nitrate (NOz") pollution. Biological
denitrification is a suitable method for removing NOs™ in water resources that can be induced by
the use of industrial organic liquid waste as an electron donor source. In light of this, batch and
column experiments and chemical and isotopic tools were used in the laboratory to assess the
potential of two industrial wine residues (lias and vinico) to induce biological denitrification of
NOs™ contaminated water from a constructed wetland and to evaluate the efficiency of these
treatments. In batch experiments (performed at a C/N ratio of 1.25), vinico was not efficient enough
in removing N species, attenuating only 35% NOs™ and was not used in column experiments. In
similar experimental conditions, lias completely removed N species from water in both batch and
column experiments. The calculated isotope fractionation (¢°Nnos and £'®Onos) was the same in
both batch and column experiments biostimulated with lias and differed from those for vinico. The
isotopic data confirmed that denitrification was the principal NOs™ attenuation pathway in all the
experiments. The isotopic fractionation can be later applied to field studies to quantify the
efficiency of biologically enhanced denitrification. A numerical geochemical model that accounts
for the changes in nitrate, nitrite concentration and isotopic composition due to the degradation of
lias and vinico, including transport in the case of the column experiment, was performed to simulate
the experimental results and can be up-scaled in field treatments.

Plain Language Summary

Groundwater nitrate pollution is a significant global concern resulting from excessive
fertilizer use in agriculture. This pollution poses health risks to humans and ecosystems by
contaminating drinking water supplies and aquatic ecosystems. Sustainable remediation of nitrate
Is necessary to safeguard human health and the environment. Successful field-scale remediation
requires laboratory feasibility studies to find the appropriate compounds to reduce nitrate (electron
donors) and the best application measures to remove nitrate at a minimum cost. In our research,
laboratory experiments were carried out using two industrial wine wastes as electron donors to
evaluate their potential to remove nitrate from nitrate-polluted water. Chemical, isotopic, and
numerical modeling tools have been used to quantify the amount of nitrate removed. The results
indicate that one product successfully removed nitrate and can be implemented in the field as a
mitigation strategy, while the other was ineffective and cannot be used. The isotopic fractionation
from the laboratory experiments and the numerical model would be subsequently applied in the
field to quantify the efficiency of nitrate removal.

1 Introduction

Nitrogen from anthropogenic activities has been identified as one of the primary
constituents of agricultural run-off and municipal and industrial wastewater (Lu et al., 2009).
Leachates of N from these sources are oxidized to nitrate (NO3") in aerobic conditions. In many
agricultural areas, NOs™ is a common N water resources pollutant that poses a significant challenge
because elevated NOs™ concentrations may cause environmental impacts such as eutrophication,
harmful algal blooms, and associated human health hazards such as stomach cancer and blue-baby
syndrome (WHO, 2017). To render water safe for human consumption, the European Union
Nitrate Directive established a NOs™ concentration threshold value of 50 mg NOs-L* (WHO,
2017). Many agricultural basins globally have recorded NOs™ concentrations above this limit. The
treatment of agricultural run-off before discharging it into the environment is essential to reduce
NOs loads in receiving water bodies.
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Constructed Wetlands (CWs) are horizontal-flow artificial ponds specially designed to
remediate wastewater in a controlled environment and are often used to treat agricultural run-off
and industrial and municipal wastewater. Numerous studies have demonstrated the potential of
CWs to efficiently remediate N-rich (NOs", NO2", and NH4") wastewaters. CWSs are easy to operate
and cost-effective, with generally low capital and operational expenses (Phipps & Crumpton, 1994;
Wu et al., 2014)). As agricultural/municipal/industrial wastewater is directed to and flows through
CWs, N is transformed through processes such as plant uptake, nitrification, denitrification,
dissimilatory nitrate reduction to ammonia (DNRA), and/or anaerobic ammonium oxidation
(anammox) (Figure 1) (Picardal, 2012; Sebilo et al., 2006). While denitrification and anammox
remove N from wastewater as gaseous products, nitrification and DNRA only change the N form
(Figure 1). The impact of seasonal temperature, N loading capacity, dissolved oxygen (O2) transfer,
organic matter source and quantity, microbial species, wetland age, and hydraulic retention time
play critical roles in N attenuation efficiency (Carrey et al., 2014; Grau-Martinez et al., 2017,
Valhondo et al., 2020).

N,
Fixation
Soil Organic Matter Hydroxylamine oxidation
Mineralization NH,0H $NO >N,0
L o Aerobic
Assimilation Nitrification conditions
Plants «—— NH,* ——> NO, ——> NO;-
l Anaerobic
conditions
NOy NOy ]’ITZ NO;,
NO NO
N2 ﬂl NH4+
Anammox
N,O N,O Solid arrows sy
l Biological processes
N, N, Hollow arrows ==
Denitrification Chemical processes

Figure 1. A. scheme showing biological and chemical N attenuation pathways in groundwater in
aerobic and anaerobic conditions (modified after Abu et al., (2022)).

Even though all the aforementioned N cycling pathways can take place in CWs,
denitrification is considered the main N removal process (Saeed & Sun, 2017), which reduces NOz
to N2 through intermediate steps driven by denitrifying bacteria (Figure 1). Bacteria responsible
for N species transformations are abundant in surface and subsurface waters (Beauchamp et al.,
1989). NOs™ reductase bacteria are primarily facultative anaerobic denitrifying heterotrophs that
oxidize organic compounds to generate energy for growth and cell synthesis (Reaction 1).
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Anaerobic biological denitrification occurs with oxygen concentration below 2 mg-L™* (Singleton
etal., 2007).

5CH,0 + 4NO3 — 2N,+5HCO3 + H* + 2H,0 (1)

Denitrification efficiency in many CWs is less than 50% due to the limitation of organic
matter (Li et al., 2014; Torrijos et al., 2016). To improve the removal of NOs in CWs, the
biologically enhanced denitrification (BED) approach is adopted to provide external organic matter
as a source of electron donors.

In long-term nitrate remediation treatments, using pure organic carbon sources such as
glucose, acetate, ethanol and methanol could be costly (Margalef-Marti et al., 2019a). Therefore,
the concept of the circular economy offers an optimal solution by transforming waste products into
valuable resources. Industrial residues provide an alternative cheap and easily accessible electron
donor source aligning with the principles of the circular economy. Various organic matter sources,
including whey (Margalef-Marti et al., 2019b), plant-based compost and woodchips (Grau-
Martinez et al., 2017; Valhondo et al., 2020c), and glucose (Calderer et al., 2010), have been
investigated in micro and meso-scale studies to enhance NOs™ removal.

Nitrogen microbial-mediated reactions tend to alter the distribution of the light and heavy
isotopes of N and O in the unreacted substrate, and the product pools according to the isotopic
fractionation factor, which quantifies the relative segregation between the light and heavy isotopes.
The dissolved nitrate molecule’'s N and O heavy isotopes are progressively enriched in the residual
NOs™ during NOs™ reduction. The isotopologues of NOs™ provide valuable information about
nitrogen cycling and environmental management. They play a pivotal role in tracing nitrate sources
and identifying their origins, which is crucial for understanding nutrient inputs. Also, they allow
for evaluating natural and/or induced denitrification efficiency. Contrary to biological
denitrification, dilution or mixing does not modify its isotopic composition, although it may
decrease NOs™ concentration (Mariotti et al., 1981). This is especially useful in field studies since
rainfall could affect NOs™ concentration but not the isotopic composition to allow better evaluation
of the extent of nitrate reduction. Multi-isotopic studies coupled with chemical data have proven
valuable tools for studying biological denitrification in water resources (Otero et al., Otero).
Numerical modeling tools are another powerful technique for research and investigations because
they allow synthesis and interpretation of data, evaluation of complex processes, testing of
scenarios and prediction of long-term reactions beyond the range of laboratory experiments (Zhu,
2012). Numerical models have been developed to characterize the fate and transport of NOs™ in
groundwater resources, which have been applied in laboratory experiments (André et al., 2011,
Rodriguez-Escales et al., 2014) and in the field (Kildsgaard & Engesgaard, 2001; Kinzelbach et
al.,, 1991). Although NOs  isotopologues have been successfully employed to study and
characterize groundwater N transformation processes (Carrey et al., 2013; Margalef-Marti et al.,
2019b), limitations in quantifying multiple reactions have been observed (Abu et al., 2022).
Therefore, coupling chemical and isotopic tools to numerical modeling could provide a better
understanding of nitrate attenuation processes.

An example of a N-polluted basin is the Lerma basin, a small catchment area (7.33 km?) in
northeastern Spain (Zaragoza), located on the left bank of the Ebro River. Over the past two
decades, the Lerma basin has been subjected to anthropogenic activities, primarily irrigation
agriculture (Abrahao et al., 2013) and fertilization (Merchén et al., 2015). Agricultural run-off in
the Lerma basin has significantly increased N exports to the surrounding water bodies and has
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caused the principal recipient water body (Arba River) to be polluted with NOs™ (Merchan et al.,
2015). In 2015, a CW was built in the Lerma basin to remove N before discharge into the
environment. Details on the construction and operation of the Lerma Basin CW can be found in
(Margalef-Marti et al., 2019a; Merchan et al., 2015).

Biologically enhanced denitrification through CW application was previously tested on the
Lerma basin run-off water into the CW at a laboratory scale using corn stubble, wheat hay, and
animal compost to determine their potential to remove NO3’, and a pilot test using corn stubble was
tested at field scale (Margalef-Marti et al., 2019a). However, results showed that denitrification
was not sustained at high flow rates for long time periods. For example, the application of corn
stubble at the field-scale resulted in at least 60% NOs™ removal using a flow rate of 16 L-s™, but
this efficiency was limited to a maximum of three months due to the vertical diffusion of Oo.
Therefore, there is a need to characterize other possible organic matter sources and the best
treatment strategy to improve their sustainability and increase nitrate removal efficiency.

Industrial wine waste holds considerable promise as a valuable carbon source for advancing
research in biological denitrification. Wine residues are cost-effective and align with the circular
economy concept by reusing discarded materials. This approach supports the United Nations
Sustainable Development Goals (SDGs 6 & 7) related to clean water, waste reduction, and resource
efficiency (United Nations, 2022), which are increasingly important in today's research and
industrial landscape. The use of wine waste reduces the environmental impact associated with
carbon dioxide (COz2) and methane (CHa) gas emissions during wine waste disposal (Niculescu &
lonete, 2023). Therefore, efficiently processing wine waste as electron donors in denitrification can
contribute to diminishing these greenhouse gas emissions (loannou et al., 2015). Liquid organic
waste from wine residues contains a higher concentration of nutrients, including organic carbon,
making it readily available for denitrification processes and potentially accelerating these reactions
compared to solid organic waste.

In this context, the aim of this study is to determine the potential of two different industrial
wine residues to stimulate biological denitrification at the laboratory scale as they may provide an
economically feasible solution to nitrate remediation while providing waste recycling (circular
economy) and could be easily applied to field studies. Batch and column laboratory experiments
were performed with water from the Lerma basin using chemical and multi-isotopic tools to
quantify the treatment efficiency. Geochemical models describing denitrification processes have
received relatively limited attention in scientific research. Therefore, this study also aimed at
simulating the evolution of NOs’, NO2, non-purgeable dissolved organic carbon (NPDOC)
concentrations, 6*°N of NOs™ and NO2" using numerical models in order to have a verified tool for
future field applications and other case studies in similar experimental conditions.

2 Materials and Methods

2.1 Laboratory experiments

Batch assays consisted of 250 mL crystal Pyrex® reactors containing 150 mL of field water
(FW) and 75 g of gravel material obtained from the CW of the Lerma Basin. Some parts of the CW
are covered with gravelly material, providing subsurface flow to limit the vertical diffusion of Oz,
and the gravel used in the laboratory experiments is used to mimic the field conditions. Field water,
in our context, refers to water from the Lerma basin entering the CW that was sampled in 25 L
gallons and stored in the fridge at 4 °C until use.
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The industrial wine wastes were obtained from Destileria San Valero Sociedad Cooperativa
Limitada, Carifiena (Spain). The company produces liquid by-products from lees and pomace from
45 partner wineries. The liquid wastes produced during the first and second fermentation in the
winemaking process are called "lias" and "vinico", respectively. Lias and vinico were used as
electron donor sources to enhance biological denitrification in the experiments. The Total Organic
Carbon (TOC) concentration was 20177.9 and 33531.1 mg-L™* in lias and vinico, respectively.

Two sets of batch experiments (13 samples each) were carried out to test the potential of
these two liquid wastes to induce biological denitrification (Figure 2a and 2b). The first set of batch
experiments was biostimulated with lias and shall be referred to as B-L hereafter. The second set
was biostimulated with vinico and shall be called B-V hereafter. The reactors were covered with
aluminium crimp caps with septa (Figure 2a and 2b) and purged with Ar to remove O2(g) and create
an anaerobic environment. Both series of experiments included a control reactor with field water
and gravel but with no added waste (Control).

Control
(a) 1

(c)

(b) Control
i i, i s e
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Figure 2. A scheme of the experimental set-up: (a) B-L; (b) B-V; (c) C-L with components: 1, field
water; 2, gravel material; 3, wine residue; 4, syringe; 5, peristaltic pump; 6, Tygon tubes; 7, silica
balls; 8, injection point; 9, glass column; 10, outflow water reservoir; 11, refrigerating chamber.
For a more detailed description, see Margalef-Marti et al. (2019Db).

A column experiment was performed to mimic field conditions. The column experiment was
biostimulated with lias, which shall be called C-L hereafter. In section 3.1, it is explained why the
column experiment was not biostimulated with vinico. Field water was pumped from the inflow
reservoir through a 70 cm long glass column (8 cm diameter) and discharged into an outflow
reservoir by a peristaltic pump (Micropump Reglo digital four channels, ISMATEC) (Figure 2c).
The outflow reservoir affixed to the glass column by a Tygon tube was installed in a refrigerating
chamber. Similar Tygon tubes connected the glass column to the peristaltic pump and the inflow
reservoir (Figure 2c). The top and bottom 2.5 cm of the glass column were filled with 5 mm
diameter silica balls to provide homogenous flow at these parts of the glass column, and the
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remaining glass column was filled with gravel from the CW (volume = 1.6 L) to simulate field
conditions by providing a heterogeneous porous media. A constant flow rate of 0.5 mL-min was
maintained throughout the experiment. The organic matter source was injected at 16 cm from the
bottom of the column daily for four days. Afterwards, the injection was stopped, allowing NOs™ to
recover to its initial concentration. Sampling was carried out only at the outflow reservoir. Before
the injection of organic carbon into the system, a conservative CI" tracer test was carried out to
assess the system performance and determine the hydraulic and transport parameters of the column.
Considering this study's scope and objectives, we did not conduct experimental measurements of
biomass concentrations or assess the community dynamics of denitrifying bacteria in batch and
column experiments.

2.2 Analytical methods

pH, Eh and electrical conductivity were measured using pH, Eh and conductivity meters
immediately after sampling. Samples for chemical and isotopic analyses were prepared at the
laboratory of the MAIMA-UB research group and analyzed at the Centres Cientifics i Tecnologics
of the Universitat de Barcelona (CCiT-UB). The biostimulated reactors were sequentially
sacrificed at specific time intervals based on the denitrification dynamics, while the control reactors
were sacrificed at the end of the experiment (the time for sample sacrifice can be found in Tables
S2 & S3 of Supporting Information SI). Sampled volumes for NPDOC, cations and anions analyses
were filtered through a 0.22 um Millipore® filter, acidified with HCI (for NPDOC analysis) and
HNOs (for analysis of cations) and stored at +4 °C. Dissolved inorganic carbon (DIC) was
measured using the titration method (METROHM 702 SM Titrino). TOC and NPDOC were
analyzed with the organic matter combustion method (TOC 500 SHIMADZU). Major cations (Ca,
Na, K and Mg) were analyzed by Inductively Coupled Plasma Optical Emission Spectroscopy
(ICP-OES, Perkin—EImer Optima 8300) and trace elements (Fe, Mn, Si, B, Zn, Co, Cu, Pb, Cd and
Mo) by Inductively Coupled Plasma Mass Spectrometry, ICP-MS, Perkin Elmer Nexlon 350D.
The concentration of anions NO3, NO2", SO4% and CI- was analyzed by ion chromatography with
UV detectors (UV detection limit 214 nm). Samples for 6°N-NOs" and §*0-NO3" analyses were
kept frozen until analyzed. The nitrogen and oxygen isotopic abundance of dissolved nitrate (6*°N-
NOs™ and ¢*0-NO3’) were analyzed using the cadmium (Cd) and sodium azide (NaNs) reduction
methods (Mcllvin & Altabet, 2005; Ryabenko et al., 2009). Notations were expressed as J relative
to the international standards (V-SMOW for §'80 and Atmospheric N2 for 6*°N). The international
standards USGS 32, USGS 34 and USGS 35 and the internal laboratory standards, CCiT-IWS-
NO3 and CCiT-IWS-NO2, were used to correct the 6*°N and 680 of NO3 and NOz’, respectively.
The wide range of patterns ensures that the values of the analyzed samples fall within the range of
pattern values in accordance with the recommendations of the IAEA (Coplen, 2011), thus ensuring
the accurate correction of the analytical data. The reference values of these standards and the
reproducibilities are presented in Table S1 of Supporting Information SI.

2.2 Modeling

Geochemical calculations and modeling have been carried out with the GibbsStudio
software (Nardi & de Vries, 2017) based on PHREEQC version 3 code (Parkhurst & Appelo, 2013)
and the iso.dat database.

PHREEQC is a computer program used worldwide for geochemical calculations.
PHREEQC can quantify various physical and chemical processes such as aqueous, mineral, gas,
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solid-solution, surface-complexation, ion-exchange equilibria, kinetically controlled reactions, and
one-dimensional transport. The iso.dat database provided with the code used in this study contains
data for the simulation of isotopic fractionation of carbon, hydrogen, nitrogen, oxygen, and sulfur
(Parkhurst & Appelo, 2013). Equations considered in the models are presented in Supporting
Information Sl and in the conceptual model section.

GibbsStudio helps to manage water chemistry sample data and run PHREEQC models in a
unified productive graphical environment (Nardi & de Vries, 2017). The model-data calibration
was performed using CeresStudy within the GibbsStudio environment. This process employed the
least-squares curve fitting technique, using the Levenberg—Marquardt algorithm, often referred to
as LMA or simply LM, for nonlinear parameter estimation. The selection of the Levenberg—
Marquardt algorithm in this study was driven by its robustness, rapid convergence, and versatility
(Nardi & de Vries, 2017). Nitrate and nitrite concentrations of the batch experiments were used for
the calibration process. In our analysis, the Least Square Error (LSE) is utilized to determine the
best-fit line that minimizes the sum of squared differences between observed data points and
predicted values.

3 Experimental results and discussion

3.1 Batch results and discussion

Chemical data of the field water used in the experiments are summarized in Table S2 of
Supporting Information Sl. Results of the batch experiments with lias and vinico are summarized
in Tables S2 and S3, respectively, of Supporting Information SI. In batch experiments, the
measured conductivities and pH were constant over time. Conductivities averaged 2.37+0.05
mS-cm™tin B-L and 2.52+0.01 mS-cm™ in B-V, and pH's averaged 7.85+0.12 in B-L and 7.58+0.08
in B-V experiments. Geochemical calculations with the Phreeqc software revealed a constant ionic
strength over time.

The concentrations of NOs", NO2", and NPDOC for B-L and B-V are shown in Figure 3a
and 3b, respectively. In the early stages of batch experiments, wine waste dissolution raised nitrate
levels above the inflow water concentration after injecting the organic residue into the batch
reactors. Results revealed an essential NOs™ concentration increase from 1.7 mM to 2.8 mM in B-
L and from 1.7 mM to 2.6 mM in B-V in 12 hours. In the control reactor, changes in NOs
concentration were not observed over time, indicating that the NOs increase was linked to
additional NOs™ provided by the wine residues. In the biological denitrification studies with whey,
Margalef-Marti et al. (2019b) and Oliveira et al. (2002) pointed out that industrial liquid wastes
could be a potential source of NOgz", denitrifying bacteria and cations, so wine residues could
account for the increased NOs™ concentration in B-L and B-V.
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Figure 3. Chemical and isotopic results in B-L and B-V: evolution of NOs, NO2 and NPDOC
concentration in (a) B-L and (b) B-V experiments; evolution of 6*°N and 620 of NOz and NOz in
(c) B-L and (d) B-V experiments. Error bars show a 5% error associated with experimental data;
non-visible error bars are within the symbols.

NOs attenuation in the batch reactors was linked to external organic carbon supplied by the
wine wastes. In B-L, NOs™ attenuation was quick, and NO3z™ was completely removed in two days
(Figure 3a), demonstrating an efficient N removal capacity. The rapid NOs™ attenuation could be
explained by the capacity of lias to supply organic carbon to the latent denitrifying bacteria of the
field water and gravel, which will quickly acclimate upon injection of the wine waste. In B-V, NOs
slightly decreased from peak NOs™ concentration (2.6 mM to 1.1 mM) at the end of the experiment,
representing 35% NOs™ removal. Different N attenuation efficiencies were observed in the batch
experiments, attributed to the composition of the wine residues used. Lias contained highly labile
organic carbon content, resulting in high N attenuation in B-L. Vinico, on the other hand, mainly
contains humic and fulvic acids with less labile organic carbon and, hence, lower efficiency in
removing NO3™ (Akunna et al., 1993).

NOs" reduction in B-L was coupled with a slight NO2™ accumulation (up to 0.5 mM) on day
one. NO2 decreased afterwards and was below detection (<2-10* mM) after day 3 (Figure 3a),
while NOs reduction in B-V was associated with a significant NO2™ accumulation during the entire
experiment (up to 3 mM) (Figure 3Db), attributed to the inhibition of NO2" reductase production due
to incomplete NOs™ attenuation (Kraft et al., 2011). This NO2™ accumulation could be controlled by
the organic carbon concentration, pH and bacterial community (Glass & Silverstein, 1998; Gomez
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et al., 2000). The pH identified in our batch experiments (7.6-7.9) was within the favourable pH
range for NO2" reduction (Glass & Silverstein, 1998). Hence, bacterial growth was the main factor
controlling NO2" accumulation; therefore, it could only be expected at the beginning of the
treatment.

In batch experiments, NPDOC rapidly increased from 0.4 mM (NPDOC concentration field
water) to peak concentrations of 4.3 mM in B-L and 3.6 mM in B-V after injecting the wine wastes.
NPDOC concentration gradually decreased afterwards to 0.6 mM in B-L and 0.8 mM in B-V
(Figure 3a and 3b). The oxidation of organic matter increased bicarbonate concentration in the
outflow water (from 4.8 mM to 7.2 mM in B-L and from 5.2 mM to 6.2 mM in B-V). High labile
organic carbon in B-L suggests high organic carbon consumption, producing more bicarbonate,
which explains the low residual NPDOC and high bicarbonate concentration observed in B-L
(Table S2 of Supporting Information Sl).

Geochemical calculations have shown that calcite was oversaturated in the outflow water
(S1=0.7 in B-L and 0.6 in B-V) (Table S2 and S3 of Supporting Information Sl). The equilibrium
with amorphous calcite may explain the buffering of pH in the batch experiments, keeping the pH
constant over time. Calcite precipitation has also been observed in similar biological denitrification
experiments (Mastrocicco et al., 2011; Rodriguez-Escales et al., 2014).

Figure 3c and 3d show N and 680 of NOs" and NO2" versus time for B-L and B-V,
respectively. During both experiments, the residual NOs™ became enriched in the heavy isotopes
over time, correlating with a decrease in NOs™ concentration. 6*°N-NO3" and §'80 -NOs" increased
from +6.2 %0 and +4.2 %o to +31.5 %o and +23.2 %o, respectively, in B-L (Figure 3c) and increased
from -1.4 %o and +6.9 %o to +29.1 %o and +32.2 %o respectively in B-V (Figure 3d). The enrichment
of the heavy isotopes indicates that NOs  attenuation in these experiments was caused by
denitrification (Carrey et al., 2013; Kendall et al., 2007). Because of the low C/N ratio in our study,
we discarded the possibility of DNRA, which has been found to be important in high C and low
NOs conditions at C/N ratios greater than 5 (Burgin & Hamilton, 2007). The NO2 produced
progressively became enriched in the heavy isotopes with 6**N-NOz increasing from -18.5 %o to -
10.2 %o in B-L (Figure 3c) and from -21.1 %o to -1.5 %o in B-V (Figure 3d). Since during
denitrification, the 580-NO2" may equilibrate with 6'30-H20 (Kool et al., 2007), a progressive
increase of §80-NO2 was not observed in the batch experiments (Figure 3c and 3d).

NOs" attenuation is often characterized by isotope fractionation, controlled by the kinetic
isotope effect (Mariotti et al., 1981). In a closed system, the magnitude of fractionation is
characterized using the Rayleigh distillation Equation 2, where ¢ is the Kinetic isotope fractionation,
Co and C: are the initial and residual concentration at time zero and t, respectively, and Ro and Rt
are the isotopic ratios at time zero and t, respectively.

Ln (ll:—;) =¢-Ln (g—;) @

The values of R are calculated according to Equation 3, where ¢ is the isotopic composition
(%o0).
J ®)

R=Tooo 1!
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The natural logarithm of the remaining NOs™ fraction (C+/Co) was linearly correlated with
the Ln of the isotope ratios (R/Ro) with the slope representing e. ¢"®Nnos and £®Onos were
—16.5+2.7 %o and —12.1+1.8 %o in B-L, and —32.0+4.8 %o and —27.6+3.3 %o in B-V respectively
(Figure 4a). The calculated ¢®Nno2 fractionation was -3.5+0.9 %o (R?=0.81) and -7.8+2.2 %o
(R?=0.62) for B-L and B-V, respectively.

(a) -32.02% 4.77 %0 (b)
R2=0.86
0.04 712,14+ 1.78 %o 45 1
R2=10.89 o @Bl OB-V
i Ao 2756+ 3.%’7%0 35
o | 2 R2=0.82 3
2 0.02 - : Y =
2 Q ¢ oo
& o
= ) “
— 3 9 15 4
0.00 1 @5"N (B-L) -.0 o
030 (B-L) 5 (
05N B-V) 1652+ 2.73 % 618OR= 0'319.681).\I
=103 2. 0 2=
580 (B-V) - :
0.00 . . Ri=086 . 5 . . . . .
-1.2 -0.7 -0.2 0.3 0.8 -3 5 15 23 33 13
Ln (C/C,) 8'"N-NO5™ (%0)

Figure 4. Isotopic data analyses in B-L and B-V: (a) evolution of the natural logarithm of the
substrate remaining fraction (C/Co) versus the isotope ratios (R«/Ro) with slopes corresponding to
the isotopic fractionation values in B-L and B-V. Solid continuous lines show the regression line
for N with the slope indicated by the solid arrow lines, and dashed lines show the regression line
for O with the slopes indicated by dashed arrow lines. (b) a plot of ¢*°N against §*0 showing a
positive linear correlation in B-L and B-V and the regression line showing the slope (¢O/eN). Error
bars show a 5% error associated with experimental data; non-visible error bars are within the
symbols.

Limited NOs™ removal in the case of B-V might show larger fractionation (i.e., more
negative °¢) values consistent with Mariotti et al. (1988), who proposed that larger fractionation is
expected for a lower denitrification rate. The £®®Nnosz and £®Onos obtained in our work are
consistent with values reported in the literature for denitrification, ranging from +6.5 %o to -39.0
%0 and -1.0 %o to -30.4 %o, respectively (Grau-Martinez et al., 2017; Margalef-Marti et al., 2019a)
for freshwater denitrification studies, depending on the environmental conditions, organic matter
source employed and biomass community. §*®N-NOs" versus §*¥0-NOs™ showed a positive linear
correlation with a slope of 0.71 in B-L and 0.82 in B-V (Figure 4b), indicating a high enrichment
effect on ¢°Nnoa. Although these values agree with literature ratios for biological denitrification
(1 to 0.5), they are not consistent regarding many laboratory studies where the ratio is close to 1
(Carrey et al., 2014; Kendall et al., 2007). The deviation could be explained by NO2" reoxidation
to NOs’, the type of bacteria involved in NOs™ reduction or the reduction rate of NOs (Buchwald &
Casciotti, 2010; Casciotti, 2009; Granger & Wankel, 2016; Wunderlich et al., 2013).
£80no3/e°Nnos ratio at the field scale can be influenced by atmospheric nitrate deposition, which
can complicate the denitrification influence on nitrate isotope composition assessment (Elliott et
al., 2019). Denitrification has often been shown to exhibit a greater enrichment effect on 6*°Nnos
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than 6%°Onos, which is seldom affected by denitrification in field-scale studies (£*30no3/s*°Nno3
close to 0.5) (Critchley et al., 2014; Otero et al., 2009). £0no3 to &®Nnos ratios serve as an
indicator of denitrification efficiency and enable the distinction between bacterial activity and other
processes that lead to a reduction in nitrate concentration without affecting the isotopic composition
(Buyanjargal et al., 2023; Kendall et al., 2007). The batch degradation results have shown that lias
has the potential to remove NOs™ from the water through denitrification at a C/N ratio of 1.25, and
NOs™ attenuation is coupled with quick removal of NO2 from water. Under similar experimental
conditions, vinico could only remove about 35% of NOs", not enough to obtain NO3s™ concentrations
below the required limit (0.81 mmol-L1), and NO2" accumulated in water, exceeding the maximum
concentration allowed (0.11 mM NO2’). Because of this different behaviour, lias was chosen for
the experimental column study, while vinico was discarded. The goal of the column experiment
was to determine the efficacy of continuous treatment and to model the results for a better
understanding of NOs™ attenuation dynamics prior to a field upscaling.

3.2 Column results and discussion

Results of the column experiment with lias are summarized in Table S4 of Supporting
Information SI. Lias was injected daily into the column until day 4. During biostimulation,
conductivity and pH averaged 2.2+0.2 mS-cm™ and 8.2+0.1, respectively, with no significant
fluctuations in time. Eh slightly increased from 0.19 to 0.23 V at the beginning of the experiment
and decreased afterwards to 0.14 V. Eh evolution demonstrated that the injection of lias created
reducing conditions in the column, which were necessary for NO3™ reduction.

Unlike the batch experiments, no initial increase in NOs™ concentration was identified in
the outflow water of the column experiment (Figure 5a); therefore, NOs™ injected with lias was
either not transported or consumed in the column.
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Figure 5. Chemical and isotopic data analyses: (a) NOs,, NO2" and NPDOC evolution in C-L. (b)
evolution of 6*°N and §'80 of NOs™ and NO2™ over time in C-L. The dashed vertical line separates
the injection period from the no-injection period (a and b). (c) A plot of the natural logarithm of
the substrate remaining fraction against the isotope ratios showing a negative linear correlation
with slopes depicting the isotopic fractionation values in C-L. (d) A plot §*°N against 50 showing
a positive linear correlation in C-L. Error bars show a 5% error associated with experimental data
with non-visible error bars within the symbols.

NOs™ attenuation began quickly after the first injection, and NOs™ was removed entirely
from the outflow water in three days (Figure 5a). NOs remained undetected in the outflow until
day 7. NOs™ recovery began after day seven and fully recovered to the initial concentration on day
10 (Figure 5a). NO2 did not significantly accumulate in the outflow water during the experiment.
NPDOC concentration progressively increased from 0.4 mM to about 5.0 mM at the end of the
injections (day 4 to day 6). The increased NPDOC in the outflow water is attributed to external C
supplied by lias. NPDOC quickly decreased to 0.8 mM on day seven (Figure 5a) and remained the
same throughout the experiment. Similar to the results observed in the batch experiments, the 6*°N
and 680 of NOs™ increased over time (Figure 5b). 5*°N-NOs™ and §'80-NOs™ increased from +6.6
%0 and +1.7 %o to +23.5 %o and +17.1 %o, respectively (Figure 5b). Similar to B-L, a positive linear
trend was observed for 6°N-NOsz" versus ¢'80-NOs" bi-isotopic plot with a slope of 0.71 (Figure
5b), confirming denitrification as the NOs™ attenuation pathway, as in the batch experiment. Typical
of denitrification, the natural logarithm of the substrate's remaining fraction was correlated to the
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isotope ratios by a negative linear relationship (Figure 5c). The calculated ¢°Nnos and £*®Onos
were —17.742.9 %o and —17.9+1.6 %o, respectively (Figure 5¢), and the £'®Onoa/s®°Nnos obtained
in C-L is 1.0, characteristic of laboratory biological denitrification studies (Carrey et al., 2013;
Grau-Martinez et al., 2017). 6*®N-NOs" versus ¢*80-NOs" showed a positive linear correlation with
a slope of 0.71 in B-C (Figure 5d). Similar to the batch experiments, 6*°N of the generated NO2"
increased from -3.4%o to +12.8 %o and §*80-NO2" equilibrated with §'80-H20.

The isotopic data of the column experiment implies that any additional nitrate supplied by
the wine waste underwent degradation within the column and did not reach the outflow reservoir.
As a result, we did not observe the mixing of the heavy isotopes of the residual nitrate with fresh
nitrate provided by the wine waste during the injection period. Consequently, the Rayleigh equation
successfully reproduced the experimental data, treating it as a closed system. The similar ¢ values
observed in batch and column lias experiments suggest that the same processes were degrading
NOs  in both experiments, attributed to the same organic matter source (lias) used. It also
demonstrates that various factors such as nitrate supply, variations in biomass, mixing, flow
velocity, and the potential presence of preferential flow paths in the column did not significantly
impact the denitrification process within the column experiment. This conclusion is further
supported by the fact that complete nitrate degradation was achieved in similar timeframes. The
calculated laboratory isotope fractionation values are valuable for estimating denitrification
efficiency for environmental applications. Laboratory-determined fractionation values are more
reliable for quantifying denitrification efficiency than field fractionation values, as field values can
overestimate denitrification rates (Bottcher et al., 1990; Mariotti et al., 1988). Therefore, controlled
laboratory-scale fractionation values help to mitigate potential interferences from other attenuation
processes under field conditions, establishing a more reliable basis for quantifying denitrification
efficiency. However, applying these values to field-scale studies is challenging due to the natural
variability influenced by factors like soil composition, microbial communities, and substrate
availability (Maggi & Riley, 2010, 2009). Field-specific dynamics like transport and mixing (Green
et al., 2010) and environmental changes such as temperature fluctuations, pH shifts and Oz levels
(Druhan et al., 2014) make it challenging to apply laboratory-derived fractionation values to field
denitrification accurately. In order to ensure greater accuracy and precision in the laboratory
findings and numerical models for field-scale applications, it is necessary to perform robust field
measurements and establish long-term monitoring protocols to accommodate the intricate and
constantly evolving dynamics of natural systems.

The batch and column experiments have shown that lias is a viable electron donor capable
of inducing denitrification in nitrate-contaminated water. Lias does not seem to pose a pollution
risk, as the concentration of heavy metals remained unchanged before and after the injection of
lias, suggesting that lias does not contain heavy metal concentration high enough to significantly
increase the levels in the field water, making it a safe option for remediating nitrate-polluted water
bodies. According to the results obtained in this study, the electron donor feeding strategy is
considered appropriate for future field application at the CW to improve denitrification efficiency.

4 Geochemical modeling

4.1 Conceptual Model

The model describes the coupled reaction between NOs™ reduction and organic matter
oxidation, linked to denitrifying bacterial growth and decay and the evolution of NOs™ and NO2
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isotopic composition in a fully saturated system at a constant temperature of 25 °C. The same
conceptual has been used to model the batch and column experiments.

NOs" reduction is assumed to occur in a two-step process. In the first step, nitrate is reduced
to nitrite according to Reaction 4; in the second step, nitrite is reduced to dinitrogen gas according
to Reaction 5.

NOj3 + 2H* + 2e~ - NOj + H,0 (4)
NOZ +4H* +3e™ - 1/, N, + 2H,0 (5)

Reactions 4 and 5 are assumed to be kinetically driven and are quantified using the dual
Monod kinetics, the most used approach in biological denitrification models (Calderer et al., 2010;
Chen & MacQuarrie, 2004). Monod kinetics assumes that the degradation rates are limited by both
the electron donor and the electron acceptor concentration. In our model, Reactions 4 and 5 are
quantified using Equation 6, where Rea is the NOs™ (for Reaction 4) or NO2™ (for Reaction 5)
degradation rate (mol L-s), [EA] is the electron acceptor concentration (NOs™ or NO2™ depending
on the reaction) (mol-L1), [ED] is lias/vinico concentration (mol-L™?), Kea and Kep are the electron
acceptor and electron donor half-saturation constants respectively (mol-L™?), kmax is the maximum
rate of the electron donor consumption (s™!), and [Xea] is biomass concentration (mol-Lt), which
is different for each Reaction (4 and 5). kmax indicates the maximum rate at which the biological
process can occur when substrate concentration is not limiting, while the half-saturation constants
reflect the microorganism's affinity for a specific nutrient, representing the limiting nutrient
concentration at which it can grow at half its maximum rate.

[EA] [ED] ©)
Rea = —Kmax * [Xgal’ <[EA] + KEA) ' ([ED] + KED>

Reactions 4 and 5 are linked to the oxidation of lias and vinico. In our study, we did not
conduct a specific analysis to determine the organic matter composition of the lias stimulant
employed in our research. Previous investigations have extensively examined polysaccharides in
the context of biological denitrification studies (Kim et al., 2002; Liu et al., 2013). Considering the
observed fractionation values compared to existing literature, we infer that the labile organic carbon
source contributing to the enhancement of denitrification in our study likely exhibits similarity with
those previously characterized for polysaccharides. For the sake of simplicity, the simplest
polysaccharide, CsH100s, is considered representative of lias, and the simplest fatty acid, CsHsOz,
is considered to represent vinico. The oxidation of these compounds occurs according to Reactions
7 and 8.

C¢Hy9O0s5 + 13H,0 » 6HCO3 + 30H™ + 24e~ (7)

C3HgO, + 7H,0 — 3HCOZ + 17H* + 14e~ (8)

The rate of Reactions 9 and 8 is given by Equation 9, where Kk is the specific rate of organic

matter degradation (dimensionless), [ED] is the concentration of CeéH100s for Reaction 7 or the

concentration of CsHsO2 for Reaction 8 (mol-L™?), and Ryo; and Ry are the degradation rates of
nitrate and nitrite, respectively, calculated with Equation 6.

Rom =k [ED] - [k; - Ryoz +kz - RNOE] ®)
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k1 and k2 are the ratios of the stoichiometric coefficient between the organic carbon and the
electron acceptor (C/N) in a balanced chemical reaction. In the case of lias, ki1 and k2 were 0.5 and
0.75, respectively, according to Reactions 10 and 11. For vinico, k1 and k2 took values of 0.43 and
0.64, according to Reactions 12 and 13. k1 and k2 relate nitrate/nitrite reduction to organic matter
consumption, which directly affects the rate and efficiency of denitrification processes.

12NO3 + C¢H,005 + H,0 —» 6HCO3 + 12NO; + 6H™ (10)
8NO3 + C¢H 005 + 2H' —» 6HCO3 + 2N, + 3H,0 (11)
7NO3 + C3Hg0, —» 3HCO3 + 7NO; + 3H™ (12)
14NO3 + 3C3Hg0, + 5H* - 9HCO3 + 7N, + 7H,0 (13)

The model considers that bacterial communities degrading nitrate and nitrite are different,
as well as those degrading lias and vinico. The value of [Xea] in Equation 6 will depend on each
specific case (the organic matter used and the reduction step). The growth and decay of biomass
concentration of each bacterial community ([Xea], mol-L-s) are calculated according to
Equation 14, where b and Y are the biomass decay constant and biomass growth yield coefficient,
respectively (dimensionless and different for each bacterial community), and Rea is the degradation
rate of nitrate or nitrite, calculated according to Equation 6. The bacterial growth yield represents
the amount of biomass generated for each unit of organic matter consumed, while the decay
constant indicates the rate at which bacteria die in the absence of sufficient organic matter.

RXEA = —Y - Rga — b [Xgal (14)

The change in the isotopic composition of N in nitrate and nitrite (6*°>N-NOs™ and ¢*°N-
NO2’) during denitrification has been modeled according to the first-order degradation kinetics
described in Van Breukelen & Prommer (2008) and shown in Equation 15, where ¢ is the isotope
fractionation (that is different for nitrate and nitrite), [6"EA]/(["EA]+[6-EA]) is N isotope ratio
of NOs and NOz2', and Rea is the degradation rate of nitrate or nitrite, calculated from Equation 6.

[6"EA] (15)
[0 "EA] + [0 "EA] ©

Aqgueous speciation is assumed to occur in equilibrium, and concentrations are calculated
with the mass action law, which has been considered for all the aqueous species listed in Table S5
of SI. To be consistent with the experimental data, a constant CO2 partial pressure of 1026 atm has
been considered, and calcite precipitation in equilibrium is allowed, following the principles of the
mass action law using the iso.dat database. Instead of using amorphous calcite, for which
thermodynamic data was unavailable in the database, crystalline calcite has been used but is only
left to precipitate for saturation indices higher than 0.7.

Rs1ipa=REa

A homogeneous porous substrate media is considered for the batch reactions and transport
models. The column transport model has considered one-dimensional transport due to advection
and diffusion coupled with chemical reactions under a constant flow.
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4.2 Numerical model

The initial pore water composition for the batch and column models is the field water
composition (FW) in Table S2 of the Supporting Information (SI). An initial nitrate concentration
of 2.8 mM with initial 6*°®N-NOz™ = +5.7 %o and §*®0-NOs™ = +4.3 %o for B-L and 2.6 mM with
initial 9*°>N-NO3™ = +4.8 %o and 6'80-NO3 = +10.3 %o for B-V were considered for the batch
models after peak nitrate increase due the wine waste injection and dissolution in 12 hours. In the
C-L, nitrate measurements at the top of the column did not reveal a concentration rise from wine
waste injection and an initial nitrate concentration of 1.7 mM with initial 6*°N-NO3z™ = +6.6 %o and
080-NOs = +1.7 %o was chosen. In both the batch and column models, NO2™ and N2 initial
concentrations were set at 0 mmol L. After some preliminary calculations, an initial biomass
concentration of 0.005 mol-L* and 0.003 mol-L were chosen for the lias and vinico experiments,
respectively, and an initial concentration of organic matter of 0.4 mM obtained from the
experimental results was chosen in both cases. In our models, the average isotopic fractionation
values based on our experimental results, e®°Nnos = -18 %o and £**Nnoz = -4 %o for B-L/C-L and
e®Nnos = -29 %o for B-V have been chosen for Equation 15. The initial moles of calcite were set
to zero in phase assemblage, allowing calcite to precipitate at saturation indices > 0.7. The values
of the reaction rate parameters (kn.x, Kep: Kga, Y, K, and b) for equations 2, 3, and 4 were initially
those from Rodriguez-Escales et al. (2014), who conducted batch experiments under similar
experimental conditions (Table 1).

The column experiment was modeled considering a one-dimensional system of 70 cm
length discretized in 70 cells of 1 cm length. A constant temperature of 25°C was chosen in the
batch and transport simulations. No flow and transport boundary conditions were considered for
the batch models. However, for the column model, we employed forward flow and flux boundary
conditions for the first and last cells. A velocity of 3.5-10° m s, a dispersivity of 0.005 m and a
diffusion coefficient of 3.0-10° m? s%, estimated from a conservative tracer test (Figure S1 and
Table S6 of Supporting Information SlI), were used in the transport modeling.

The batch experiments models were run for four and a half days in 415 time steps, while
the column model was run for 10 days in 2857 time steps. To ensure the numerical stability of the
column model, the grid spacing and the step length fulfilled the Péclet number (< 2) and the Courant
number (< 1).

4.3 Modeling results

The initially estimated reaction rate parameters were calibrated using nitrate/nitrite
concentration of our batch experiments with CeresStudy in GibbsStudio (Nardi and de Vries, 2017)
to obtain the best fit. For comparison purposes, Table 1 presents our initial guesses, the range of
values reported in the existing literature, and the best-fit parameters obtained through our
calibration process. The associated uncertainties, calculated as the root mean square errors resulting
from the Levenberg—Marquardt fitting algorithm, are detailed in Table S6 of the Supporting
Information (SI).
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Table 1
Fitted Reaction Rate Parameters for Equations Used in our Model Estimated From GibbsStudio
(Batch and Column Experiments) and Reported Values in the Literature.

Fitted values

Model Parameter Range of values Initial
guess B-L/C-L B-V
Kga Noz (mol L) 10-10°- 17107 14107 50100 5.010"

Kgano; (mol-L™1) 1.0-10°-17-107**  1410° 60100 6.010°
Kgp,no; (mol-L71) 83-10°-1.0-10" "% 22100 22:100 22107
Kgp,noz (mol-L71) 83:10°-1.0-10° "% 22100 1.010° 1.010°
Kmaxno; (s™1) 1.0-10°-3.9-107*"°*  39.107 50107 5.0-10"
Kmaxno; (s™1) 52107 -7.0-10°*" 44107 50107 5010
Y,NO3 _ abede,f
(moles Ccaligmeles .00y 005 ~0.73 0.57 0.53 0.53
Y; NOE _ ab,c,d,e,f
(moles C-callgmales c-00) 005073 0.57 0.53 0.53
b,NO3 (s™1) 0-5810 "% 12:107  3.010° 32100
b,NO3 (s™1) 0-5810 "% 12:107 3.010°  5.010°
k 210 950 1400

3Chen & MacQuarrie (2004). °Killingstad et al. (2002). °Kinzelbach et al. (1991). “Mastrocicco et
al. (2011). ®Rodriguez-Escales et al. (2014). 'Parkhurst & Appelo, (2013).

The batch model does not consider the increase of NOs™ concentration due to the dissolution
of wine waste, and the initial time corresponds to the maximum NOs™ concentration reached in 12
hours. The simulated pH well reproduced the experimental results in both the batch and column
experiments (Figure S2 of Supporting Information SI). Eh quickly reduced from +0.28 V to — 0.19
V in B-L and B-V models and remained constant throughout the simulation.

In addition to nitrate, nitrite, dissolved organic carbon and biomass concentrations that
several authors have modeled in biological denitrification (André et al., 2011; Green et al., 1995),
our model incorporates nitrogen isotope composition of nitrate and nitrite, which has not gained
much attention to a significant extent. Our model simulates the evolution of NO3", NO2", 6'>N-NO3"
, 0"N-NO2" in B-L and B-V (Figure 6a and 6c¢ respectively). The model also reproduces NPDOC
concentration in B-L and B-V, shown in Figure 6b and 6d, respectively. Table S7 in the Supporting
Information (SI) reveals a remarkably high level of accuracy achieved by your predictive model.

Similarly to the experimental results, NOs™ and NO2" were quickly removed from the
solution in B-L, while in B-V, NOs  was not completely removed and was coupled to a high NO2’
accumulation (Figure 6a and 6¢). NOs™ reduction in the model was related to the increase of ¢'°N-
NOs" in the remaining NOs™ fraction and the generated NO2". An advantage of the geochemical
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isotope model is its ability to simulate 6'*N of NOs™ and NO2" at low NOs™ and NO2" concentrations
below the detection limit by laboratory measurements (0.2 mg-L™* for NOs™ and 0.01 mg-L* for
NO2). However, extremely low levels of NOs™ and NOz™ can result in very high isotopic values.
When simulating 6'*N-NOz" of the low NO2" experiment (B-L), the model fitted the experimental
5'"N-NO2" using the experimentally determined ¢"®Nno2 equal to -4 %o but a higher °Nno2 of -18
%o instead of -8 %o was imposed in B-V to accurately reproduce the experimental results. Similar
0"*N-NOz2" results were obtained by Sebilo et al. (2019) for a high NO2™ system, where the model
could simulate the experimental results by using a higher e®>Nno2 of -10 %o than the value obtained
in batch experiments (-4.2 %o). The behavior of ¢"®Nnoz in our models within a high-nitrite system
may be associated with nitrite's potential reoxidation to nitrate, which was not previously
considered. This is a crucial factor that should be incorporated into future models in the
transferability of the laboratory results to field-scale studies.
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Figure 6. Modeling results (lines) versus experimental data (dots) for NOs", NO2" and NPDOC concentrations and ¢*°N of NOs™ and
NO2 of the batch and column experiments. Error bars indicate a 5% margin of error with experimental data (non-visible error bars within
circles).
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By applying the same reaction rate parameters utilized in the B-L model, the C-L model
demonstrates the capability to replicate the concentrations of NO3z", NO2~ and NPDOC, as well as
5N of NO3z  and NO2 accurately (Figure 6¢ and 6f). Because the peak NOs™ concentration occurs
at the start of the column experiment, the initial time of the column model coincides with the initial
time of the experiment. Eh in the C-L model showed more pronounced reducing conditions up to
day 4 (-0.26 V), probably due to the injection of lias in the column. Subsequently, Eh rapidly
increased to 0.75 V and remained constant through day 10. Like the B-L model, the C-L model
achieves complete removal of nitrogen species from the solution and simulates 6*°N of NOs™ and
NOz2 at low nitrate and nitrite concentrations (Figure 6¢ and 6f).

The same reaction rate parameters(ky.x: Kep, Kga, Y, kand b) used in B-L and C-L might
have contributed to the slight discrepancy between experimental and model results, particularly
NPDOC (Figure 6b and 6d). Our model assumed constant transport parameters throughout the
column and over time. Most biomass often colonizes around the injection point, thus, modifying
the dispersivity and other associated transport parameters in the column, which has been reported
in similar experiments (Kildsgaard & Engesgaard, 2001; Rodriguez-Escales et al., 2016). Other
studies have shown that the biofilm colonization and calcite precipitation over time in biological
remediation studies lasting more than two weeks tends to modify the porosity and hydraulic
conductivity (Arnon et al., 2005; Hill & Sleep, 2002; Seifert & Engesgaard, 2007).

The biomass dynamics suggest that endogenous respiration did not play a significant role
in denitrification in our model. At complete NO3s™ exhaustion with no external carbon source, the
biomass population remained steady with no substantial decay to provide additional carbon, which
may explain the slight delay before the onset of NOs™ recovery. Rodriguez-Escales et al. (2014), in
batch experiments using glucose and ethanol as electron donors, found that endogenous respiration
did not contribute significantly to nitrate reduction (less than 10%).

5 Conclusions

This work evaluates the denitrification potential of two industrial wine residues (lias and
vinico), accomplished by characterizing batch and column experiments and using chemical and
isotopic techniques. The efficiency of nitrate removal depended on the type of wine residue used.
The batch results showed that lias had the capacity to promote complete nitrate attenuation at a
C/N ratio of 1.25 with no hazardous intermediate products. Under similar experimental conditions,
vinico could only attenuate 35% nitrate and was linked to a high NO2 accumulation. Lias was
selected for the column experiment due to its high nitrate removal capacity. At the same C/N ratio,
complete denitrification was achieved when lias was injected daily into the column for four days.
The column experimental results indicate the viability of the controlled injection for utilizing wine
waste in wetland applications to enhance denitrification rates during specific time intervals when
denitrification processes are most active. The controlled injection method offers flexibility in
adjusting injection parameters to achieve high denitrification rates. However, it emphasizes the
importance of tailoring wine waste application to the characteristics and limitations of the specific
wetland site.

The calculated isotope fractionation (¢®°Nnos and &'®Onos) in the batch experiments with
vinico were —32+5 %o and —28+3 %o, respectively, while with lias, "°Nnos and £!80nos were —17+3
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%0 and —12+2 %o, respectively, in batch experiments and —18+3 %o and —18+2 %o, respectively, in
column experiments. Laboratory-derived isotope fractionation values are valuable for quantifying
denitrification efficiency in environmental applications, providing greater reliability than field-
based values. However, applying these laboratory values to field-scale studies is challenging due
to natural variability and environmental dynamics. Robust field measurements and long-term
monitoring protocols are essential to ensure more accurate results in applying controlled laboratory
results in numerical models and field settings.

The developed numerical model described the transformation of nitrogen species in the
batch and column experiments by combining nitrate and nitrite respiration, nitrate and nitrite
reductase bacterial growth and decay, organic matter oxidation, calcite precipitation reactions and
nitrate and nitrite isotopic fractionation. Using experimental and model data allows a
comprehensive understanding of the processes occurring during nitrate attenuation and could be
useful in field studies.
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Introduction

The supporting Information (S1) comprises experimental data sets from two batch experiments and a column
experiment. The data sets have been categorized according to the experiment type. Geochemical
calculations with the Phreeqc software have also been included in the Sl as this helps better understand the
experimental results. The results that our analytical techniques could not analyze in the data sets, such as
low chemical concentrations beyond the detectable range of our analytical techniques and the subsequent
isotopic composition, have been indicated.

Text S1.

Our biological denitrification models were carried out with the Phreeqc software version three code
(Parkhurst and Appelo, 2013), which can be found online at https://water.usgs.gov/water-
resources/software/PHREEQC/index.html. GibbsStudio version three software was used to produce our
models in a unified, productive graphical environment and is also available at https://gibbsstudio.io/.
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Figure S1. CI" conservative tracer test. The dots represent experimental data, and the solid line represents
the fitted model.
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Figure S2. Evolution of pH and Eh in (a) B-L (b) B-V and (c) C-L. The dot represents experimental results,
and solid lines represent the fitted model.
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Table S1
International and Laboratory (CCiT-UB) Standards and Reproducibility for the Isotopic Analyses.

Reference value [%o]

Standard

OoPN-NO3  680-NOs  §°N-NO:
USGS-32 +180.0 +25.3
USGS-34 -1.8 -27.9
USGS-35 +2.7 +57.3
CCiT-IWS-NO3 +16.9 +28.5
CCiT-IWS-NO2 -28.5

Reproducibility (16)  £1.0 %o +1.5 %o +1.0 %o
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Chemical Composition (mmol-L?) and §*°N and 60 (%s) of NOs” and NO;™ in B-L During Biostimulation. lonic Strength and Saturation Indices of Calcite

and Gypsum Calculated With the Phreeqc Software and Phreeqc Code (Parkhurst and Appelo, 2013). NA Means Not Analyzed, FW is Field Water, and
Control is the Control Reactor.

Reactor FW 1 2 3 4 5 6 7 8 9 10 11 12 13 Control
Days 0 0.21 0.45 0.50 0.64 0.80 0.88 0.93 1.05 1.92 1.92 2.13 2.98 4.17 5.00
pH 8.1 7.9 7.9 7.8 7.8 7.8 8.0 7.5 7.8 7.9 8.0 7.96 7.8 7.8 NA
T (°C) 28.4 275 28 28 28.4 28.4 28.4 275 27.5 28.4 28.4 28.4 28.4 28.4 NA
Conductilvity 2.36 2.38 2.39 2.52 2.38 2.38 241 2.38 2.39 2.33 2.32 2.34 2.32 2.33 NA
én;S.cm : 2.16 2.28 2.14 2 2.02 2.2 2.27 2.26 2.17 2.17 2.13 2.2 2.22 2.27 NA
Mg 2.94 3.24 2.99 2.76 2.86 3.02 3.01 3.2 2.95 3.02 3.03 3.1 3.12 2.99 NA
Na 114 12 11.3 10.4 10.8 114 11.2 12 10.9 11.6 11.6 11.9 11.9 11.6 NA
K 0.13 0.21 0.19 0.17 0.19 0.21 0.19 0.2 0.2 0.21 0.22 0.32 0.2 0.19 NA
Si 0.39 0.38 0.38 0.35 0.35 0.36 0.37 0.38 0.37 0.37 0.37 0.38 0.38 0.38 NA
S 3.19 3.43 3.12 2.88 2.88 3.12 3.14 3.35 3.04 3.2 3.26 3.34 3.34 3.3 NA
B 0.012 0.027 0.024 0.021 0.021 0.024 0.024 0.026 0.024 0.024 0.025 0.025 0.025 0.025 NA
P 0.001 0.006 0.002 0.002 0.002 0.001 0.046 0.004 0.053 0.004 0.000 0.001 0.000 0.001 NA
CI 9.7 9.7 9.7 9.7 9.7 9.7 9.7 9.7 9.7 9.7 9.7 9.7 9.7 9.7 NA
HCOs 0.46 3.99 4.3 3.68 3.44 3.21 3.65 3.27 2.86 1.59 121 0.94 0.87 0.61 NA
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Reactor FwW 1 2 3 4 5 6 7 8 9 10 11 12 13 Control
NOs 1.66 1.75 2.76 1.57 1.55 1.42 0.97 0.97 0.55 <3E-03 0.03 0.03 <3E-03 <3E-03 166
NOy <2E-04 <2E-04 <2E-04 <2E-04 0.05 0.11 0.16 0.42 0.54 0.42 0.05 0.21 <2E-04 <2E-04 <2E-04
0®N-NO3 NA 6.2 57 6.1 9.2 10.3 14.4 18.7 315 NA NA NA NA NA NA
80-NO3 +NA 4.2 4.2 5.4 8.8 10.9 12.6 13.8 23.2 NA NA NA NA NA NA
6°N-NO; NA NA NA NA -18.1 -18.5 -17.8 -12.8 -10.2 NA NA NA NA NA NA
680-NOy NA NA NA NA -7.5 -6.9 -7.5 -2.2 -2.6 -0.4 -5.7 -4.2 NA NA NA
lonic strlength 0.029 0.026 0.027 0.028 0.028 0.027 0.028 0.028 0.027 0.027 0.028 0.028 0.028 0.028 NA
(ST_O(Iilz';ci)te 0.65 0.6 0.83 0.72 0.64 0.63 0.83 0.33 0.63 0.81 0.84 0.84 0.71 0.76 NA
SI_Gypsum -1.25 -1.35 -1.29 -1.31 -1.3 -1.35 -1.28 -1.26 -1.31 -1.29 -1.3 -1.28 -1.27 -1.27 NA
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Chemical Composition (mmol-L™) and 5*°N and 620 (%s) of NOs and NO;™ in B-V During Biostimulation. lonic Strength and Saturation Indices of Calcite

and Gypsum Calculated With the Phreeqc Software and Phreeqc Code (Parkhurst and Appelo, 2013). NA Means Not Analyzed, FW is Field Water, and
Control is the Control Reactor.

Reactor FW 1 2 3 4 5 6 7 8 9 10 11 12 13 Control
Days 0 0.19 0.45 0.45 0.46 0.51 0.7 0.9 1.03 1.97 2.95 3.95 4.03 4.17 5

oH 8.1 7.7 7.7 7.6 7.6 75 7.6 75 75 75 75 7.7 7.6 7.6 NA

T (°C) 28.4 275 28 28 28 28 28.4 27.5 27.5 28.4 28.4 28.4 28.4 28.4 NA
Conductilvity 2.36 2.51 2.53 2.51 2.52 2.54 2.53 2.52 2.54 2.52 2.5 2.53 2.54 2.52 NA
(mS-cm™)

Ca 2.16 2.49 2.32 2.34 2.45 2.35 2.44 2.58 2.3 2.48 2.68 2.75 2.62 2.55 NA
Mg 2.94 3.36 2.94 3.05 3.22 2.98 3.14 3.37 2.93 3 3.12 3.21 3.04 3.08 NA

Na 11.4 12.2 11 11.3 12 11 11.6 12.4 10.8 11.3 11.8 12.2 11.5 11.7 NA

K 0.13 0.74 0.71 0.7 0.77 0.75 0.82 0.8 0.81 0.73 0.6 0.74 0.74 0.66 NA

Si 0.39 0.41 0.36 0.38 0.4 0.37 0.38 0.42 0.36 0.38 0.41 0.42 0.4 0.4 NA

s 3.19 3.48 3.02 3.13 3.25 3.04 3.17 351 3.02 3.12 3.36 3.39 3.25 3.24 NA

B 0.012 0.030 0.026 0.026 0.026 0.026 0.027 0.029 0.026 0.027 0.028 0029 0.028 0.027 NA

p 0.001  0.042  0.020 0.022 0.024 0.025 0.017 0.034 0.025 0.022 0019 0024  0.029 0022 NA

cr 9.7 9.7 9.7 9.7 9.7 9.7 9.7 9.7 9.7 9.7 9.7 9.7 9.7 9.7 NA
HCOy 0.46 3.44 3.6 2.95 2.41 3.17 2.61 2.13 1.62 0.96 0.85 0.82 0.82 0.8 NA
NOs 1.66 2.07 2.43 15 2.2 2.74 2.08 1.57 1.57 1.54 1.13 1 1.31 1.12 1.66
NO, <2E-04 <2E-04 <2E-04 <2E-04 0.13 0.21 0.26 0.97 0.89 0.78 1.21 1.3 1.24 1.17 <2E-04
S5N-NO5 NA -1.4 4.8 5.2 7.2 75 9.5 22.8 19.7 17.7 35 29.2 28.6 29 NA
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Reactor FW 1 2 3 4 5 6 7 8 9 10 11 12 13 Control
580-NOs NA 6.9 10.2 10.3 12.7 12.3 13.3 25 24.7 22.1 294 355 32.3 32.2 NA
S5N-NO," NA NA NA NA -16.8 -15.4 -21.1 -14.6 -11.5 -1.8 0.4 15 -2.6 0.2 NA
580-NO, NA NA NA NA -5.6 -5.4 -4.4 -2.4 -5.7 -4 -4.4 -3.4 -3.8 -5.6 NA
E%n;f. E'[_T;ngth 0.029 0.03 0.028 0.028 0.028 0.03 0.029 0.031 0.028 0.029 0.031 0.03 0.03 0.03 NA
SI_Calcite 0.65 0.55 0.41 0.52 0.35 0.41 0.42 0.39 0.37 0.37 0.61 0.4 0.5 0.5 NA
SI_Gypsum -1.25 -1.22 -1.27 -1.29 -1.28 -1.25 -1.26 -1.21 -1.29 -1.25 -1.19 -1.2 -1.23 -1.22 NA
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Table S4
Chemical Composition (mmol-L™) and 5*°N and 630 (%s) of NOs and NO,™ in C-L During Biostimulation. lonic Strength and Saturation Indices of Calcite
and Gypsum Calculated With the Phreegc Software and Phreeqc Code (Parkhurst and Appelo, 2013). NA Means Not Analyzed.

Days 0 0.8 11 1.5 2 2.2 2.5 35 4 45 5.2 6 7.5 8.1 8.5 9.5 10.2
pH 8.4 8.3 8.2 8.1 8.3 8.2 8.2 8.1 8.3 8.2 8.1 8.5 8.2 8.3 8.1 8.1 8.2
Eh (V) 0.199 0.225 0.224 0.225  0.202 0.219 0.221 0.241 0.236 0.254 0.220 0.198 0.161 0.198 0.212 0.144 NA
Conductivity 1.5 2.0 2.3 2.3 2.3 2.3 2.2 2.2 2.3 2.3 2.2 24 2.3 2.3 2.3 24 2.3
(mS-cm™?)

Ca 0.77 1.61 2.2 231 2.34 2.23 2.13 2.08 2.13 211 2.01 2.15 1.98 2.08 2.14 2.18 2.16
Mg 0.34 1.21 211 2.34 2.47 2.43 2.59 2.7 2.91 2.96 3.02 3.13 3.11 3.16 3.22 3.3 3.32
Na 10.93 12.68 13.22 13.41  13.67 13 12.8 12.64 12.7 12.52 12.24 13.19 12.12 12.09 12.26 12.2 12.22
K 13 0.24 0.75 0.39 151 0.82 1.15 0.32 1.18 0.21 0.69 0.6 0.53 0.79 0.33 0.27 0.29
Si 1.22 2.59 3.47 3.63 3.67 3.56 3.6 3.64 3.74 3.74 3.74 3.95 3.62 3.62 3.69 3.74 3.78
S 121 251 3.26 3.35 341 3.39 3.58 3.47 3.47 3.47 3.72 3.92 3.49 351 3.76 3.73 3.62
B 0.017 0.022 0.025 0.029  0.033 0.032 0.029 0.027 0.026 0.027 0.026 0.028 0.027 0.027 0.027 0.027 0.028
P 0.0009 0.0020 0.0005 0.0001 0.0001 0.0006 0.0018 0.0015 0.0017 0.0001 0.0023 0.0003 0.0024 0.002 0.0014 0.002 0.002
CI 9.65 9.25 9.03 9.74 10.53 9.82 1054 94 10.18 9.15 10.2 10.6 9.91 10.12 9.87 9.93 9.68
HCOs 2.33 NA 4.38 NA 5.33 5.6 NA NA NA NA 6.11 NA 6 NA NA NA NA
NOs 1.69 1.28 154 1.39 1.00 0.74 0.02 <3E-03 <3E-03 <3E-03 <3E-03 0.03 0.3 0.94 1.25 1.55 1.59
NO- <2E-04 <2E-04 <2E-04 0.05 0.12 0.17 0.05 <2E-04 <2E-04 <2E-04 <2E-04 0.003 0.034 0.048 0.008 0.009 0.009
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Days 0 0.8 11 15 2 2.2 25 35 4 4.5 5.2 6 7.5 8.1 8.5 9.5 10.2
0N -NOg’ +6.6 NA NA +11.3 +16.8 +23.5 NA NA NA NA NA NA +17 +14.3 +13.8 NA NA
680-NOy +1.7 NA NA +5.9 +12.8 +17.1 NA NA NA NA NA NA +15.1 +12.4 +9.6 NA NA
6N -NOy NA NA NA -3.4 +5.5 +12.6 NA NA NA NA NA NA +12.8 +4 NA NA NA
680 -NOy NA NA NA -8.6 -9.7 -8.9 NA NA NA NA NA NA -8 -6.9 NA NA NA
;?rr;ir?gth 0.017 0.023 0.028 0.027  0.03 0.028 0.028 0.028 0.029 0.028 0.03 0.029 0.029 0.029 0.029 0.03 0.032
(mol-LY)

Sl_Calcite 0.47 0.82 0.85 0.9 1.09 1 1 0.9 11 1.01 1.29 1.01 11 1.07 0.92 1.02 1.03
SI_Gypsum  -1.97 -1.43 -1.21 -1.24 -1.22 -1.24 -1.26 -1.26 -1.25 -1.25 -1.24 -1.25 -1.28 -1.3 -1.26 -1.25  -1.22
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Table S5
Elements, Solution Species and the Phases Considered in the Geochemical Systems
Using the Iso.Dat Database.

ELEMENTS
C Ca Mg Na K
N Si S P Cl
0] B e
SOLUTION SPECIES
H30+ H,O H, Ca+2 CaCOs
CaHCO3" CaSO0s CaHSO," CaPOs CaHPO,
CaH.PO," CaOH* Mg*? MgSO, MgHCO3*
MgCO3 MgHPO, MgPO4 MgH2PO4* MgOH*
K* KOH KHPO, KSO4 Na*
NaSO4 NaHCO3 NaCOgz NaHPO4 NaOH
H4Si04 H3SiO4 H28i04_2 0O, CI
NO3 NO2 N2 HCOgs C03'2
CO; PO, HPO,? H.PO4 HS
H,S S? 304_2 HSO,
PHASES
Calcite CO2(g)
Table S6
Transport Parameters Obtained From CI” Conservative Tracer Test and the Fitted Parameters.
Experimental Fitted parameters
Velocity 3.8:10°m-s? 3.5-10% m-s?
Porosity 0.46
Dispersivity 0.005m
Diffusion coefficient 3.0:10 m2s?

Table S7
Least Square Errors of Reaction Rate Parameters for the Calibration of the Batch Experiments
Using The Levenberg—Marquardt Algorithm (Nardi and de Vries, 2017)

Least Square Error

Parameter BV BL
KgaNo; 0.006 0.006
KgaNo; 0.080 0.080
KEebp,Noj 0.006 0.006
KebNoj 0.080 0.080
Kmax,NO; 0.007 0.007
Kmax,NO3 0.080 0.080

b,NO3 0.006 0.05
b,NO; 0.080 0.05
k 0.012 0.012
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Supplementary equations

More information on the equations employed can be found in the Phreeqc manual (Parkhurst &
Appelo 2013).

In the PHREEQC code, equilibrium among aqueous species is calculated according to the mass
action law (S1). K., is a temperature-dependent equilibrium constant (mol kgw™)" where n
depends on the stoichiometric coefficients of the reactants and products of any chemical reaction.
The log of the equilibrium constant (K.,) and its temperature dependence for each reaction are
defined in the iso.dat database. S; is the stoichiometric coefficient of master species m in species
i defined in the iso.dat database (dimensionless), and a; is the activity of the species i (mol kgw

1
).
Keq = H oS (S1)

The activity of species i is related to the molality of species i (mol kgw™), m; by equation S2,
where v; is the activity coefficient of species i (dimensionless), which is calculated according to
the Davies equation (S3), where 4 is a constant at a given temperature (A™), u is the ionic strength
(mol kgw™), and Z; is the ionic charge of species i (dimensionless). The activity coefficient
parameters are defined in the iso.dat database.

a =y, -m (S2)

Y 0_3#> (83)

logy; = —AZ} (m

The ionic strength of the aqueous solution is calculated according to equation S4, where N, is the
number of aqueous species (dimensionless).

Nag
1 2
W= EZ Zim,
L

Pure phase equilibria are implemented using the mass-action law following equation S5, where
ksp 18 the equilibrium constant for the pure phase defined in the iso.dat database, S, is the
stoichiometric coefficient of master species m in the dissolution reaction (dimensionless), and a;
is the activity of the species i (mol kgw™).

s
Ksp = 1_[ a;’ (53)

The mineral's saturation index (Slp) is defined following equation S6, where /4P is the ion
activity product, and Ky, is the solubility product of the pure phase defined in the iso.dat database.

(S4)

1AP> (S6)

SI = log (
K¢p

The one-dimensional reactive transport is simulated in PHREEQC using the Advection-Reaction-
Dispersion (ARD) equation according to S7. dc/ot is the temporal change in concentration (mol
kgw's™), where C is the concentration (mol kgw™') and ¢ is time (s). -voC/dx is the advective
transport, representing the spatial transport of the substance with the fluid flow (mol kgw™' s™),
where v is the pore water flow velocity (m s') and x is the distance (m). D.(6*C)/(0x* ) is the
dispersive transport, describing the spreading or diffusion of the substance, where Dy is the
hydrodynamic dispersion coefficient (m? s, D, = D, + a,v, with D, the effective diffusion
coefficient, and «; the dispersivity (m)). 0q/ot is the chemical interaction term, describing the
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temporal change in concentration in the solid phase due to reactions, where q is the solid phase
concentration in mol kgw™'.

(5e) = ()~ (5) - () .

The ARD equation is solved with an explicit finite difference scheme forward in time, central in
space for dispersion and upward for advective transport. The chemical interactive term for each
element is calculated separately from the transport part for each time step and is the sum of all the
equilibrium and non-equilibrium reaction rates.
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ARTICLE INFO ABSTRACT

Editor: Michael E. Boettcher Nitrite reduction has often been treated as a biotic process in water treatment systems, but it also occurs
abiotically, and it is difficult to distinguish both reactions as they can co-occur at field-scale. The potential

Keywords: reduction of NO3 was tested in 3 anaerobic experimental scenarios using a NO3 bearing solution amended with:

Chemodenitrification i) siderite (FeCO3) (Sid experiment); ii) Fe(II) solution from FeCl;.4H,0(s) (DFe experiment); and iii) siderite

Isotope fractionation
N0 site preference
Numerical modeling

mixed with Fe(II) solution (Sid+DFe experiment). Non-sterilized batch experiments were carried out in anaerobic
conditions with an initial ratio of nitrogen to dissolved iron of 5 in DFe and Sid+DFe (Sid had no initially dis-
solved Fe(II)) and 1000 mg L ! of siderite in Sid and Sid+DFe experiments. At the end of the experiments, the
NO3 removed was 3% for Sid, 54% for DFe and 84% for Sid+DFe. The NO3 concentration decrease over time
was characterized by an enrichment in the 5*°Nygs of the unreacted NO3, increasing from —26.9 %o to —26.4 %o
(Sid), —18.0 %o (DFe) and —15.9 %o (Sid+DFe). The calculated ¢'*Nyop for Sid was —11.8 %o, whereas for DFe
was —12.0 %o and Sid+DFe was —13.0 %o, suggesting a common NO3 degradation mechanism in all experiments.
The Rayleigh distillation equation showed that the generated N,O was the final product of the abiotic nitrite
reduction reaction, and the calculated N,O site preference (SP) was 22.5 + 0.7 %o for DFe and 23.5 + 0.5 %o for
Sid+DFe. The continuous N3O measurement showed that only 25.3 + 5.1% in DFe and 31.0 + 6.3% in Sid+DFe
of the generated N,O in water was recovered in the headspace vials, suggesting that a large portion of the
produced N»O(aq) in solution did not diffuse from water. The coupled NO3 reduction and Fe(Il) oxidation fol-
lowed a second-order kinetic reaction with a rate equal to (9.39 + 0.36)-10*[NO3]-[Fe(I)] (mol L™ s71) in all
experiments. The experimental conditions supported by the Rayleigh distillation equation using the experi-
mentally calculated N values, coupled with NO; isotopic data and N,O SP values, showed that biological
denitrification had a negligible influence on nitrite reduction and that chemodenitrification was the main NO3
attenuation pathway. A geochemical model coupling the kinetic chemodenitrification, isotope fractionation,
aqueous speciation in equilibrium and precipitation and dissolution of calcite has been implemented and
reproduced the experimental results. The geochemical model developed in our study can be applied to similar
experimental studies and to field-scale studies to predict the efficiency of abiotic nitrite reduction treatments
using Fe(II).

1. Introduction as it causes major environmental and public health problems in many
parts of the world (Arauzo, 2017). NO3 impairs water quality, and

Groundwater nitrate (NO3) pollution, which is attributed principally ingesting water containing high NO3 or NO3 concentrations endangers

to agricultural activities, is one of the modern global societal challenges human life with health hazards, including methemoglobinemia and
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gastric and stomach cancer (Fan and Steinberg, 1996; WHO, 2017).
Groundwater NO3 concentration in many European areas exceeds the
safe drinking water threshold of 50 mg L™ of NO3 and requires the
application of induced remediation methods (EU parliament, 2020).
Groundwater NOj3 attenuation occurs mainly through natural or
induced biological denitrification, where NO3 is reduced to gaseous
products, generating nitrite (NO3) as an intermediate product (Fig. 1).
Other biotic processes, such as dissimilatory nitrate reduction to
ammonium (DNRA), anaerobic ammonium oxidation (anammox),
nitrifier denitrification and nitrification, also contribute to groundwater
nitrite transformation processes (Fig. 1).

Nitrite reduction was often reported to be microbially catalyzed, but
recent findings have proven that NO5 is chemically reactive and can also
be abiotically reduced to NoO by Fe(Il) oxidation in anaerobic condi-
tions (Chen et al., 2020a; Liu et al., 2019; Wankel et al., 2017). Iron is a
common redox-active metal in the environment (Kappler and Straub,
2005), which occurs as dissolved, sorbed or structural Fe(II). Fe and N
redox cycles are frequently interrelated, affecting N compound trans-
formations in groundwater (Emerson et al., 2010). The oxidation of Fe
(I) to Fe(Ill), mediated by nitrate-dependant bacteria, uses NO3 as an
electron acceptor (Bryce et al., 2018), producing nitrite as an interme-
diate product. Sgrensen and Thorling (1991) and Picardal (2012) re-
ported simultaneous biotic and abiotic NO3 reduction during biological
denitrification in batch cultures. Therefore, in Fe-rich environments, the
biotic-abiotic processes might co-occur, and the former process may
further reduce the N,O produced by the latter process to Na. Quantifying
the biotic and abiotic components of NO; reduction is significant to
understand the geochemical coupling of N and Fe redox cycles and to
evaluate the potential efficiency of nitrate remediation strategies using
Fe(I) (Kopf et al., 2013; Liu et al., 2019).

Stable isotopes of N (515N) and O (6180) have proven to be an
effective tool for characterizing and quantifying environmental trans-
formations of N compounds (Kendall et al., 2007; Margalef-Marti et al.,
2020). Dual isotope systematics of NO3 transformation has been char-
acterized during biological denitrification (Grau-Martinez et al., 2019;
Martin and Casciotti, 2016), nitrification (Granger and Wankel, 2016;
Sebilo et al., 2006), nitrifier denitrification (Ostrom and Ostrom, 2012;
Wrage et al., 2001), anammox (Casciotti et al., 2010) and NO3 reox-
idation to NO3 (Buchwald and Casciotti, 2010). The kinetic isotope ef-
fect of N and O linked with chemodenitrification, which represents an
essential control on NO3 isotopic composition in Fe-rich environments,
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has not been the object of research until recently and less information is
available compared to biological processes (Buchwald et al., 2016; Jones
et al., 2015; Martin and Casciotti, 2016; Sebilo et al., 2019). During
nitrite reduction (biotic and abiotic), the light N and O isotopes pref-
erentially react faster, leading to the accumulation of the heavy isotopes
of the unreacted nitrite (*>Nyoz and 18ONOZ), which differentiates che-
modenitrification and denitrification from processes that do not alter
changes in the nitrite isotopic composition, such as mixing or dilution
(Kopf et al., 2013). Consequently, the heavy isotopes of the generated
N>O (15NN20 and 18ONZO) progressively increase, approaching the initial
NO; isotopic composition in the case of the chemodenitrification, as it is
the final product of the reaction. However, it is not still clear if it is
possible to distinguish the biotic from the abiotic reactions as both
processes show similar patterns of isotopic fractionation. The site pref-
erence (SP) of the generated N,O and geochemical numerical modeling,
including isotopic data, are promising tools that could be helpful to
distinguish biotic and abiotic processes after coupling with all other
data. Coupling the isotopic characterization of NO; and N3O could,
therefore, be useful in identifying the nitrous oxide production pathway.

The two N atoms of N,O differ in the nature of their covalent bonds
and tend to acquire distinct isotopic compositions. The difference in
5'°N between the central N atom (Na) and outer N atom (Nf) of NoO
(NB-Na-O) provides site-specific isotopic information. SP does not
depend on the isotopic composition of the substrate (NO3 in the case of
chemodenitrification) and does not exhibit fractionation during its
production, making SP a powerful indicator of the N2O production
pathway (Heil et al., 2014; Jones et al., 2015). N2O SP values have
successfully been used as indicators of nitrifier denitrification (—10 to
0 %o), hydroxylamine oxidation and fungal denitrification (33 to 37 %o),
heterotrophic denitrification (—5 to 5 %o) as sources of N2O (Li et al.,
2022; Ostrom and Ostrom, 2012).

Numerical simulations provide an essential tool for research in
contaminant degradation processes, which allows the quantitative
evaluation of complex processes. They also serve to predict the extent
and consequences of geochemical reactions, interpret experimental data
and test scenarios beyond laboratory experiment ranges, and for field-
scale application (Zhu, 2012). While Monod kinetic equations are
often used in modeling biotic NO3 reduction (Betlach and Tiedje, 1981),
the kinetic model approach has been developed to characterize abiotic
nitrite reduction and include pseudo-first-order, second-order nitrite
degradation rate equations and others (Benaiges-Fernandez et al., 2020;

denitrification

v

isssss

DNRA

Fig. 1. Schematic model of N transformation pathways in aerobic (continuous lines) and anaerobic (dotted lines) conditions. SOM is soil organic matter (Modified

after Margalef-Marti et al., 2021).



A. Abu et al.

Liu et al., 2019). Despite several studies applied isotopic tools to identify
and quantify the degradation pathways of NO;, only a few studies
focused on quantifying the isotope fractionation of NO5 during abiotic
NO; reduction by Fe(II) (Chen et al., 2021; Kopf et al., 2013). Therefore,
improving the abiotic NO3 reduction numerical model is essential to
understand the geochemical processes controlling N transformations.

Siderite, the most common iron carbonate mineral, can be used as a
larger reservoir of Fe(II) with high dissolution rate to catalyze natural
and induced denitrification in polluted water (Dunlop and Ozdemir,
2015; Nowak et al., 2023). Siderite was consequently chosen in the
present work to investigate its effect on abiotic batch experiments with
particular emphasis on nitrite reduction and nitrous oxide production
dynamics. Dissolved synthetic Fe(II) was also added in some of the ex-
periments to assess its potential to increase the reactivity. Three sce-
narios (only siderite (Sid), only dissolved iron II (DFe) and dissolved iron
+ siderite (Sid+DFe)) were tested. Isotopic tools were employed to
characterize nitrite attenuation and compare the calculated fraction-
ation values to the range of values reported in the literature for different
nitrite reduction processes. The fractionation values were then applied
to the numerical modeling. Based on our knowledge, combining labo-
ratory experiments with the dual NO3 and N3O isotope modeling has
never been applied so far in chemodenitrification. In this context, we
also aim to develop a conceptual and numerical geochemical model that
can reproduce our experimental results in order to upscale it to future
field-scale studies.

2. Materials and methods
2.1. Experimental setup

Three parallel sets of anaerobic batch experiments, named Sid, DFe,
and Sid-+DFe, were performed under non-sterile conditions using 25 mL
headspace (HS) vials. Based on preliminary batch experiments tests, 13
vials were chosen for the DFe and Sid+DFe experiments, while 4 vials
were chosen for Sid experiments (negligible or extremely low reactivity
was observed in the absence of DFe). Each vial for the Sid experiment
was filled with 10 mg of micro-sized siderite and mixed with 10 mL of
synthetic groundwater (SW, Table 1) prepared to simulate field condi-
tions. Vials for DFe experiments were filled with 10 mL of SW and
amended with 10 mg of FeCl,.4H20(s), and vials for Sid+DFe experi-
ments were filled with 10 mg of siderite, mixed with 10 mL of the SW
and amended with 10 mg of FeCl;.4H50(s). An initial ratio between N
and dissolved Fe(Il) of 5 was kept in DFe and Sid+DFe experiments,
while no dissolved Fe was added in the Sid experiments. Each vial was
immediately crimped with a butyl rubber stopper and purged with
Argon gas during the first two minutes to create anaerobic conditions.
All the batch experiments were carried out at ambient temperatures
(18 °C to 25 °C) and kept in darkness under continuous shaking to avoid
photodegradation processes. They lasted 8 days based on the pre-
liminary batch experiments, and duplicate vials for each treatment set

Table 1
Composition of the synthetic water (SW) and the mass concentration of reagents
used to prepare it. * only in DFe and Sid+DFe experiments.

Chemical mol L~! Reagent mol L™!
pH 7.60 NaHCO3 (Sigma-aldrich 99.5%) 3.60-1072
pe -3.00 KH,PO, (Alfa aesar 98-100.5%) 0.04-10°2
Ca 8.77-107* MgCl,.6H,0 (Sigma-aldrich 99-102%) 1.24.1073
Mg 124103 KCl (Sigma-aldrich 99%) 1.50-10°
K 2.55.1073 CaCl,.2H,0 (Pancreac 74-80%) 8.77.1072
Na 6.44.1073 NaySO, (Alfa aesar 99%) 1.42.1073
S 1.42:1073 KNO, (Alfa aesar >96%) 1.01-1073
C 3.60-1073 FeCly-4H,0 (Pancreac 98%) 5.03-1073*
P 3.67-107°

cal 5.75-1073

NOz 121073

Chemical Geology 647 (2024) 121942

were sacrificed in turns at different times.

2.2. Analytical methods

Samples obtained from conducted experiments were prepared for
chemical and isotopic analyses at the laboratory of the MAiMA-UB
research group and analyzed at the Centres Cientifics i Tecnologics of
the Universitat de Barcelona (CCiT-UB). The headspace of each vial was
first extracted using a gas syringe and stocked in exetainer flasks for
subsequent N2O concentration and isotopic analyses. After obtaining the
gaseous samples, the headspace vials were decapsulated, and the liquid
fraction was obtained and filtered using the 0.22 pm Millipore® PTFE
hydrophilic syringe filters. One aliquot of the filtered liquid fraction was
immediately used to convert NO3 to NO using the azide reduction
method for NO3 concentration and isotope analysis (Mcllvin and Alta-
bet, 2005; Ryabenko et al., 2009). Nitrite concentration standards were
then analyzed to calculate the samples' nitrite and nitrous oxide con-
centrations from the samples' peak amplitudes determined by isotope
ratio mass spectroscopy (IRMS), as illustrated in Fig. S1 and summarized
in Table S1. We employed this method to avoid issues associated with
the oxidation of Fe(II) to Fe(IIl) and the subsequent precipitation of Fe
(II1) oxy(hydr)oxides in water and to prevent any possible reduction
reactions of nitrite that might persist after the vials were sacrificed. Two
vials were sacrificed at each time point, and each vial sample was
analyzed by duplicate. The results at each time correspond to the
average of these four measurements.

The isotopic compositions of N (6*N) and O (5'0) of dissolved NO5
were analyzed following the sodium azide reduction method, which
converts NO; to NoO (Mcllvin and Altabet, 2005; Ryabenko et al.,
2009), immediately after sample collection to avoid further reduction of
NOj3 or other chemical reactions. The 5'°N and 50 composition of the
generated N,O with the sodium azide (515NN02, 5180N02) and of the N,O
collected from the HS of the batch experiments were analyzed using a
Pre-Con (Thermo Scientific) coupled to an IRMS (Finnigan MAT 253,
Thermo Scientific). The bulk and positional isotope of N2O (élsNﬁ‘%,
5°N%20, 0'80N20, 6'°NR2o) were measured using the arrays of mass/
charge ratios of 46, 45 and 44 for the N,O' molecular ion and 31 and 30
for the NO™ fragment of the N,O molecule. 515NR‘§15 is the bulk 6'°N of
N0, 5'°N§y0 is the isotopic composition of the central N of N5O, and
515NR120 is the isotopic composition of the outer N (NP-N®-0). Therefore,
the 8'5N of N,O™ provides the §'°NRYS, the 5'°N of NO* provides the
515Nﬁ20, and the 515Nﬁ120 is derived from Eq. (1). The site preference
(SP) of N2O(g) can be then calculated from 55NBi20 and N0 ac-
cording to Eq. (2). Isotopic notation is expressed in terms of & (%o)
relative to the international standard: atmospheric N5 (AIR) for 515N and
Vienna Standard Mean Oceanic Water (V-SMOW) for 51%0. Hence, 5 =
(Rsampte — Rstandard) /Rstandard>, Where R is the isotope ratio (6"°N/6™N and
5'80/5'°0). NO3 isotopic composition was calibrated using the UB in-
ternal working standard CCiT-IWS (5'°N = +28.5 %o, 16 = +0.1 for
5'°Nnog2), which is analyzed at every set of 5 to 6 samples by duplicate.
N2O was calibrated using the international standard USGS-51 (6N =
+1.3 %, 580 = +41.2 %o, 16 = +0.5 for §'80y20 and £0.1 for 5 °Nn20).

8N x20() (%0) = (8" NNao(e) + 6" NPrao(e) ) /2 €))

SP (%0) = (6" N"n20(e) — 8" NPaao(g) ) (2)

The kinetic isotope fractionation (¢) associated with nitrite reduction
was quantified by the Rayleigh distillation equation (Eq. (3)), where
Cinitial and Cresiqual are the initial and residual nitrite concentration (mol
L_l), respectively, and Ripitia] and Ryesidual are the isotope ratios of the
initial and residual nitrite.

Rresidual) (Cresidual)
Ln| —— ) = eLn| —— (3)
( Rinilial Cinilial
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2.3. Numerical method

Geochemical calculations and modeling have been carried out with
the GibbsStudio software (Nardi and de Vries, 2017) based on PHREEQC
version 3 code (Parkhurst and Appelo, 2013) and the iso.dat and
wateq4f.dat databases supplied with the PHREEQC code. GibbsStudio
helped to manage water chemistry sample data and run PHREEQC
models in a unified productive graphical environment.

3. Results and discussion
3.1. NO3 attenuation dynamics

Low nitrite reduction was identified in the batch experiments con-
taining only siderite, as only 3% of NO; was removed (Fig. 2A), which is
similar to experimental results conducted with other similar Fe(II)
mineral compounds (siderite, magnetite, olivine) by Margalef-Marti
et al. (2020) and Rakshit et al. (2008). However, in the conducted ex-
periments involving DFe and Sid+DFe treatments, higher rates of NO3
reduction were observed. 54% and 84% of NO; were removed in DFe
and Sid+DFe, respectively, as NO; levels decreased from an initial
concentration of 1.10 mM to 0.51 mmol L' in DFe, and to 0.17 mmol
L~ in Sid+DFe (Fig. 2A).

Nitrite reduction in the batch experiments led to generation of
gaseous nitrous oxide in the vial headspaces. NoO(g) rarely accumulated
in the Sid experiment but increased to 0.187 mmol N>O(g)/L H20 and
0.194 mmol N,0(g)/L H0 in DFe and Sid+DFe, respectively, on day 7
(Fig. 2B).

In our experiments, we did not use sediments or add microorganisms,
and the absence of these biological components substantially restricts
the potential for biological denitrification. Additionally, the relatively
short duration of our experiments limits biological processes. Microbial
denitrification, in the absence of sediments or added microorganisms,
necessitates an extended period for microbial populations to establish
and promote substantial nitrite reduction. A study by Visser et al. (2020)
and Margalef-Marti et al. (2020) demonstrated that biological denitri-
fication, without sediments or microbial inoculation, progresses slowly,
with less than a 3% nitrite reduction rate observed over approximately
200 days. Fe(Il) is recognized for inducing slower rates of biological
denitrification compared to organic carbon sources (Rahman et al.,
2019), which diminishes the likelihood of significant biological deni-
trification occurring within our experimental conditions. Consequently,
we have considered that our experimental conditions are abiotic.
Considering abiotic nitrite reduction, N-NO3 attenuation and N-N,O
production are expected in a 1:1 stoichiometry according to reaction
(RD).

T
0.80 - "é

0.40 +

mmol L' N-NO;" residual 3

0.00 T T T

Days
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2NO; + 6H" +4e”—>N,0 (g) + 3H,0 (R1)

However, the nitrous oxide recovered in the vial headspaces in our
experiments did not match the expected except for the first half of the
experiments in Sid, which partially accounted for the NO; removed
from the vials (Fig. 3A-C).

The non-stoichiometry may be attributed to the formation of the
intermediary compound NO, which may bind to mineral surfaces and
prevent further reduction (Collman et al., 2008; Dhakal et al., 2013) or
the further reduction of N3O to Ny. The absence of biological compo-
nents in our experiments restricts the potential NoO to N reduction. Few
authors have measured other gases than N»O, and when measured, only
minimal to no NO or Ny nitrogen mass recoveries from these other gases
were identified (Buchwald et al., 2016; Dhakal et al., 2021; Kamps-
chreur et al., 2011; Rakshit et al., 2016; Wankel et al., 2017). Another
process that might have contributed to the non-stoichiometry of the
expected and measured N,O is the leakage of NoO through the butyl
rubber stoppers or the low diffusion of aqueous N2O into the HS. The
reduced recoveries in our current study may be linked to the low
diffusion of N3O into the vial's headspace, potentially influenced by
metal chlorides in the prepared water. Previous studies have shown that
halides, including metal chlorides, can impact N3O recoveries (Rya-
benko et al., 2009). Several authors have observed a non-stoichiometry
between N-NO3 removed and generated N-N,O(g) during NO3 reduc-
tion, as a wide range of gaseous N2O recoveries has been reported. In
fact, <50% of N-NOz removed during nitrite reduction is usually
recovered as N-N»O(g) in abiotic conditions (Chen et al., 2020a; Dhakal
et al., 2021; Jones et al., 2015; Rakshit et al., 2016). In the present ex-
periments, the N3O recovery decreased from 36% to 19% in Sid+DFe,
and significant fluctuations have been observed in DFe, with a maximum
recovery rate (46%) at 36 h and a recovery rate of 25% on day 7
(Fig. 3D). The formation of iron oxide minerals may sorb NO3 inter-
mediate reduction product (NO) or Fe (II), influencing NoO(g) produc-
tion and transformation (Chen et al., 2020a; Jones et al., 2014, 2015),
which may explain changes in the recovery rate over time. N-N2O in the
liquid phase (undiffused N-N;O) in the experiments of Sid+DFe
accounted for 50-96% of the transformed N in the water and 68 to 98%
in DFe experiments (Table S2). N-N,O in the gas and liquid phases and
the residual N-NO; always equal the initial NO3 concentration in all the
experiments. This indicates that N2O leakages through the butyl rubber
stoppers, the formation of intermediary NO, and the reduction of N3O to
No(g) did not occur in our experiments. Consequently, we can conclude
that the main reason for not observing 100% N3O recovery in the
headspace vials is the solubility of N,O in water, which retained a larger
portion of the NyO. The percentage of total N-N,O compared to the total
N varied from 2.3 to 60.0% in Sid+DFe and 0.2 to 61.3% in DFe ex-
periments (Table S2).
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Fig. 2. A) Evolution of residual NO5 in solution. B) Evolution of N,O(g) recovered in vial headspaces. The error bars represent the standard error (SE) of duplicate

samples, and non-visible error bars are small and embedded within the data points.
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over time.

NO3 was monitored with paper test stripes and was consistently
below the detection limit. However, NH4 was not measured. The initial
prepared water did not contain NH{, and we did not consider the pos-
sibility of DNRA since NO3 was not present, discarding NH} formation
in our experiments through DNRA or through nitrite abiotic reduction.
Furthermore, in previous nitrite reduction experiments, NHJ has often
not been detected (Margalef-Marti et al., 2020; Rakshit et al., 2016).

Nitrite reduction in this study was linked with a §'°Nyoy enrichment
over time. A significant 515NN02 increase was observed in DFe and
Sid+DFe experiments for the first two and a half days, corresponding to
the period marked by high nitrite degradation, and remained in a steady
state afterwards (Fig. 4A). 615NN02 values increased from —26.9 to
—26.4 %o (Sid), —18.0 %o (DFe) and —15.9 %o (Sid-+DFe) (Table S3). Due
to 5180N02 equilibration with 6180H20 during NO3 reduction, the ob-
tained 5180N02 values in this study were not correlated with the residual
NO; concentration (Supplementary Information). For this reason, no
further discussion is provided on the 6180N02 or 5180N20 results. The
SONPUK values of the generated N,O(g) increased over time, with the
most significant increment identified during the first two and a half
days: 5'°NPUK composition increased from —52.6 to —36.5 %o in DFe and
from —57.1 to —38.6 %o in Sid+DFe (Fig. 4B).

The transformation of nitrogen oxides is often characterized by ki-
netic isotope fractionation (Mariotti et al., 1981), which follows the
Rayleigh distillation Eq. (2) in a closed system. The calculated '*Nyog
values were —11.8 & 11.0 %o (Sid), —12.0 £ 1.4 %o (DFe) and —13.0 +
1.1 %o (Sid+DFe) (Fig. 4C). The preliminary batch experiments had
shown that nitrite reduction in the Sid experiment was very slow, and
duplicate samples were analyzed at only 4 time points, resulting in a
large error with the ¢ value. Even though its coefficient of determination

R?) is very low, the ¢ value is considered to be correct as it is similar to
the other two. The similar ¢ values obtained suggest that the same
process degraded nitrite in these experiments. The ¢ values obtained in
this study are consistent with ¢ values reported in the literature for
laboratory abiotic nitrite reduction studies, ranging from —19.7 to
+16.5 %o for nitrite reduction by dissolved Fe(II) plus Fe(II) mineral
(Benaiges-Fernandez et al., 2020; Chen et al., 2021; Grabb et al., 2017;
Margalef-Marti et al., 2020), —8.6 to +12.9 %o for only dissolved Fe(II)
(Benaiges-Fernandez et al., 2020; Buchwald et al., 2016; Grabb et al.,
2017), and —9.4 to +16.4 %o for only Fe(II)-containing minerals (Grabb
et al., 2017). In contrast, biotic nitrite reduction processes have yielded
isotope fractionation values of —23.5 to —1.0 %o (elSN-NOQ )and —9.8 to
—1.0 %o (elSO—NOE) (Brunner et al., 2013; Bryan et al., 1983; Martin and
Casciotti, 2016). The Rayleigh distillation equation for NO3 and N»O
fractions and the changes in its 515N results (Fig. 4D) show that NoO(g) is
the final product formed, and fractionation did not affect NyO(aq)
diffusion to N2O(g) recovered in the vial headspaces. This is evidenced
as the 5'N""X composition of the generated N,O approached the initial
5'°N-NO3 value (Fig. 4D), which also explains the incomplete 100%
N0 recovery in the headspace vials due to the high solubility of N2O in
water. The natural logarithm of the generated N»>O(g) was positive and
linearly correlated with the 515N1]31‘§1(]§(g) with slopes of 3.2 + 0.2 %o in DFe
and 4.7 + 0.6 %o in Sid+DFe (Fig. S2). The calculated SP values, 22.5 +
0.5 %o (DFe) and 23.5 + 0.7 %o (Sid+DFe) are consistent with previous
findings for chemodenitrification (0 to 30.2 %) (Grabb et al., 2017; Li
et al., 2022). The SP values determined in this study differ from previ-
ously reported SP values associated with heterotrophic denitrification
(—5.8 to 8.9%o: Haslun et al., 2018; Li et al., 2022; Rohe et al., 2017;
Sutka et al., 2006; Toyoda et al., 2017; Winther et al., 2018; Yamazaki
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ratio with slopes indicating the isotope fractionation. D) The Rayleigh distillation model using the average ¢ value (12 %o) and the experimentally analyzed 5'°N of
the unreacted NO; and generated N,O. The error bars represent the standard error (SE) of duplicate samples, and non-visible error bars are small and embedded
within the data points. Black, grey and white colors indicate Sid+DFe, DFe and Sid experiments, respectively. Circles and diamonds represent experimental results,

and solid lines represent the Rayleigh model.

et al., 2014) and nitrifier denitrification (—10 to O %o: Ostrom and
Ostrom, 2012), although, they exhibit a similarity to the SP values
associated with fungal denitrification (21.9 to 37 %o: Ostrom and
Ostrom, 2012; Rohe et al., 2014), and hydroxylamine oxidation (29 to
33 %o: Ostrom and Ostrom, 2012; Tischer et al., 2022), but these bio-
logical processes are not occurring in our studied systems. Considering
the factors mentioned above, we can infer that chemodenitrification is
the main process for nitrite reduction in our study, and the isotopic data
shows characteristic patterns associated with chemodenitrification
process.

Although siderite reactivity with nitrite was almost negligible, it was
observed that when it was mixed with dissolved Fe(II), the nitrite
removal rate was increased up to 84%, while nitrite removal induced by
dissolved Fe(II) alone was 54%. The increased nitrite reduction sug-
gested that siderite might have contributed to the increased chemo-
denitrification rate, which is consistent with previously conducted
studies reporting increased reactivity of Fe(I) in the presence of min-
erals surfaces (Dhakal et al., 2021; Jones et al., 2014; Rakshit et al.,
2016, 2008; Visser et al., 2020). During chemodenitrification, not all the
Fe(II) dissolved in water is usually involved in the direct nitrite

reduction: some portion may bind to the siderite surface to form reactive
surfaces, which acts as a surface catalyst, increasing the Fe(II) electron
density improving its potential as a reductant (Jones et al., 2015; Rakshit
et al., 2016). Similar to Benaiges-Fernandez et al. (2020) and Chen et al.
(2020b), the reduction of nitrite only by dissolved Fe(II) in the DFe batch
experiment occurred without a mineral catalyst, which is contrary to
earlier reports by Cooper et al. (2003) and Rakshit et al. (2008) that
postulated that chemodenitrification required a mineral catalyst. The
chemical reduction of nitrite by only Fe(II) involves the electron transfer
process. Nitrite, in this process, is bound to Fe(II) to form Fe(I[)-NO3
complex, where electrons are transferred to nitrite, producing nitrous
oxide and Fe(IIl) oxyhydroxides (Chen et al., 2021; Rakshit et al., 2016).

3.2. Kinetic analyses during abiotic nitrite reduction

Nitrite concentration evolution with time revealed that nitrite
degradation followed a pseudo-first order kinetics with respect to nitrite
concentration according to Eq. (4), where d[NO31/dt is the nitrite
degradation rate (mol Lt s’l), and k is the pseudo-first-order rate
constant (s’l). Once integrated, Eq. (4) becomes a linear equation if Ln
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[NO32] is expressed as a function of time (Eq. (5)), and then, the rate
constant and the initial nitrite concentration can be obtained after a
linear regression of the experimental values (Fig. 5A) (Table 2).

d[NO;
d[NO; ] " 2] _ —k-[NO; | )
Ln[NO; | = Ln[NO; ], —kt )

The estimated initial nitrite concentrations were 1.21 + 0.02 mmol
L7}, 1.11 + 0.05 mmol L™! and 1.19 + 0.07 mmol L™ in Sid, DFe and
Sid+DFe experiments, respectively (Table 2). These values are very
close and consistent with the initial NO; concentration used in the ex-
periments (Table 1). However, k values are (4.94 + 4.85)-10°8 s’l,
(1.48 + 0.17)-107° 571, and (3.31 + 0.20)-107° 5! for Sid, DFe and
Sid+DFe, significantly different between conducted batch experiments
(Table 2).

In order to ascertain the dependence of rate constant k with Fe(II)
aqueous concentration, we have performed preliminary geochemical
calculations to estimate Fe(II) aqueous concentration since it was not
measured. In the geochemical calculations, the experimental procedure
has been reproduced. First, SW (Table 1) was equilibrated with atmo-
spheric CO2(g) (pcoz(g) = 10735 atm) and with calcite (in case of over-
saturation) as SW was not prepared in a controlled atmosphere. Total
aqueous Fe(Il) concentration, [Fe(I)]t, was calculated after equili-
brating this CO; equilibrated SW (from now on, CESW) with Fe-minerals
before nitrite reduction starts. The amount of initial siderite considered
in the calculation was 8.63-10> mmol L™! in Sid and DFe-+Sid experi-
ments, while no siderite was considered to be initially present in the DFe
experiment. Moreover, 5 mmol L~! of FeCly-4H,0 was added to the
solution in DFe and Sid+DFe experiments. In all cases, amorphous Fe
(III) hydroxide (Fe(OH)s(am)) and calcite were left to precipitate if
oversaturated. The composition of the CESW before and after equili-
bration with Fe-minerals, values of [Fe(II)]t, the remaining amount of
siderite and the precipitated Fe(OH)3(am) obtained in these calculations
are summarized in Table 3.

The SW pH (7.6) dropped to 6.52, 3.12 and 5.48 in Sid, DFe and
Sid+DFe, respectively, after the preliminary calculations. Similarly, the
Eh's reduced from 0.17 to —0.13 V in Sid, from 0.69 to 0.08 V in DFe and
from 0.25 to —0.08 V Sid+DFe (Fig. S3), showing reducing conditions.
These initial conditions are favorable for nitrite reduction as acidic
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Table 2

Regression analysis for nitrite reduction over time, shown in Fig. 5.
Experiment Equation of regression line R?
Sid Ln[NOz] = (—4.9 + 4.9-10°%) - t - (6.7 + 0.1) 0.3
DFe Ln[NO;] = (-1.48 + 0.17:107%) - t - (6.80 + 0.05) 0.96
Sid+DFe Ln[NO3] = (—3.31 + 0.20-107%) - t — (6.70 + 0.06) 0.97

conditions (pH < 6) have often been found to promote nitrite reduction
in experimental laboratory studies (Dhakal et al., 2013; Kampschreur
et al., 2011).

A plot of the pseudo-first-order constants, k (s‘l), versus these
calculated [Fe(II)]t (mol L’l) shows a positive linear relationship
(Fig. 5B), from which the k dependence on Fe concentration can be
obtained. Therefore, Eq. (4) can be further developed to Eq. (6), where
nitrite degradation rate (mol L1 s’l) is a second-order kinetic rate with
a constant value of (9.39 + 0.36)-10 * L mol s
% = (9.39 £0.36)-107*-[NO; | -[Fe(1I) ] (6)

The k values obtained in the current study (4.94.1078-3.31.10°°
s1), according to Eq. (4), were in agreement with the range of values
reported in the literature (3.89:10°8-2.78.107° s7L; Buchwald et al.,
20165 Jones et al., 2014; Rakshit et al., 2008). Additionally, the overall
second-order nitrite reduction rate constant (k’) calculated for the cur-
rent batch experiments (9.39-10 “mol L. 7' s 1) according to Eq. (6), was
also in concordance with the range of values (1.53-10’4—9.38~10’4 mol
L' s1) obtained for similar chemodenitrification experiments
(Benaiges-Fernandez et al., 2020; Rakshit et al., 2008; Robinson et al.,
2021).

3.3. Conceptual and numerical model

The model presented in the current study describes the coupled re-
action between chemical nitrite reduction and Fe(II) oxidation, linked to
the evolution of NO3 and N»O isotopic composition in a fully saturated
batch system and at a constant temperature of 25 °C. The linked nitrite
reduction and Fe(II) oxidation were considered a single-step process
expressed in reaction (R2) and quantified by Eq. (6). This is an overall
process simplification, as surface catalytic effects by direct and indirect
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Fig. 5. A) Natural logarithm of NO; concentration versus time. B) The pseudo-first-order rate constants versus the total aqueous Fe(I) concentration before NO5
reduction. The white, grey and black colors in A represent Sid, DFe and Sid+DFe, respectively. The error bars represent the standard error (SE) of duplicate samples,
and non-visible error bars are small and embedded within the data points. The analysis of the regression lines can be seen in Table 2.
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Table 3

CESW composition before and after equilibrating with Fe-minerals and mineral composition after equilibration for Sid, DFe and Sid+DFe cases.
Chemicals pH Eh Ca Mg K Na Cl S P C Fe(IDt Siderite Fe(OH)3

\% mM mM mM mM mM mM mM mM mM mM mM

CESW 8.62 0.60 0.16 1.24 2.55 6.44 5.75 1.42 0.04 2.36 - - -
CESW-Sid 6.53 0.17 0.16 1.24 2.55 6.44 5.75 1.42 0.04 5.95 0.05 5.04 3.54
CESW-DFe 3.11 0.69 0.16 1.24 2.55 6.44 15.75 1.42 0.04 2.36 1.46 - 2.42
CESW-Sid+DFe 5.48 0.25 0.16 1.24 2.55 6.44 15.75 1.42 0.04 4.40 3.51 6.58 3.54

sorption onto siderite are not considered in our model. The model does
not consider the formation of N,O(g) neither.

2NO; + 6H" + 4Fe*" -N,0 g + 4Fe*" 4 3H,0 (R2)

The change in the §'°N of NO3 during nitrite reduction has been
modeled according to first-order degradation kinetics described in Van
Breukelen and Prommer (2008) (Eq. (7)), where ¢ is the experimental
kinetic isotope fractionation, [6"Nno2l/([6'°NNoz] + [6'*Nyozl) is N
isotopic ratio of NOz, and d[NOz]/dt is the NO; degradation rate,
calculated from Eq. (6).

d[NO; | [6 15Nno2]
R = 7
o HEA dt  [8 15Nxo2] + [6 14Nyog] ¢ @
The prepared water composition obtained after the initial

geochemical calculations) (Table 3) with an initial nitrite concentration
of 1.18 mol L ™! and the amounts of siderite and amorphous Fe(IIl) hy-
droxide indicated in Table 3 have been considered as initial conditions
for the different batch experiments. In all cases, siderite, calcite and
amorphous Fe(Ill) hydroxide are left to precipitate or dissolve in equi-
librium. The average isotopic fractionation value from the experimental
data (¢ of —12.0 %o) was considered for Eq. (7). According to the
experimental data, all the models were run for 7 days in 70 equal steps.
Sensitivity cases have been run to account for k uncertainties.

The models well reproduced nitrite concentration experimental re-
sults in Sid, DFe and Sid+DFe. The same initial nitrite concentration,
which was taken as the average of three experimental sets, was slightly
lower compared to the initial nitrite concentration of the Sid experi-
ments, which accounts for the high nitrite experimental results. Similar
to the experimental data, 5-6%, 61-63%, and 84-86% of nitrite is
removed in Sid, DFe and Sid+DFe, respectively, and was paralleled with

>

NO," concentration (mmol L")

0.0 T T T

Days

an increase of 615NN02 value from —26.9 to —26.1 + 0.3 %o (Sid), —15.3
=+ 0.5 %o (DFe) and — 4.2 + 0.8 %o (Sid+DFe) in the remaining nitrite
(Fig. 6A). The isotope model could simulate 515NN02 at low NO3 con-
centrations, below analytical capabilities.

As the models simulate the total aqueous N3O generated in the so-
lution, modeled results overestimate measured N,O(g), as experimental
results measure the N3O diffused from the solution into the HS, which
only occurs in a small percentage (Fig. 6B). However, considering the
total NoO calculated using Henry's Law, comprising both the gas and
liquid phases N-O, the results align closely with the model results for
DFe and Sid, but slightly lower in the Sid+DFe (Fig. 6B).

Geochemical calculation with the GibbsStudio software indicated
that amorphous Fe-oxyhydroxide was formed in all the batch experi-
ments. Fe(OH)3(am) slightly increased from 3.5 to 3.7 mmol L' in Sid
and significantly increased from 2.2 to 2.9 mmol L™! in DFe and 3.5 to
5.5 mmol L™ in Sid+DFe. 0.1 and 1.5 mmol L™} of siderite were dis-
solved in Sid and Sid-+DI, respectively, and calcite did not form in any of
the models due to the low concentration of Ca ions in SW (Table 2). In
DFe and Sid+DFe models, more Fe(II) was oxidized, resulting in a higher
rate of nitrite reduction, forming more Fe-oxyhydroxides, which is
consistent with the experimental data as brown precipitates were
observed in DFe and Sid-+DFe experiments. The small amount of siderite
dissolved in Sid explains the slow nitrite reduction, as siderite dissolu-
tion is the only Fe(II) source. On the other hand, the large amount of
dissolved siderite in Sid+DFe may also contribute to improving nitrite
reduction, which is often observed in iron-rich environments (Buchwald
et al., 2016; Jones et al., 2015).

The numerical model could predict concentrations below detection
by our analytical techniques. While nitrous oxide was not detected in the
headspace of vials in the Sid experiments, the model successfully
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Fig. 6. A) NO3 concentration and 5'°Nyo, evolution over time for the three experiments. White, grey and black colors represent Sid, DFe and Sid+DFe, whereas
circles and diamonds indicate experimental NO, and 5Nno2, respectively, and lines are model results. B) Recovered N-N,O in gas phase (squares), calculated N-N,O
in liquid phase (plus inside squares), transformed N (plus) and simulated total N-N2O (lines) evolution over time. The thin outer lines represent the uncertainty due to
constant rate error. The error bars represent the standard error (SE) of duplicate samples, and non-visible error bars are small and embedded within the data points.
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predicted small amount of aqueous nitrous oxide concentration.
Consequently, it would be intriguing to consider monitoring the aqueous
nitrous oxide concentration in future denitrification and chemo-
denitrification experiments. At the laboratory scale, it will require a long
time to study nitrite reactivity with only siderite due to the low reac-
tivity as in our case, but our numerical model provides an essential
advantage of its ability to predict the reactivity of nitrite and only
siderite over extended periods beyond the laboratory range. Our model
could also be used as a tool for similar experimental studies and field
applications.

4. Conclusions

This study investigated the reaction of NO5 by Fe(II) oxidation using
chemical, isotopic data and numerical modeling. Results showed that
the reactivity of siderite alone was low, removing only 3% of nitrite from
the water. Dissolved Fe(II) induced nitrite reduction without a mineral
catalyst, achieving 54% of nitrite removal. The NO; reduction rate was
enhanced when dissolved Fe(II) was mixed with siderite, removing 84%
of nitrite from the solution. The calculated nitrogen of nitrous oxide in
the gas and liquid phases was equal to the nitrite nitrogen transformed in
water, showing that NoO was the final product generated. This also
suggested N2O leakage through the butyl rubber stoppers, and the for-
mation of intermediary NO did not occur in our experiments. Henry's
Law showed that 50 to 98% of the total NoO generated in water was
dissolved, and low N3O recovery in the headspace of the vials was
attributed mainly to low diffusion of aqueous N»O. The isotopic frac-
tionation (¢) and site preference (SP) values calculated were —12.0 +
1.4 %o and 22.5 + 0.7 %o for DFe, respectively, whereas for Sid+DFe
were —13.0 £ 1.1 %o (&) and 23.5 + 0.5 %o (SP). The isotopic data in this
study showed that the main process for nitrite reduction in the experi-
ments was chemodenitrification.

The present study developed a geochemical model describing the
oxidation-reduction reaction between Fe(II) and nitrite and nitrous
oxide production according to a second-order kinetics that could simu-
late the experimental results. The evolution of §'°N of NO3 was repro-
duced following the first-order kinetics. The experimental conditions of
our study, coupled with nitrite and nitrous oxide isotopic data, the
Rayleigh distillation equation and the geochemical model complemen-
tary tools, showed that chemodenitrification was the main nitrite
attenuation process and that the influence of biological processes was
limited. This study underscores the applicability of abiotic nitrite
reduction concentration and isotope models across diverse experimental
and field scenarios to understand nitrogen species reaction abiotic
pathways.
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Table S11. The internal working standard (IWS-NO2) used for the calculation of nitrite and nitrous
oxide concentration measurement

IWS NO2 (hmol)  Peak Amplitude (mV) Peak Area (V2S)  6®0-NO; (%o) 6°N-NO; (%o)

75 3631 9.228 30.392 -18.526
75 3689 9.269 30.424 -18.639
150 7202 19.118 30.567 -18.627
150 6937 18.326 30.527 -18.625
225 10693 30.914 30.757 -18.423
225 10545 30.133 30.818 -18.397
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Table S2. The distribution of the liquid phase N,O and gas phase N,O during N transformation in
abiotic nitrite reduction
Residual NO;>  Transformed Gas phase Liquid phase

Days

mM N-NO; mM N-N,O mM N-N,O mM
0.1 1.0612 0.0000 0.0071 0.0179
0.3 1.0937 0.0325 0.0076 0.0192
0.6 0.9774 0.1163 0.0449 0.1125
1.0 0.8600 0.2338 0.0694 0.1739
1.2 0.8953 0.1985 0.0571 0.1432
Sid+DFe 1.3 0.8285 0.2653 0.0832 0.2086
2.0 0.6962 0.3975 0.1113 0.2792
3.0 0.5249 0.5688 0.1436 0.3602
4.0 0.4780 0.6157 0.1633 0.4095
6.0 0.1652 0.9286 0.1837 0.4606
6.7 0.1894 0.9043 0.1870 0.4690
0.1 1.1131 0.0000 0.0006 0.0015
0.3 1.0935 0.0196 0.0059 0.0147
0.6 1.0685 0.0446 0.0174 0.0435
1.0 1.0089 0.1042 0.0338 0.0848
1.2 1.0162 0.0969 0.0287 0.0719
DFe 1.3 1.0211 0.0920 0.0458 0.1147
2.0 0.8203 0.2928 0.0825 0.2069
3.0 0.5895 0.5236 0.1538 0.3857
4.0 0.6237 0.4894 0.1646 0.4127
6.0 0.5459 0.5672 0.1945 0.4877
6.7 0.5125 0.6006 0.1617 0.4056
1.0 1.2181 0.0000 0.0000 0.0000
. 2.0 1.1766 0.0414 0.0000 0.0000
Sid 3.0 1.1766 0.0500 0.0057 0.0074
7.0 1.1681 0.0414 0.0008 0.0010
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Table S3. Concentration of NO, and N,O(g) (mM), §*°N of NO, and N,O(g) and SP (%o) analyzed in
Sid, DFe and Sid+DFe. NA means not analyzed, and NC means not calculated
Residual NOz Recovered Nzo 515NN02 518NN02 615NbU|szo SP

Days

mM mM %0 %0 %0 %0
0.1 1.0612 0.0071 262994  -17.9  -52.5940 NC
0.3 1.0937 0.0076 251544  -17.7 NA NC
0.6 0.9774 0.0449 -23.8294 -16.6 -46.5060  24.1380
1.0 0.8600 0.0694 -22.7324 -17.8 -43.9640 NC
1.2 0.8953 0.0571 -22.6404  -19.3 -44.8650 NC
Sid+DFe 1.3 0.8285 0.0832 -23.4644 -18.7 -44.0740 NC
2.0 0.6962 0.1113 -20.9474  -20.4 -42.0240 NC
3.0 0.5249 0.1436 -15.1744  -22.9 -40.7510  23.3820
4.0 0.4780 0.1633 -15.8854  -24.5 NA NC
6.0 0.1652 0.1837 -33.4464 -24.7 -36.5570 NC
6.7 0.1894 0.1870 -29.4954  -26.8 -36.5460  23.0820
0.1 1.1131 0.0006 -26.3984  -17.5 -57.1110 NC
0.3 1.0935 0.0059 254614 -17.4  _52.3840 NC
0.6 1.0685 0.0174 -25.7134  -19.6 452720 21.6880
1.0 1.0089 0.0338 249944  -20.8  _44.0955 NC
1.2 1.0162 0.0287 -24.1044 -20.7 -44.5430 NC
DFe 1.3 1.0211 0.0458 -23.1254  -20.2 -44.9320 NC
2.0 0.8203 0.0825 -21.8054 -18.4 -44.1310 NC
3.0 0.5895 0.1538 -15.4304  -21.7 -39.8350 22.9580
4.0 0.6237 0.1646 -18.1064  -23.4 NA NC
6.0 0.5459 0.1945 18.3634  -243 386350 NC
6.7 0.5125 0.1617 -18.0064  -24.1 386380 22.8120
1.0 1.2181 0.0000 -26.7954  -18.3 NA NC
.ig 2.0 1.1766 0.0000 -26.7434  -17.6 NA NC
3.0 1.1766 0.0057 -26.0254 -18.8 -39.8460 NC
7.0 1.1681 0.0008 -26.3874  -16.5 -40.9140 NC
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Fig. S1. A plot of the amount of nitrite and the peak amplitude of the IRMS for the determination of
nitrite and nitrous oxide concentration
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Fig. $3. Evolution of pH and Eh in Sid, DFe and Sid+DFe.
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ARTICLE INFO ABSTRACT

Keywords:

Isotopic fractionation
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Permeable reactive barrier

Soil aquifer treatment

Nitrification

Denitrification

Soil Aquifer Treatment (SAT) is used to increase groundwater resources and enhance the water quality of
wastewater treatment plant (WWTP) effluents. The resulting water quality needs to be assessed. In this study, we
investigate attenuation pathways of nitrogen (N) compounds (predominantly NH{) from a secondary treatment
effluent in pilot SAT systems: both a conventional one (SAT-Control system) and one operating with a permeable
reactive barrier (PRB) to provide extra dissolved organic carbon to the recharged water. The goal is to evaluate
the effectiveness of the two systems regarding N compounds by means of chemical and isotopic tools. Water
chemistry (NO3, NHZ, Non-Purgeable Dissolved Organic Carbon (NPDOC), and O3) and isotopic composition of
NO3 (8'°N-NO3 and §'®0-NO3) and NHf (8'°N-NHZ) were monitored in the inflow and at three different
sections and depths along the aquifer flow path. Chemical and isotopic results suggest that coupled nitrification-
denitrification were the principal mechanisms responsible for the migration and distribution of inorganic N in
the systems and that nitrification rate decreased with depth. At the end of the study period, 66% of the total N in
the solution was removed in the SAT-PRB system and 69% in the SAT-Control system, measured at the outlet of
the systems. The residual N in solution in the SAT-PRB system had an approximately equal proportion of N-NHZ
and N-NO3 while in the SAT-Control system, the residual N in solution was primarily N-NOs3. Isotopic data also
confirmed complete NO3 degradation in the systems from July to September with the possibility of mixing newly
generated NO3 with the residual NO3 in the substrate pool.

1. Introduction contaminants of emerging concern (CECs). In manure and wastewater, N

is mainly found as ammonium (NH}) which, under aerobic conditions, is

Nitrogen (N) pollution has become an important threat to water re-
sources (Ren et al., 2014; Shi et al., 2019). Anthropogenic activities
involving intensive fertilizer application and animal waste disposal
represent the main global sources of N contamination (Arauzo, 2017;
Zirkle et al., 2016). Furthermore, domestic, and industrial wastewater
and septic-system effluents also serve as a significant source of N and

oxidized to nitrate (NO3) (nitrification) as
NH; +20,—NO; +2H" + H,0 (@D

Nitrate contamination impairs its quality (Bourke et al., 2019). This
fact has gained global attention in recent years as NO3 concentrations
have been broadly reported above the 50 mgNO3/L drinking water
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threshold value (European Union, 2006; 1991). The ingestion of NO3
contaminated water is linked to health hazards such as methemoglobi-
nemia in infants and young children (WHO, 2004) and stomach cancer
(Volkmer et al., 2005). Furthermore, nitrate is usually the limiting factor
for algal growth, so increasing its concentration leads to eutrophication
of groundwater dependent water bodies (Withers et al., 2014).

The main natural process to remove NOj3 in aquifers is the reduction
of NO3 to dinitrogen gas (Nz¢g)) through a sequence of microbial
reduction reactions (denitrification) (Korom, 1992; Matchett et al.,
2019) (Fig. 1).

NO3 + 12H* + 10e” =N, + 6H,0 2)

Natural attenuation of NO3 can occur in anaerobic conditions in
groundwater with oxygen levels below 1-2 mg/L (Singleton et al.,
2007). Denitrifying bacteria responsible for these transformations are
ubiquitous in surface and subsurface waters (Beauchamp et al., 1989)
and they are predominantly facultative anaerobic denitrifying hetero-
trophs generating energy for growth and cell synthesis via the oxidation
of organic compounds

CH,O0 +2NO; + 7H" 4 6e” =N, + HCO; + 4H,0 3

Autotrophic denitrifiers in groundwater use reduced inorganic
compounds such as pyrite, sulfide, sulfite, S% HS™, Fe(Il), Mn(II) and Hy
as electron donors. Nonetheless, numerous studies have shown that the
availability of electron donors is the main limiting factor for denitrifi-
cation under natural aquifer conditions (King et al., 2012; Pabich et al.,
2001). Other nitrogen attenuation pathways include (1) ammonium
(NHJ) oxidation to nitrogen gas (Na(g)) using nitrite (NO2) as the elec-
tron acceptor in anaerobic conditions (anaerobic ammonium oxidation,
or Anammox)) (2) anaerobic respiration by microorganisms using ni-
trate as electron acceptor (dissimilatory nitrate reduction to ammonium
(DNRA)) and (3) plant uptake (assimilation). The main reactions
involving the N transformation pathways are summarized in Fig. 1.

Microbial-mediated reactions tend to alter the distribution of the
isotopes between the substrate and product pools. For this reason, stable
isotopes of N in compounds such as NO3 and NHZ (5'°N-NO3, 5'80-NO3
and 5'°N-NHY) have been successfully used to study and characterize
natural and induced denitrification processes (Adebowale et al., 2019;
Carrey et al., 2013; Margalef-Marti et al., 2019) as well as nitrification
processes (Castellano-Hinojosa et al., 2020).

Biologically enhanced denitrification (BED), which involves the
biological stimulation of heterotrophic denitrification, has become a
strategy to create optimized conditions by providing an external elec-
tron donor source in the aquifer (Critchley et al., 2014; Gibert et al.,
2019; Margalef-Marti et al., 2019). This technology has evolved over the
past decade in an attempt to clean up NO3 in groundwater to regulatory
limits at a low cost. BED has been evaluated in several contexts and

Aerobic conditions
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approaches like ex-situ groundwater remediation techniques (Bat and
Mayer, 2008) and in situ bioremediation techniques such as in (I) arti-
ficial recharge ponds (Grau-Martinez et al., 2018), (II) permeable reac-
tive barriers (PRB), reactive media installed perpendicular to flow path
(Gibert et al., 2019; Valhondo et al., 2014) and (III) carbon injection
systems (Critchley et al., 2014; Margalef-Marti et al., 2019).

Soil Aquifer Treatment (SAT) is a technique often employed to
augment groundwater resources and improve water quality in water-
stressed zones by promoting the infiltration of effluents from waste-
water treatment plants (WWTPs) (Drewes, 2009; Maeng et al., 2010).
Conventional wastewater treatment removes a large fraction of the
biochemical oxygen demand and suspended solids from wastewater
(Jokela et al., 2017; Naidoo and Olaniran, 2013) but is deficient in other
water quality indicators such as N and organic compounds, such as CECs
(Sonune and Ghate, 2004; Valhondo et al., 2014). N species and CECs
are frequent in WWTP effluents (Diaz-Cruz and Barcelo, 2008; Kuster
et al., 2010; Maeng et al., 2010). The implementation of a PRB based on
organic substrates at the bottom of infiltration basins has proven to in-
crease the removal of NO3 and CECs from the recharged water SAT-PRB
system using plant-based compost as reactive barriers has proven to
successfully promote BED in artificial recharge ponds (Grau-Martinez
et al., 2018). The barrier operates by releasing dissolved organic carbon,
which acts as the electron donor to stimulate the consumption of diverse
electron acceptors, including NO3 and favouring the CECs’ biotrans-
formation, improving the recharged water quality, and reducing NO3
leakage to the aquifer (Valhondo et al., 2015). The nitrogen cycle and
the attenuation of organic contaminants across PRBs must be evaluated
during the application SAT-PRB to assess its effectiveness. The rate of
denitrification in SAT systems applying PRBs has shown to vary over
time and is a function of the NO3 concentration reaching the reactive
media, the residence time of NO3 within the reactive media and tem-
perature (Robertson et al., 2008). Furthermore, wastewater often con-
tains N as NHj rather than NO3z, affecting the efficiency of the SAT-PRB.

This work evaluates two pilot SAT systems that receive secondary
treatment effluent from a WWTP located in the North of Catalonia,
Spain. One system has a PRB consisting of plant compost blended with
sand and a small fraction of clay (SAT-PRB system, T4) and the other has
no PRB (SAT-Control system, T2) Fig. 2. The biochemical processes
controlling the migration and speciation of the N compounds in the
wastewater effluent are investigated to:

(1) understand the nitrogen cycle during SAT operations, so as to
(2) understand the prevailing processes affecting N in SAT, and to
(3) evaluate the potential of SAT and SAT-PRB to remove N

Anaerobic conditions

Plants  Assimilation _

1 NO, — NH,* DNRA

N3 N*3 _ N+5 / N*2 N+2 N+t NO

NH/* NO, NO; NO, —> NO — N,O0—— N, Denitrification

Nitrification \
NH,* —NO,
\ \
\’ N,  Anammox

Fig. 1. Biogeochemical processes controlling the fate of N compounds in groundwater. Each coloured arrow indicates a specific N transformation pathway.
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Fig. 2. A) General view of the experimental site, including recharge and discharge areas, piezometer sections and replicates T1 to T6; B) Cross-section and plan view
of each system and monitoring points: O, A, B and C are the sampling sections along the flow path, INF = inflow water and E = outflow water; 1, 2 and 3 are the three
sampling piezometers at each section (Deep, Middle and Shallow, respectively). A detailed description can be found in (Valhondo et al., 2020a,b).

2. Materials and methods

2.1. Site description

Six mesoscale SAT systems, named from T1 to T6, were built in the
facility of a WWTP (Fig. 2A and B). Each system consists of a 15 x 2.38
x 1.5 m (length x width x height) sand canal, emulating the aquifer,
coupled to a 1.5 x 2.38 x 1.15 m box emulating the infiltration basin.
The infiltration box was filled with fine sand (¢ = 0.1-0.2 mm) in the
SAT-Control system (T2) and with a 1 m thick PRB in the remaining
tanks. Plants were left to grow naturally at the surface of the infiltration
areas and sand canals. Different plants, primarily grama grass, grew
immediately after construction. The bottom 40 cm of each system was

filled with coarse sand to favour the vertical flow to the discharge pipe
(Fig. 2B). The systems were fed, during recharge episodes, with the
effluent of the secondary treatment of the WWTP using PRIUS dosing
pumps (EMEGC, Rieti, Italy). The elevation of the discharge pipe, which
collected the water from the bottom of the system, controlled the head in
the outlet.

Ten piezometers were installed in each system for sampling and
monitoring three distances from the infiltration area and at three depths.
Piezometer “O” is a completely screened crosswise piezometer located
just below the infiltration basin (Fig. 2B). Three 10-cm screened pie-
zometers (1 at 1.3-1.4 m, 2 at 0.8-0.9 m, and 3 at 0.3-0.4 m depth) were
placed in three sections (A, B, and C, at 1.5, 6.5, and 12.5 m from the
recharge area, respectively) (Fig. 2B). Additionally, the inlet and outlet
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of each system were sampled and monitored frequently. A detailed
description of the systems can be found in (Valhondo et al., 2020b).

2.2. System performance and sampling collection

Four recharge episodes were performed during 2018. The first one
lasted 27 days (from January, 5th through February, 1st) and aimed at
conditioning the systems. The second, third and fourth recharge epi-
sodes (RE-2, RE-3 and RE-4) lasting 126 days (February to June), 65
days (July to September), and 74 days (October to January 2019),
respectively, aimed at studying the performance of the systems.

An average flow rate of 0.4 m/d fed each system in all four recharge
episodes. During these episodes, water samples were collected from the
inlet, the monitoring points and the outlets of the systems for chemical
and isotopic analyses. Field parameters (Oy, pH, Eh, Electrical Con-
ductivity, and temperature) were measured during sampling using a
multiparameter probe (YSI, Yellow Spring, OH, USA).

2.3. Analytical methods

Samples for Non-Purgeable Dissolved Organic Carbon (NPDOC) and
chemical analyses were collected in muffled glass bottles, filtered
through 0.22 pm membrane filters, acidified with HCl (for NPDOC
analysis) or HNOj3 (for cations determination) and stored at 4 °C. NPDOC
was measured with a TOC-VCSH analyser Shimadzu (Kyoto, Japan).
Cations were analysed by inductively coupled plasma optical emission
spectroscopy (ICP-OES) using an iCAP 6500 instrument (Thermo Fisher
Scientific, Massachusetts, USA). NHJ was analysed using an ORION Ion-
Selective Electrode (ISE, Thermo Fisher Scientific, Massachusetts, USA).
The main anions were measured by ion chromatography (IC) using a
Dionex AQUION (Dionex, Sunnyvale, CA, USA) with an Ionpack AS9 2
x 250 mm column and NapyCO3 9 mM solution as eluent. Samples for
NH{, §'N-NHY, 5'°N-NO3, and 5§'%0-NOj3 analysis were kept frozen
until analysed.

2.4. Isotopic methods

The nitrogen and oxygen isotopic abundance in nitrate (5'°N-NO3
and 618O—NO'3) were analysed using the cadmium (Cd) and sodium azide
(NaN3) reduction methods (Mcllvin and Altabet, 2005; Ryabenko et al.,
2009). The nitrogen isotopic abundance of NHJ (615N—NHI ) was
measured using the sodium hypobromite (NaBrO) and sodium azide
reduction methods (Ryabenko et al., 2009; Zhang et al., 2007).

The standards used were the Vienna Standard Mean Oceanic Water
(V-SMOW) for 6180—NO§, and 5180—NO'2 analyses and AIR (Atmospheric
Ny) for 615N—NO'3 analyses. To correct the 615N—N0’3 and 6180—NO’3
values, three international standards (USGS 32, 34 and 35) and one
internal laboratory standard (CCIT-IWS-NO3) were used. To correct
615N—NHf{ , two international standards (USGS-25 and IAEA-N2) and
two internal laboratory standards (CCIT-IWS-NO2 and CCIT-IWS-NH4)

Table 1
Standards and reproducibility for isotopic analysis. International and laboratory
(CCiT) standards used for the normalization of the results.

Analysis Standard Reference value [%o] Reproducibility (16)
5'N-NO3 USGS-32, +180.0 +1.0%0
USGS-34, -1.8
USGS-35 +2.7
CCiT-IWS +16.9
5'80-NO3 USGS-32, +25.3 +1.5%0
USGS-34, -27.9
USGS-35 +57.3
CCiT-IWS +28.5
S N-NHF USGS-25 —-30.4 +1.0%0
IAFA-N2 +20.3
CCIT-IWS-NO2 -28.5
CCIT-IWS-NH4 -0.8
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were employed (Table 1). The samples for chemical and isotopic ana-
lyses were prepared at the laboratory of the MAiMA-UB research group
and analysed at the Centres Cientifics i Tecnologics of the Universitat de
Barcelona (CCiT-UB).

3. Results

Results of NHZ, NO3, NPDOC and O, concentration and isotopic data
are available as Supplementary information (Table S1).

3.1. Chemical and isotopic results of inflow water

The average NHJ concentration of the inflow water during RE-2, RE-
3 and RE-4 varied significantly ranging from 0.93 to 5.54 mM. The
measured NHJ in the inflow water was higher during RE-3 (average of
4.2 mM, SD = 0.7, n = 20) while RE-2 and RE-4 measured similar NH}
concentrations (Fig. 3). NO3 in the wastewater was below the detection
limit (<0.01 mM) during all recharge episodes. The average O,
measured was 0.27 mM (SD =0.14,n=18),0.12mM (SD = 0.09,n =7)
and 0.20 mM (SD = 0.03, n = 2) during RE-2, RE-3 and RE-4 respec-
tively. RE-2 measured maximum and minimum NPDOC concentrations
of 2.11 mM and 1.08 mM, respectively with an average of 1.41 mM and
RE-3 measured maximum and minimum concentrations of 1.48 mM and
1.10 mM, respectively with an average concentration of 1.31 mM and
RE-4 measured an average NPDOC concentration of 0.94 mM.

The 8'®>N-NHJ of the inflow water showed considerable constant
values with an average of +9.6%o (n = 8 and SD = 0.80).

3.2. Chemical and isotopic results along the flow path of the systems

The average concentration of NHj, NO3, NPDOC and O, measured at
the sampling points are shown in Fig. 3. RE-2 and RE-4 had similar NHf
concentrations whereas slightly higher values were observed in RE-3
(Fig. 3) in both systems. For the 3 recharge episodes studied in both
systems, NH4 concentration progressively decreased from O to C and
slightly increased from C to the outlet (E) for all recharge episodes. RE-2
showed a slight increase of NH4 from O to A (Fig. 3). The NO3 con-
centrations displayed similar behaviour in both systems; measured NO3
concentrations were very low at O, A and B and significantly increased
from C to the outlet (E) during all the recharge episodes (Fig. 3). NPDOC
concentration showed, overall, a decrease from the inflow water, which
showed no significant differences between recharge episodes, to the
outlet (Fig. 3). The NPDOC concentration in the SAT-PRB increases at O
compared to the inflow due to the DOC release from the RB, especially
during RE-2 (2.065 + 0.12 mM) and RE-3 (1.965 + 0.46 mM) (Fig. 3).
NPDOC concentration in the SAT-PRB system decreased progressively
from O to E due to the oxidation of DOC. The concentration of O,
decreased from the inlet (INF) to O in both systems during the three
recharge episodes (Fig. 3). The Oz concentration remained practically
the same from the O to C and showed a slight increase from C to E except
in RE-4 in both systems (Fig. 3).

3.3. Chemical and isotopic results with depth in the systems

Detailed profiles of NH}, NO3, NPDOC and O, with depth at 1, 2 and
3 points of A, B and C sections are presented in the supporting infor-
mation (Table S2) and summarized in Fig. 4, where boxplots represent
samples belonging to all the different depths at each section for each
recharge episode. The concentration of NHJ displayed an increasing
profile with depth in monitoring points of section C of both systems and
section A of the SAT-Control system, with an increase and a slight
decrease in section B of both systems. NHJ in the SAT-PRB system at
section A which was high at the top showed decreasing and an
increasing profile with depth (Fig. 4A). NO3 concentration showed no
important change with depth at all sections in both systems (Fig. 4B).
The NPDOC decreased from the top to the bottom at all sections of the
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Fig. 3. Boxplots of NH4, NPDOC, O, and NO3 aqueous concentration for all recharge episodes along the flow path. A scheme showing sections along the systems is
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system and the second boxplot (dark grey) = SAT-PRB system.

SAT-PRB system while exhibiting no significant decrease at all the sec-
tions of the SAT-Control system. The NPDOC in SAT-PRB systems was
significantly higher due to the release of DOC from the RB (Fig. 4C). Oy
also slightly decreased from the top to the bottom of the systems at all
the sampling points (Fig. 4D). The isotopic composition of NHj
(615N—NHZr ) in the SAT-Control system ranged from +8.4%o to +29.4%o
where the lowest values were found in sample points O (just below the
PRB) and the highest values were observed in sample points B and slight
decrease afterwards at C and the outlet (Table S1). 615N—NO'3 and
5'80-NO3 ranged from +4.6%o to +27%o and from +9.2%o to +41.9%o,
respectively, where the highest values were observed in sample point O
and decreased along the flow path with the lowest values observed in the
outlet (Table S1). The isotopic composition of 615N—NHI in the SAT-PRB
system ranged from +9.6%o to +34.7%o where lower values were found
in sample points O and increased along the flow path with the highest
values observed in sample points C and slightly decreased at the outlet
(Table S1). 8*>N-NO3 and 8'®0-NO3 ranged from +5.6%o to +22.9%o
and from +10.5%o to +38.2%o, respectively, where the highest values
were observed in sample points A and decreased along the flow path
with the lowest values observed in the outlet (Table S1).

4. Discussion
4.1. Ammonium migration and transformations: spatial variability

The inflow water employed in the systems showed NHJ concentra-
tions ranging from 0.93 to 5.54 mM, with §!°N-NHZ ranging from
+8.2%0 to + 10.4%c. These values are in agreement with an organic
pollution source (Smith and Miller, 2006) as expected since the inflow
water is urban wastewater and a wastewater discharge from nearby
hospitals. NH4 concentration in the inflow water showed an annual
maximum in summer attaining a peak concentration in September
(Fig. 6) which could be attributed to the population increase that dou-
bles during summer months, linked to tourism, which implies a higher
sewage input of organic N.

Microbial oxidation of NHj to NO3 (nitrification) appears to be the
main transformation mechanism of the inorganic N (NH + NO3) spe-
cies in the systems. During nitrification, NH4 concentration decreases
coupled with an Oy decrease and an increase of NO3 concentration along
the flow path. Considering nitrification as the only reaction that pro-
duces the decrease of NHJ in the systems, an increase of NO3 is expected
following the stoichiometry of the reaction (Eq. (1) and (1) mol of NO3).
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However, the measured NO3 concentration in the field does not match
this stoichiometry. Total N measured in water is below the expected
value, suggesting that other processes may be responsible for N removal.
The deficit in N (Ngeficit) along the flow path in the systems (Fig. 5) can
be calculated as the difference between the total N in the inflow water
and the residual N dissolved in solution (Eq. 4).

Nueeie = N-NH; INF — (N-NH; res + N-NO; res) @

where N-NHgr is the NHZ concentration in the inflow water (nitrate
was negligible in the inflow, Table S1), N-NHg4s and N-NOg are the
residual concentration of NHj and NO3 in each sample point in the
system. The observed N deficit can be explained either by NH} con-
sumption or by another process such as sorption of NHj (Alshameri
et al., 2018; Fidel et al., 2018; Wang et al., 2015) or plant assimilation
(Desimone and Howes, 1998; Lusby et al., 1998) or due to contempo-
raneous production and consumption of nitrates (coupled
nitrification-denitrification reaction) (Kim et al., 1997; Lusby et al.,
1998; Smith et al., 2006) or Anammox reactions (Burgin and Hamilton,
2007; Castro-barros et al., 2017). In fact, genetic analyses of the mi-
crobial communities present in the barriers demonstrate a potential for
all these microbially mediated processes to occur (Hellman et al., 2022).
Clay is a component of the PRB and it could provide sorption sites for
cation exchange. Since no isotopic fractionation is expected during
sorption, comparing the ¢!>N-NHJ for the different recharge periods
cannot confirm or discard its occurrence. Still, sorption will not affect
dramatically long-term N removal processes because its main effect is to
buffer inflow fluctuations, which is confirmed by the fact that similar
¢'>N-NHZ was observed in the SAT-PRB system in all recharge episodes
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(Table S1) and explained further in the section dealing with isotopic
fractionation.

Plant assimilation could be relevant in the recharge area, especially
during plant growth at the beginning of the study. Nevertheless, plant
assimilation is reduced once plants are fully grown, and plant decay can
also contribute as a source of organic N in the systems. Denitrification
can also be important, especially after infiltration, when O concentra-
tion is low. The latter hypothesis is confirmed using the §'°N and §'80 of
NOg3 since the highest values for these parameters were observed at O
and A in both the SAT-Control and SAT-PRB systems. This suggests that
part of the NO3 produced by nitrification is quickly reduced due to the
low Oy and high NPDOC. A plot of 1°N vs. 180 confirms that denitrifi-
cation is taking place in the systems (Fig. 7 C).

During the RE-2 and RE-3, NHJ concentration removed along the
SAT-PRB system was significantly higher than in the SAT-Control system
(Fig. 3A). More efficient nitrification was expected in the SAT-Control
system, than in the SAT-PRB system where O is used to degrade its
higher NPDOC, thus inhibiting nitrification as reported in previous
groundwater and nitrifying biofilm studies (Jie et al., 2009; Ling and
Chen, 2005). The unexpected higher removal rate of NHj may be linked
to sorption but the higher §'°>N-NHJ values measured in the SAT-PRB
system support that nitrification was higher in this system. We attri-
bute this paradox to the NO3 produced from nitrification of NH{ is then
denitrified upon reaching the PRB due to reducing conditions created at
the reactive barrier base (O) as the NPDOC consumes O, in the inflow
water.

Fig. 6. (A) % distribution of residual NHJ in solution
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100 at E; (B) % distribution of residual NO3 in solution at
E; (C) the % of N (NHf + NO3) removed from the
(= . .
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=] tems. Grey circles represent the SAT-Control system,
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degradation in systems, (C).

4.2. Nitrate production and reduction: spatial variability

No significant change in NO3 concentration along the flow path from
O to C was observed but a significant increase at the outlet was detected
in both systems. The increase in NOs at the outlets (E) could be
explained by an increased nitrification rate favored by flux of Oy, which
we attribute to the grama grass prevalent in the canals. The isotopic
evolution of NO3 along the flow path showed typical denitrification
trends suggesting that this reaction could be taking place. Both nitrifi-
cation and organic carbon oxidation favour anoxic conditions in the
systems; the observed NO3 reduction could, therefore, be linked to
NPDOC consumption providing energy for denitrifying bacteria. None-
theless, dissimilatory NO3 reduction to NHj (DNRA) might have
contributed to NO3 removal as well. However, the Ngeficit (Eq. (4))
observed cannot be explained by DNRA suggesting that denitrification
was the principal NO3 removal process.

At each particular section, maximum NHJ accumulation was
observed at the bottom of the systems (Fig. 4) suggesting that the rate of
nitrification decreased with depth. More aerobic conditions prevailing
in the shallower part of the systems favored nitrification resulting in
higher nitrification occurring at the top of the systems which is consis-
tent with studies on nitrification-denitrification rates reported in the
literature (Kim et al., 1997; Smith et al., 2006). The upper points of our
systems are in contact with the atmosphere so oxygen diffusion can
account for these higher values at the top. Maximum NO3z was not
observed at the top of our systems due to the contemporaneous pro-
duction and consumption of NO3 The higher rate of nitrification at the
top of the systems produced a higher consumption of O, creating anoxic
conditions for denitrification to occur. This assumption is consistent
with the high concentration of NH; and low O, observed at the bottom
of the systems (Fig. 4).

In the SAT-Control system, NPDOC decreases with depth but the
variability of SAT-PRB is due to the release of DOC from the barrier and

the different travel times of the water at the bottom of the systems. The
water flow in the bottom of the systems is slower than in the middle and
the top of the systems where flow is faster (based on the tracer tests
performed data not shown). Therefore, the water flowing through the
bottom of the systems has more time for the DOC to degrade.

4.3. Temporal variability of NO3 and NHJ production and reduction
rates at the outlet

It was observed that the processes responsible for N attenuation in
the systems were more effective during RE-3 (July to September) as NHf
concentration decreased from 4.19 mM in the inflow to 0.69 mM at the C
section in the SAT-Control system and 0.58 mM in the outlet of the SAT-
PRB system (Fig. 3). Low residual NO3 concentration was measured
suggesting a high denitrification rate during RE-3. For example, 31.5%
(RE-2), 7.2% (RE-3) and 28.9% (RE-4) of the total N were measured in
the SAT-Control system and 18.7% (RE-2), 8.5% (RE-3) and 10.8% (RE-
4)) of the total N was measured in the SAT-PRB system at the outlet.
Temperatures measured at the infiltration water increased from 12.0 °C
to 24.2 °C (March to May) during RE-2, from 26.1 °C to 29.3 °C (July to
September) during RE-3 and decreased to 15.4 °C from October to
December during RE-4. High N attenuation during RE-3 could be
attributed to the high temperature and the rapid acclimatization of the
latent denitrifying bacteria at the beginning of RE-3 (Margalef-Marti
et al.,, 2019). The dry periods between the recharge episodes did not
significantly influence N attenuation in the systems. At the start of RE-2,
RE-3 and RE-4, the latent biomass community might have quickly
adapted when recharge resumed.

During 3 days in March 2018, residual N at the outlet (E) of the
systems was higher than the total inorganic N (NHf + NO3) in the
inflow water (INF) (Fig. 6C). This reflects the sudden drop in inflow
concentration due to a storm (a unitary sewage system feeds the WWTP
so that wastewater is diluted during rain events). It is therefore assumed
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zero N removal in the systems during this period (February 16, 2018 to
March 27, 2021) as depicted in Fig. 6C.

Residual inorganic N progressively decreased in the outflow of the
systems beyond the March event (dotted line in Fig. 6C). Biomass growth
and adaptation in the systems coupled with the increasing temperatures
during the warm period may have increased the N removal rates,
thereby, decreasing the residual inorganic N along time. The average N
removal rate increased from 31% of the total discharged N (RE-2) to
72% (RE-3) and from 38% (RE-2) to 65% (RE-3) in the SAT-Control and
the SAT-PRB systems respectively (Fig. 6C). In both cases, the % increase
of the N removal rate from RE-2 to RE-3 suggests that temperature
played a significant role in the N removal from the systems (Fig. 6C).
Still, while acknowledging the impact of temperature, the fact that N
removal continued to increase during RE-4 when temperatures dropped,
suggests that microbial community growth and adaptation also played a
significant role. The NH} progressively decreased from 72% to 4% of
total N inflow in the SAT-Control system and 67%-16% in the SAT-PRB
system while NO3 decreased from 54% to 27% (0.80 mM) of total N
inflow in the SAT-Control system and from 75% to 18% in the SAT-PRB
system measured at the outlets at the end of the study period (Fig. 6B).
The significant fluctuations observed may be attributed to the compo-
sition of the recharge water during the recharge episodes, fluctuations in
the inflow concentrations (population seasonality and rainfall), and
variations in biomass during non-recharge periods, which affect the
prevailing reactions. The residual N measured at the outlet of both
systems are very similar. However, differences were observed in the
dominant N species measured at the outlet of the two systems and the
recharge periods. For the SAT-Control system, during RE-2, NH4 was the
main N form (1% NO3 and 29% NH, ), during RE-3 an approximately
equal proportion of NO3 and NHZ was observed (14% NO3 and 13%
NH{) and finally, during RE-4 NO3 was the dominant species (27% NO3
and 4% NHZ) (Fig. 6A and B). For the SAT-PRB system, NHJ was also the
dominant species (2% NO3 and 32% NHY) in RE-2, and during both RE-
3 and RE-4 an approximately equal proportion of NO3 and NHj was
observed (16-18% NO3 and 13-16% NHZ) (F ig. 6A and B).

4.4. Isotopic fractionation

NHj{ and NOs- transformations are often characterized by isotopic
fractionation (Casciotti et al., 2003; Mariotti et al., 1981), which reflects
that reaction rates depend on the isotopes (Casciotti et al., 2011). The
degree of fractionation is affected by the extent of substrate consump-
tion, and processes that compete for the substrate (Wankel et al., 2007).
The magnitude of fractionation is characterized using the Rayleigh
distillation equation, which expresses a power law relationship between
the evolution of the isotopic ratio (R = §+ 1) and that of the species
concentration, or more conveniently.

chsidua] Crcsidua]
Ln( Rinitial ) —¢ Ln( Cinitial > )
where ¢ is the isotope enrichment factor. This equation can be linearized
as.

Oresidual = € (1 + Einitial)Ln(Cresidual /Cinitial>' Indeed’ a linear correla-
tion was observed in both systems between §'>N-NH{ and the natural
logarithm (Ln) of the residual NHZ (Fig. 7A). The resulting enrichment
factor (elsN—NHI ) in the SAT-Control and the SAT-PRB systems was
—5%0 (R? = 0.8). That is, the transformation of NHZ to NO3 resulted in
an increased §'>N-NHJ in the residual NH{ pool. The lighter isotopes
(8Y*N-NHY) are preferentially incorporated into the generated NO3
resulting in 815N—NH3{ enriched residual NHJ and low SVN- NOj3 in the
generated NO3. This is consistent with similar studies of NH{ migration
and reaction in contaminated groundwater where a decrease in NHj
concentration yielded an increase in 8> N-NH{ (Smith and Miller, 2006;
Venkiteswaran et al., 2019). ¢ 15N—NH4+ values reported in the literature
for nitrification range from —10%o to —28%o in laboratory culture and
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field-scale studies (Sebilo et al., 2006). Lower 815N—NH4+ (in absolute
values) could be explained by some potential contribution of plant
assimilation in the systems. Hellman et al. (2022) suggested that the
mixed vegetation at the infiltration area contributed to the NHj atten-
uation in the SAT-PRB system at the beginning of the experiment. The
assimilation of N-NH{ by different plant species reported by Emmerton
et al. (2001), estimated an increase in 615N—NHI of 2%o. The study on
the uptake of ionic NH4 by two plant species by Yoneyama et al. (2001)
showed that the magnitude of the uptake of NH4 depended on the
concentrations of NHZ and the plant species with ¢!°N-NH{ ranging
from —2 to —8.1%o0 and —3.9 and —24.1%o for low concentrations of NH}
(0.04-0.2 mM) and —9.4 to —18%o and —13.4 to —28.9%o at high con-
centrations (0.5-4 mM). Consequently, it is somewhat difficult to
distinguish between nitrification and plant assimilation isotopically. In
the systems, evaluated plant assimilation must be mainly located in the
infiltration area and limited to the shallowest portions of the canals,
where vegetation is limited and surficial. The vertical transport of at-
mospheric O into the systems resulted in a high rate of nitrification
between sections A, B and C. The diffused O, was consumed during
nitrification keeping its content similar to the O in the infiltrated water.
Note, however, that the conditions (relatively high concentrations of
both electron donors and acceptors) favour a highly dynamic biological
activity, with relatively fast growth of biofilms and parallel changes in
redox conditions (Carrera et al., 2022). Results of 815N—NHI in our
systems showed constant isotopic fractionation from O to the outlets
(Fig. 6B). This can be explained by two hypotheses. The first is that
assimilation and nitrification have similar fractionation. The second
hypothesis is that fractionation related to assimilation is limited and the
main process affecting the isotopic composition of §'>N-NHJ would be
nitrification.

The low §'°N-NOj3 in the generated nitrate compared to S'SN-NHj
can be explained by the preferential incorporation of the lighter isotopes
to the nitrate substrate produced by nitrification. The increase in
5'5N-NO3 and §'®0-NO3 in the systems was associated with a corre-
sponding decrease in the residual nitrate concentration linked to deni-
trification. This was evidenced as the NO3 concentration decreased from
1.24 mM to 0.8 mM in the SAT-Control system and from 1.72 mM to
0.52 mM in the SAT-PRB system measured at the outlets (end of the
monitoring period). A linear correlation between §'°N-NO3 and
8'80-NOj3 evolution in the systems is observed with slopes of 0.6 and 0.5
in the SAT-Control and the SAT-PRB systems, respectively (Fig. 7C). The
deviation of §'°N-N0O3:6'80-NO3 from the 1:1 linear relationship can be
explained by (I) the variance of the 580 of the O atom donors (0O4: H,O
= 1:2) during the oxidation of NHJ to hydroxylamine NH,OH to NO3
and NO3z to NO3 (Kumar et al., 1983) (II) O isotope exchange and
fractionation (Martin and Casciotti, 2016).

Several authors have reported diverse ¢ 15N—NO'3 and e 18O—NO'3 for
groundwater studies ranging from —8.6%o to —22.9%. and —5.5%o to
—18.3% for £ 1°N-NO3 and £ 180-NO3 respectively (Carrey et al., 2013;
Fukada et al., 2003). However, in the present experiment, the linear
relationship typical for microbial nitrate reduction between §'°N-NO3,
§'80-NO3 and the natural logarithm of the residual NO3 was not
observed (Fig. S3). As there is NO3 production and reduction at the same
time & 1>N-NO3 and ¢ *80-NO3 could not be modelled as a closed system
using the Rayleigh model. This limits the use of isotopes to quantify NO3
degradation in coupled nitrification-denitrification systems. Fig. 8
shows 8'°N-NO3 and §'®0-NO3 and the substrate remaining fraction
from the present study using literature ¢ *°N-NO3 and ¢ 180-NO3 pro-
duced by compost (¢ 15N—NO'g = -10.4%o, & 18O—NO'3 = -9%0) (Grau--
Martinez et al., 2017) and low & 1>N-NO3 and ¢ 180-NO; of —3%o. Some
samples follow the trend expected for denitrification as NO3 fraction
decreases. However, some samples of a very low fraction of residual
NO3 showed lower §'°>N-NO3 and §'®0-NOj3 close to initial isotopic
composition. This can be explained considering that in some areas of the
systems, denitrification was able to completely remove NO3 and, after
that, nitrification continues producing new NO3 that would have lower
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Fig. 8. Isotopic fractionation for e!°>N-NO3
—10.8%o (solid line) and —3.0%o (dashed line) (A) and
€ 18O—NO'3 —9%o (solid line) and 3.0%o. (dashed
line) (B) using the Rayleigh equation. The shaded
region shows the evolution of &'°N-NO3 and
6180—N0‘3 between ¢ —10.8%0 and —3.0%. (A) and
—9%0 and —3.0%o (B) normally observed in denitrifi-
cation studies in similar conditions (Grau-Martinez
et al.,, 2017). Dots and square boxes are §'°N-NO3
and §'%0-NO3 experimental data in MAR-PRB and
SAT-Control systems. The asterisks show §'°N-NO3
and 8180—N0'3 in the inflow (INF) and the box high-
lights the 8'°N-NOj3 and 5'80-NO3 values that do not
fall between the fractionation (extreme deviation).

5'5N-NO3 and §'80-NO3. The linearity of 5'N and §'®0 and the natural
logarithm of the residual NO3 during reduction can, therefore, be
affected by the mixing of newly generated NO3 with the residual NO3 in
the substrate pool for nitrification-denitrification processes in the pre-
sent study.

5. Conclusion

We studied the removal of dissolved N from N-contaminated inflow
water in two SAT mesocosm systems. Conventional SAT and SAT-PRB
systems were compared. Results showed that both systems are effi-
cient in removing N since the net N removed reached up to 69% in the
conventional SAT and 66% in the SAT-PRB, and this removal seems to
grow with time and be temperature-dependent. Contemporaneous pro-
duction and consumption of NO3 (nitrification-denitrification) were the
principal processes active in the systems. The NHf and NOj3 isotopic
characterization confirmed that nitrification and denitrification were
accompanied by the enrichment of the residual substrate concentration
in heavy isotopes. The isotopic fractionation associated with NO3z
degradation could not be obtained in this study due to constant pro-
duction and reduction of NO3.

The plant compost in the SAT-PRB system installed to favour CECs
removal did not introduce a significant change in the global N removal.
The isotopic fractionation calculated for §'°N-NH4 was —5%o in both
systems. The residual inorganic N remained in the SAT-Control system
predominantly as NO3 and in the SAT-PRB as equal proportions of NHZ
and NOg, suggesting that the plant compost in the PRB increased the
electron donor source and contributed to the higher rate of denitrifica-
tion in the SAT-PRB system.

The concentration of NO3 in inflow water was below the EU nitrate
threshold limit (50 mg/L - NO3) throughout the whole experiment in the
SAT-PRB system except at the beginning of the first recharge episode
(average = 33.2 mg/L). In the SAT-Control system, the concentration of
NOs in the inflow water was above the EU nitrate threshold limit during
the entire experiment except during the warm periods when the tem-
perature was high (average = 51.4).

The concentration of NH7 in the inflow water in both systems was
above the maximum EU threshold value for NHj (5 mg/L - NHJ)
throughout the entire experiment (average = 55.0 mg/L in the SAT-PRB
system, and 54.5 mg/L in the SAT-Control system). The presence of PRB
favored the removal of NO3 with time. The SAT-PRB had NO3 below
safe water drinking limit, but NH4 above safe water drinking limit and
the SAT-Control system had both NO3 and NHJ above safe water
drinking limit, rendering water from both systems inappropriate for
direct human consumption.
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Annex 3: Paper 3

Supplementary Table S1. NH;*, NO3", NPDOC and O, concentration (mM) and the isotopic data measured in systems. (BDL means below
detection limit and NA means data is not available or measured).

Reference System Section Temp(2C) NHs*(mM) NOs(mM) NPDOC(mM) O,(mM) &N-NH;* &%0- S°N-
NOs” NOs3”
INF180306 Inflow INF - 2.59 0.01 2.11 NA 9.4 NA NA
INF180307 Inflow INF 15.40 2.27 0.01 NA 0.23 10.1 NA NA
INF180323 Inflow INF - 3.96 0.01 NA NA NA NA NA
INF180325 Inflow INF 12.00 0.93 0.06 NA 0.27 NA NA NA
INF180326 Inflow INF 13.20 1.50 0.01 NA 0.28 NA NA NA
INF180327 Inflow INF 13.40 2.06 BDL NA 0.15 10.0 NA NA
INF180328 Inflow INF 15.1 2.46 BDL NA 0.08 NA NA NA
INF180329 Inflow INF 15.6 3.29 BDL NA 0.06 NA NA NA
INF180330 Inflow INF 15.6 3.51 BDL NA 0.35 NA NA NA
INF180331 Inflow INF 14.8 3.46 BDL NA 0.35 NA NA NA
INF180401 Inflow INF 15.1 2.46 0.01 NA 0.34 NA NA NA
INF180402 Inflow INF 15.6 2.33 BDL NA 0.49 NA NA NA
INF180403 Inflow INF 17.9 2.57 BDL NA 0.37 NA NA NA
INF180404 Inflow INF 16.7 2.23 0.01 NA 0.33 NA NA NA
INF180405 Inflow INF 16.8 2.19 BDL NA 0.40 NA NA NA
INF180406 Inflow INF 17.8 4.34 0.01 NA 0.40 NA NA NA
INF180407 Inflow INF 18.8 4.24 0.01 NA 0.37 NA NA NA
INF180511 Inflow INF 22.4 5.29 BDL 1.08 0.37 8.2 NA NA
INF180523 Inflow INF 22 3.07 BDL 1.14 0.05 8.8 NA NA
INF180525 Inflow INF 24.2 2.63 0.01 1.31 0.04 NA NA NA
INF180720 Inflow INF 27.2 3.51 0.01 NA 0.08 NA NA NA
INF180724 Inflow INF 27.4 4.57 BDL NA 0.09 NA NA NA
INF180725 Inflow INF 3.86 0.01 NA NA NA NA NA
INF180727 Inflow INF 27.5 3.77 0.01 NA 0.09 NA NA NA

INF180730 Inflow INF 27.3 3.67 0.01 1.10 0.06 10.1 NA NA
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Supplementary Table S1. NH;*, NO3", NPDOC and O, concentration (mM) and the isotopic data measured in systems. (BDL means below
detection limit and NA means data is not available or measured).

Reference System Section Temp(2C) NHs*(mM) NOs(mM) NPDOC(mM) O,(mM) &N-NH;* &%0- S°N-
NOs” NOs3”
INF180731 Inflow INF 29.3 4.39 BDL 1.41 0.07 NA NA NA
INF 180829 Inflow INF 26.8 NA NA NA NA 10.4 NA NA
INF180905 Inflow INF 26.1 5.54 0.01 1.48 0.32 NA NA NA
INF181210 Inflow INF 14.60 2.61 0.01 0.92 0.19 NA NA NA
INF181211 Inflow INF 154 2.92 0.01 0.95 0.23 NA NA NA
T20180327 Control P-O 11 0.55 0.43 NA 0.03 NA 7.6 10.0
T20180405 Control P-O 16.1 NA NA NA 0.02 NA NA NA
T20180511 Control P-O 18.8 3.69 0.01 0.94 0.02 NA 15.5 16.7
T20180525 Control P-O 21 2.32 0.02 0.97 0.02 14.3 13.1 16.9
T20180731 Control P-O 27 4.10 0.02 1.15 0.03 12.1 23.8 35.8
T20180905 Control P-O 24.1 2.51 0.01 1.06 0.04 13.8 NA NA
T20181211 Control P-O 13.40 2.11 0.09 0.70 0.06 NA NA NA
T2A1180327 Control P-Al 11.9 NA BDL NA 0.01 NA NA NA
T2A1180511 Control P-Al 17.8 1.68 0.18 0.70 0.03 NA 14.3 17.8
T2A1180731 Control P-Al 27 1.37 0.92 1.08 0.07 16.8 22.3 28.3
T2A1181210 Control P-Al 15.00 0.19 0.40 0.56 0.05 NA NA NA
T2A1180405 Control P-Al NA NA NA 0.01 NA NA NA
T2A2180511 Control P-A2 18.4 3.00 0.01 0.87 0.03 NA NA NA
T2A3180327 Control P-A3 10.6 NA NA NA 0.03 NA NA NA
T2A3180405 Control P-A3 NA NA NA 0.03 NA NA NA
T2A3180511 Control P-A3 18.2 3.00 0.05 0.79 0.04 NA 20.2 28.4
T2A3180731 Control P-A3 26.5 2.72 0.01 1.13 0.06 8.4 11.4 11.8
T2A3181210 Control P-A3 13.40 1.02 0.21 0.64 0.14 NA NA NA
T2B1180327 Control P-B1 12.5 NA NA NA 0.01 NA NA NA

T2B1180516 Control P-B1 16.6 0.69 0.04 NA 0.03 NA NA NA
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Supplementary Table S1. NH;*, NO3", NPDOC and O, concentration (mM) and the isotopic data measured in systems. (BDL means below
detection limit and NA means data is not available or measured).

Reference System Section Temp(2C) NHs*(mM) NOs(mM) NPDOC(mM) O,(mM) &N-NH;* &%0- S°N-
NOs” NOs3”
T2B1180525 Control P-B1 17.1 0.58 0.00 0.58 0.03 NA NA NA
T2B1 180523 Control P-B1 26.8 NA NA NA NA 24.9 NA NA
T2B2180516 Control P-B2 16.6 1.60 0.04 NA 0.03 NA NA NA
T2B2 180523 Control P-B2 NA NA NA NA 17.3 NA NA
T2B2180525 Control P-B2 17.8 1.15 0.01 0.73 0.03 NA NA NA
T2B3180327 Control P-B3 NA NA NA 0.03 NA NA NA
T2B3180516 Control P-B3 16 1.81 0.01 NA 0.05 NA NA NA
T2B3 180523 Control P-B3 NA NA NA NA 17.0 NA NA
T2B3180525 Control P-B3 194 1.21 0.01 0.66 0.04 NA NA NA
T2C1180307 Control P-C1 11.50 1.14 1.70 0.76 0.02 NA 4.6 9.2
T2C1180327 Control P-C1 NA NA NA 0.01 NA NA NA
T2C1180523 Control P-C1 16.7 1.03 0.02 0.66 0.02 18.4 NA NA
T2C1180731 Control P-C1 23.4 1.36 0.31 0.79 0.05 18.1 24.1 35.6
T2C1181210 Control P-C1 15.00 0.25 1.03 0.43 0.06 NA NA NA
T2C2180523 Control P-C2 174 1.32 0.04 0.69 0.03 164 8.1 10.5
T2C3180306 Control P-C3 10.40 0.20 0.10 0.73 0.02 NA 27.0 41.9
T2C3180327 Control P-C3 NA NA NA 0.07 NA NA NA
T2C3180523 Control P-C3 18.9 0.03 0.01 0.79 0.08 NA NA NA
T2C3180731 Control P-C3 24.3 0.01 NA 0.87 0.10 NA NA NA
T2C3181210 Control P-C3 12.50 0.01 0.52 0.55 0.36 NA NA NA
T2Ex180307 Control Outlet 11.70 1.63 1.24 NA 0.07 NA 10.6 15.7
T2Ex180326  Control Outlet 12.20 1.18 0.87 NA 0.16 NA NA NA
T2Ex180327  Control Outlet 12.70 1.28 0.79 NA NA NA 11.0 14.8
T2Ex180328  Control Outlet 12.5 1.32 0.88 NA 0.17 NA NA NA

T2Ex180329  Control Outlet 13.5 1.14 1.02 NA 0.14 NA NA NA
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Supplementary Table S1. NH;*, NO3", NPDOC and O, concentration (mM) and the isotopic data measured in systems. (BDL means below
detection limit and NA means data is not available or measured).

Reference System Section Temp(2C) NHs*(mM) NOs(mM) NPDOC(mM) O,(mM) &N-NH;* &%0- S°N-
NOs” NOs3”

T2Ex180330 Control Outlet 13.3 1.14 1.08 NA 0.17 NA NA NA
T2Ex180331 Control Outlet 12.9 1.23 1.17 NA 0.17 NA NA NA
T2Ex180401 Control Outlet 12.7 0.92 1.17 NA 0.19 NA NA NA
T2Ex180402 Control Outlet 13.2 0.87 1.09 NA 0.16 NA NA NA
T2Ex180403  Control Outlet 15.1 0.86 0.90 NA 0.14 NA NA NA
T2Ex180404  Control Outlet 14.2 0.79 0.85 NA 0.16 NA NA NA
T2Ex180405 Control Outlet 14.5 0.74 0.83 NA 0.16 NA NA NA
T2Ex180406 Control Outlet 159 1.26 0.90 NA 0.14 NA NA NA
T2Ex180407  Control Outlet 14.9 1.10 0.73 NA 0.13 NA NA NA
T2Ex180523  Control Outlet 22 0.89 0.03 0.73 0.14 17.1 NA NA
T2Ex180622  Control Outlet 20.3 1.82 NA NA 0.07 NA NA NA
T2Ex180731  Control Outlet 24.7 0.55 0.59 0.72 0.17 18.7 14.4 27.3
T2Ex180916 Control Outlet 24.4 1.60 0.01 0.89 0.18 15.5 NA NA
T2Ex181211 Control Outlet 13.70 0.11 0.80 0.53 0.20 NA NA NA
T40180327 MAR-PRB P-O 11.3 0.93 0.79 NA 0.03 NA 8.5 11.5
T40180511 MAR-PRB P-O 18.72 3.41 0.06 1.98 0.04 NA NA NA
T40180525 MAR-PRB P-O 20.4 1.29 0.19 2.15 0.02 154 12.1 20.3
T40180731 MAR-PRB P-O 27.2 2.11 0.39 2.29 0.04 16.8 9.9 20.2
T40180905 MAR-PRB P-O 24.1 2.68 0.00 1.64 0.03 9.6 NA NA
T40180405 MAR-PRB P-O 15.7 NA NA NA 0.01 NA NA NA
T40181211 MAR-PRB P-O 13.70 1.39 0.56 0.86 0.05 NA NA NA
T4A1180327 MAR-PRB P-Al 11.4 NA NA NA 0.01 NA NA NA
T4A1180405 MAR-PRB P-A1 14.2 NA NA NA 0.00 NA NA NA
T4A1180511 MAR-PRB P-Al 17.5 2.31 0.24 1.17 0.02 NA 16.6 21.3

T4A1180731 MAR-PRB  P-Al 26.3 0.49 0.52 1.41 0.19 19.6 15.9 25.3
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Supplementary Table S1. NH;*, NO3", NPDOC and O, concentration (mM) and the isotopic data measured in systems. (BDL means below
detection limit and NA means data is not available or measured).

Reference System Section Temp(2C) NHs*(mM) NOs(mM) NPDOC(mM) O,(mM) &N-NH;* &%0- S°N-
NOs” NOs3”
T4A1181210 MAR-PRB P-Al 15.20 0.38 0.74 0.71 0.05 NA NA NA
T4A2180511 MAR-PRB  P-A2 18.42 1.74 0.01 3.51 0.03 NA NA NA
T4A3180327 MAR-PRB P-A3 NA NA NA 0.04 NA NA NA
T4A3180405 MAR-PRB  P-A3 13.2 NA NA NA 0.03 NA NA NA
T4A3180511 MAR-PRB P-A3 18.1 2.69 0.01 1.86 0.16 NA 15.5 17.7
T4A3180731 MAR-PRB  P-A3 26.2 2.50 0.15 1.81 0.07 15.7 17.3 38.2
T4A3181210 MAR-PRB P-A3 13.30 1.09 0.14 0.75 0.12 NA NA NA
T4B1180327 MAR-PRB  P-B1 12 NA NA NA 0.01 NA NA NA
T4B1180516 MAR-PRB P-B1 16.6 1.19 0.10 NA 0.03 19.6 22.9 36.5
T4B1180525 MAR-PRB  P-B1 17.1 0.96 0.06 0.94 0.03 19.2 NA NA
T4B2180516 MAR-PRB P-B2 16.6 1.18 0.06 NA 0.04 21.8 7.7 10.5
T4B2180525 MAR-PRB P-B2 17.9 1.19 0.00 1.95 0.04 19.2 NA NA
T4B3180327 MAR-PRB P-B3 NA NA NA 0.04 NA NA NA
T4B3180516 MAR-PRB P-B3 17.1 0.60 0.00 NA 0.06 NA NA NA
T4B3180525 MAR-PRB P-B3 0.72 0.01 1.23 0.04 19.1 NA NA
T4C1180307 MAR-PRB P-C1 11.70 0.91 1.92 2.16 0.02 NA 16.1 21.4
T4C1180327 MAR-PRB P-C1 NA NA NA 0.01 NA NA NA
T4C1180523 MAR-PRB P-C1 17.1 0.80 0.03 1.24 0.04 18.5 13.7 17.6
T4C1180731 MAR-PRB P-C1 23 1.43 1.42 1.18 0.04 19.7 8.9 17.8
T4C1181210 MAR-PRB P-C1 15.20 1.24 1.29 0.79 0.06 NA NA NA
T4C2180523 MAR-PRB P-C2 17.8 0.73 0.23 2.04 0.06 18.6 10.9 164
T4C3180306 MAR-PRB  P-C3 10.40 0.06 NA 0.72 0.09 NA 15.1 22.3
T4C3180327 MAR-PRB P-C3 NA NA NA 0.05 NA NA NA
T4C3180523 MAR-PRB P-C3 19.9 0.08 0.01 1.16 0.08 34.7 NA NA

T4C3180731 MAR-PRB  P-C3 23.9 0.01 1.80 1.03 0.15 NA 17.6 28.1
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Supplementary Table S1. NH;*, NO3", NPDOC and O, concentration (mM) and the isotopic data measured in systems. (BDL means below
detection limit and NA means data is not available or measured).

Reference System Section Temp(2C) NHs*(mM) NOs(mM) NPDOC(mM) O,(mM) &N-NH;* &%0- S°N-
NOs” NOs3”
T4C3181210 MAR-PRB P-C3 12.60 0.05 0.02 0.71 0.30 NA NA NA
T4Ex180307 MAR-PRB  Outlet 12.50 1.53 1.72 NA 0.22 NA 5.6 10.8
T4Ex180326 MAR-PRB Outlet 119 1.35 0.55 NA 0.19 NA NA NA
T4Ex180327 MAR-PRB  Outlet 11.90 1.45 0.54 NA 0.21 NA NA NA
T4Ex180328 MAR-PRB Outlet 12.30 1.38 0.57 NA 0.17 NA NA NA
T4Ex180329 MAR-PRB  Outlet 13.4 1.49 0.55 NA 0.16 NA NA NA
T4Ex180330 MAR-PRB Outlet 13.2 1.46 0.58 NA 0.14 NA NA NA
T4Ex180331 MAR-PRB  Outlet 12.8 1.56 0.64 NA 0.19 NA NA NA
T4Ex180401 MAR-PRB Outlet 12.6 1.11 0.63 NA 0.17 NA NA NA
T4Ex180402 MAR-PRB  Outlet 133 1.10 0.51 NA 0.15 NA NA NA
T4Ex180403 MAR-PRB Outlet 14.3 1.05 0.44 NA 0.15 NA NA NA
T4Ex180404 MAR-PRB Outlet 14 1.02 0.39 NA 0.14 NA NA NA
T4Ex180405 MAR-PRB Outlet 14.3 0.90 0.39 NA 0.13 NA NA NA
T4Ex180406 MAR-PRB Outlet 15 1.54 0.43 NA 0.15 NA NA NA
T4Ex180407 MAR-PRB Outlet 15 1.54 0.45 NA 0.15 NA NA NA
T4Ex180523 MAR-PRB Outlet 20 0.99 0.05 1.33 0.09 NA 11.1 16.5
T4Ex180622 MAR-PRB Outlet 19.9 1.92 0.13 NA 0.09 NA NA NA
T4Ex180731 MAR-PRB Outlet 24.4 0.58 0.69 1.28 0.17 22.6 13.5 25.3
T4Ex180916 MAR-PRB Outlet 24 2.28 0.02 1.22 0.20 NA NA NA
T4Ex181211 MAR-PRB Outlet 13.60 0.48 0.52 0.70 0.30 NA NA NA
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Supplementary Table S2. NH;*, NO3’, NPDOC and O, aqueous concentration (mM) measured at the 3 sampling

piezometer depths (NA means data is not available or measured).

Reference Treatment Sampling Depth NHs* NOs" DOC 0,
point (mM) (mM) (mM)

T2A3180327 Control P-A3 0.3-04m NA NA NA 0.03
T2A3180405 Control P-A3 0.3-04 m NA NA NA 0.03
T2A3180511 Control P-A3 0.3-0.4m 3.00 0.05 0.79 0.04
T2A3180731 Control P-A3 0.3-04m 2.72 0.01 1.13 0.06
T2A3181210 Control P-A3 0.3-0.4m 1.02 0.21 0.64 0.14
T2B3180327 Control P-B3 0.3-0.4m NA NA NA 0.03
T2B3180516 Control P-B3 0.3-04m 1.81 0.01 NA 0.05
T2B3180525 Control P-B3 0.3-0.4m 1.21 0.01 0.66 0.04
T2C3180306 Control P-C3 0.3-04m 0.20 0.10 0.73 0.02
T2C3180327 Control P-C3 0.3-0.4m NA NA NA 0.07
T2C3180523 Control P-C3 0.3-04m 0.03 0.01 0.79 0.08
T2C3180731 Control P-C3 0.3-0.4m 0.01 NA 0.87 0.10
T2C3181210 Control P-C3 0.3-04m 0.01 0.52 0.55 0.36
T2A2180511 Control P-A2 0.8-0.9m 3.00 0.01 0.87 0.03
T2B2180516 Control P-B2 0.8-0.9m 1.60 0.04 NA 0.03
T2B2180525 Control P-B2 0.8-0.9m 1.15 0.01 0.73 0.03
T2C2180523 Control P-C2 0.8-0.9m 1.32 0.04 0.69 0.03
T2A1180511 Control P-Al 13-14m 1.68 0.18 0.70 0.03
T2A1180731 Control P-Al 1.3-14m 1.37 0.92 1.08 0.07
T2A1181210 Control P-Al 13-14m 0.19 0.40 0.56 0.05
T2A1180405 Control P-Al 1.3-14m NA NA NA 0.01
T2B1180327 Control P-B1 13-14m NA NA NA 0.01
T2B1180516 Control P-B1 1.3-14m 0.69 0.04 NA 0.03
T2B1180525 Control P-B1 1.3-1.4m 0.58 0.00 0.58 0.03
T2C1180307 Control P-C1 1.3-14m 1.14 1.70 0.76 0.02
T2C1180327 Control P-C1 13-14m NA NA NA 0.01
T2C1180523 Control P-C1 1.3-14m 1.03 0.02 0.66 0.02
T2C1180731 Control P-C1 1.3-1.4m 1.36 0.31 0.79 0.05
T2C1181210 Control P-C1 1.3-14m 0.25 1.03 0.43 0.06
T4A3180327 MAR-PRB P-A3 0.3-0.4m NA NA NA 0.04
T4A3180405 MAR-PRB P-A3 0.3-04m NA NA NA 0.03
T4A3180511 MAR-PRB P-A3 0.3-0.4m 2.69 0.01 1.86 0.16
T4B3180327 MAR-PRB P-B3 0.3-04m NA NA NA 0.04
T4B3180516 MAR-PRB P-B3 0.3-0.4m 0.60 0.00 NA 0.06
T4B3180525 MAR-PRB P-B3 0.3-04m 0.72 0.01 1.23 0.04
T4C3180306 MAR-PRB P-C3 0.3-0.4m 0.06 NA 0.72 0.09
T4C3180327 MAR-PRB P-C3 0.3-04m NA NA NA 0.05
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Supplementary Table S2. NH;*, NO3’, NPDOC and O, aqueous concentration (mM) measured at the 3 sampling

piezometer depths (NA means data is not available or measured).

Reference Treatment Sampling Depth NHs* NOs" DOC 0,
point (mM) (mM) (mM)

T4C3180523 MAR-PRB P-C3 0.3-04m 0.08 0.01 1.16 0.08
T4C3180731 MAR-PRB P-C3 0.3-0.4m 0.01 1.80 1.03 0.15
T4C3181210 MAR-PRB P-C3 0.3-04m 0.05 0.02 0.71 0.30
T4A3180731 MAR-PRB P-A3 0.3-0.4m 2.50 0.15 1.81 0.07
T4A3181210 MAR-PRB P-A3 0.3-04m 1.09 0.14 0.75 0.12
T4A2180511 MAR-PRB P-A2 0.8-0.9m 1.74 0.01 3.51 0.03
T4B2180516 MAR-PRB P-B2 0.8-0.9m 1.18 0.06 NA 0.04
T4B2180525 MAR-PRB P-B2 0.8-0.9m 1.19 0.00 1.95 0.04
T4C2180523 MAR-PRB P-C2 0.8-0.9m 0.73 0.23 2.04 0.06
T4B1180327 MAR-PRB P-B1 13-14m NA NA NA 0.01
T4B1180516 MAR-PRB P-B1 1.3-14m 1.19 0.10 NA 0.03
T4B1180525 MAR-PRB P-B1 1.3-1.4m 0.96 0.06 0.94 0.03
T4C1180307 MAR-PRB P-C1 1.3-14m 0.91 1.92 2.16 0.02
T4C1180327 MAR-PRB P-C1 13-14m NA NA NA 0.01
T4C1180523 MAR-PRB P-C1 1.3-14m 0.80 0.03 1.24 0.04
T4C1180731 MAR-PRB P-C1 1.3-1.4m 1.43 1.42 1.18 0.04
T4C1181210 MAR-PRB P-C1 1.3-14m 1.24 1.29 0.79 0.06
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Supplementary Table S3. Isotopic fractionation of ammonium (£°N-NH4") during recharge episode.

£5N-NHg* [%o] (R?)
Recharge episode

SAT-PRB Control
RE-2 -5 %, (0.9) -7 %o (0.8)
RE-3 -5 %o (0.5) -5 %o (0.5)
RE-4 -5 %o (0.7) -5 %o (1.0)
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Fig. S1. NH,*, NPDOC, O, and NOs; aqueous concentration along the flow path in systems (all
recharge episodes) and a scheme showing sections along the systems (Concentrations are indicated
by the box plots and the outliers represented by the dots, values in A, B, and C, have been calculated
using the samples belonging to all the different depths at each section. INF = inflow concentration
and D is the outflow concentration).
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Fig. S2. (A) Distribution of INF NH,4* (total N) and residual NOs™ concentration at E; (B) distribution
of INF NH4*and residual NH4* concentration at E; (C) the % of N (NH4* + NOs’) removed from solution
and the average temperature in both systems. Grey circles represent the Control system, black
circles represent SAT-PRB system, green circles represent INF NH," and orange circles represent the
average temperature in both systems. The dashed lines represent NOs threshold value (figure A)
and NH;* threshold value (figure B) and the dotted line represents the point below which we have
zero N removal from the systems (figure C).
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