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ABSTRACT

Temporary rivers (TRs) are dynamic systems that typically shift between flowing, disconnected-pools and
dry phases, and represent nearly 50% of the current global river network. Despite TRs support several
unique and endemic aquatic and terrestrial biota, their conservation and management are still in their
infancy compared to perennial rivers. Moreover, in most cases, society seems to hold these rivers in low
esteem and they are often associated to environmental degradation. Considering that many perennial
rivers are expected to become TRs due to global change, this thesis aims to offer new insights of how
conservation and management efforts may best be directed in these ecosystems. Specifically, this thesis
aimed to provide an overview on biodiversity in TRs (Chapter 1 and 2), and on how most recent approaches
from a research and societal point of view can contribute to their conservation and management (Chapters
2, 3 and 4). This thesis was mainly focused on rivers in the Mediterranean Basin, where TRs constitute one
of the predominant freshwater ecosystems.

Biodiversity was overall significantly higher in perennial than in TRs worldwide (Chapter 1).
Moreover, our findings suggested that if perennial rivers shift to TRs, biodiversity losses may be more
important for certain taxonomic groups and under particular environmental conditions. When looking at
biodiversity in rivers in the Mediterranean Basin, our results showed that both taxonomic and functional
richness were significantly higher in perennial rivers than in TRs (Chapter 2). However, local site
contributions to taxonomic and functional B diversity (LCBD) were higher in TRs, especially during the
disconnected pools phase, indicating a higher degree of ecological uniqueness of these ecosystems in
terms of both species and traits composition. From a management point of view, this thesis showed that
current bioassessment methods can produce misleading results when applied to TRs. In contrast, we found
that functional metrics were able to detect anthropogenic impacts regardless of natural flow intermittence
(Chapter 3). Finally, the thesis also emphasised the implication of citizens into the research, conservation
and management of TRs. Involving citizens in the different steps of river conservation and management
plans, helped to raise awareness on the biodiversity and ecological value of TRs and to promote
stakeholders’ engagement (Chapter 4).

Future advances on TR’s conservation and management should (1) consider different components
(alpha, beta and gamma) and dimensions (taxonomic and functional) of biodiversity, (2) consider the
spatiotemporal variability of biodiversity in conservation management and especially the contribution of
TRs in regional biodiversity, (3) develop new metrics to better assess the ecological status of TRs, especially
in those less-studied but highly diverse phases, such as disconnected pools, and (4) involve citizens in the
different steps of the current conservation and management approaches to promote a coordinated
scientific and societal response to future environmental scenarios in TRs. Since Mediterranean-climate
regions are considered a global biodiversity hotspot, this thesis contributes to improve and complement
current conservation and management practices to halt freshwater biodiversity loss in this region.



RESUM

Els rius temporals (RTs) son sistemes dinamics que normalment canvien entre les fases de flux, basses
desconnectades i llit sec del riu, i representen gairebé el 50% de la xarxa fluvial mundial actual. Tot i
que els RTs sustenten una diversitat d'espécies terrestres i aquatiques Uniques i endémiques, la
conservacié i maneig d’aquests ecosistemes encara esta en una fase molt inicial en comparacié amb
la dels rius permanents. A més, en la majoria dels casos, la societat sembla tenir en baixa estima a
aquests rius i, sovint, s'associen a una degradacié ambiental. Tenint en compte que s'espera que molts
rius permanents es converteixin en RTs a causa del canvi global, aquesta tesi té com a objectiu oferir
nous coneixements sobre com dirigir els esfor¢os de conservacié i gestidé en aquests ecosistemes. En
concret, aquesta tesi centra els seus esfor¢os a proporcionar una visié general de la biodiversitat dels
RTs (Capitols 1 i 2), aixi com a oferir nous enfocaments sobre com la recerca i la societat poden
contribuir a la seva conservacio i maneig (Capitols 2, 3 i 4). El camp d'estudi d'aquesta tesi se situa,
principalment, en els rius de la conca mediterrania, on els RTs predominen entre els ecosistemes
d'aigua dol¢a.

En aquesta tesi observem com, a nivell mundial, la biodiversitat és significativament major en
els rius permanents que en els RTs (Capitol 1). A més, considerant que en els escenaris futurs s'espera
que els rius permanents canviin a RTs, les nostres troballes suggereixen que les perdues de
biodiversitat poden ser més importants per a certs grups taxonomics i sota condicions ambientals
particulars. Quan ens focalitzem en la biodiversitat dels rius de la conca mediterrania, els nostres
resultats mostren que tant la riquesa taxondmica com funcional sén significativament més altes en
els rius permanents que en els RTs (Capitol 2). No obstant aix0, segons els nostres resultats, els RTs
contribueixen més a la diversitat B funcional i taxonomica (LCBD), especialment durant la fase de
basses desconnectades, fet que indica un major grau de singularitat ecologica d'aquests ecosistemes
en termes de composicid d'espécies i trets biologics. Des del punt de vista de la gestid, aquesta tesi
mostra que els métodes d'avaluacié actuals poden produir resultats poc fiables quan s'apliquen als
RTs. En contrast, aquesta tesi ofereix un conjunt de métriques funcionals que podrien ser capaces de
detectar impactes antropics independentment de la intermiténcia natural del flux (Capitol 3).
Finalment, aquesta tesi posa de manifest la importancia de la implicacié de la ciutadania en la recerca,
conservacié i maneig dels RTs. A més, involucrar a la ciutadania en els diferents passos dels plans de
gestid i conservacié de conques sembla ajudar a crear consciencia sobre la biodiversitat i el valor
ecologic dels RTs, aixi com a promoure la participacié de les parts interessades (Capitol 4).

Segons els resultats obtinguts, els futurs avangos en la conservacio i gestio dels RTs haurien de
(1) considerar diferents components (alfa, beta i gamma) i dimensions (taxonomiques i funcionals) de
la biodiversitat, (2) considerar la variabilitat espacio-temporal de la biodiversitat en la gestié de la
conservacio i, especialment, la contribucié dels RTs a la biodiversitat regional, (3) desenvolupar noves
métriques per a avaluar millor I'estat ecologic dels RTs, especialment en aquelles fases menys
estudiades pero molt diverses, com son les basses desconnectades, i (4) involucrar a la ciutadania en
els diferents passos de la conservacié i gestid actuals per a promoure aixi una resposta cientifica i
social concorde als futurs escenaris ambientals que s'esperen. Finalment, atés que les regions de clima
mediterrani es consideren hotspot de biodiversitat mundial, aquesta tesi pretén contribuir a millorar
i complementar les practiques actuals de conservacid i gestié per a reduir la pérdua de biodiversitat
d'aigua dolca en aquesta regio.



RESUMEN

Los rios temporales (RTs) son sistemas dindmicos que normalmente cambian entre las fases de flujo,
pozas desconectadas y cauce seco del rio, y representan casi el 50% de la red fluvial mundial actual.
A pesar que los RTs sustentan una diversidad de especies terrestres y acudticas Unicas y endémicas,
la conservacién y manejo de estos ecosistemas aun estd en una fase muy inicial en comparacién con
la de los rios permanentes. Ademas, en la mayoria de los casos, la sociedad parece tener en baja
estima a estos rios y, a menudo, se asocian a una degradacién ambiental. Teniendo en cuenta que se
espera que muchos rios permanentes se conviertan en RTs debido al cambio global, esta tesis tiene
como objetivo ofrecer nuevos conocimientos sobre como dirigir los esfuerzos de conservacién y
gestidn en estos ecosistemas. Especificamente, esta tesis centra sus esfuerzos en proporcionar una
vision general de la biodiversidad en los RTs (Capitulos 1y 2), asi como en ofrecer nuevos enfoques
sobre como la investigacion y la sociedad pueden contribuir a su conservacién y manejo (Capitulos 2,
3 y 4). El campo de estudio de esta tesis se ubica, principalmente, en los rios de la cuenca
mediterranea, donde los RTs predominan entre los ecosistemas de agua dulce.

En esta tesis observamos como, a nivel mundial, la biodiversidad es significativamente mayor
en los rios permanentes que en los RTs (Capitulo 1). Ademas, considerando que en los escenarios
futuros se espera que los rios permanentes cambien a RTs, nuestros hallazgos sugieren que las
pérdidas de biodiversidad pueden ser mas importantes para ciertos grupos taxondmicos y bajo
condiciones ambientales particulares. Cuando nos focalizamos en la biodiversidad de los rios de la
cuenca mediterranea, nuestros resultados muestran que tanto la riqueza taxonédmica como funcional
son significativamente mas altas en los rios permanentes que en los RTs (Capitulo 2). Sin embargo,
segun nuestros resultados, los RTs contribuyen mas a la diversidad B funcional y taxonémica (LCBD),
especialmente durante la fase de pozas desconectadas, lo que indica un mayor grado de singularidad
ecoldgica de estos ecosistemas en términos de composicidn de especies y rasgos bioldgicos. Desde el
punto de vista de la gestidn, esta tesis muestra que los métodos de evaluacidén actuales pueden
producir resultados poco fiables cuando se aplican a los RTs. En contraste, esta tesis ofrece un
conjunto de métricas funcionales que podrian ser capaces de detectar impactos antrépicos
independientemente de la intermitencia natural del flujo (Capitulo 3). Finalmente, esta tesis pone de
manifiesto la importancia de la implicaciéon de la ciudadania en la investigacion, conservacién y
manejo de los RTs. Ademas, involucrar a la ciudadania en los diferentes pasos de los planes de gestién
y conservacion de cuencas parece ayudar a crear conciencia sobre la biodiversidad y el valor ecoldgico
de los RTs, asi como a promover la participacion de las partes interesadas (Capitulo 4).

Segun los resultados obtenidos, los futuros avances en la conservacion y gestion de los RTs
deberian (1) considerar diferentes componentes (alfa, beta y gamma) y dimensiones (taxondmicas y
funcionales) de la biodiversidad, (2) considerar la variabilidad espacio-temporal de la biodiversidad
en la gestion de la conservacion y, especialmente, la contribucion de los RTs a la biodiversidad
regional, (3) desarrollar nuevas métricas para evaluar mejor el estado ecoldgico de los RTs,
especialmente en aquellas fases menos estudiadas pero muy diversas, como son las pozas
desconectadas, e (4) involucrar a la ciudadania en los diferentes pasos de la conservacién y gestion
actuales para promover asi una respuesta cientifica y social acorde a los futuros escenarios
ambientales que se esperan. Finalmente, dado que las regiones de clima mediterraneo se consideran
hotspot de biodiversidad mundial, esta tesis pretende contribuir a mejorar y complementar las
practicas actuales de conservacion y gestion para reducir la pérdida de biodiversidad de agua dulce
en esta region.
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GENERAL INTRODUCTION

GENERAL CHARACTERISTICS OF TEMPORARY RIVERS

Temporary rivers (TRs) are those in which surface flow ceases at some point in time and
space (Acufia et al. 2014; Datry et al. 2014a,b; Leigh et al. 2016a,b). TRs are frequent
freshwater ecosystems which are present in several climatic regions worldwide
(Jacobsen 2004; Larned et al. 2010). Indeed, they have acquired popular names in
different languages, such as boulevards, streams, ravines, winterbournes, wadis or
oueds, among others (Datry et al. 2017a). In regions with Mediterranean (Box 1) or arid
climates, TRs constitute one of the predominant freshwater ecosystems (Bonada et al.
2008; Bonada and Resh 2013; Datry et al. 2017a).

BOX 1: Mediterranean-climate rivers !

» are five Mediterranean-climate regions worldwide that occupy vast areas in
alia, California, South Africa, Chile and the Mediterranean Basin. Rivers in these
ns are called Mediterranean-climate rivers and there is a significant predominance
is. They are characterized by being highly seasonal and predictable, which has
:red many adaptations to resist and recover from drying conditions (Bonada et al.
a,b; Bonada and Resh 2013). Mediterranean-climate rivers are ecologically unique
1da et al. 2007a,b; Figueroa et al. 2013), but are also one of the most threaten
rstems worldwide, receiving a wide variety of direct and indirect anthropogenic
cts, such as agriculture, industrial practices, human population growth or invasions
lien species (IPCC 2014; Cid et al. 2017). In fact, freshwater biodiversity in
terranean-climate rivers is declining faster than anywhere in the world (Bonada and

2013). Future scenarios in these regions predict an exacerbation of drought
itions and an increase of floods events (D6ll and Schmied 2012; IPCC 2014), which

1 affect freshwater biodiversity, ecosystem functions and services. y

The number of studies in TRs has increased in the past decades, allowing a better
understanding of their hydrology and ecology which, in turn, has initiated the interest of
specific conservation, biomonitoring, and/or restoration actions in these ecosystems
(Leigh et al. 2016; Datry et al. 2017b). For instance, Gallart et al. (2012) defined six aquatic
states to better identify the changing hydrological conditions and the available habitats
in TRs over time: Hiperrheic, Eurrheic, Oligorrheic, Arrheic, Hiporrheic and Edaphic (see
Fig. 1 for terms’ definitions).
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At the same time, challenges and limitations for TRs’ bioassessment have become
evident too, especially due to their high hydrological variability in both space and time
(Leigh et al. 2016; Fritz et al. 2017). In this regard, several studies have classified TRs into
typologies according to their flow permanence and predictability (Uys and O’Keeffe 1997,
Williams 2006; Gallart et al. 2012), but there is still no consensus due to the high
variability of these two factors (Datry et al. 2017a).
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Surface water discharge is
scarce but sufficient to connect
most pools in the reach through
water threads.

Infrequent high water (flood)
conditions.

Water discharge is sufficiently
high to allow the occurrence
and connectivity of all feasible
aquatic habitats in the reach.

reach, although alluvium may
remain sufficiently wet to allow

Arheic Hyporheic Edaphic
Zero surface flow but isolated || Most of the stream bed is Waterless riverbed and
water pools are present. devoid of surface water in the alluvium, involving the

disappearance of any active
aquatic habitat.

hyporheic life.

Figure 1. Six aquatic states of TRs defined by Gallart et al. (2012) and the simplification in
three phases: flowing (blue), disconnected pools (orange) and dry (brown) phases.
Modified from Bonada et al. (2020).

Here we consider TRs as ecosystems that typically shift among flowing,
disconnected pools and dry phases (Fig.1) over space and time (Gallart et al. 2012, 2017).
By taking this definition, TRs can be classified as: (1) intermittent-pools (IP), intermittent-
dry (ID) and ephemeral (E) rivers (Fig. 2). IP are rivers in which flow permanence
disappears during the dry season (summer) but disconnected pools always remain
(Gallart et al. 2012, 2017). Instead, ID are those rivers where the riverbed dries up
completely, although they can maintain subsurface water (Gallart et al. 2012, 2017).
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Rivers that remain dry most of the time with a dry riverbed, without subsurface
water, and that only carry water after rain events are referred as E (Gallart et al. 2012,
2017). In the last years, the term IRES (Intermittent Rivers and Ephemeral Streams) have
been popularised (Datry et al. 2017a). Here we consider IRES as a synonym of TRs, and
refer only to intermittent rivers (IRs) when considering TRs without E rivers (i.e. only IP
and ID rivers).

Figure 2. Examples of TRs changes over time, being (a) an intermittent river with
disconnected pools (IP), (b) a dry intermittent river (ID), and (c) an ephemeral river (E).
Photos: N. Cid.

TRs are also important for human wellbeing. During the flowing phase, they provide
the ecosystem services typical of perennial rivers, such as freshwater, fishing and hunting
products, recreation, recharging aquifers, purifying water or processing nutrients and
organic matter (Postel and Carpenter 1997; Datry et al. 2017b; Koundouri et al. 2017).
During the isolated pools and drying phases they still provide some of these services in
the same or different form (Datry et al. 2017b; Koundouri et al. 2017). However, TRs’
ecosystem services are still rarely recognized (Boulton et al. 2014; Koundouri et al. 2017).
This may be due to the low value that society places on their ecosystems services or
because some threats to TRs' ecosystem services (e.g., carbon storage or release,
biodiversity) are poorly documented (Datry et al. 2017b). Either way, future efforts to
better understand the socioeconomic value of their ecosystem services should increase.
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A great number and variety of TRs with a wide range of flow patterns occur globally,
and their management is inevitably complex, involving not only environmental
challenges but also socio-economic aspects (Kingsford et al. 2017). The complex and
highly natural dynamic character of TRs calls for the development of adapted tools and
methods for their adequate management. Nevertheless, given the predicted
consequences of global change, assessment methods and management practices of
these ecosystems should consider the interaction of both natural disturbances and
anthropogenic impacts.

NATURAL FLOW INTERMITTENCE VS ANTHROPOGENIC IMPACTS

Ecosystems experience natural disturbances (e.g. droughts, floods or wildfires) and
anthropogenic impacts (e.g. pollution, land-use changes, climate change) that affect
biological communities and ecological processes (Olden et al. 2004; Dornelas 2010).
Compared to natural disturbances, however, anthropogenic impacts are relatively new
(<10.000 year) and may represent novel conditions for biota, threatening the stability of
both biodiversity and ecosystem functioning (Olden et al. 2004).

In naturally drying TRs, flow intermittence can be considered a natural disturbance,
since it has acted through evolutionary time and has resulted in species adapted to such
abiotic stress (Lytle and Poff 2004; Bowman et al. 2009). Nevertheless, TRs are often also
subjected to anthropogenic impacts (Chiu et al. 2017). In fact, TRs face the same
anthropogenic impacts as perennial rivers, such as water extractions, geomorphology
alterations and/or changes in water quality (Fig. 3) (Chiu et al. 2017). Unlike perennial
rivers, however, TRs’ hydrological variability often accentuates the effects of these
impacts by reducing their dilution capacity (Gémez et al. 2017). TRs can also suffer
extractions of aggregates and sediments (Fig. 3) or be used as passageways when the
riverbed remains dry for long periods (Chiu et al. 2017). In addition, several TRs are
actually perennial rivers subjected to water withdrawals for agriculture or urban uses
(Datry et al. 2014a,b; Chiu et al. 2017). At the same time, some perennial rivers are
actually TRs that have been “perennialized” resulting from sewage effluents or runoff
from irrigation waters (Luthy et al. 2015; Chiu et al. 2017). These alterations of flow
regimes may not only affect TRs’ biodiversity and ecosystem functioning but result in
serious declines in the provision of crucial ecosystem services (Boulton et al. 2014;
Koundouri et al. 2017).
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Figure 3. Examples of a TR suffering geomorphological alterations due to (a) extractions of

aggregates and sediments and agriculture or (b,c) canalizations and water extractions.
Photos: N. Cid and N.Bonada.

Climate change is expected to increase the frequency of droughts and to reduce
mean annual discharge worldwide, altering the timing, frequency and intensity of flow
intermittence in TRs (Datry et al. 2014a,b). As a result, anthropogenic impacts may either
dampen differences in biodiversity between TRs and perennial rivers by homogenizing
communities, or the effects in TRs” biota can be even higher than in perennial rivers
because the reduction in the dilution capacity in TRs (Acufia et al. 2014; Boulton 2014).
Despite the increase in scientific research in TRs, most studies on the effects of
anthropogenic impacts are still focused on perennial rivers (Leigh et al. 2016a,b). In the
case of TRs, a better understanding of the joint effects of flow intermittence and
anthropogenic impacts on biological communities is required.

11
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MANAGEMENT AND CONSERVATION OF TRs

Despite TRs hold unique species composition (Cid et al. 2017; Stubbington et al. 2017),
these ecosystems are still among the most underprotected and poorly managed
freshwater ecosystems worldwide (Leigh et al. 2019). A better management and
conservation of TRs is therefore required. However, TRs are usually eluded by flow
gauging networks (Gallart et al. 2016) and not always incorporated or adequately
assessed in biomonitoring and conservation programs (Sanchez-Montoya et al. 2007,
2011; Stubbington et al., 2018). In fact, current bioassessment tools that can be applied
in TRs are practically non-existent compared to those for perennial rivers (Datry et al.
2017a,b; Fritz et al. 2017).

Aside from improving bioassessment tools for TRs, the involvement of local citizens
can result in a powerful tool for a complete understanding of their hydrological
characteristics. Moreover, active participation of society is required to promote changes
in legislation so that management and conservation of these ecosystems became truly
effective (Leigh et al. 2016a,b; Conallin et al. 2018; Rodriguez-Lozano et al. 2020).
Therefore, incorporating TRs in participatory processes is key to improve their current
management. For the adequate management and conservation of TRs, it would be thus
truly useful to (1) acquire a better understanding of TRs’ biodiversity patterns; (2) obtain
bioassessment tools capable of differentiating anthropogenic impacts from natural flow
intermittence; and (3) incorporate TRs in participatory processes to promote changes in
legislation.

Understanding TRs’ biodiversity patterns for improving their conservation

For aquatic biological communities inhabiting TRs (e.g. algae, macrophytes,
macroinvertebrates or fish), temporal and spatial changes in mesohabitats due to loss or
resumption of surface flow can lead to diversity changes in species composition (Bonada
and Resh 2013; Romani et al. 2017; Stubbington et al. 2017). Loss of surface flow in TRs
might imply the disappearance of species adapted to riffle habitats, but also the
appearance of species that can be found exclusively in pool habitats (Fig. 4) (Bonada et
al. 2006a, 2020 ; Bogan et al. 2017; Tonkin et al. 2017).
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Figure 4. Changes in aquatic communities with loss and resumption of surface flow in TRs.

Black arrows represent organisms that arrive or leave, either by waterway (solid line),
airway (dashed line), or those that recolonize by using resistance forms to or in the
hyporheic zone (segmented line). Picture from P. Fortufio.

When loss of surface flow occurs, some organisms are unable to persist in the
absence of water (Bogan et al. 2017). Instead, other organisms present adaptations (i.e.
biological traits) to cope with it, such as emerging and completing their life cycle in the
terrestrial ecosystem, migrating to other pools or to the hyporheic zone, or activating
resistance forms that allow them to remain dormant in the riverbed until flow
resumption (Fig. 4) (Bonada and Resh 2013; Bogan et al. 2017). Flow resumption is
another key moment for biological communities, as species re-colonize TRs and
communities reorganize again (Fig. 4) (Bonada et al. 2006a, 2020).

Loss and resumption of surface flow affect the structure and function of biological
communities in TRs (Bonada et al. 2007a,b; Stubbington et al. 2017). Drying events act
primarily as a disturbance decreasing aquatic biodiversity in TRs and, consequently, some
studies found that TRs are less diverse compared to perennial rivers, where these events
do not occur (Del Rosario and Resh 2000; Bogan et al. 2013). However, other studies
found the opposite (Bonada et al. 2007a,b; Alexandre et al. 2013) or no difference
between TRs and perennial rivers (Santos and Stevenson 2011). For instance, TRs in
Mediterranean climates hold unique species composition due to their predictable flow
regimes (Bonada et al. 2006; Munné and Prat 2011; Cid et al. 2017) and, thus, higher
biodiversity values might be expected in these ecosystems when comparing to perennial
rivers. The debate remains, thus, over whether TRs are more or less diverse than
perennial rivers (Datry et al. 2011; Leigh et al. 2016a).

13
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In addition, biodiversity differences between perennial and TRs might vary
depending on environmental factors, such as climate, season, mesohabitat or
longitudinal zonation. From here arises the first chapter of the thesis, which aims at
determining whether perennial and TRs diversity differs considering also these
environmental factors.

As biological communities in TRs change from flowing to drying periods, and
different drying spatial patterns might be present along river networks (e.g. some
networks have temporary reaches in headwaters, others in the lowlands; Datry et al.
2016a,b), a better knowledge on their spatiotemporal biodiversity patterns is required
for the development of effective conservation strategies (Fig. 5). Most strategies for river
conservation are currently focused on protecting the number of species within a site
(taxonomic alpha diversity; a) or in a region (taxonomic gamma diversity; y), while the
variation in species composition (taxonomic beta diversity; B) is dismissed (Ruhi et al.
2017). The inclusion of B diversity in conservation strategies can contribute to the
efficient selection of protected areas, the management of biological invasions or the
design of wildlife-friendly landscapes (Hill et al. 2016; Socolar et al. 2016).

Protecting only taxonomic diversity, either a, B or y, however, might provide
limited insight into the impacts of disturbance on ecosystem functioning (White et al.
2018). In this context, the inclusion of functional diversity patterns to explore
conservation strategies in rivers have recently increased (e.g. Villéger et al. 2013, 2017,
Guitiérrez-Canovas et al. 2015, 2019). Functional diversity connect taxonomic diversity
to ecosystem functions provided by a community and, thus, refers to the biological traits
possessed by taxa of this community (Mouillot et al. 2013; Villéger et al. 2013). This might
be useful to clarify the resistance and/or resilience of species to environmental changes,
either natural or anthropogenic. Understanding how both taxonomic and functional
diversities influence ecosystem functioning, thus, is crucial to better predict the
ecological consequences of biodiversity loss (Hooper et al. 2005; Flynn et al. 2011).

In this sense, the use of both taxonomic and functional B diversity, in combination
with a diversity, is key. For example, they may help explaining whether communities are
becoming more similar (i.e. biotic homogenisation) or what are the implications for
ecosystem functioning (Hill et al. 2016; Socolar et al. 2016). Nevertheless, little is known
about the processes underlying B diversity dynamics over time (i.e. temporal B diversity),
hindering its incorporation into management decision-making.
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FLOWING PERIOD DRYING PERIOD

Figure 5. Spatiotemporal a, B and y community diversity expected in Mediterranean rivers’
networks including perennial rivers and different types of TRs: intermittent-pools (IP),
intermittent-dry (ID) and ephemeral (E) rivers. Flowing (blue), disconnected pools (green)
and dry riverbed (orange) phases. Shapes represent taxa present at each aquatic phase.
During flowing and disconnected pools phases shapes represent aquatic taxa, whereas
during the dry phase, they represent terrestrial taxa. Temporal a and B diversity: at and Bt,
respectively. Spatiotemporal y diversity: yst.

Despite there has been an increase of research on temporal taxonomic B diversity
in TRs (e.g. Ruhi et al. 2017; Sarremejane et al. 2017; Stubbington et al. 2019b), studies
of spatial B diversity still predominate. In addition, temporal dynamics remains even less
quantified when applied in functional B diversity (but see Crabot et al. 2020; Sanchez-
Montoya et al. 2020), which hinders to understand TRs’ biodiversity variation in space
and time. From here arises the second chapter of the thesis, which aims at analysing the
contribution of TRs’ aquatic macroinvertebrates to taxonomic and functional
spatiotemporal B diversity from a conservation perspective in Mediterranean-climate
rivers. Mediterranean-climate rivers are global biodiversity hotspots highly impaired by
human impacts and, therefore, insightful and specific conservation strategies are
required (Bonada and Resh 2013; Cid et al. 2017).
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Biomonitoring of TRs

The ecological integrity or status in rivers is commonly determined by the assessment of
the biological, chemical and physical quality (Barbour et al., 2000). Depending on the
regulations of each country, measures of these three elements may differ and/or other
aspects may be included. For instance, in the European Union context, the Water
Framework Directive or WFD (2000/60/CE) refers to the “ecological status”, which
includes the assessment of the physicochemical, hydromorphological and biological
qualities (see Box 2).

,’/ BOX 2: the Water Framework Directive or WFD N

2 WFD (2000/60/CE) aims at achieving a ‘good status’ in water bodies, which is
:asured in terms of chemical (i.e. concentrations of priority substances) and
>logical status for water bodies (Fig. 6). The WFD establishes that the assessment
the ecological status must include an evaluation of the physicochemical,
iromorphological and biological qualities (Fig. 6) (EC 2000).

The high hydrological variability of TRs, however, hampers the adequate
.essment of these ecosystems (Gomez et al. 2017; von Schiller et al. 2017). In
Jition, according to the guidelines of the WFD, the assessment of the ecological
tus should be implemented in relation to the reference conditions established for
:h river type, also called ecotypes (Fig. 6) (EC 2000), which are not clear when
1sidering TRs.

Beyond the water bodies diagnosis, the WFD mandates to incorporate the
ticipation of stakeholders and the general public in the development and
dating of the River Basin Management Plans or RBMPs (EC 2009), which cannot
very attractive given that TRs are held in low consideration from a social point of
w (Leigh et al. 2019).

( Legislation: the Water | __
v L Framework Directive
DIAGNOSIS l

‘ PARTICIPAT!
ECOLOGICAL STATUS PROCES!
MEASURES

Physicochemical quality
ECOTYPES |—> 3
Hydromorfological quality

Implementation of river

Basin Management Plans
(RBMP) and Program oOf | <
Measures (PoMs)

Biological quality

\ Figure 6. Outline on current factors and steps for the management and 4
. conservation of TRs within the WFD context. 4
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Nowadays, most common tools to assess the ecological status have been
developed for perennial rivers and, when applied in TRs, their reliability is generally low
for both physicochemical (Gémez et al. 2017; von Schiller et al. 2017) and biological
qualities (Rieradevall et al. 1999; Bonada et al. 2000; Cid et al. 2017). For the assessment
of the hydromorphological quality, however, some methods have been adapted to TRs
and seem to work properly. For example, this is the case of the QBR (Munné et al. 1998)
and IHG (Ollero et al. 2007) hydromorphological indices, which were adapted to TRs by
Sudrez-Alonso and Vidal-Abarca (2000) and Ollero et al. (2011), respectively. In this
context, the third and fourth chapter of this thesis have focused on methods for
evaluating the biological quality of TRs, since it is one of the main current challenges in
the evaluation of these ecosystems.

Typically, rivers’ biological quality is assessed using metrics that compare biological
communities sampled at one site with reference conditions (Hawkins et al., 2010). In TRs,
however, these reference values may vary over time due to the alternation among flow-
dry phases, that is, either between wet-dry periods (Garcia-Roger et al. 2011) or years
(Munné and Prat 2011). For example, studies conducted in the Mediterranean region
observed that biological metrics from reference (or least disturbed) sites were highly
variable (Sanchez-Montoya et al. 2010; Feio et al. 2014; Mazor et al. 2014).

Current biological metrics have been mostly developed for perennial or slightly
seasonal rivers, using macroinvertebrates, aquatic flora and fish communities as
biological indicators (Bonada et al. 2006b). In addition, metrics developed for the
evaluation of rivers' biological quality are not only based on taxa diversity but also on
their environmental tolerance. Taking into account that as flow intermittence increases,
diversity decreases (Fritz and Dodds 2002; Datry et al. 2013), and that many of TRs'
species are generalists with wide environmental tolerances, traditional tools may not
work in these ecosystems (Prat et al. 2014). Indeed, these metrics have been calibrated
to be used when water flows. Thus, when TRs are with disconnected pools or dry at the
time of sampling, these metrics cannot be applied, causing many TRs remaining
underassessed. In fact, even if they are applied in pristine disconnected pools, biological
communities found in TRs may be significantly poorer in taxa than that in reference
perennial rivers (Gallart et al. 2012). For instance, with the increase of flow intermittence,
the number of taxa might decrease because taxa with greater affinity to riffle habitats,
which score the best in the metrics, are lost. As time goes by, disconnected pools become
colonized with species typical of these conditions, such as Odonata, Coleoptera and
Heteroptera, which are rarely found in riffle habitats and have wide environmental
tolerances (Boulton 2003; Bonada et al. 2006a, 2020; Cid et al. 2016). If these
disconnected pools dry up, most freshwater taxa disappear. The recolonization starts just
after the rewetting and the number of taxa increases with time.
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Since the number of taxa and their environmental tolerances change with time in
TRs, alternative methods are required for their correct assessment. Specifically, it is
necessary to either calibrate current metrics or develop new ones capable of evaluating
the biological quality of these ecosystems (Bruno et al. 2016a,b; Fritz et al. 2017).

Functional metrics based on biological traits have shown to be promising tools for
discriminating between multiple types of impacts and could present advantages over
metrics based on taxonomy (Rosenfeld 2002; Hooper et al. 2005; Villéger et al. 2008).
Among them, functional redundancy (i.e. the number of species contributing similarly to
an ecosystem function) provides information on the stability, resilience and resistance of
ecosystems, and seems to work better than functional diversity (Laliberté and Legendre
2010; Guillemot et al. 2011; Bruno et al. 2016a,b). Consequently, several recent studies
encourage the use of metrics based on functional redundancy for TRs” biomonitoring
(e.g. Gutiérrez-Canovas et al. 2015; Bruno et al. 2016a,b; Belmar et al. 2019). From here
arises the third chapter of the thesis, which aims at assessing the ability of traditional
biomonitoring metrics and new functional ones to detect anthropogenic impacts in TRs.

PARTICIPATORY PROCESSES IN TRS MANAGEMENT

Participatory processes can help to promote a more sustainable and equitable
management of water resources and engage citizens in decision-making. Effective
decision-making in participatory processes, however, requires that all participants have
an adequate level of knowledge about the topic addressed (Mostert et al. 2007,
Moellenkamp et al. 2010; Porter and Birdi 2018). This is especially relevant in the case of
TRs, as participants involved in the participatory process might not be aware of the
biodiversity and ecological value of these ecosystems (Conallin et al. 2018). This lack of
awareness might be partly because society holds these ecosystems in low esteem and as
synonym of environmental degradation (Acuiia et al. 2017; Leigh et al. 2019a).
Incorporating TRs in participatory processes, thus, could contribute to increase their
social recognition beyond to improve their current management. There are several
participatory engagement mechanisms that can help in the effective decision-making of
the process by promoting open and constructive dialogues among participants (Videira
et al. 2006; Varner 2014; Mukhtarov et al. 2018). The most commonly used mechanisms
are surveys, interviews, workshops and scientific dissemination (Reed 2008; Videira et al.
2006; Mostert et al. 2007), but recently some processes have also included
environmental education and citizen science activities (Gray et al. 2017; Mukhtarov et al.
2018). Moreover, the ecosystem services concept has been also incorporated to increase
public awareness on rivers (Grizzetti et al. 2016). For instance, several studies have
incorporate the concept of ecosystem services in participatory processes of the WFD to
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increase public awareness on rivers and to enhance participants’ engagement (Grizzetti
et al. 2016; Jorda-Capdevila et al. 2016).

The WFD mandates the incorporation of stakeholders and the general public in the
development and updating of the River Basin Management Plans or RBMPs using public
participation (see Box 2) (EC 2009). However, as in the case of biomonitoring, the WFD
implementation has been mainly focused on perennial rivers and is still rare in TRs.
Considering that TRs are increasing due to global change (D6ll and Schmied 2012),
developing participatory processes in TRs, may help reframing and adapting current river
management practices to future environmental changes. From here arises the fourth
chapter of the thesis, which aims at reframing participatory processes in river basin
management to enhance the inclusion of TRs.
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OBJECTIVES

The main goal of this thesis was to contribute to the conservation and management of
temporary rivers (TRs), those where surface flow ceases at some point in time and space.
In the four chapters included in this thesis, the selected rivers showed a gradient of
natural disturbances (flow intermittence) and anthropogenic impacts.

To obtain an overall view, in Chapter 1 we compared biodiversity between
perennial and TRs worldwide considering the taxonomic groups that are usually used in
management (e.g. diatoms, macroinvertebrate, fish). Instead, in Chapters 2, 3 and 4 we
mainly focused on macroinvertebrates from the Mediterranean-climate region of the
Iberian Peninsula. In these three chapters, we expected to contribute to TRs conservation
and management by developing biomonitoring tools (Chapter 3), or testing and adapting
a set of current interdisciplinary methods and approaches to improve river conservation
(Chapter 2) and management (Chapters 4) (Fig. 1).

Finally, the typology of TRs used when conducting the different chapter of this
thesis also varies along the thesis. In Chapters 1, 2 and 3, we excluded ephemeral rivers
(E) because of lack of biological data and thus we focused on intermittent-pools (IP) and
intermittent-dry (ID) rivers (hereafter referred as intermittent rivers; IRs). In chapter 4,
ephemeral rivers (E) were also considered and we thus refer to TRs.

The main objectives of the four chapters of this thesis are:

e Todetermine whether IRs and perennial rivers biodiversity differ and whether the
direction and magnitude of any difference is related to the environmental (i.e.
climate, season, habitat, longitudinal zonation, anthropogenic disturbance) or
biological factors (i.e. taxonomic group) hypothesised to affect biodiversity
patterns in river ecosystems (Chapter 1).

e Toanalyse the contribution of IRs to the taxonomic and functional spatiotemporal
B diversity of macroinvertebrates in Mediterranean-climate rivers. Specifically,
spatiotemporal B diversity patterns were obtained by analysing the local
contribution to B diversity of each site over time (Chapter 2).
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e To assess the ability of biomonitoring metrics to detect anthropogenic impacts at
IRs and perennial rivers, considering both flowing and disconnected pools phases
of IRs. Specifically, we investigated the combined effects of natural flow
intermittence (natural disturbance) and anthropogenic impacts on widely used
river biomonitoring metrics (i.e. taxonomic richness and standard biological
indices) and novel functional metrics based on biological traits (Chapter 3).

e Adapting participatory processes in river basin management to enhance the
inclusion of ecosystems with low social recognition such as TRs (Chapter 4).

In addition to these four chapters, during my PhD | have co-authored four other
manuscripts that are related to the different objectives of the thesis:

e In Gallart et al. (2017), we aimed at proposing updated methods for the
operational monitoring, assessment and classification of the hydrological
regime of temporary rivers, along with the evaluation of the degree of
hydrological alteration.

e In Bonada et al. (2020), we aimed at providing a characterization of
disconnected pools from a hydrological, gecomorphological, physicochemical,
biogeochemical, and biological point of view as a framework to better
conceptualize, conserve, and manage these habitats.

e In Soria et al. (accepted), we aimed at conducting a review on some of the
main methods for evaluating the status of temporary rivers.

¢ In Burfeid-Castellanos et al. (in preparation), we aimed at evaluating how
flow intermittence confound taxonomic and functional biomonitoring metrics
for diatoms.
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CHAPTER 1

Biodiversity in perennial and intermittent
rivers: a meta-analysis




ABSTRACT

Comprehensive knowledge of the effects of disturbances on biodiversity is crucial for
conservation and management, not least because ecosystems with low biodiversity may
be the most vulnerable. In rivers, the role of disturbance in shaping aquatic biodiversity
has mainly focused on floods. Perennial rivers often flood, whereas intermittent rivers
(IRs) flood, stop flowing and dry. Despite the recent and significant increase in research
on IRs, controversy remains about whether they are more or less biodiverse than
perennial rivers.

Our aim was to determine (Q1) if perennial rivers and IRs differ in biodiversity and (Q2)
if the direction and magnitude of the differences (effect sizes) are related to
environmental (climate, season, habitat, longitudinal zonation and anthropogenic
disturbance) and/or biological factors (taxonomic group).

We conducted a meta-analysis on 44 published studies of perennial and IR biodiversity
that had replicated data. We applied random effects models to the data to obtain
weighted mean effect sizes for differences between perennial rivers and IRs, and their
confidence intervals, by first considering all studies and then by splitting studies into
groups on the basis of the above factors.

We found that biodiversity was significantly higher in PRs than in IRs (Q1). We also
detected significant differences (perennial rivers > IRs) in studies of macroinvertebrates,
in those conducted within arid and temperate climates, dry and wet sampling seasons,
headwaters, and regions subject to different levels of anthropogenic disturbance (Q2).

Our meta-analysis suggests that the expected increase in the prevalence of IRs in certain
regions of the world due to global change could result in a decrease in freshwater
biodiversity. To better manage and preserve aquatic biodiversity under future global
change scenarios and to avoid potential ecosystem consequences of biodiversity loss,
conservation efforts should be targeted towards those environmental conditions or
taxonomic groups with significant differences (perennial rivers > IRs).
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INTRODUCTION

Understanding how disturbance influences biodiversity is a recurrent topic in community
ecology (Pianka 1966; Huston 1979; Hughes et al. 2007). Disturbance includes a wide
variety of phenomena acting at multiple temporal (e.g. from days to eons) and spatial
(e.g. from local to biogeographical) scales, with multiple potential consequences for
populations, communities and ecosystems (Dornelas 2010). Ecologists hypothesised
many years ago that disturbance decreased biodiversity and favoured ecological
succession (Clements 1916) and that intermediate levels of disturbance enhanced
biodiversity (Connell 1978, but see Fox 2013). Effects of disturbance on biodiversity have
been studied in many ecosystems and across multiple taxonomic groups (Horner-Devine
et al. 2004; Graham et al. 2009; Barlow et al. 2016). Most studies highlight the negative
effects of disturbance on biodiversity (Loreau et al. 2001; Wardle et al. 2011; Hooper et
al. 2012), while only few show the contrary pattern (Thom and Seidl 2015; Brunbjerg et
al. 2015). Understanding and predicting when and how biodiversity might change
following disturbance is crucial for effective conservation and management (Dornelas
2010).

The role of disturbance in shaping aquatic biodiversity has focused mainly on flood
and drying events (Resh et al. 1988; Giller 1996). Flood events are pulse disturbances that
occur relatively quickly (Junk et al. 1989, Ward and Stanford 1995), disrupting habitat
conditions and eliminating individuals (Poff et al. 1997; Lake et al. 2000). In contrast,
drying events are ramp disturbances that reduce aquatic habitat and eventually result in
flow cessation and/or complete loss of surface water from the streambed, and can
reduce aquatic biodiversity drastically (Williams 1996; Lake et al. 2000). Floods enhance
connectivity among aquatic habitats, whereas drying fragments them (Stanley et al.
1997; Boulton 2003). Although it is widely known that floods and drying events affect the
structure and function of rivers (Bonada et al. 2007a; Reich and Lake 2015) and that
research on drying events has significantly increased during the last decade (Leigh et al.
2016a,b), the effects of floods have been more frequently reported that those of drying
events (Datry et al. 2007; Lake et al. 2007). This may be because floods occur in all river
types, whereas drying events are particular to intermittent rivers (IRs), in which surface
flow ceases at some point in time and space (Acuia et al. 2014; Datry et al. 2014a; Leigh
et al. 2016a). In contrast, perennial rivers are characterized by continuous flow.

IRs are probably the most common fluvial ecosystems in the world (Datry et al.
2016a), and therefore drying events are probably more ubiquitous than previously
thought. In addition, many perennial rivers are expected to transition to IRs in the near
future as a result of global change and increased human demand for fresh water (Palmer
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et al. 2008; D6ll and Schmied 2012), increasing the importance and relative contribution
of IR ecosystems to global aquatic biodiversity. However, although research on IRs is in
what has been described as a boom phase (Datry et al. 2011; Leigh et al. 2016a), debate
remains over whether IRs are more or less biodiverse than PRs. Some studies find that
IRs are less biodiverse (Del Rosario and Resh 2000; Storey and Quinn 2008; Bogan et al.
2013), whereas others find the opposite (Dieterich and Anderson 2000), or no difference
between IR and perennial biodiversity (Miller and Golladay 1996; Casas and Langton
2008; Santos and Stevenson 2011). Clearly, a more thorough understanding and test of
the biodiversity difference between perennial rivers and IRs is required.

Biodiversity between perennial rivers and IRs might differ depending on several
factors. First, biodiversity in IRs can depend on how flow regime characteristics, which
change among climatic zones, forge adaptations to drying (Boulton 2003; Lytle and Poff
2004). For example, the higher number of unique taxa in IRs than perennial rivers in
Mediterranean climates has been related to their predictable flow regimes (Béche et al.
2006; Munné and Prat 2011). Second, biodiversity between PRs and IRs can vary
seasonally. During the wet season, when both PRs and IRs flow, their biodiversity is more
likely to be similar (Delucchi 1988; Garcia-Roger et al. 2011), whereas during the dry
season, IRs will likely have lower aquatic habitat availability than perennial rivers, and
thus lower aquatic biodiversity. Third, as biodiversity varies among habitats in perennial
rivers and IRs (Garcia-Roger et al. 2013), habitat type is another relevant factor to
consider. Riffles in IRs might host a lower biodiversity than in perennial rivers because
this habitat is the first to disappear during drying (Bonada et al. 2006a), whereas pools
might show the contrary pattern if isolated pools remain in IRs during drying (Bonada et
al. 2006a; Leigh and Sheldon 2009; Boersma et al. 2014). Fourth, biodiversity differences
between perennial rivers and IRs may vary with longitudinal zonation. IR headwaters
might have lower biodiversity than perennial headwaters because their greater isolation
might hamper recolonization after drying (Finn et al. 2011; Datry et al. 2016b, c), whereas
no significant landscape barriers would affect recolonization of middle reaches (of free-
flowing rivers, at least). However, and fifthly, anthropogenic disturbance may dampen
differences in biodiversity between perennial rivers and IRs by homogenizing and
simplifying communities (Rahel 2002) regardless of flow regime, climate, habitat, season,
or the taxonomic group considered. Finally, the magnitude of change between
biodiversity in perennial rivers and IRs may vary depending on the taxonomic group
considered (i.e. macroinvertebrates, fish, algae or macrophytes) because despite some
taxa within all groups having traits of resistance and/or resilience to drying (Bonada and
Resh 2013), their evolutionary history, species biodiversity and ecological tolerance
varies. For example, although algae and macrophyte species are much more widespread
than other freshwater groups, they have a limited set of biological adaptations to flow
variation (e.g. see Lange et al. 2016 for algae in comparison to Tachet et al. 2002 for
macroinvertebrates).
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Here, we investigated the above hypotheses by comparing biodiversity in perennial
rivers and IRs using a meta-analytic approach. Specifically, we sought to determine (Q1)
whether perennial and IR biodiversity differ and (Q2) whether the direction and
magnitude of any difference is related to the environmental (i.e. climate, season, habitat,
longitudinal zonation, anthropogenic disturbance) or biological factors (i.e. taxonomic
group) hypothesised to affect biodiversity patterns in river ecosystems. For our main
question (Q1), we hypothesized that biodiversity should be lower in IRs than in perennial
rivers (Fritz and Dodds 2002; Storey and Quinn 2008; Bogan et al. 2013) because IRs are
subject to drying events that act primarily as a disturbance decreasing aquatic
biodiversity (Leigh and Datry 2016). However, if this loss of taxa in IRs is compensated by
taxa with resistance and resilience traits to cope with drying (Bonada et al. 2007b; Grubbs
2011; Vander Vorste et al. 2016), biodiversity in perennial rivers and IRs may be similar
or IR biodiversity may be higher. Assessing the differences in biodiversity between
perennial rivers and IRs and understanding the conditions under which those differences
differ is increasingly important for predicting aquatic biodiversity changes in the face of
global change.

METHODS

Data selection

We identified published studies that recorded biodiversity of perennial rivers and IRs
from an ISI Web of Knowledge (<www.accesowok.fecyt.es/>) literature search
considering a time span from the 1900s to the 21 of August 2014 (Leigh et al. 2016a).
Leigh et al (2016a) used a comprehensive search string of multiple terms for IRs which
resulted in 10 800 records and then filtered these publications using further search terms
associated with key topics of research on IR ecology and management: invertebrate
ecology, fish ecology, biogeochemistry and ecological and hydrological assessment. They
then screened the resultant groups of records manually to ensure relevancy to the topics
and IR research more generally (e.g. removing studies in the medical field), obtaining
1237 publications (see Table S2 in Leigh et al. 2016a for full details of search parameters
and screening criteria).

For this study, we re-screened each of the 1237 publications to select those
relevant for the meta-analysis according to the following criteria: the publication had to
discuss or provide direct insight into the ecology and/or management of perennial rivers
and IRs, the sampling design had to include sites which were not located along the same
river (i.e. sites must be hydrologically independent), and the publication had to include
means and standard deviations (SDs) of biodiversity measures (e.g. taxonomic richness,
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Shannon—Wiener diversity index) for each river type (perennial rivers and IRs) or enough
information to calculate these values. This selection resulted in a total of 63 publications,
44 with replicated data (i.e. studies with more than one perennial and IR each from which
the means and SDs were obtained) and 19 with non-replicated data (i.e. only one
perennial or IR from which biodiversity data was obtained) (see Supplementary Material
Appendix 1 and 2 for the full reference details of these publications). Most studies were
conducted in North America, Europe and Australia. Very few studies were from Africa
and Asia, and none were from South America (Fig. 1). For studies investigating
biodiversity in more than one distinct region (e.g. South Africa and Australia) we derived
biodiversity data separately for each region, whereas for studies which investigated
multiple groups of organisms (e.g. fish, invertebrates, diatoms), we randomly chose one

group only. Each of these individual investigations are referred to and counted as one
study for simplicity.

Figure 1. Distribution of publications, identified from an ISI Web of Knowledge literature
search by Leigh et al. (2016a), that examined biodiversity in hydrologically independent
perennial and intermittent rivers (perennial rivers and IRs, respectively). White stars refer
to studies with non-replicated data for perennial rivers and/or IRs (n = 19), whereas black
stars refer to studies with replicated data for perennial rivers and IRs (n = 44).
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We most commonly extracted means, SDs, and number of sites (n) directly,
computed them from text and/or tables in the studies (27 studies), or obtained them
directly from authors (26 studies). For the remaining 10 studies, we extracted data from
figures using Plot Digitiser (<www.plotdigitizer.sourceforge.net/>). Where multiple
measures of biodiversity (e.g. taxonomic richness, evenness, Shannon—Wiener diversity
index) were available, we preferentially extracted richness data due to it being the most
commonly reported measure across all studies. Only one study reported the Shannon—
Wiener diversity index alone. We included both these measures (i.e. richness and the
Shannon—Wiener diversity index) together in our analysis because our aim was to provide
a general summary of the difference in biodiversity among groups (i.e. perennial rivers
and IRs) (Scheiner and Gurevitch 2001). Then, for each individual publication, we
obtained information on site or sampling characteristics. In particular, we considered the
following six factors, each with several levels within: climate, sampling season, habitat,
longitudinal zonation, level of anthropogenic disturbance, and taxonomic group (Table 1,
Supplementary material Appendix 3). We created different subsets of data using the
levels of these factors and analysed them separately.

Effect size estimate

For replicated studies (with n > 1 perennial rivers and n > 1 IRs, nPR and nIR, respectively),
we obtained effect sizes using Hedge’s g, which corresponds to the difference between
the means of biodiversity in perennial rivers and IRs ( ) divided by the pooled
standard deviation (Swithin) and with a correction for small sample bias (J) (Rosenberg et
al. 2000, Borenstein et al. 2009):

(nPR - I)SDf,R - (an - I)SDi
Ry R =2

3

_PR-TR

]’ within

g

within

I=1-

The variance of g was given by:
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For non-replicated studies, where means and standard deviations were not
available, we obtained effect sizes using log(PR/IR), known as the response ratio.
Following Hedges et al. (1999; see also Eq. 4.30 and 4.31 in Borenstein et al. 2009), we
also computed the response ratio for replicated studies for comparison with the non-
replicated studies, but we did not include it in the estimation of weighted effect sizes.

Table 1. Description of the environmental and biological factors and levels within each factor,
identified from individual publications and used in our meta-analysis with replicated data.

Dominant climate of each system was determined
according to the Képpen classification of Peel et al.
(2007), which considers 5 general climates: tropical

Climate B, C, D, E, Multi (A), arid (B), temperate (C), cold (D), and polar (E). No
studies were carried out in the tropical (A) climate and
thus it is not included here. Multiple includes a
combination of these climates.

Habitat Riffles, Pools, Multihabitat includes riffles and pools. Stones refer to
Stones, Multiha rock fragments of more than 25 cm.

Loneitudinal Zonation Headwaters, M Middle refers to reaches with a catchment area

& Multiple between 100 and 1000 km? or a stream order of 4-6.

Large refers to a catchment area >1000km?2. Multiple
includes headwaters, middle and large reaches.

distinguishspecific types of disturbance (e.g.
hydrological vs morphological). Low levels were
distinguished from Medium-High levels on the basis of
information available in the published studies (e.g.
Low levels were assigned to sites within reserves;
Medium-High to sites in urban areas). Medium and
high levels of disturbance were difficult to
differentiate based on information provided in studies
and were thus combined .

Anthropogenic

disturbance Low, Medium-F

Weighted mean effect size

We used random effects models in all cases because we assumed that the true effect
sizes vary among studies (Borenstein et al. 2009). This assumption is justifiable as our
meta-analysis included a wide variety of studies that, for example, investigated different
organisms or were conducted using different sampling methods. Statistically, this choice
of meta-analytic model consists in estimating 1) the between-studies variance (T?; see
Eq. 12.2,12.3,12.4 and 12.5 in Borenstein et al. 2009) and 2) the total variance (Vi= Vg +
T2) to 3) assign the weight of each study (Wi = 1/Vi). Model outputs included the weighted
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mean effect size (WES) and its confidence interval, and a test of the hypothesis that the
true WES is zero, following standard methods described in Borenstein et al. (2009).

We estimated WES for the entire dataset (e.g. considering all replicated data in the
one random effects model) and for each of the subsets of data separated by the six
factors listed above (Table 1). For these subset analyses, the models were estimated
without the intercept (Viechtbauer 2010). With this parameterization, a pooled value of
T? was used, a procedure recommended by Borenstein et al. (2009) to increase the
accuracy of the estimate of the between-studies variance.

We used a forest plot to illustrate the results of the meta-analysis. This plot shows
the effect sizes and confidence intervals of each study and the wES (Gates 2002). A
significant model (or a wES whose confidence interval does not include zero) indicates a
significant difference between perennial and IR biodiversity. The magnitude of the wkS
indicates the amount of difference between the two river types. Here, a positive wWES
indicates that biodiversity in perennial rivers is higher than in IRs.

Publication bias

First, we visually assessed publication bias in the replicated studies using a funnel plot of
effect size against a measure of study size or precision (e.g. the standard error of the
effect size) (Sterne et al. 2011). Visually asymmetrical funnel plots usually indicate
publication bias, whereas symmetrical ones indicate negligible publication bias. Second,
we calculated the fail-safe number according to Orwin’s equation (Orwin 1983), which
gives the number of studies needed to reduce the average effect size to a pre-specified
value, which is considered unimportant. We tested a range of values (with steps of 0.2)
from 0.2 to 0.8 (corresponding, approximately, to half of the unweighted mean effect
size). Third, we calculated the fail-safe number according to Rosenthal’s approach (‘file
drawer analysis’). This indicates the number of missing studies (i.e. those unpublished or
available but not captured by the literature search and selection process) needed to be
retrieved and incorporated in the analysis to eliminate bias (Borenstein et al. 2009). A
high value indicates that a meta-analysis (i.e. estimated effect size) is robust to
publication bias, given that we would need a large number of studies to nullify the effect
size. Finally, as a sensitivity analysis, we applied the trim-and-fill method (Duval and
Tweedie 2000a, b). This method estimates and adjusts meta-analysis results for the
numbers and outcomes of missing studies.

We checked our meta-analysis against the quality criteria provided by Koricheva et
al. (2013). We fulfilled all applicable criteria. We computed all statistics using the R ver.
3.3.1 (<www.r-project.org>) and the libraries metaphor (Viechtbauer 2010) and rmeta
(Lumley 2012).
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RESULTS

Overall differences between IRs and perennial rivers

The overall meta-analysis revealed a statistically significant difference in perennial and IR
biodiversity (considering all replicate studies together), with a positive overall effect size
(WES =0.879, Table 2), thus indicating a significantly higher biodiversity in perennial rivers
thanin IRs (Fig. 2). Positive effect sizes for the individual studies ranged from 0.01 to 7.95;
negative effect sizes were smaller, ranging from —1.10 to —0.04 (Fig. 2). Accordingly,

heterogeneity among studies was highly significant (Q = 89.317, df = 43, p < 0.0001).

Table 2. Results of the random effects models for the overall design (with and without trim-

and-fill) and for the levels of the six factors. Bold typeface indicates p = 0.005. n = number

of studies considered in each level; wES = weighted mean effect size; SE = standard error of

the estimates; ci.lb and ci.ub = confidence interval (lower and upper limits, respectively).

See Table 1 for a description of the factors and levels.

OVERALL DESIGN

Climate

Sampling

Longitudi
zonation

Anthropo
disturban

Multiple

Headwaters

Medium-High

0.879

1.369

0.719

0.988

1.016

0.169

1.204

0.222

0.263

0.293

).0001

2556

0012

0002

0005

1.209

3.729

1.155

1.504

1.590

Log response ratios estimated for replicated (weighted mean effect size
[log(PR/IR)] = 0.38 + 0.05 SE) and non-replicated (unweighted mean effect size [log(PR/
IR)] = 0.25 + 0.08 SE) studies were also positive (Supplementary material Appendix 4).
The majority of non-replicated studies had effect sizes located in the positive side of the
forest plot (Supplementary material Appendix 4), again indicating that biodiversity in

perennial rivers was, in most cases, higher than in IRs.
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Figure 2. Forest plot for the overall design of the original model (without trim-and-fill)

considering the 44 replicated studies ordered by increasing effect size from the top to the

bottom. Each study is indicated in the left column with the first author and the year of

publication (see Supplementary material Appendix 4 for the complete reference). Effect

sizes of each study (using the standardized mean difference) with their corresponding

confidence intervals are displayed in the centre of the plot with the exact values on the

right. The filled diamond at the bottom shows the weighted mean effect size (WES)

estimated by the model with the edges of the diamond showing the corresponding

confidence interval.
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Specific differences in biodiversity between IRs and perennial rivers

For most levels of the six factors, wES was significantly positive (Table 2), indicating higher
biodiversity in perennial rivers than IRs. We detected differences between perennial and
IR biodiversity for studies conducted within arid (B), temperate (C), cold (D) or multiple
climate zones; within studies that considered dry, wet, or multiple seasons; a multi-
habitat sampling regime; samples from headwaters or multiple longitudinal zones; sites
subject to low and medium-high levels of anthropogenic disturbance; and that included
macroinvertebrates (Table 2). We found non-significant results for polar climates (E);
riffle, pool, and stone habitats; middle reaches; fish, algae and macrophytes (Table 2).

Publication bias

Although the funnel plot visually approached asymmetry (Fig. 3a), fail-safe numbers and
the sensitivity analysis indicated minimal bias. According to Orwin’s method, even if a
substantial effect size (0.8) is conservatively assumed as unimportant, a large number of
unpublished studies would still be needed (Orwin’s fail safe N = 38 studies) with no
differences between the types of rivers for the estimated effect size to be reduced to an
‘unimportant’ value. As expected, this number increases substantially when lower effect
sizes (i.e. 0.6, 0.4 and 0.2) are used in Orwin’s equation (Orwin’s fail safe N =67, 124 and
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Figure 3. Funnel plots for the overall design using replicated studies without and with trim-
and-fill, (a) and (b) panels, respectively. Filled circles represent the individual replicated
studies, whereas open circles represent the missing studies required to produce a
symmetrical plot.
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According to Rosenthal’s approach, the fail-safe number was 1352, suggesting that
a large number of studies with non-significant differences between types of rivers would
be needed to reverse the conclusion that PRs were more biodiverse than IRs. According
to the trim and fill approach, only six studies were potentially missing from our analysis
that if present would produce a symmetrical funnel plot (Fig. 3b). The wES estimated by
this method was similar to the one reported above (trim and fill WES =0.776 £ 0.178; 95%
Cl=0.427 to 1.125).

DISCUSSION

The studies analysed here compared biodiversity in perennial rivers and IRs across a wide
range of environmental conditions. We found a significantly higher biodiversity in
perennial rivers than in IRs, which confirmed our primary hypothesis. This finding agrees
with individual studies showing that perennial rivers are more species-rich than IRs and
that flow intermittence is a disturbance that constrains aquatic biodiversity (Del Rosario
and Resh 2000; Storey and Quinn 2008; Bogan et al. 2013). However, several individual
studies included in our meta-analysis found similar values of biodiversity in perennial
rivers and IRs; in these cases, the characteristic taxa found in IRs during the dry period
compensated for the loss of taxa present during flow (Miller and Golladay 1996; Casas
and Langton 2008; Santos and Stevenson 2011). Few of the studies analysed here had
higher biodiversity in IRs than in perennial rivers (Price et al. 2003; Bonada et al. 20073,
Alexandre et al. 2013). The persistence of isolated pools during the dry season in IRs,
which favours the presence of a wide variety of species found exclusively in lentic waters
and/or that prefer such habitat, may have increased IR biodiversity in these cases
(Bonada et al. 2006a).

Although we found overall support for the hypothesis that perennial biodiversity is
higher than IR biodiversity, IRs occur throughout the globe, including many in regions in
Africa, Asia or South America not covered by our meta-analysis (Datry et al. 2016a; Leigh
et al. 2016a). In addition, most of the papers analysed here consider the most commonly
studied taxonomic groups in river ecology (i.e. macroinvertebrates, fish, algae and
macrophytes); no papers examining other highly diverse groups such as microbes
(Palmer et al. 2000) fulfilled our selection criteria. To increase the robustness of our
meta-analysis, there is a need for future research on studies comparing perennial rivers
and IRs biodiversity in regions beyond those included here and across a wider variety of
taxonomic groups. This would provide a more comprehensive view of the effects of flow
intermittence on aquatic biodiversity and the potential effects of current and future
global change.
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Our finding that perennial biodiversity was higher than IR biodiversity within cold,
arid and temperate (which includes Mediterranean) climates agrees with several studies
from arid (Beugly and Pyron 2010; Leigh 2013; De Jong et al. 2013) and Mediterranean-
temperate regions (Progar and Moldenke 2002; Roux et al. 2008; Storey and Quinn 2008).
Flow predictability, which is related to climate predictability, plays an important role in
shaping species adaptations and thus biodiversity (Lytle and Poff 2004); highly
predictable environments (e.g. in predictably seasonal Mediterranean-climate regions)
are considered to support higher biodiversity than less predictable ones. However,
despite dry riverbeds providing habitat and refuge for terrestrial organisms (Steward et
al. 2012; Corti et al. 2013; Corti and Datry 2016) and their disconnected pools acting as
refuges for aquatic organisms (Bonada et al. 2007a, b; Sheldon et al. 2010; Datry et al.
2014a), flow intermittence is a strong disturbance even in predictable climates (Datry et
al. 2014b; Leigh and Datry 2016). Indeed, although some aquatic organisms have traits
to cope with flow intermittence (Béche et al. 2006; Bonada et al. 2008; Blanchette and
Pearson 2012), resistance traits acquired through evolution as a response to drying are
much less frequent than resilience traits in IRs (Datry et al. 2014b; Leigh et al. 201643;
Vander Vorste et al. 2016), which would explain our overall result. Of particular concern
is our finding of comparatively low biodiversity in arid-zone IRs given aridity is projected
to increase in several regions of the world (e.g. the already arid southwest region of USA;
Seager et al. 2013).

Our results do not support the view that differences in biodiversity between
perennial rivers and IRs are negligible during the wet season. However, despite the low
number of studies considered, we did find support for the hypothesis that biodiversity in
perennial rivers is higher than in IRs during the dry season. In this latter case, the low
habitat availability in IRs compared to perennial rivers will reduce biodiversity unless
isolated pools remain for long periods allowing many species to colonize and increase
community variability among pools within reaches (Bonada et al. 2006a; Leigh and
Sheldon 2009). By contrast, during the wet season, despite IRs having similar habitat
availability as perennial rivers, some studies have also shown that biodiversity may
remain relatively low in IRs because fewer species may be available and able to colonize
these habitats and/or because of alterations to food web structure and dimensions
(Datry 2012; McHugh et al. 2015).

Aquatic organisms (i.e. macroinvertebrate, fish, algae and macrophytes) have
adaptations to particular instream habitats, from riffles to pools (Bonada et al. 200643,
2008; Dallas 2007). Most likely due to the small number of studies in the subsets, our
hypothesis regarding habitat (i.e. biodiversity in perennial riffles may be higher than in IR
riffles, whereas the opposite pattern may be observed in pools) was not supported.
However, studies sampling multiple habitats showed a higher biodiversity in perennial
rivers than in IRs, which agrees with findings from Graca et al. (2004), Belmar et al. (2013)
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and Leigh et al. (2013a). Multi-habitat sampling may be a better method to account for
biodiversity of rivers (Leitdo et al. 2014) because species characteristic of individual
habitats may not occur across all habitat types (Bonada et al. 2006b; Cid et al. 2016).

The aquatic biodiversity of a particular reach not only depends on instream habitat
characteristics, but also on the regional biodiversity and the balance between dispersal
and abiotic/biotic factors. The river network structure plays an essential role for the
dispersion of aquatic organisms and thus helps determine aquatic biodiversity patterns
(Altermatt 2013). In perennial rivers, biodiversity in lowland reaches is driven by mass
effects whereas abiotic/biotic factors are considered more important in their headwaters
(Brown and Swan 2010). In IRs, the relative role of dispersal versus abiotic/biotic factors
depends not only on the hydrological phase of the reach (i.e. flowing, non-flowing, dry)
but also on where the drying event occurs along the river network (Datry et al. 2014b,
2016c¢, d). We were unable to test how different configurations of drying events affect
aquatic biodiversity but, although more studies are needed for middle reaches, our
results on longitudinal zonation agreed with our initial hypothesis. Flow and river
characteristics change with longitudinal zonation and, according to the River continuum
concept, alpha-diversity is expected to peak at middle reaches (Vannote et al. 1980; Finn
et al. 2011). Indeed, the low alpha biodiversity in headwaters and their high isolation
make them highly vulnerable to biodiversity loss by flow intermittence and hampers
recolonization after flow resumption unless communities in IR headwaters are
dominated by resistance strategies to drying (Datry et al. 2014b, 2016a). In contrast,
middle reaches have higher alpha biodiversity and less isolation (Finn et al. 2011),
resulting in no differences between perennial rivers and IRs. On the other hand,
headwaters make up a large proportion of all river networks (Naiman 1983; Benda et al.
2005) and the studies included in our analyses that were conducted in multiple reaches
also included a higher proportion of headwater sites, supporting the hypothesis that
perennial rivers have a higher biodiversity than IRs when examined across multiple
reaches (i.e. at large spatial scales). We suggest, however, that these interpretations
should be viewed with caution due to the small number of studies in middle reaches.

Anthropogenic disturbances often decrease biodiversity by homogenising
communities (Rahel 2002). Despite this, we found higher biodiversity in PRs than in IRs
regardless of the level of anthropogenic disturbance (i.e. low or mediumhigh). We
acknowledge, however, that our categorization of anthropogenic disturbances was
coarse and more studies comparing biodiversity in perennial rivers and IRs under more
explicit and different disturbance categories are needed. The effect of anthropogenic
disturbances on IRs is a relatively novel topic that is being considered in terms of
management and conservation of river ecosystems (Skoulikidis et al. 2017). Current
bioassessment methods are designed to detect the impacts of anthropogenic
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disturbances (Bonada et al. 2006b) but typically fail when applied to IRs. This means that
the lower biodiversity of IRs compared to perennial rivers cannot simply be interpreted
as indicative of anthropogenic impairment. New methods for IR bioassessment must be
designed that can disentangle natural from anthropogenic disturbances (Prat et al. 2004;
Leigh et al. 2013b).

Biodiversity has been related to ecosystem resilience (defined by Holling 1973, “as
the magnitude of disturbance that a system can experience before it shifts into a
different state”), however, there is uncertainty about how ecosystem resilience will
respond to increases in levels of anthropogenic disturbance and consequent impacts on
biodiversity (Steffen et al. 2004). Walker and Meyers (2004) suggested that ecosystems
might respond gradually to biodiversity loss, whereas Gunderson and Pritchard (2002)
suggested that ecosystems will respond strongly, because crossing the threshold of
biodiversity loss will produce sudden and dramatic changes in the responding state
factors. Indeed, higher numbers of species are expected to increase the ability to recover
from disturbances (Holling 1978; Folke et al. 2004). If IRs have significantly lower
biodiversity than perennial rivers, as found by us, ecosystem resilience could be affected.
However, IR taxa have particular adaptations for surviving and recovering from drying
(Lake 2011; Blanchette and Pearson 2012; Leigh et al. 2016b), which may help to mitigate
the effects of future co-occurring disturbances (Mori et al. 2013; Vander Vorste et al.
2016). Although a growing number of studies on IRs consider ecosystem resilience (e.g.
using functional characteristics of species; Bruno et al. 2016; Vander Vorste et al. 2016),
the ecosystem effects of biodiversity loss in these systems needs to be investigated.

As a result of global change, extreme climatic events are expected to increase in
frequency and intensity, with an increase in drying frequency, duration, and/or intensity
in many regions (Beniston et al. 2007; Palmer et al. 2008; D6ll and Schmied 2012). Some
regions will experience shifts from perennial rivers to IRs, whereas other regions will
show the contrary pattern (Doll and Schmied 2012). If these hydrological regime shifts
occur faster than the evolutionary scale at which species acquire adaptive traits (Filipe et
al. 2013), dramatic effects on aquatic biodiversity and ecosystem processes and services
will result (Datry et al. 2014a; IPCC 2014; Ledger and Milner 2015). In regions where
perennial rivers will shift to IRs, loss of species poorly adapted to dry conditions can be
expected (Phillipsen and Lytle 2013; Jaeger et al. 2014). Our findings suggest such losses
may be particularly relevant for certain taxonomic groups (i.e. macroinvertebrates) and
under particular environmental conditions or in certain regions (e.g. in arid and
temperate climate zones, and in headwaters). However, IRs communities of species with
strong dispersal capacity and high fecundity may be minimally affected and able to
colonize these novel IRs (Arscott et al. 2010; Datry et al. 20144, b). In regions where IRs
will shift to perennial rivers, the expected increase in biodiversity in these novel perennial
rivers will ultimately depend on the connectivity to other perennial rivers. Perennial
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rivers highly connected to novel perennial rivers might maintain biodiversity, whereas
the biodiversity in of highly isolated perennial rivers may decline. As highly dynamic
metacommunities are expected to dominate in this future scenario of IRs shifting to
perennial rivers and vice versa (Datry et al. 2016b), conservation efforts to reduce the
risk of undesired hydrological regime shifts should be prioritized to avoid effects on
ecosystem resilience (Folke et al. 2004) and could be targeted towards those
environmental conditions or taxonomic groups with significant differences between
perennial and IR biodiversity.
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CHAPTER 2

Contribution of intermittent rivers to beta
diversity can inform freshwater
conservation in the Mediterranean region




ABSTRACT

In Mediterranean-climate areas, intermittent rivers (IRs) are frequent, and hold highly
dynamic communities that typically change among flowing, disconnected pools and dry
phases. From a conservation point of view, including both spatial and temporal
biodiversity patterns are key to capture the full variation in their community
composition. Using taxonomic measures alone to protect biodiversity might provide
limited insight into the impacts of disturbance on ecosystem functioning. Information on
the contribution of key sites and moments to both regional taxonomic and functional
diversity could help to develop effective conservation strategies.

We analysed the spatiotemporal contribution of aquatic macroinvertebrates from
perennial and IRs to taxonomic and functional beta diversity in the western
Mediterranean Basin. Local site contributions to beta diversity (LCBD) were compared
within each site and over five sampling times in relation to flow intermittence, local
environmental variability and anthropogenic impacts.

When considering all sampling times, taxonomic and functional richness over time were
significantly higher in perennial than in IRs, while taxonomic and functional LCBD were
higher in IRs. Despite some of the highest LCBD values found in IRs corresponded to
anthropogenic impacted sites, flow intermittence was the main predictor explaining
spatiotemporal patterns of both taxonomic and functional LCBD. When comparing the
sites over time, higher values of taxonomic and functional LCBD corresponded mostly to
IRs during the disconnected pool phase.

Our results highlight the importance of IRs to biodiversity conservation of
Mediterranean-climate rivers, especially during the disconnected pool phase, suggesting
that these ecosystems cannot be ignored in conservation planning strategies.
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INTRODUCTION

Incorporating relevant information on community composition is crucial to developing
effective biodiversity and ecosystem conservation strategies (Pereira et al. 2013; Hill et
al. 2016). Commonly, conservation efforts have focused on protecting the number of
species within a site (taxonomic alpha diversity; a) or region (taxonomic gamma diversity
or regional diversity; y), while efforts to characterize and incorporate the variation in
species composition (taxonomic beta diversity; B) are more recent (Koleff et al. 2003;
Anderson et al. 2011; Socolar et al. 2016). Taxonomic B diversity can be measured as the
compositional dissimilarity in species assemblages, either in space (Baselga 2010;
Anderson et al. 2011) or in time (Legendre and Gauthier 2014; Shimadzu et al. 2015).
While links between a, B and y spatial taxonomic diversity have been widely explored,
their temporal dynamics have been overlooked (Anderson et al. 2011; Legendre and
Gauthier 2014). Temporal taxonomic B diversity inform about how the community
variation, influenced by environmental variables, changes through time (Legendre and
Gauthier 2014; Legendre and Condit 2019).

Functional diversity components can provide more insight into the impacts of
disturbance on ecosystem functioning than taxonomic measures (Graham and Fine 2008;
Villéger et al. 2013, 2017; Mazel et al. 2018). In comparison with taxonomic diversity, the
use of functional diversity allows clarifying the role of each species in ecosystem
processes and their resistance and/or resilience to environmental changes, either natural
or anthropogenic (Tobias and Monika 2011; Mouillot et al. 2013; Villéger et al. 2013,
2017). Since the increase of multiple anthropogenic impacts is undermining the stability
of ecosystems, understanding how both taxonomic and functional diversity influence
ecosystem functioning can contribute to better predict the ecological consequences of
biodiversity loss (Hooper et al. 2005; Flynn et al. 2011; Gutiérrez-Canovas et al. 2015,
2019). As for taxonomic B diversity, functional B diversity can be defined as the
compositional dissimilarity in trait assemblages across space (Villéger et al. 2013; Aspin
et al. 2018) and time (Baselga et al. 2015; Magurran et al. 2019). Despite such functional
B diversity measures provide information on what are the implications of spatiotemporal
changes in trait community composition for ecosystem functioning (Korhonen et al.
2010; Baselga et al. 2015; Magurran et al. 2019), their temporal dynamics still remain
poorly quantified (Korhonen et al. 2010; Stegen et al. 2013; Crabot et al. 2020).

Intermittent rivers (IRs) are highly dynamic ecosystems that typically shift among
flowing, disconnected pools and dry phases (Gallart et al. 2012, 2017). Flow intermittence
exerts a primary control on IRs ecosystem structure and function over time and,
consequently, biodiversity patterns typically follow these changes (Datry et al. 2014a,b;
Stubbington et al. 2017). In the case of aquatic macroinvertebrates, surface flow
cessation and the subsequent formation of disconnected pools imply the disappearance
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of species adapted to riffles and the appearance of pool-like species (Bonada et al. 20063;
Bogan et al. 2017; Tonkin et al. 2017). With the complete drying of the riverbed, some
taxa may emerge, move to other wet habitats, to the hyporheic zone, or enter in a
desiccation-resistant life stage (Bogan et al. 2017; Stubbington et al 2019a,b). Shifts from
dry to flowing phases following rewetting favour recolonization, contributing to the
recovery of local communities in IRs (Leigh et al. 2016b; Bogan et al. 2017). IRs
communities are highly variable in time, with species and trait composition changing
from one period to another (Datry et al. 2014a,b; Bogan et al. 2017). Therefore, assessing
spatiotemporal taxonomic and functional B diversity patterns might be even more
important compared to other relatively more stable ecosystems (Leigh et al. 2019b;
Crabot et al. 2020). Considering that climate change and increased human demands for
water are altering IRs’ biodiversity patterns and functional processes (Datry et al.
2014a,b), a better understanding of their contribution to biodiversity is timely (Ruhi et
al. 2017; Sanchez-Montoya et al. 2020).

In comparison to IRs from other climatic regions, those in Mediterranean-climate
areas are characterised by being highly predictable in terms of seasonality, resulting in
clear community shifts between flowing and non-flowing phases (Hershkovitz and Gasith
2013; Tonkin et al. 2017). In addition, Mediterranean-climate IRs are global biodiversity
hotspots, i.e. regions holding high levels of endemism and also being particularly
vulnerable to anthropogenic impacts (Bonada and Resh, 2013; Cid et al. 2017).
Considering their high spatiotemporal variability, identifying key sites and moments that
contribute the most to regional diversity could be informative for conservation
management (Ruhi et al. 2017, Sdnchez-Montoya et al. 2020).

Here, we studied riverine aquatic macroinvertebrates taxonomic and functional
spatiotemporal B diversity in 20 rivers of the western Mediterranean Basin by analysing
the local contribution to B diversity (LCBD; Legendre and De Céaceres 2013) of each site
over time. Specifically, perennial rivers and IRs were sampled along gradients of natural
flow intermittence and anthropogenic impacts to investigate their influence on LCBD.
Our first hypothesis (H1) was that LCBD would be higher in IRs than in perennial rivers
because IRs macroinvertebrate communities are subjected and adapted to higher
spatiotemporal variability (Bonada and Resh 2013; Tornés and Ruhi 2013; Leigh et al.
2019b). Our second hypothesis (H2) was that anthropogenic impacts would reduce
differences between IRs and perennial rivers contributions, as they are known to simplify
and homogenize communities (Tonkin et al. 2017). Finally, our third hypothesis (H3) was
that LCBD of IRs would be higher during disconnected pools than during the flowing
phase because IRs hold unique species adapted to non-flowing conditions (Bonada et al.
200643, 2020).
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METHODS

Study sites and sampling design

The study was conducted in 20 river sites located in the Mediterranean-climate region of
the Iberian Peninsula. Ten sites were intermittent and ten were perennial. The study area
is characterized by Mediterranean climate, with high seasonal and inter-annual
variability in precipitation and flow regime (Bonada and Resh 2013; Cid et al. 2017). Sites
ranged from 6 to 1100 m.a.s.l., with discharges ranging from 0 to 0.417 m3/s. For further
details on the study area, see Soria et al. (2020).

Biological dataset

Macroinvertebrates were collected during flowing and disconnected pools phases,
sampling five times per site at six-week intervals between April and December 2015:
April-May (t1), June (t2), July-August (t3), September (t4), December (t5). Therefore,
sampling included both drying and rewetting periods. Because five sites were dry
between one and three occasions, a total of 91 samples were obtained. Our sampling
procedure followed the official quantitative standardized protocol used by water
agencies in Spain (MAGRAMA 2013). Samples were collected using a 250 um-mesh D-net
across all available microhabitats and preserved them in 4% formaldehyde.
Macroinvertebrates were identified to the lowest taxonomic resolution possible, usually
genus, but with some Chironomidae and Ceratopogonidae identified to subfamily or
tribe. Overall, 194 macroinvertebrate taxa were identified (Soria et al. 2020).

In addition to taxonomy, resistance and resilience traits related to flow
intermittence were also considered (Lytle and Poff 2004; Bogan et al. 2017; Stubbington
et al. 2017). Overall, 35 categories of seven specific traits were selected: type of
reproduction, resistance forms, respiration, locomotion, life cycle duration, reproduction
cycles per year, and dispersal (Tachet et al. 2010).

Predictors of spatiotemporal B diversity

Hydrology, anthropogenic impacts and general physico-chemistry of the studied rivers
were included as predictors of LCBD. The TREHS (Temporary Rivers Ecological and
Hydrological Status) software (http://www.lifetrivers.eu/products/trehs-software/;
Gallart et al. 2017) was used to classify rivers hydrological regime and to differentiate
river sites affected by natural flow intermittence from those with human-driven flow
intermittence.
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To infer the IRs’ phases (i.e. flow, disconnected pools, dry riverbed), two
temperature data loggers (UA-002 HOBO) were installed at each river site and recorded
data during the 30-week study period (see details in Soria et al. 2020). Based on
temperature data collected from temperature data loggers, thermal amplitude was used
to infer two hydrological predictors: the accumulated zero-flow days (i.e. disconnected
pools or dry riverbed) since the last flow resumption occurred (ZF.), and the accumulated
number of days with disconnected pools since the last flow resumption occurred (DPa).
ZF, and DP, were used to address hypotheses H1 and H2, respectively.

Anthropogenic impacts were measured at each river site by using the number of
impacts according to the Mediterranean Reference Criteria (MRC index) (Sdnchez-
Montoya et al. 2009). The MRC index includes information on invasive species, diffuse
pollution sources, land-use intensity, riparian vegetation, river ggcomorphology, instream
habitat conditions and hydrological alterations, and ranges from 0 (highly impacted) to
20 (non-impacted). To facilitate interpretation, the inverse of the MRC index values were
used (i.e. from 0 = non-impacted, to 20 = highly impacted, hereafter number of impacts;
see Soria et al. 2020). In addition, the number of impacts were also separated in two main
categories: unimpacted or least impacted (number of impacts between 0 and 5; hereafter
least impacted) and medium-high impacted (number of impacts between 6 and 20;
hereafter impacted).

For each sampling site and time, the following physico-chemical parameters were
measured in situ: conductivity (uS/cm), pH, temperature (2C), dissolved oxygen (both
percentage and mg/l), chemical parameters (i.e. HCOs3, Ca, TOC, Mg, SOas; ng/l) and
chlorophyll-a (Chl; mg/m?). From this data, environmental heterogeneity (EH) of each
sampling site was calculated by two proxies considering the variables conductivity, pH,
temperature, dissolved oxygen and chemical parameters measured during each sampling
time. First, the sum of the coefficient of variation of these variables was calculated. Then,
standardised Euclidean distances (between sampling times of each site) in a
Permutational Analysis of Multivariate Dispersions (Anderson 2006) were calculated to
obtain the average distances to the centroid. The higher was the average distance to the
centroid, the higher EH (Bini et al. 2014; Siqueira et al. 2020). All variables were previously
standardised. The Chl predictor was not further used because its correlation with the
number of impacts (Soria et al. 2020).
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Statistical analysis

Taxonomic and functional LCBD of each site (hereafter T-LCBD and F-LCBD, respectively)
were estimated for each sampling time (Legendre and De Caceres 2013; Legendre and
Gauthier 2014). The T-LCBD was calculated with taxa abundances (columns) by sites
(rows) matrix (Legendre and De Caceres 2013). The F-LCBD was also calculated with the
proportion of each category trait (columns) by sites (rows) matrix (Rodrigues-Capitulo et
al. 2009). The proportion of each category trait was obtained by multiplying the
abundance of taxa (columns) X sites (rows) matrix obtained from the field samples by the
traits (columns) X taxa (rows) matrix created from Tachet et al. (2010). T-LCBD and F-
LCBD values indicate the degree of ecological uniqueness of each site at each sampling
time in terms of species or traits composition, respectively (Legendre and De Caceres
2013). According to the procedures described by Legendre and De Caceres (2013), T-
LCBD and F-LCBD were estimated after using Hellinger standardization and the
significance of each site in each sampling time were tested by permutation (999 runs). T-
LCBD and F-LCBD values higher than the community average were considered to reflect
higher contributions to overall B diversity (Landeiro et al. 2018; Sanchez-Montoya et al.
2020). Indeed, the higher the T-LCBD or F-LCBD value of a given site, the rarer the taxa
or trait composition, respectively.

For a first descriptive analysis, community dynamics were compared between
perennial and IRs using changes in local taxonomic and functional richness (a diversity)
through time. Functional richness was obtained from Soria et al. (2020) and estimated as
suggested by Villéger et al. (2008). Beta regression was conducted to relate T-LCBD and
F-LCBD with taxonomic and functional richness, respectively. The non-parametric
Kruskal-Wallis test was applied to compare perennial rivers and IRs considering all
sampling times, while post-hoc pairwise analyses using a Tukey’s HSD test were applied
to compare perennial rivers and IRs at each sampling time. When using the subset of data
including only IRs, the non-parametric Kruskal-Wallis was applied to compare flowing and
disconnected pools phases considering all sampling times, while post-hoc pairwise
analyses were applied to compare least impacted and impacted IRs during their flowing
and disconnected pools phases.

Linear mixed-effect models (LME) were used to test for the correlation of T-LCBD
and F-LCBD with the different environmental predictors. To account for the non-
independence of samples collected from the same site a Gaussian error distribution was
used, and sites were included as a random factor. Predictors were included as fixed
factors. Models always included the number of impacts and one of the two hydrological
predictors (i.e. ZF, or DP,) but differed among the EH predictor, which resulted in two
main models (Table S1). Overall, four sub-models were tested, which resulted from
testing each of the two main models to both T-LCBD and F-LCBD response variables. For
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models including the ZF; predictor, the whole dataset was used. For models conducted
with the DP, predictor, a subset of data including only IRs was included.

The Akaike Information Criterion (AIC; Burnham and Anderson 2001; Zuur et al.
2009) was used to select the best models (i.e. models with the lowest AIC values).
Multicollinearity was assessed in models by calculating Pearson’s correlations between
the predictors and the variance inflation factor (VIF), in which we adopted a threshold of
VIF > 2.0 (Zuur et al. 2010). Normality was also assessed in models by applying the
Shapiro-Wilk test (Quinn and Keough 2002). Interactions between the selected
predictors were tested in the initial 4 sub-models, but excluded because of models’
multicollinearity (VIF > 2.0).

All analyses were conducted in R version 3.6.2 (R Core Team 2015), using the
packages “ade4” (Dray et al. 2007), “vegan” (Oksanen et al. 2013), “betapart” (Baselga et
al. 2013), “car” (Fox and Weisberg 2011) and “nlme” (Pinheiro et al. 2016). The code and
functions used to run these analyses are available at Data Accessibility Statement.

RESULTS

Comparing community dynamics between perennial rivers and IRs

Overall, when comparing perennial and IRs, significantly higher values were observed in
perennial rivers than IRs for both taxonomic and functional richness (KW = 10.821, P =
0.001 and KW = 3.866, P = 0.049; respectively; Fig. Sla,b). For T-LCBD and F-LCBD
significantly higher values were observed in IRs than perennial rivers (KW = 5.853, P =
0.016 and KW = 4.408, P = 0.036; respectively; Fig. S1c,d). When considering individual
sampling times, post-hoc analyses showed significantly higher values in IRs than
perennial rivers for T-LCBD (P > 0.05) during t3-summer and t4-summer sampling times
(Fig. 1c, Table S3). No significant differences were observed among perennial and IRs for
taxonomic (Fig. 1a) and functional richness (Fig. 1b) or for F-LCBD (Fig. 1d) at any sampling
time (Table S3). T-LCBD and F-LCBD increased significantly with decreasing taxonomic
and functional richness (Table S4).

When considering all sampling times, the highest T-LCBD values over time (i.e.
above the community average; T-LCBD > 0.043) were observed in five least impacted and
one impacted perennial rivers, and in two least impacted and four impacted IRs (Table
S5). However, when looking into each sampling time, significant values of T-LCBD were
only found in five IRs corresponding to the disconnected pool phase (Fig. 2a, Table S5).
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The highest F-LCBD values over time (F-LCBD > 0.034), when considering all sampling
times, were observed in two least impacted and two impacted perennial rivers, and three
least impacted and five impacted IRs (Table S5). When considering individual sampling
times, significant values of F-LCBD were observed in one least impacted perennial river,
and in seven IRs at one specific sampling time (Fig. 2b, Table S5). From these seven IRs,
two corresponded to the flowing phase and five to the disconnected pools phase.
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Figure 1. Boxplots showing taxonomic and functional local richness (a and b, respectively)

and LCBD (c and d, respectively) over the five sampled times: spring (t1-t2), summer (t3-t4)

and autumn (t5). Full boxes represent perennial rivers (PRs) and empty ones IRs. The * are
displayed for significant differences between PRs and IRs (P > 0.05).
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a) Taxonomic LCBD b) Functional LCBD

Figure 2. Taxonomic (a) and functional (b) LCBD plots of each site through the five sampled
times: spring (t1-t2), summer (t3-t4) and autumn (t5). Circle size is proportional to the
contribution to overall B diversity. Black circles: perennial rivers; white circles: intermittent
rivers. Significant sites (P < 0.05) are indicated in pink. See Table S5 for further details.
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IRs’ contribution during the disconnected pools phase

Overall, IRs during the disconnected pools phase had significantly higher values of T-LCBD
than during flowing phase (KW =9.521, P = 0.002; Fig. 3a), but no significant differences
were observed in F-LCBD (KW = 1.9623, P = 0.1613; Fig. 3b). For T-LCBD, the post-hoc
analysis showed significantly higher values in impacted IRs during the disconnected pools
phase than in impacted IRs during the flowing phases (P = 0.041; Fig. 3c). Moreover,
significant higher T-LCBD values were also observed in impacted IRs during the
disconnected pools phase than in least impacted IRs during flowing phase (P = 0.020). No
significant differences were observed in F-LCBD (Fig. 3d).
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Figure 3. Boxplots showing taxonomic (a,c) and functional (b,d) LCBD patterns of IRs
considering all five sampled times. Plots show least impacted and impacted IRs during
flowing (grey) and disconnected pools (DP; white) phases. P values are displayed for
significant differences between flowing and disconnected pools phases applying the
Kruskal-Wallis test, while * are displayed for significant differences (P > 0.05) between least
impacted and impacted IRs.
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Environmental predictors explaining the ecological uniqueness of rivers

The main explanatory predictors of T-LCBD best model (AIC = -768.01) were ZF,, EH and
the number of impacts, while for F-LCBD best model (AIC = -547.64) were ZF, and the
number of impacts (Table 1, Fig. S2a-e). T-LCBD and F-LCBD increased significantly with
increasing ZF, (t = 4.986, P < 0.001 and t = 4.593, P < 0.001, respectively), but no
significant patterns were observed for the rest of predictors.

Table 1. Partial regression coefficients of the explanatory predictors variables used in LME
best models of T-LCBD and F-LCBD (i.e. lowest AIC, including models with AAIC < 2; see
Table S1). Models tested the hypothesis 1 by using the accumulated zero flow days since
the last flow resumption occurred (ZF,) hydrological predictor. The greater the t-value, the
greater the evidence against the null hypothesis (i.e. there is a significant difference).
Significant predictors (P < 0.05) are indicated in bold. EH: environmental heterogeneity. N2
impacts: number of impacts.

LCBD AIC Predictors variables SE t-value
ZF, 0.00001 4.986 ).001
F-LCBD -547.64 Intercept 0.004 3.163 )02
N2 impacts 0.0003 1.146 267

Similarly, when using the subset of data including only IRs, the main explanatory
predictors of T-LCBD best model (AIC =-409.23) were DP,, EH and the number of impacts
(Table 2, Fig. S3a-c). The T-LCBD increased significantly with increasing DP, (t = 3.530, P =
0.001), but the number of impacts and EH predictors were not significant. The main
explanatory predictors of F-LCBD best model (AIC =-277.93) were DP,and the number of
impacts (Table 2, Fig. S3d-e). The F-LCBD increased significantly with increasing DP, (t =
3.429, P =0.002), but the number of impacts were not significant.
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Table 2. Partial regression coefficients of the explanatory predictors variables used in LME
best models of T-LCBD and F-LCBD i.e. lowest AIC, including models with AAIC < 2; see Table
S2). Models tested the hypothesis 2 by using the accumulated number of days with
disconnected pools since the last flow resumption occurred (DP.) hydrological predictor.
The greater the t-value, the greater the evidence against the null hypothesis (i.e. there is a
significant difference). Significant predictors (P < 0.05) are indicated in bold. EH:
environmental heterogeneity. N2 impacts: number of impacts.

N2 impacts 00002 0.114 0.911
N2 impacts .00001 -0.082 0.937
DP, 0002 3.429 0.002
DP, 0002 3.346 0.002

DISCUSSION

Overall, our results showed that taxonomic and functional richness were significantly
higher in perennial than in IRs, while taxonomic and functional LCBD were higher in IRs.
Moreover, LCBD values were negatively related to richness, as found in other studies
conducted with macroinvertebrates (e.g. Heino et al. 2017; da Silva et al. 2018; Valente-
Neto et al 2020) and other biological groups (e.g. Legendre and De Caceres 2013; Vilmi
et al. 2017; Landeiro et al. 2018). This negative relationship indicates that sites with
unique species or trait composition had lower taxonomic and functional richness,
respectively (Heino et al. 2017; da Silva et al. 2018). In our study, there was a decrease in
taxonomic and functional richness in IRs with the loss of surface flow at the beginning of
summer, which can be explained by the disappearance of species adapted to riffle
habitats during this period (Bogan et al. 2017; Tonkin et al. 2017). Yet, over the
disconnected pools phase in summer, there was an increase of taxonomic and functional
LCBD in IRs, which can be related to the appearance of species with specific traits adapted
to cope with such conditions (Bonada et al. 2006a, 2020). Hence, unlike in perennial
rivers,
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IRs are characterized by a higher gain/loss of species and traits throughout the year
(Tornés and Ruhi 2013; Leigh et al. 2019b). From a conservation point of view, including
these biodiversity temporal patterns are key to capture the full variation in community
composition present in these highly dynamic ecosystems (Ruhi et al. 2017).

Despite some of the highest LCBD values found in IRs corresponded to
anthropogenic impacted sites, flow intermittence was the main explanatory predictor
explaining spatiotemporal patterns of both taxonomic and functional LCBD. IRs can be
subjected to constant shifts in their community composition resulting from both the
effect of anthropogenic impacts (Legendre and Gauthier 2014) and their natural flow
intermittence (Tornés and Ruhi 2013; Ruhi et al. 2017; Stubbington et al. 2019b).
However, mediterranean IRs hold unique species composition adapted to natural flow
intermittence, such as a dominance of pool-like species during the disconnected pools
phase (Bonada et al. 2006a, 2020; Cid et al. 2017), that might give them capacity to resist
and to recover from drying and, at the same time from anthropogenic impacts (i.e. a
phenomenon known as co-tolerance; Boulton et al. 2000). In the long term, however, if
anthropogenic impacts remain or even increase, they might negatively affect the
competitive ability of species that have evolved to utilize specific temporal niches in IRs,
which could cause significant declines in their temporal taxonomic and functional B
diversity (Tonkin et al. 2017).

When comparing perennial rivers and IRs over time, higher values of taxonomic
and functional LCBD corresponded mostly to IRs during the disconnected pool phase.
Despite the main community shifts occurring in IRs corresponded to the formation of
disconnected pools, the complete drying of the riverbed and the flow resumption (Datry
et al. 2014; Bonada et al. 2020), our results suggested that the disconnected pools phase
was the most relevant to LCBD. Due to the shift from lotic to lentic habitats that occurs
with the formation of disconnected pools, taxa related to the flowing phase disappear,
while others progressively colonize from nearby sites that are drying up, such as Odonata,
Coleoptera and Hemiptera (Bogan et al. 2017; Bonada et al. 2020). Disconnected pools
are refuges for maintaining aquatic taxa such as fish or amphibians during IRs’ dry season,
which can recolonize the river network upon flow resumption (Hermoso et al. 2013;
Gallart et al. 2017). In addition, for some species of macroinvertebrates or amphibians,
disconnected pools are also used as stepping-stones for their dispersal or as key sites for
laying eggs and, thus, complete their life cycle (Bonada et al. 2006a, 2020; Stubbington
et al. 2017). Local specific management actions should therefore be implemented for
biodiversity conservation purposes of disconnected pools and to mitigate their possible
existing impacts (Bonada et al. 2020). This is even more relevant with the predictions of
IRs increasing worldwide because of climate-change and increased water demand (Doll
and Schmied 2012), which, in turn, might also increase the frequency of disconnected
pools (Gallart et al. 2017; Bonada et al. 2020).
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Considering that IRs have been commonly ignored in conservation planning (Bogan
and Lytle 2007; Leigh et al. 2019a), providing complementary measures to adequately
assess their biodiversity is timely. In this sense, the LCBD approach shows a high potential
to be used for conservation purposes, as the ecological uniqueness of a site can be
compared with other sites sampled in a region and can be correlated with environmental
variables (Legendre and De Caceres 2013; da Silva et al. 2018; Valente-Neto et al 2020).
In highly dynamic systems such as IRs, temporal patterns should also be considered to
better identify key sites (Ruhi et al. 2017). Despite there has been an increase of research
on temporal taxonomic B diversity in IRs (e.g. Ruhi et al. 2017; Rogosch and Olden 2019;
Stubbington et al. 2019b; Sdnchez-Montoya et al. 2020), studies of spatial B diversity still
predominate. In addition, due to the unprecedented increase of multiple human impacts
that are undermining the stability of riverine ecosystems (Leigh et al. 2016b, 2019a,b;
Villéger et al. 2017), considering only species richness and community composition, even
over time, might not be sufficient to protect the processes that maintain their ecosystem
functioning. Our results suggest that conservation planning in rivers should attempt to
assess temporal dynamics in IRs quantifying also functional B diversity. Such metric has
shown to be informative for assessing spatiotemporal biodiversity in IRs (Leigh et al.
2019b; Crabot et al. 2020), but it still remains unapplied in freshwater conservation.
Therefore, considering both IRs” hydrological variability and the increasing anthropogenic
impacts, freshwater conservation planning should consider monitoring the temporal
variability of both taxonomic and functional biodiversity in these ecosystems. This might
be even more relevant in Mediterranean-climate regions worldwide where IRs constitute
one of their predominant freshwater ecosystems (Bonada and Resh 2013; Cid et al.
2017). Special attention should also be given to the disconnected pools phase, as this is
key to maintain local and regional aquatic biodiversity (Gallart et al. 2017; Bonada et al.
2020). In this regard, some tools have recently developed to better predict the temporal
and spatial occurrence of disconnected pools across IRs networks (Gallart et al. 2017), as
well as to assess their priority as biodiversity refuge and incorporate them into the
conservation planning process (Hermoso et al. 2013). The integration of these tools in
conservation management of IRs, together with the use of new metrics able to capture
their spatiotemporal biodiversity patterns, could contribute to improve freshwater
conservation in the Mediterranean region.
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CHAPTER 3

Natural disturbances can produce misleading
bioassessment results: Identifying metrics to detect
anthropogenic impacts in intermittent rivers




ABSTRACT

Ecosystems experience natural disturbances and anthropogenic impacts that affect
biological communities and ecological processes. When natural disturbance modifies
anthropogenic impacts, current widely used bioassessment metrics can prevent accurate
assessment of biological quality.

Our aim was to assess the ability of biomonitoring metrics to detect anthropogenic impacts
at both perennial and intermittent sites, and in the latter including both flowing and
disconnected pool aquatic phases. Specifically, aquatic macroinvertebrates from 20 rivers
were sampled along gradients of natural flow intermittence (natural disturbance) and
anthropogenic impacts to investigate their combined effects on widely used river
biomonitoring metrics (i.e. taxonomic richness and standard biological indices) and novel
functional metrics, including functional redundancy (i.e. the number of taxa contributing
similarly to an ecosystem function, here a trophic function) and response diversity (i.e. how
functionally similar taxa respond to natural disturbance and anthropogenic impacts).

Only the widely used IBMWP index (Iberian Biological Monitoring Working Party) was able
to detect anthropogenic impacts in intermittent rivers when used during flowing phases.
Several functional metrics also detected anthropogenic impacts regardless of flow
intermittence. Besides, functional redundancy of the entire community remained effective
even in disconnected pools.

Our results therefore show that natural flow intermittence can confound river
bioassessment, and that a set of new functional metrics could be used as effective
alternatives to standard metrics in naturally disturbed intermittent rivers. Our findings
suggest that water managers should incorporate alternative functional metrics in the
routine biomonitoring of naturally disturbed rivers.
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INTRODUCTION

Ecosystems experience natural disturbances and anthropogenic impacts that affect
biological communities and ecological processes (Turner et al. 2003; Dornelas 2010).
Natural disturbances (e.g. droughts, floods, wildfires) have acted through evolutionary
time and have resulted in species adapted to such abiotic stress (Lytle and Poff 2004;
Bowman et al. 2009). In contrast, anthropogenic impacts (e.g. pollution, land-use
changes, biological invasions, and recently, climate change) are relatively new (<10,000
year), and may represent novel conditions for biota, impacting both biodiversity and
ecosystem functioning (Olden et al. 2004; Hooper et al. 2012). Given the predicted
consequences of global change, both natural disturbances and anthropogenic impacts
may increase in many regions worldwide (Olden et al. 2004). Urgent action is thus needed
to develop suitable assessment methods and management practices that consider the
interaction of both type of impacts (Elliott and Quintino 2007; Ghazoul et al. 2015).

Biomonitoring methods detect anthropogenic impacts using metrics based on
aspects of ecosystem structure and function (Bonada et al. 2006b; Pereira et al. 2013).
These metrics underpin biomonitoring programmes that aim to halt and reverse
biodiversity loss, to maintain and enhance the quality of ecosystems, and to assess the
effectiveness of conservation and restoration measures, such as the Water Framework
Directive (WFD; European Commission 2000), the Convention on Biological Diversity
(CBD 2010) or the International Union for Conservation of Nature (IUCN 2016).
Problematically, few current metrics integrate the effects of natural disturbances, which
can confound the assessment of anthropogenic impacts and thus lead to inappropriate
management actions (Tockner et al. 2010; Gutiérrez-Canovas et al. 2019; Pitacco et al.
2019).

Functional metrics based on biological traits have shown to be promising tools for
detecting anthropogenic impacts in different types of ecosystems (Laliberté et al. 2010;
Statzner and Beche 2010; Mouillot et al. 2013), and to be more accurate for the
biomonitoring of naturally disturbed systems (Bruno et al. 2016; Belmar et al. 2019).
However, studies assessing the combined effects of natural disturbances and
anthropogenic impacts on the functional composition of biological communities remain
limited (e.g. Elliott and Quintino 2007; Mouillot et al. 2013; Bruno et al. 2016).
Additionally, the response of functional metrics might improve when incorporating traits
responding to environmental changes (i.e. response traits), and to the effect of such
changes on ecosystem functioning (i.e. effect traits; Suding et al. 2008; Laliberté et al.
2010). Consequently, approaches that more directly link community dynamics to
ecosystem functioning are emerging.
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Nearly 50% of the current global river network has intermittent flow (Datry et al.
2014a,b). Intermittent rivers, also known as temporary rivers in a broad sense, are
dynamic systems that typically shift between flowing, disconnected-pools and dry
periods, named hereafter as aquatic phases (Gallart et al. 2012, 2017). Repeated shifts
between aquatic phases reorganize biological communities and, therefore, flow
intermittence represents a natural disturbance (Lake 2000; Leigh and Datry 2017).
Intermittent rivers also experience anthropogenic impacts, such as hydrological
alterations (flow regulation, surface and/or groundwater extractions), gecomorphological
impacts (e.g. sediment extraction and physical habitat modifications), pollutants (e.g.
heavy metals and nutrient additions) and biological invasions (Chiu et al. 2017). Detection
of these impacts at intermittent rivers is challenging because the reliability of standard
biomonitoring metrics is generally uncertain for such naturally disturbed systems (Chiu
et al. 2017; Cid et al. 2017). As the global extent of intermittent rivers increases due to
climate change and water resource pressures (Doll and Schmied 2012), understanding
the combined effects of natural flow intermittence and anthropogenic impacts on widely
used and novel river biomonitoring metrics is needed to underpin reliable biological
quality assessments.

Our aim was to assess the ability of biomonitoring metrics to detect anthropogenic
impacts at both perennial and intermittent sites, and in the latter including both flowing
and disconnected pool aquatic phases. Specifically, aquatic macroinvertebrates from 20
rivers were sampled along gradients of natural flow intermittence (natural disturbance)
and anthropogenic impacts to investigate their combined effects on widely used river
biomonitoring metrics (i.e. taxonomic richness and standard biological indices) and novel
functional metrics based on biological traits. Different types of responses to natural and
anthropogenic gradients were used to assess the reliability and calibration requirements
of potential metrics to both perennial and intermittent rivers (Fig. 1). A single response
effect occurs when a metric respond to anthropogenic impacts but not to natural flow
intermittence (Fig. 1a), indicating high reliability without calibration. An additive effect
occurs when the effects of natural flow intermittence add to those of anthropogenic
impacts but effects do not interact (Fig. 1b), indicating that this metric could be reliable
after proportional calibration with a constant term (i.e. adapting reference conditions).
Finally, interactive responses occur when the effects of natural flow intermittence
reduce, enhance or oppose those of anthropogenic impacts, and leads to antagonistic
(Fig. 1c), synergistic (Fig. 1d) or opposing (Fig. 1e) interactions, respectively (Feld et al.
2016). Metrics with these interactive responses could be reliable only after non-
proportional calibration (i.e. adapting reference conditions and response gradient to
anthropogenic impacts).
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Type of effect and description

Reliability of the metric
in biological assessments

Designation
of the

(a) Single

No effect of natural
disturbance. The effect c
anthropogenic impacts w
be the same under the
effect of natural
disturbance.

(b) Additive

The effect of natural
disturbance adds to the
effect of anthropogenic
impacts, but they do not
interact.

Two-way interaction. Tr
effect of natural
disturbance reduces the
effect of anthropogenic
impacts.

(d) Synergistic

Two-way interaction. Tt
effect of natural
disturbance enhances the
effect of anthropogenic
impacts.

Two-way interaction. Tt
effect of natural

disturbance is the opposi
of anthropogenic impact

The metric is reliable and
can be used both in
ecological systems
affected and not affected
by natural disturbance (e.g.
perennial and intermittent
rivers). No calibration
needed.

The metric could be
reliable in ecological
systems affected by natural
disturbance only after
proportional calibration
with a constant term

systems affected by natural
disturbance only after non-
proportional calibration.

Universal

Flexible

Figure 1. Potential effects of natural disturbances and anthropogenic impacts on a

biomonitoring metric and the associated reliability for its use in bioassessment, with a

special focus on intermittent rivers. Colours indicate communities not affected (blue) and

affected (orange) by natural disturbance.
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METHODS

Study area

The study was conducted in 20 river sites in the north-eastern Iberian Peninsula (Fig. S1).
The area has a Mediterranean climate (i.e. Csa and Csb; Kottek et al. 2006), with high
seasonal variability in precipitation and thus streamflow (Bonada and Resh 2013; Cid et
al. 2017). Ten of the sites are intermittent and 10 are perennial. Sites were located in
different sub-basins in the Ebro, Jucar and Catalan catchments and experience different
degrees of anthropogenic impact and river regime. Sites ranged from 6 to 1,100 m a. s. I.
and drained calcareous catchments with discharges ranging from 0 to 417 L/s.

Macroinvertebrate data

Macroinvertebrates were collected five times per site (i.e. n = 100 samples) at six-week
intervals between April and December 2015, to capture the assemblages present during
flowing phases and in disconnected pools. In total, 91 samples were taken because five
sites were dry between one or three occasions. Samples were collected using a 250 um-
mesh D-net across all available microhabitats (i.e. different mineral and organic
substrates), following the national standard quantitative sampling protocol (MAGRAMA
2013). Samples were preserved in 4% formaldehyde, and the macroinvertebrates
identified to the lowest taxonomic resolution possible, usually genus, but with some
Chironomidae and Ceratopogonidae identified to subfamily or tribe. Overall, 194
macroinvertebrate taxa were identified.

Macroinvertebrate effect and response traits were characterized. Effect traits
describe the potential contribution of macroinvertebrate organisms to ecosystem
functioning through the trophic transfer of resources and energy from basal to higher
organisms (Suding et al. 2008). Response traits characterize the resistance and resilience
of communities to disturbances and, thus, inform on community responses to
environmental changes (Suding et al. 2008; McLean et al. 2019). For the effect traits,
trophic characteristics of each genus (i.e. grazers, miners, xylophagous, shredders,
gatherers, active and passive filterers, predators, parasites and others) were gathered
from the Freshwater Information Platform (http://www.freshwaterecolo gy.info; Moog
2002; Schmidt-Kloiber and Hering 2015). Response traits were compiled from Tachet et
al. (2010; Table S1). For each genus, traits were assigned using a fuzzy coding approach
(i.e. a degree of affinity assigned to each trait category, according to the frequency of
occurrence within the genus; Chevenet et al. 1994).
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For genera without traits or for taxa not identified to genus, the averaged data from
other genera within the same family or from family-level traits were used. This was the
case for 24 taxa identified to genus, as well as for the Chironomidae and Ceratopogonidae
identified to subfamily or tribe (see Data Accessibility Statement). Prior to analysis, fuzzy-
coded data were converted into percentages of affinity for each trait.

Characterization of flow intermittence and anthropogenic impacts

The degree of flow intermittence at each site was obtained from different descriptors.
First, TREHS (Temporary Rivers Ecological and Hydrological Status) software
(http://www.lifet rivers.eu/products/trehs-software/; Gallart et al. 2017) was used to
classify the rivers’ regime and to identify potential hydrological alterations (Table S2) to
differentiate sites affected by natural flow intermittence from those with human-driven
flow intermittence.

The degree of flow intermittence during the study period (i.e. from April 2015 until
December 2015) was calculated from temperature data loggers (UA-002 HOBO), from
which is possible to infer the aquatic phases (Gungle 2006). Two data loggers were
installed at each site: one in a riffle, to determine the day flow ceased and resumed, and
one in a pool, to identify the day the reach dried completely. Data were used to calculate
two descriptors of flow intermittence for each site: the number of days in the
disconnected pool phase since the last sample was taken (DPi), and the total number of
zero-flow days (i.e. disconnected pool or dry riverbed) during the 30-week study period
(ZFv).

The extent of anthropogenic impacts at each site was measured using the number
of impacts in the Mediterranean reference criteria (MRC), which include invasive species,
diffuse pollution sources, land-use intensity, riparian vegetation, river geomorphology,
instream habitat conditions and hydrological alterations (Sdnchez-Montoya et al. 2009).
To facilitate interpretation, the number of MRC index impacts (i.e. 0 = non-impacted, to
20 = extremely impacted) was used as a descriptor variable (hereafter, number of
impacts; see Table S3 for more details). Physicochemical parameters of each river were
also measured in every sampling occasion, and were the following: dissolved oxygen,
conductivity, temperature, phosphates, nitrates and Chl-a (Table S2). However, only the
number of impacts was used as it represented a broad spectrum of impacts and was
correlated with most of the physicochemical parameters in our dataset (Table S2) and
elsewhere (Sdnchez-Montoya et al. 2009).
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Metrics calculation

Two types of metrics were calculated for each sample to characterize biotic responses to
flow intermittence and the anthropogenic impacts: widely used and functional. As widely
used metrics, taxonomic richness based on invertebrate families (Sfam) or genera (Sgen)
and several tolerance-based biological indices used in the Iberian Peninsula were
calculated: IBMWP (Alba-Tercedor et al. 2002), IASPT (Jaimez-Cuéllar et al. 2002), and
IMMI-T (Munné and Prat 2009; Table 1).

For the functional metrics, functional redundancy (i.e. FR; the number of taxa or
individuals contributing similarly to an ecosystem function, here a trophic function) and
response diversity (i.e. RD; how functionally similar taxa respond to natural disturbance
and anthropogenic impacts; Suding et al. 2008) were calculated (Figure 2). For FR metrics,
using a classification of macroinvertebrates into functional trophic groups (i.e. effect
traits; see Appendix 1) was used to obtain the average abundance (ab) and trait richness
(i.e. presence—absence; pa) for the entire community and each trophic group:
omnivorous, shredders, predators, grazers, gatherers and filterers (Figure 2, Table 1). For
RD, traits related to resilience and resistance strategies (i.e. response traits; see Appendix
1) were used to estimate functional richness (FRic, Villéger et al. 2008) and functional
dispersion (FDis, Laliberté and Legendre 2010; hereafter, RD) for the whole community
and each trophic group, all of them using abundance (ab) measures (Figure 2, Table 1).

Statistical analysis

Two datasets were analysed. One considered all data collected during aquatic phases (i.e.
flow and disconnected pools), to identify metrics that respond to anthropogenic impacts
independently of flow. The second dataset included only flowing-phase samples, as
required in current river biomonitoring protocols. To determine the reliability of each
metric to detect anthropogenic impacts across a gradient of flow intermittence, linear
mixed-effects models (LME) were fitted with a Gaussian error distribution to model all
metric responses. Before analyses, to reduce distribution skewness and improve
linearity, a square-root-transformation was applied to Sfam, Sgen and IBMWP, and a log-
or square-root-transformation was applied to almost all functional metrics. Predictor
variables (i.e. the number of impacts, DP; and ZFr) were standardized to mean = 0 and SD
=1 to allow for model coefficient comparison.
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Table 1. Community metrics used in this study. Functional redundancy (FR) and response

diversity (RD) metrics were calculated using effect and response traits, respectively. Type

of data: FR and RD were calculated as the average abundance (ab) and/or richness (i.e.

presence—absence; pa) for each functional trophic group and for the entire community.

Omnivorous taxa had mixed feeding habits, including a variety of shredding, grazing and

gathering affinities. See Section 2 for further details.

MWP
Widely used
Functional redundancy .predators
\.gatherers

).omnivorous

Response diversity
d.grazers

Iberian Biological Monitoring Working Party (Alba-
Tercedor et al., 2002)

Functional redundancy of the entire community

Functional redundancy of the predator functional
group

Functional redundancy of the gatherer functional
group

Response diversity of the omnivorous functional
group

Response diversity of the grazers functional group

Functional richness of the response traits

pa

pa, ab

pa, ab

pa, ab

ab

ab

ab
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FUNCTIONAL REDUNDANCY (FR)
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Figure 2. Analytical framework for the functional metrics used in this study (i.e. functional
redundancy, FR, and response diversity, RD). For FR functional trophic groups were used as
effect traits. For RD biological traits related to resilience and resistance strategies were used
as response traits (Table S1). Both FR and RD are represented as the average abundance
(ab) or trait richness (i.e. presence—absence; pa) for each functional group. Circle size is
proportional to abundance. Black circles: species present; white circles: species absent;
grey circles: species not included in the functional effect group of the example (i.e.
shredders). PCoA, Principal Coordinate Analysis.

For all the aquatic phases dataset, the LMEs were fitted using the number of
impacts, DP;and ZFrand their pairwise interactions as fixed factors (i.e. DP; x number of
impacts, and ZFr x number of impacts). For the flowing-phase dataset, the same analysis
was performed, but excluding DPi. All models included site as a random factor to account
for the non-independence of samples collected from the same location. A multimodel
inference approach was adopted to quantify the predictor’s standardized effect sizes and
significance. See Appendix 2 for more details.

For each metric, the combined effect type was determined using the regression
coefficient sign (+ or =) and p-value of individual predictors and their interactions (Feld
etal., 2016). Under this framework, a non-significant interaction term and one significant
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predictor coefficient indicate a single effect, whereas two or more signincant singie
predictor coefficients indicate an additive effect. Interactive (antagonistic, synergistic or
opposing) effects were identified by a significant (p < 0.05) or potential (p-value between
0.05 and 0.25) interaction and a single interaction explaining the conditional goodness of
fit (rc?) > 5% of variance. Negative coefficients for individual predictors with a positive
interaction coefficient indicated an antagonistic effect. Negative individual predictor and
interaction coefficients indicated a synergistic effect. Different coefficient signs between
individual predictors indicated an opposing effect. Effective metrics should be responsive
to anthropogenic impacts (i.e. explaining a high percentage of total variance and the
marginal goodness of fit or r’m > 0.20), and show a similar pattern across a gradient of
flow intermittence, which is reflected by non-interactive responses. For all predictors (i.e.
number of impacts, ZFr and DP;), null models were used to determine whether observed
functional metric responses to anthropogenic impacts reflected taxonomic variation (i.e.
the probability of finding more or fewer abundance or trait categories due to the number
of taxa; see Appendix 3).

All analyses were conducted in R version 3.4.1 (R Core Team 2015), using the
packages “Ime4” (Bates et al. 2015), “MuMIn” (Barto’n 2017) and “variancePartition”
(Hoffman and Schadt 2016). The code and functions used to run these analyses are
available at Data Accessibility Statement.

RESULTS

Overall, metrics decreased with increasing the number of impacts and with flow
intermittence predictors (i.e. DP; and ZFy; Table 2 and Table 3). However, responses
varied between metrics and between datasets (i.e. flowing phase and all aquatic phases).

Widely used metrics

All widely used metrics were negatively related to the number of impacts, explaining
>50% of total variance (Tables S4 and S5). A single effect of the number of impacts on the
flowing phase dataset (but not all the aquatic phases dataset) was found for IBMWP
(Figure 3h, Table 3). For other widely used metrics, the most common effect was the
antagonistic (Figure 3, Tables 2 and 3). All widely used metrics from both datasets were
identified as responsive metrics (r?m > 0.20), with r’m values ranging from 0.39 to 0.54
for all the aquatic phases dataset (Table 2) and from 0.24 to 0.43 for flowing phase
samples (Table 3). According to the criteria in Figure 1, IBMWP is reliable for flowing
phase assessments in both perennial and intermittent rivers (i.e. universal metric; Table
4), whereas other widely used metrics would require calibration before use in
intermittent rivers.
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Figure 3. Plots showing the individual response of the five widely used metrics from the all
aquatic-phases dataset (Sfam, Sgen, IBMWP, IASPT and IMMI-T; a to e, respectively; Table
1) and the flowing-phase dataset (f to j) along an anthropogenic impacts gradient (N2
impacts). Full circles represent perennial rivers and empty circles intermittent ones. Fitted
values for LMEs models are represented as blue lines for perennial rivers and as orange
lines for IRs. All responses were antagonistic except for h, for which a single effect was
observed.

New functional metrics

The number of impacts explained >50% of the variance for most functional metrics but,
in some cases, ZFr, DPiand their interactions with the number of impacts explained a
similar percentage (Tables S4 and S5). A single effect of the number of impacts was
observed for several FR and RD metrics (Tables 2 and 3): FR.ab, FR.shredders.ab,
RD.grazers.ab, RD.gatherers.ab and RD.filterers. ab for all the aquatic phases dataset, and
FR.ab, FR.shredders.pa, FR.filterers.pa, RD.shredders.ab, RD.grazers.ab, RD.gatherers.ab
and RD.filterers.ab for the flowing phase dataset. Among them, the most responsive
metrics (r’m > 0.20) were FR.ab (r’m = 0.23) and RD.filterers.ab (r’m = 0.29) from all the
aquatic phase dataset, and FR.filterers.pa (r’m = 0.33) from the flowing phase dataset
(Table 4). Following our criteria (Figure 1), FR.ab, FR.filterers.pa and RD.filterers.ab
represent universal metrics (Table 4), with FR.ab and RD.filterers.ab reliable for samples
collected in both flowing and disconnected pool phases, and FR.filterers.pa reliable only
for flowing phase samples.
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Table 3. Results of LMEs from the dataset including only the flowing phase. See Table 2 for

further details.

Sfam

IMMIT

FR.shredders.pa

FR.omnivorous.ab

FR.gatherers.ab

RD.shredders.ab

FRic

-0.104°

-0.039°

-0.043 "

-0.346°

0.072

-0.009°

-0.011"

-2.441

-1.058 *

-0.283

-5.472

1.519

0.016

-0.197

0.258 (.)

0.126 *

1.922 *

0.027(.)

0.71

0.87

0.21

0.76

0.53

0.18

0.63

antagonistic

antagonistic

single

antagonistic

ns

single

antagonistic

For other functional metrics showing significant responses to predictors, the

number of impacts and ZFy resulted in interactive effects. For the aquatic phase dataset,

nine metrics showed an antagonistic response and one synergistic (Table 2), whereas for

the flowing phase dataset, all interactive metrics showed an antagonistic response (Table

3). We also observed interactions between the number of impacts and DP; resulting in

four antagonistic, one synergistic and one opposing effect on the aquatic phase metrics

(Table 2). Among them, several functional metrics were identified as responsive metrics

(r’m > 0.20), with r’m values ranging from 0.20 to 0.39 in the aquatic phases dataset, and

from 0.24 to 0.45 in the flowing phase dataset (Table 4). According to our criteria (Figure

1), these metrics could be reliable in intermittent rivers after non-proportional

calibration.
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Table 4. Selection of the most responsive metrics (r’m > 0.20) in detecting anthropogenic
impacts in perennial and intermittent rivers. See Figure 1 for details of metric designation.

Universal (i.e. no Functional YES ib
calibration needed)

Widely used  NO, only valid during flowing phase WP

proportional calibration;
adapting reference
conditions and response
gradient to anthropogenic
impacts)

hredders.pa

yredators.ab

Widely used  YES n

Ni-T

Null models indicated that all predictor terms had non-random effects on FR.pa,
FR.ab and FR.omnivorous.pa models including all aquatic phases (Table S6) and, thus,
functional metric responses reflected anthropogenic impacts and/or flow intermittence,
not taxonomic variation. For the flowing phase dataset, several metrics had non-random
effects on all model terms (i.e. FR.ab, FR.omnivorous.pa, FR.predators.pa,
FR.omnivorous.ab, FR.predators.ab and FRic models; Table S7), and null models indicated
that the number of impacts term had non-random effects on all models except for
FR.shredders.ab and FR.filterers.ab (Table S7).
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DISCUSSION

Our results showed that natural disturbances (i.e. flow intermittence) could confound
biological quality assessments by altering metric responses to anthropogenic impacts.
Most of our widely used and new functional metrics decreased with increasing
anthropogenic impacts, but showed an interactive antagonistic response with flow
intermittence. Thus, most metrics would not accurately indicate the biological quality of
intermittent rivers, and would require calibration (Fig. 1c). However, the widely used
IBMWP index and few functional metrics could provide reliable biological assessments in
intermittent rivers when applied during the flowing phase, and the functional
redundancy based on the whole community abundance (FR.ab) remained effective even
in disconnected pools.

Compared to perennial rivers, aquatic communities in intermittent rivers typically
support fewer taxa and a higher proportion of generalists, due to environmental
harshness (Bogan et al. 2017; Soria et al. 2017). As a result, the usefulness of many widely
used biomonitoring metrics based on taxon diversity is limited, especially when using
standard values obtained from perennial rivers (Prat et al. 2014; Chiu et al. 2017). Similar
limitations of widely used metrics have been observed in other naturally disturbed
ecosystems such as when using riparian plant communities as indicators in intermittent
rivers (Bruno et al. 2016) or when using invertebrates in estuaries (Elliott and Quintino
2007) or saline rivers (Gutiérrez-Canovas et al. 2019). Nonetheless, our results suggested
that one widely used metric, the IBMWP index, could be applied in intermittent rivers
during flowing phases. This aligns with other studies in Mediterranean-climate rivers (e.g.
Munné and Prat 2011; Mazor et al. 2014; Prat et al. 2014), which suggest that widely
used metrics may work at intermittent sites if flowing phases are sufficiently long and
predictable (Gallart et al. 2012, 2017). For example, Munné and Prat (2011) found no
differences for IBMWP between perennial and intermittent rivers during wet years, as
flow permanence in intermittent rivers was high. However, during dry years, IBMWP
values varied considerably even if samples were collected during flowing phases (Munné
and Prat 2011). Thus, the wide spatial and temporal hydrological variability within
intermittent rivers (e.g. different dry phase duration at different locations at different
years) could produce misleading bioassessment results in most cases (Mazor et al. 2009;
Chessman et al. 2010; Papastergiadou and Manolaki 2012), especially in less predictable,
seasonal climate types (Tonkin et al. 2017). Hence, to avoid misleading biological quality
assessments in intermittent rivers, either existing metrics need to be recalibrated (e.g.
by incorporating long-term variability in these metrics) or new metrics, as those
presented here, require development (Munné and Prat 2011; Stubbington et al. 2018).
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Most of our new functional metrics responded differently at perennial and
intermittent sites, as evidenced by antagonistic effects. Our results align with recent
studies considering flow intermittence and salinity as natural disturbances combined
with other anthropogenic impacts (Belmar et al. 2019; Gutiérrez-Canovas et al, 2019).
The fact that intermittent rivers often showed a weaker reduction in functional metrics
may reflect strong trait filtering in naturally disturbed ecosystems (Mouillot et al. 2013).
Moreover, traits enabling species’ persistence in certain naturally disturbed
environments may contribute to be co-tolerance of other disturbances (Vinebrooke et
al. 2004). In intermittent rivers, resistance and resilience traits that enable species to
persist in highly variable flow conditions might also enable them to persist under certain
anthropogenic impacts (Bonada and Resh 2013; Belmar et al. 2019). For example,
macroinvertebrates with mechanisms for tolerating low dissolved oxygen concentrations
may in turn be indicative of either flow intermittence or organic pollution (Stubbington
et al. 2017). Thus, metrics that indicate adaptations to flow intermittence could be used
for biomonitoring anthropogenic impacts only if they are calibrated differently for
perennial and intermittent rivers.

Our results also identified functional metrics with similar responses to
anthropogenic impacts in perennial and intermittent rivers (i.e. single effect), indicating
their ability to detect impacts regardless of flow intermittence. The most responsive
metrics during flowing phases were functional redundancy based on the whole
community abundance (FR.ab) and the filterers presence—absence (FR.filterers.pa), as
well as abundance-weighted response diversity of filterers (RD.filterers.ab), with FR.ab
also responsive in disconnected pools. Thus, for example, the decrease in RD.filterers.ab
with increasing anthropogenic impacts indicates a reduction in resistance and/or
resilience traits (i.e. response traits) within this functional trophic group. The decrease in
FR.filterers.pa also evidenced taxonomic homogenization within this functional trophic
group as the number of anthropogenic impacts increased (Laliberté et al. 2010; Gagic et
al. 2015). For example, genera such as Chimarra or Ephemera were not observed when
the number of impacts increased. Our results thus indicate that metrics derived from
functional trophic groups that are not affected by natural disturbances, could act as
universal metrics in naturally disturbed ecosystems such as intermittent rivers.

By using the response-effect trait approach, functional metrics may provide
detailed information on environmental changes and their effects on ecosystem
functioning (Suding et al., 2008; Laliberté et al. 2010; Mouillot et al. 2013). Response
diversity (RD) metrics might help to differentiate community responses to both natural
disturbances and anthropogenic impacts, whilst functional redundancy (FR) metrics
based on effect traits might help to anticipate the effects of that change on ecosystem
functioning (Suding et al. 2008). For example, the decrease in FR for filter feeder taxa
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(FR.filterers.pa) might affect organic matter processing and thus change ecosystem
functioning (Bogan et al. 2017). As a consequence, community structure might also be
less resistant to environmental changes and therefore increase the vulnerability to future
anthropogenic impacts (Gutiérrez-Canovas et al. 2015; McLean et al. 2019). Similarly, the
distinct decrease of FR and RD metrics in the predator functional trophic group (i.e.
FR.predators.pa, FR.predators.ab and RD.predators.ab) in intermittent rivers could signal
potential effects of anthropogenic impacts on predation rates, and inform about cascade
effects stemming from reduced predator abundance (Hooper et al. 2012; Rodriguez-
Lozano et al. 2015).

Given the different predictability, duration and spatial patterns of the aquatic
phases in intermittent rivers (Bonada and Resh 2013; Leigh and Datry 2017), our
proposed functional metrics could contribute to improved bioassessment of these rivers.
As most of the widely used metrics were not reliable during flowing phases nor
disconnected pools, calibration is needed considering their response gradient to
anthropogenic impacts. Even though the widely used IBMWP index detected
anthropogenic impacts in intermittent rivers during flowing phases, this needs to be
considered with caution as its reliability may vary between wet and dry years (Munné
and Prat 2011). In this case, information on the degree of flow intermittence, seasonal
predictability and temporal patterns of flowing phases is required (Gallart et al. 2017).
Compared to widely used metrics, the functional redundancy based on whole community
abundance (FR.ab) could be even applied during disconnected pools. Besides, functional
metrics are more accurate in detecting ecosystem degradation and may represent a step
forward in the management of naturally disturbed ecosystems (e.g. Bruno et al. 2016;
Belmar et al. 2019). These metrics might enable prediction of biological responses to
intensifying anthropogenic impacts in a climate change context (Belmar et al. 2019).
Therefore, water managers should start incorporating alternative functional metrics in
the routine biomonitoring of naturally disturbed rivers. Regardless of the biomonitoring
metrics used, distinguishing natural from human-induced flow intermittence and
assessing the degree of hydrological alteration of a river is crucial (Gallart et al. 2017).
Future research should test both widely used and new functional metrics in datasets
encompassing multiyear time periods, across different climates, and for specific
anthropogenic impacts, as well as on other taxonomic groups.
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CHAPTER 4

Adapting participatory processes in river
management: insights from temporary rivers




ABSTRACT

Participatory processes can help to promote a more sustainable and equitable
management of water resources and equally engage citizens in management. In this
sense, the European Water Framework Directive (WFD) mandates to incorporate the
participation of stakeholders and the general public in the development and updating of
the river basin management plans. Yet, the WFD implementation has been mainly
focused on perennial rivers without considering temporary rivers properly, neither in
biomonitoring programs nor participatory processes.

This paper aims at adapting participatory processes in river basin management to
enhance the inclusion of ecosystems with poor or no social recognition such as
temporary rivers.

To do so, we examined previous experiences of participatory processes conducted in the
WFD and adapted them to propose and implement an approach for promoting
stakeholders’ engagement in temporary rivers. The approach is based on a collaborative
leadership, includes multiple participatory engagement mechanisms, uses future global
change scenarios and the concept of ecosystem services at different stages of the
process, and aims at involving stakeholders not only in the proposal of measures stage
but in the diagnosis of the ecological status. It also includes an evaluation of participants’
satisfaction on the process. We tested our approach in temporary rivers from the
Mediterranean region.

We found that the combination of environmental education and citizen science activities,
together with the inclusion of the ecosystem services concept, was the most useful way
to raise awareness on the biodiversity and ecological value of temporary rivers and to
promote stakeholders’ engagement. Workshops conducted during the diagnosis stage
played an important role in both including stakeholders’ suggestions and increasing their
knowledge on temporary rivers. Further, envisaging climate-related future scenarios
allowed participants to incorporate measures that could tackle new and emerging
pressures on these ecosystems. As future environmental changes will increase the
proportion of rivers with temporary flow regimes, our approach can contribute to adapt
current participatory processes to future needs.
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1. INTRODUCTION

Participatory processes are included in most international, regional and national
environmental policies as a tool to engage society in decision—making (Aguirre-Mufoz et
al. 2008; Razzaque 2009). Such engagement ensures the consideration of economic,
political, ecological, cultural and social aspects, and is key for defining realistic
environmental targets and increasing the success of management actions (Carayannis
and Campbell 2010; Crowley at al. 2017). Participatory processes are usually built on
comprehensive and holistic approaches in which all local community members and other
interested parties are involved (Razzaque 2009; Carayannis and Campbell 2010), using a
wide variety of engagement mechanisms (Reed 2008). The most commonly used
participatory engagement mechanisms consist of surveys, interviews, workshops,
scientific dissemination and environmental education activities (Reed 2008; Videira et al.
2006), which can be applied alone or in combination. Recently, few initiatives have also
included citizen science projects as a tool to increase public engagement in
environmental decision-making (When et al. 2015; Gray et al. 2017; Mukhtarov et al.
2018). Others have incorporated the ecosystem services concept (Jorda-Capdevila et al.
2016) or envisage future scenarios related to management actions to tackle new and
emerging pressures on the environment (Kallis et al. 2006; Quevauviller 2011; Verkerk et
al. 2017).

In the last decades, participatory processes have been incorporated in water—
related policies to promote a more sustainable and equitable management of water
resources and to freely and equally engage citizens in management (Carr 2015; Hand et
al. 2018). For example, in Europe, the Water Framework Directive (WFD) explicitly
requests every member state to conduct participatory processes when elaborating river
basin management plans (EC 2000). Similarly, in the United States, the Environmental
Protection Agency encourages public participation in different environmental and
conservation management decisions, also including river basin management plans (RCRA
2016).

Despite participatory processes are a key aspect in river management, they have
been mainly focused on perennial rivers. Temporary rivers, those that recurrently stop
flowing and may dry out completely, represent nearly 50% of the current global river
network and support several unique and endemic aquatic and terrestrial biota (Datry et
al. 2017a,b). Beyond providing ecosystem services typical of perennial rivers, temporary
rivers provide additional services such as unique genetic material from endemic species
of these ecosystems among others (Datry et al. 2017b). However, these ecosystems are
still rarely recognized and their management is still in its infancy compared to that in
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perennial rivers (Datry et al. 2017a,b). For example, temporary rivers are usually eluded
by flow gauging networks (Gallart et al. 2016), not always incorporated in biomonitoring
programs and their ecological quality is not fully assessed (Stubbington et al. 2018).
Besides, their wide spatial and temporal hydrological variability can produce misleading
bioassessment results (Soria et al. 2020). Moreover, in most cases, society seems to hold
these rivers in low esteem and they are often associated to environmental degradation
(Leigh et al. 2019a). In this context, participatory processes in temporary rivers
management remain scarce (but see Conallin et al. 2018). Incorporating temporary rivers
in participatory processes could contribute to improve their current management and to
increase their social recognition. Considering that many perennial rivers are expected to
change to temporary flow regimes as a result of global change and increased human
demands for water resources (D6ll and Schmied 2012; Datry et al. 2017b), developing
participatory processes in temporary rivers may help adapting current river management
practices to future environmental changes.

Here, we aim at adapting participatory processes in river basin management to
enhance the inclusion of ecosystems with low social recognition, such as temporary
rivers. We first examine previous experiences of participatory processes under the WFD
by summarizing the main approaches and mechanisms used in the development of river
basin management plans. Second, we propose an approach to be applied in temporary
rivers based on information extracted from these experiences. Third, we apply our
approach in Mediterranean-climate temporary rivers from Spain. Finally, we emphasize
the main challenges encountered and highlight the insights gained from this experience.

2. PARTICIPATORY PROCESSES UNDER THE WATER FRAMEWORK
DIRECTIVE: APPROACHES, MECHANISMS AND INCLUSION OF
TEMPORARY RIVERS

In the European Union, the WFD provides a common framework for the management
and protection of surface and ground water bodies (EC 2000). It aims at achieving a ‘good
status’ in water bodies, which is measured in terms of chemical and ecological status for
surface waters, and chemical and quantitative status for groundwater (EC 2000). The
WFD mandates member states to define river basin districts as a management
framework; designate their water bodies as artificial, heavily modified or natural; and
implement river basin management plans (RBMP) and programs of measures (PoMs) to
achieve their ‘good status’ (EC 2000). The implementation proceeds in six-year cycles and
requests the development and updating of both documents with the active involvement
of stakeholders and the general public (EC 2000) (Fig. 1a).
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Even though recommendations on how to conduct participatory processes under
the WFD exist (ComEC 2003), there is still a lack of standardized methodology and
information on the effectiveness of the different approaches and mechanisms (Newig
and Koontz 2014; Kochskamper et al. 2016; Boeuf and Fritsch 2016). Notwithstanding,
identifying the leadership of the process, the potential groups to be engaged (i.e.
stakeholders), the timing for their incorporation and the mechanisms for their
engagement are key aspects to be considered (Videira et al. 2006; De Stefano 2010;
Porter and Birdi 2018). In addition, after conducting a participatory process, it is
important to evaluate whether the process was perceived as satisfactory, and if there
was a real influence on the planning process with tangible results (Videira et al. 2009; De
Stefano 2010; Kochskdamper et al. 2016). Here, we scrutinized peer review publications
on official participatory processes conducted since 2003 for the development and
implementation of RBMPs and PoMs, which resulted in 23 records from 12 countries (see
Appendix 1 for more details). We checked for the type of leadership, type of stakeholders
participating and if they were incorporated at early stages of the process, the
mechanisms used to engage them, and the evaluation of the participatory process.
Regarding the mechanisms and tools used to engage stakeholders, we assessed the use
of surveys, interviews, workshops, scientific dissemination, environmental educational
activities and citizen science. For the evaluation of participatory processes, we assessed
the satisfaction of participants in terms of their perception on the use of engagement
mechanisms and leadership, and the real influence of the process on the planning
process. In addition, we found convenient assessing if the concept of ecosystem services
and future global change scenarios were considered, as previous studies showed their
relevance to increase public awareness on rivers’ current and future environmental
decision-making (Kallis et al. 2006; Jorda-Capdevila et al. 2016). We also checked if any
of the scrutinized publications included temporary rivers or not to assess their level of
exclusion in participatory processes conducted in Europe.

As summarized in Table 1, three main type of leadership have been implemented
in participatory processes from Europe: (a) lead by water management authorities, (b)
collaborative leadership between research institutions and water management
authorities, and (c) a bottom-up initiative from stakeholder’s groups with no formal lead
(Pahl-Wostl 2006). Our synthesis on the participatory processes indicated that those lead
by water management authorities or those with a collaborative leadership were the most
common, while only one case included a bottom-up initiative. Regarding the engagement
of stakeholders, the Guidance on Public Participation from the WFD (ComEC 2003)
presents a list of potential groups, which include governmental administration (at
European, national, regional and local levels), professionals in the public and private
sector, non-governmental organizations (NGOs) and individual citizens. In Table 1, we
divided stakeholders as citizens, the public administration, research institutions and the
private sector. Citizens include both the general public and specific sectors, such as local
associations, community groups and environmental NGOs.
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a) Participatory process within the WFD context
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Figure 1. Diagram on the approach of a participatory process in river basin management
plans within the current WFD context (a), and our proposal to enhance the inclusion of
temporary rivers (b). The leadership is indicated in yellow. Dashed lines indicate the two
stages proposed within a participatory process: diagnosis and measures.
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Public administrations include those related to the implementation of water
management measures, such as the public water agencies or government-owned water
companies, but also other local municipalities such as town and regional councils.
Universities and entities/institutes related to the process were included in Table 1 as
research institutions. The private sector includes agri-food and stock sectors, as well as
medium-small farmers, tourism sector, private water managers and other possible
water-related industries. Most case studies included citizens and governmental
administration as stakeholders, whereas research institutions and the private sector
were not always present (Table 1). Regarding the timing of incorporation of stakeholders,
all case studies included them at early stages of the process (Table 1). Among the
different mechanisms to engage stakeholders, the most common were interviews,
surveys, workshops and scientific dissemination, but very few studies used a combination
of more than three of them (Table 1). Environmental education was only used in one case
and citizen science was not included in any of the studies. Participatory processes were
perceived as satisfactory in most cases, except for 2 studies out of 10, for which
stakeholders suggested that there was not enough time for questions and meaningful
discussion (Kochskamper et al. 2016) or that the government limited their involvement
and fell back to the aims already contained in the old plans (Liefferink et al. 2011). Only
3 studies out of 10 showed that there was a real influence on the planning process (Table
1). For the rest, the process was not fair due to the lack of influence on the planning
process (e.g. Belfast, Lough and Lagan basins in UK), or because the social context of the
process ended up being just a first draft for further planning (e.g. Miera and Campiazo
basins in Spain).

The ecosystem service concept was only included in one case with the objective of
increasing public awareness on rivers (Table 1). Despite the WFD allows to incorporate
climate-related water risks information when developing the RBMP (EC 2009;
Quevauviller 2011), only two participatory processes envisaged clear future global
change scenarios that could involve a deterioration (e.g. growth of mass tourism) or an
improve of the status of water bodies (e.g. balanced development, emphasis on water
conservation). Due to climate change is expected to reduce water availability, identifying
future locally-relevant challenges for the management and adaptation of river basins is
key (Verkerk et al. 2017). Finally, despite temporary rivers are common across the
European river networks, especially in the Mediterranean Basin (Stubbington et al. 2018),
none of the participatory processes included them (Table 1), evidencing the need to
ensure their full consideration in RBMP.
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3. ADAPTING PARTICIPATORY PROCESSES TO INCLUDE
TEMPORARY RIVERS

Temporary rivers are among the most underprotected and poorly managed of all
freshwater ecosystems (Leigh et al. 2019a). Due to the high hydrological variability of
these ecosystems and the lack of gauging data, obtaining information of their
hydrological regime is way more complex. Integrating as many sources of information as
possible is therefore key to improve its hydrological and ecological evaluation and, in
turn, improve the measures to be implemented. In this sense, the involvement of both
local citizens and stakeholders can result in a powerful tool for a complete understanding
of the hydrological characteristics of temporary rivers. In addition to biomonitoring-
related difficulties, the lack of management and protection of these ecosystems may be
partly because society usually holds them in low esteem and as synonym of
environmental degradation (Acufia et al. 2017; Leigh et al. 2019a). For instance, when
analysing statements about rivers’ aesthetic and recreational provision, more positive
attitudes were observed towards perennial than temporary rivers (Leigh et al. 2019a).
This can negatively affect participatory processes conducted in temporary rivers, as
stakeholder engagement might be more difficult and require greater efforts compared
to perennial rivers (Conallin et al. 2018; Leigh et al. 2019a). Here we propose an approach
that could benefit temporary river management adapting previous experiences
conducted in Europe (section 2). Our approach builds on the idea of raising awareness
on the biodiversity value of these ecosystems (Leigh et al. 2019a) and on the ecosystem
services they provide (Datry et al., 2017b), combined with a strategic design of the
participatory process to potentially achieve better social and decision-making outcomes.
We argue that the following elements will be key to engage stakeholders in temporary
rivers: (1) establishing a collaborative leadership of the process and accurately analyse
the potential stakeholders to be involved, (2) using multiple participatory engagement
mechanisms and tools, (3) incorporating future global change scenarios, (4) considering
the concept of ecosystem services at different stages of the process, (5) involving
stakeholders not only in the proposal of measures but also in the diagnosis of ecological
status, and (6) evaluating the outcomes of the process (Fig. 1b).

3.1. A collaborative leadership of the process and an accurate analysis of
stakeholders

The success or failure of a participatory process can be determined by how stakeholders
with different backgrounds tackle a problem, e.g. role of power, views of environment
vulnerability and management style (Gray 2004; De Stefano 2010; Porter and Birdi 2018).
In this sense, the collaboration between representatives from management, research
and private consultants (i.e. professional mediators) in public participation can help
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approaching stakeholders’ perspectives and facilitate the resolution of potential conflicts
(Moellenkamp et al. 2010; Porter and Birdi 2018). Thus, instead of a leadership
conducted by water management authorities (Fig. 1a), we considered that a collaborative
approach that includes other parties can offer a more adaptive water management (Fig.
1b). For example, water management authorities can bring existing networks of
stakeholders, but they might lack procedural knowledge on how to design and conduct a
participatory process (Kochskamper et al. 2016). Instead, research institutions can design
and evaluate the participatory process from inception to end, and an external
professional mediator (i.e. not related to any of the stakeholders) can help to align all the
parties and coordinate all the activities (Moellenkamp et al. 2010; Kochskamper et al.
2016). Research institutions can also complement the evaluation conducted by water
management authorities by providing information from other sources. This can be
especially useful for processes involving temporary rivers, since in most cases they are
excluded from the WFD biomonitoring (Stubbington et al. 2018). Finally, to optimize the
inclusion of stakeholders, we also recommend a more specific stakeholder analysis to
identify representatives of all groups, which can be done through a first round of surveys
or interviews asking for their willingness to participate (Reed 2008; De Stefano 2010).

3.2. Using multiple participatory engagement mechanisms and tools

The use of combined participatory engagement mechanisms and tools contributes to
increase public awareness and knowledge about values and benefits of rivers (Kallis et al.
2006; Mostert et al. 2007). Within all mechanisms, those that promote open and
constructive dialogues between stakeholders can enhance individuals’ problem-solving
and decision-making skills and, thus, benefit the outcomes of the process (Videira et al.
2006; Varner 2014; Mukhtarov et al. 2018). These mechanisms include workshops and
environmental education activities (Fig. 1a,b). To maximize the exchange of information
between participants, we consider that workshops should be the central participatory
mechanism, complemented with other supporting mechanisms. Moreover,
complementary participatory engagement mechanisms, such as scientific dissemination,
surveys and interviews should be included (Fig. 1a,b), as well as other visual mechanisms
such as video, photovoice or art-based, among others.

Scientific dissemination using information panels, leaflets, newspapers and online
platforms can contribute to offer information on the status of water bodies and main
pressures and impacts to the entire community, as well as increase public awareness and
their interest in participating (Fig. 1b). This is especially relevant in the case of temporary
rivers, as stakeholders involved in the participatory process might not be aware of the
biodiversity and ecological value of these ecosystems nor of their current status. To
include those stakeholders that cannot attend face-to-face workshops but may have
relevant contributions to the participatory process, the use of an online survey can be
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useful. Indeed, the field of online public participation is in a growth phase with many
emerging opportunities for all stakeholders, as it empowers and engages far more
participants (Gray et al. 2017; Mukhtarov et al. 2018).

In addition, at present there are several citizen science projects that can provide
tools to be used along a participatory process of rivers (Gray et al. 2017; Mukhtarov et
al. 2018; Krabbenhoft and Kashian 2020). Some of them include features that can be
especially useful to increase stakeholders’ awareness and knowledge on temporary
rivers, such as CrowdWater (CrowdWater website 2020), The Barrier Tracker (Portal
Amber International website 2020), Stream Tracker (Stream Tracker website 2020) or
RiuNet (RiuNet website 2020) mobile applications. Further, their use can also be useful
to collect data of these ecosystems before the process starts and, thus, complement data
provided by water management authorities or research institutions.

3.3. Incorporating future global change scenarios

Changes in biodiversity and ecosystem functioning caused by global change are affecting
the ecological and chemical status of rivers and the ecosystem services they provide (MA,
2005; Jorda-Capdevila et al. 2016). In this context, river basin management practices
should be adapted to future environmental changes such as the increase of temporary
flow regimes as a result of more extreme droughts and increased human demands for
water resources (Do6ll and Schmied 2012; Datry et al. 2017a). Thus, the incorporation of
future global change scenarios is key to ensure a more adaptive and integrated
management of rivers (Kallis et al. 2006; Quevauviller 2011). In fact, it is expected that
member states implementing the WFD clearly demonstrate how global change
projections have been considered in the pressures and impacts assessment, in the
monitoring programmes, and in the PoMs (EC 2009). In addition, focusing on a future
goal can also help to energize brainstorming in the participatory process (Kallis et al.
2006). In our approach, we suggest that stakeholders identify which factors could involve
a deterioration of the temporary rivers ecological status in the future, and incorporate
this information when developing the RBMP and PoMs (see section 3.5). To do so, we
propose to include a medium-long term scenario (e.g. >20-30 years), which might vary
depending on the characteristics of the river basin district and the member state (Kallis
et al. 2006; Jager et al. 2016). Additionally, expected changes on the delivery of
ecosystem services could also be incorporated (see section 3.4).
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3.4. Incorporating the concept ecosystem services

Rivers provide essential ecosystem services, including provisioning, regulation and
cultural services (MA, 2005). In the case of temporary rivers, even when the riverbed is
completely dry, they can offer services such as walking trails, a source of medicinal plants
or migration corridors for animals (Datry et al. 2017b). When developing the final PoMs,
the prioritization of the measures usually consider the effects of management actions on
the status of water bodies but not on the human well-being resulting from changes in the
provision of ecosystem services (Terrado et al. 2016). The combination of both the status
of water bodies and their ecosystem services conditions might help stakeholders to
prioritize those optimal management actions according to the cost-effectiveness criteria
required by the WFD and, thus, improve decision-making in selecting suitable measures
and the implementation of RBMPs (Terrado et al. 2016). In addition, several studies have
shown that incorporating the concept of ecosystem services in participatory processes of
the WFD can contribute to increase public awareness on rivers’ environmental and
conservation issues, and to enhance participants’ engagement (Jorda-Capdevila et al.
2016; Grizzetti et al. 2016). We therefore suggest incorporating the concept of ecosystem
services during the participatory process and provide the necessary information for the
participants to distinguish the most relevant ecosystem services provided by each water
body, and link them with the management measures listed in the RBMP and PoMs (see
section 3.5). We think that this step could strengthen participant’s understanding of the
impact of the proposed measures on the environment and, thus, represent a step
forward for increasing social engagement in water-related decision making (Terrado et
al. 2016). This might be especially relevant when incorporating temporary rivers due to
the inherent social-ecological complexity of these ecosystems (Datry et al. 2017b; Leigh
et al. 2019a). Cultural ecosystem services such as landscape aesthetics, cultural
relevance, religion and spirituality, education and research, public use, way of transport
and recreation seem to be easier to link with changes in the state of the environment by
the general public and, thus, can better contribute to promoting awareness on these
ecosystems (Jorda-Capdevila et al. in revision).

3.5. Involving stakeholders in the diagnosis before the proposal of measures

Effective decision-making in participatory processes requires access to relevant
information but also the capacity to contribute with reliable information (Tippet et al.
2005; De Stefano 2010). To develop this capacity, all participants should have an
adequate level of empowerment about the topic (Mostert et al. 2007; Moellenkamp et
al. 2010; Porter and Birdi 2018). In addition, not only communication but active
participation from all participants should be promoted since the beginning of the process,
that is, knowledge of the topic should be transferred from water authorities to other
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stakeholders but also the other way around. Therefore, knowledge should be held to be
the product of processes on which all participants collaborate closely (Pouliot 2009). In
this sense, involving participants in the diagnosis and assessment of the target ecosystem
could: (1) increment their knowledge before measures are proposed and discussed, (2)
help to raise awareness on the biodiversity and ecological value of these ecosystems, and
(3) provide complementary data to water management authorities. This becomes even
more important when conducting a participatory process in ecosystems with poor or no
social recognition such as temporary rivers which, in turn, may lack monitoring data due
to the lack of gauging stations in most of these ecosystems (Gallart et al. 2016). Our
approach proposes to incorporate a river diagnosis step prior to the proposal of
measures resulting in a two-stage participatory process: (1) diagnosis and (2) measures
(Fig 1b).

3.5.1. The diagnosis stage

The diagnosis stage aims at engaging stakeholders and gathering new information on the
impacts and status of water bodies (i.e. hydrological, ecological and chemical status). To
increment participants’ knowledge and awareness on the water bodies to be worked on,
we suggest to provide them all the available information on the status and impacts of
these ecosystems (see section 3.2). Such information can be obtained from monitoring
and/or research programs conducted by water management authorities and researchers,
respectively, and, when available, from citizen science projects (Gray et al. 2017;
Mukhtarov et al. 2018; Van Cauwenbergh et al. 2018). To gather new information of each
water body from participants, they can contribute to their diagnosis by double-checking
the information provided by the organizers and/or identifying new ones when necessary.
In addition, an evaluation of ecosystem services (see section 3.4), together with an
activity on future global change scenarios could be incorporated to complement the
diagnosis (see section 3.3). We therefore suggest that participants identify which future
factors could cause a deterioration of the status of water bodies and the ecosystem
services they provide, as well as potential changes in the current pressures and impacts.
As the use of multiple mechanisms is crucial to conduct a successful participatory process
(see section 3.2), we also propose conducting an environmental education activity within
the diagnosis workshop. One example could be organizing a short field trip to a
temporary river nearby the workshop location using citizen science (see section 3.2).
Including these complementary activities within the workshop could contribute to raise
awareness on temporary river management, implement an adequate level of
empowerment to all participants, and show them how they can contribute to the
diagnosis in the future (Conallin et al. 2018).
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3.5.2. The measures stage

The measures stage corresponds to the traditional participation process to review the
PoMs before its implementation (EC 2009). Typically, water agencies conduct a workshop
in which all stakeholders and a mediators are involved (Fig. 1a,1b). In this workshop,
management measures are exposed by water agencies via scientific dissemination
mechanisms (e.g. Lieffrink et al. 2011; Kochskamper et al. 2016). In turn, participants
provide their contributions to obtain a final prioritization of measures (EC 2009).
Compared to traditional workshops on measures, we suggest to incorporate the results
gathered in the previous diagnosis workshop. To do so, participants can contribute by
double-checking if impacts and pressures detected in the diagnosis workshop had
measures from the RBMPs associated and/or by identifying new ones. Ideally,
participants should be the same ones from the diagnosis workshop. To include ecosystem
services (see section 3.4), we propose that the workshop includes activities where
participants can link the proposed measures with their effects on the provision of
selected ecosystem services. Future global-change scenarios identified in the diagnosis
workshop can also be considered here. This can be done using different methods, such
as reference ranking with criteria, relative preference ranking or pair-wise ranking
(Anyaegbunam et al. 2004). This will give stakeholders the opportunity to identify which
measures could contribute the most to improve the status of water bodies.

3.6. Evaluating the outcomes of the participatory process

The evaluation of the outcomes is required to increase social learning (i.e. learning from
practice) on public participation in river management (Tippet et al. 2005; Mostert et al.
2007; Varner 2014). Lessons learned from participatory processes of the WFD have
shown the benefits and challenges in involving stakeholders (e.g. Videira et al. 2006;
Kochskamper et al. 2016), but little is known about its effectiveness when incorporating
temporary rivers. In this sense, regardless of the ecosystem considered, participants can
be asked to identify the factors fostering or hindering the outcomes of the process, e.g.
the role of stakeholder involvement, politics and institutions, opportunities for
interaction, openness and transparency (Mostert et al. 2007; Parés et al. 2015).
Considering previous experiences in Europe (Table 1), we suggest that any evaluation
process should ask participants to: (1) conduct a short survey to evaluate whether the
process was satisfactory (e.g. activities, leadership, timing, stakeholder engagement),
and (2) evaluate whether there was a real impact of the participants’ contributions to the
RBMPs (e.g. which new measures were included). Finally, we suggest to share all the
outcomes through both scientific literature and online databases (Varner 2014).
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4. A CASE STUDY FROM MEDITERRANEAN-CLIMATE TEMPORARY
RIVERS

Between June 2017 and May 2018 we conducted a participatory process and
implemented the approach described in the previous section. Our process included
Mediterranean-climate riverine water bodies belonging to 3 different river basin districts
in Spain (Ebro, Jucar and the Catalan River Basin District). These water bodies were study
sites of the project LIFE+ TRivers (http://www.lifetrivers.eu/), which aimed at developing
operational methods for implementing the WFD in temporary rivers. Eleven perennial
and eleven temporary water bodies were included (Fig. S1). These 22 water bodies were
grouped in 5 areas of participation: Girona, East Tarragona, West Tarragona, South
Tarragona and Castell6 and Valencia (Fig. S1). Overall, our participatory process included
several local users (e.g. citizens living nearby the water body), nine local environmental
associations and NGOs, two private entities, five research institutions, six local
municipalities (i.e. town and regional councils), and two water management authorities
(Table S1). Our participatory process developed dissemination activities before the
participation process and implemented a collaborative leadership between water
management authorities, research institutions and a professional mediator (see details
in Appendix 2).

The diagnosis and measures workshops were structured as explained in section
3.5, but few specific aspects need to be highlighted. For the diagnosis workshop, we
included all stakeholders except citizens water management authorities’ representatives
to allow citizens and private sector stakeholders bring their opinions independently of
the official constraints. In this workshop, researchers and the mediator exposed the four
different main topics: management, hydrology, ecological status and ecosystem services
(Fig. S2a,b). The concept of ecosystem services was explained to the participants focusing
on cultural services. Then, the contributions on pressures and impacts of each water body
from participants, as well as on cultural ecosystem services (see section 3.4), were
conducted with a brainstorming dynamic (Anyaegbunam et al. 2004) (Fig. S2c,d).
Participants also identified which future factors related to global change and other
anthropogenic impacts could involve a deterioration of the status of water bodies in
future-scenarios (see section 3.3). For the sake of simplicity and comparisons purpose
between areas of participation, participants’ contributions and factors related to global
change were grouped by general themes and divided in three main topics: management,
hydrology and ecological status. To conclude the diagnosis workshop, an environmental
education activity was conducted using the citizen science app RiuNet (Fig. S2e,f).
Activities conducted in the diagnosis workshop resulted in participants identifying several
pressures and impacts for each water body of each area of participation (Table S2).
Moreover, several interviews on the hydrological regime and alterations were conducted
to citizens inhabiting the study sites.
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Most common contributions related to the management of pressures and impacts
identified by participants were an absence of awareness programs and environmental
education, a lack of involvement of the competent administrations for the conservation
of temporary rivers, and a non-existence of measures to manage forests in the river basin
and the riparian zone. Among the pressures and impacts related to hydrology,
contributions were about a lack of control to regulate water use, an uncontrolled
dumping, and an increase of water extractions. Contributions related to the ecological
status were mostly about the presence of invasive species and limitations of sewage
treatment plants in improving ecological status. Participants also identified 13 factors
related with future global change scenarios that could involve a deterioration of these
water bodies (Table S2). The most frequently selected factors in each area of
participation were related to an increase of: (i) public use, (ii) invasive species, (iii) water
contamination, (iv) lack of involvement of the competent administrations, and (v)
absence of awareness campaigns (Fig. 2). Among cultural ecosystem services,
participants identified the landscape aesthetic values as the most important one (Table
S3). Spirituality and fishing-hunting cultural ecosystem services were never selected by
participants. Differences in ecosystem services obtained by area were mainly related
with the singularities of each site. For example, bath was identified as an important
ecosystem service in areas where most of rivers were perennial and swimming was
frequent. In contrast, in areas where temporary rivers had a low frequency of flow
periods (i.e. ephemeral or episodic flow regimes prevailed), bath was omitted and hiking
in riverbeds was the most common ecosystem service selected.

In the measures workshop participants contributed by double-checking whether
impacts and pressures detected in the diagnosis workshop had associated measures and
identified new ones when necessary (see section 3.5). Then, measures were prioritized
according to which ones could help to mitigate climate-related future impacts on the
ecosystems (Fig. S2g,h). To do so, participants assigned weights to measures (1= very
effective, 2= effective). Among the measures identified by participants, eight were
related to management, five to hydrology and four to the ecological status of water
bodies (Table S2). The most frequently selected measures were: (i) promote social and
institutional awareness campaigns; (ii) improve the control of water concessions and
extractions; (iii) improve invasive species management, and (iv) improve purification (Fig.
2). Measures related to the maintenance of cultural ecosystem services were also
identified and linked to the proposed measures. Among cultural ecosystem services,
landscape aesthetics and education-research were the most frequently linked to the
proposed measures by face-to-face participants (Fig. 3). Landscape aesthetics ecosystem
service was mostly linked to measures such as establishing clear guidelines for the
conservation of the riverbed and its riverside vegetation or controlling water extractions
or improving management of invasive species. Regards to education-research one, it was
mostly linked to measures related to social and institutional awareness campaigns or
improve public participation, but also to the improvement of management of invasive
species.
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At the end of both workshops, a short survey was conducted to allow participants

to evaluate the quality and learnings of the process (see section 3.6). According these

surveys, participants were highly satisfied with the whole process and the associated
activities (Table S5). For example, satisfaction with the time schedule and duration of the
activities, the use of multiple mechanisms, and the opportunity of give their opinions

freely were all scored high. In relation to the evaluation of the stakeholders’ engagement,

participants suggested that the inclusion of the environmental education activity

conducted through the RiuNet citizen science project was the most successful format to

learn the main topics of the process and provided a helpful experience. Participants also
evaluated positively that their contributions to the RBMPs were directly linked to a
formal decision-making process.
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In parallel, an online survey was developed to include the inputs of those
stakeholders that were not able to attend. The design, structure and questions of these
surveys were divided in sections following the contents of the face-to-face diagnosis and
measures workshops. As a result, the most common contributions to the diagnosis of
water bodies identified through online participants were about uncontrolled dumping,
insufficient sewage treatment, lack of information about temporary rivers, poor
management of riverine vegetation, illegal water extractions, regulation infrastructures,
and invasive species (Table S6). Consequently, several climate-related future impacts
were identified by online participants, where the most recurrent were related to an
increase of the dry period and temperature and aquifer exploitations, but also to a lack
of involvement of the competent administrations and an absence of awareness
campaigns (Table S6). Among cultural ecosystem services, online participants also
identified the landscape aesthetic values as the most important one. Concerning the
measures, the most frequently ones were related to promote social and institutional
awareness campaigns and public participation, control water concessions and
extractions and improve river connectivity (Table S6).

Once the measures proposed by both face-to-face and online participants were
collected, the two water management authorities involved analysed them and assessed
their feasibility in terms of implementation (Table S2). This resulted in measures that
were already considered in the PoMs of the RBMPs (58%), new ones that could be
accepted for the RBMPs of 2016-2021 (or will be accepted but are still studying how)
(18%), those that are responsibility of other administrations (i.e. local authorities or
national and regional administration) (20%), and those that should be rejected (4%)
because they were not compliant with the planning purposes or because of technical,
economic or timing reasons. Some examples of the most relevant measures that were
incorporated in RBMPs were those related to the eradication of invasive species, the
implementation of ecological flows, and the improvement of the river connectivity and
the wastewater treatment systems (Table S4). Finally, both water management
authorities committed to incorporate these temporary water bodies in the next RBMPs
(i.e.2022-2027).

5. LESSONS LEARNT AND KEY MESSAGES

Our approach seems to ensure a more adaptive and integrated management of rivers in
general, but also of temporary rivers. Involving stakeholders not only in the proposal of
measures stage but in the diagnosis of the ecological status has resulted key in our
participatory process. Inputs from participants about the hydrological regime and
alterations of temporary rivers were key to improve the diagnosis (Gallart et al. 2017)
and, thus, to improve the related measures in the RBMPs. Indeed, interviews to the
riverside inhabitants turned out to be a primary source of information, complementary
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to gauging records and aerial photographs (Gallart et al. 2017). Our results also suggested
that using multiple mechanisms and the ecosystem service concept facilitated
participatory decision-making process and increased inclusiveness. In fact, using
environmental education and citizen science activities was the most useful way to raise
awareness of temporary rivers. Simple monitoring methods linked to management
thresholds such as the RiuNet app kept local community directly involved with the
surrounding temporary rivers. Nevertheless, we observed that public knowledge and
awareness towards these ecosystems varied among areas of participation due to the
singularities of each site, as also suggested in Leigh et al. (2019a). This should be taken
into account when promoting stakeholders’ engagement with these ecosystems. For
example, participants had a better understanding of temporary rivers in areas where
these ecosystems were naturally ephemeral (or episodic) and they used to hike along
their riverbeds. Thus, including the use of the cultural ecosystem services concept during
the diagnosis stage of our process was key to increase public awareness on these
ecosystems, especially in areas where they were undervalued (Jorda-Capdevila et al. in
revision). Further, the use of the ecosystem services concept has increased since the
second cycle of the RBMPs, but less evidence is available on their use in the development
and updating of these RBMPs (Grizzetti et al. 2016). Despite water management
authorities from several state members have high expectations for incorporating an
ecosystem services approach in RMBPs, it is still in an explorative stage (Grizzetti et al.
2016).

Our approach has shown to be useful in participatory process including temporary
rivers, but to promote its success it should always be adapted to the specific context of
the region. For example, considering the institutional and political context, the pre-
existing relationships between stakeholders, or the culture of national/local stakeholder
involvement. In this sense, in some areas of participation we found a tense socio-political
context due to the Catalan independence referendum that prevented some participants
from attending. In other areas, difficulties were simply related to low population density.
Furthermore, we observed that in areas of participation where there were not many local
organizations nor NGOs, participation was lower compared to areas with strong
associative network. Thus, we adapted the way of carrying out the activities according to
the different characteristics of these areas of participation. In this sense, professional
neutral mediators were key (Moellenkamp et al. 2010; Kochskdmper et al. 2016).
Another limitation observed in our participatory process was the low assistance of the
private sector. For instance, agri-food and stock sectors (e.g. trade union, big industries,
medium farmers) or the tourism sector did not attend. Thus, efforts to engage the private
sector should be increased to obtain the engagement of ‘all interested parties’ equally,
as promoted by the WFD (EC 2009).

The WFD also expects member states to clearly demonstrate how global change
projections have been considered in the pressures and impacts assessment in the RBMPs
(EC 2009), but does not include temporary rivers in the RBMPs. Given that temporary
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flow regimes are increasing as a result of global change and increased human demands
for water resources, river basin management practices also should be adapted to these
future environmental changes (Dol and Schmied 2012; Datry et al. 2017a). In this sense,
the cyclical nature of the WFD implementation brings the opportunity for incorporating
new experiences in European water governance. So, why are water management
authorities still not incorporating temporary rivers properly neither in the RBMPs nor in
its participatory processes? Perhaps the simplest explanation is that this issue is a matter
of time. Considering the on-going climate-related factors, it is clear that it will be
necessary to incorporate them in the near future. In this sense, adaptive management
approaches, such as ours, have the potential to aid in providing the framework to
consider the complexities of temporary river systems and improve the management of
these systems. Nevertheless, further research is required to increase social learning on
public participation of temporary rivers.

To conclude, we consider that our approach could be applied not only in temporary
rivers but also in other ecosystems with poor or no social recognition, such as urban
rivers, wetlands or peatlands. In addition, these ecosystems are usually underprotected
and/or not always included in biomonitoring programs, so less data is available. In this
sense, incorporating knowledge from participants, as well as information from citizen
science projects, can be key. Despite some participatory processes have been conducted
in temporary rivers (Conallin et al. 2018), urban rivers (Moran et al. 2019), wetlands
(Smrekar et al. 2020) or peatlands (Heli et al. 2019), processes in ecosystems such as
perennial rivers, lakes or forests still predominate. Over the decades, these poorly
recognised ecosystems have been degraded due to over exploitation of their resources
and improper development activities. Since global change will further affect these
vulnerable ecosystems, efforts to better consider them in management and conservation
programs need to account for participatory processes too.
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GENERAL DISCUSSION

This thesis provided an overview on how anthropogenic impacts might affect aquatic
biodiversity in TRs (Chapters 1 and 2), and on how complementary approaches are
required for understanding biodiversity patterns in TRs and for improving their
management (Chapters 2, 3 and 4). This includes new perspectives on the measurement
of TRs biodiversity to better target conservation efforts (Chapter 2), the development of
new bioassessment methods able to detect anthropogenic impacts in TRs (Chapter 3)
and the properly incorporation of TRs in the participatory processes of the River Basin
Management Plans (RBMPs) (Chapter 4).

The thesis was mainly focused on Mediterranean-climate rivers but also provide general
insights that could be considered in TRs of other climatic regions. In the following
sections, we discuss the main results obtained from this thesis, provide information on
novel approaches that are currently being developed, and present some future
perspectives for improving the management and conservation of TRs.

TOWARDS A BETTER UNDERSTANDING OF TRs’ BIODIVERSITY
PATTERNS

Globally, TRs hold highly dynamic communities that typically change among flowing,
disconnected pools and dry phases over space and time. Therefore, including both spatial
and temporal biodiversity patterns are key to capture the full variation in their
community composition (Ruhi et al. 2017; Stubbington et al. 2019a,b). Evidence shows
that considering only species richness and community composition, even over time,
might not be sufficient to protect the processes that maintain their ecosystem
functioning (Crabot et al. 2019; Leigh et al. 2019b). To better manage and preserve
aquatic biodiversity under future global change scenarios and to avoid potential
ecosystem consequences of biodiversity loss, conservation efforts should be targeted
towards both spatiotemporal taxonomic and functional diversity patterns. To be able to
incorporate all this relevant information on community composition in conservation,
however, a better understanding of TRs’ biodiversity patterns is required.
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The expected increase in the prevalence of TRs worldwide due to global
change could result in a decrease in freshwater biodiversity

As a result of a meta-analysis on 44 published studies of perennial rivers and TRs
biodiversity, we found a significantly higher biodiversity in perennial than in TRs (Chapter
1). Here, we focused on a diversity and, specifically, we extracted taxonomic richness
from these 44 published studies. Among the taxonomic groups considered (i.e.
macroinvertebrates, fish, diatoms and macrophytes), our findings suggested that
biodiversity losses may be more relevant for macroinvertebrates. Moreover, our results
also showed significant differences in studies conducted within arid and temperate
climates, dry and wet sampling seasons, headwaters and regions subject to different
levels of anthropogenic impacts. Therefore, our results provide new information on how
these impacts could threaten aquatic biodiversity and how conservation efforts may best
be directed.

Nevertheless, to really analyse these global trends, future research should compare
perennial and TRs biodiversity in regions beyond those included here (e.g. Africa, Asia or
South America) and across a wider variety of taxonomic groups (e.g. microbes). Since
analysing taxonomic diversity alone might provide limited insight into the impacts of
disturbance on ecosystem functioning, further studies incorporating functional (Villéger
et al. 2013, 2015) and genetic diversity (e.g. Murria et al. 2017) among perennial rivers
and TRs could expand our findings.

From this thesis and other studies we can also conclude that TRs are highly dynamic
in space and time, and so are their biological communities. Thus, further global studies
comparing biodiversity measures such as B diversity that are able to capture such
dynamism in TRs could contribute to better understand TRs’ biodiversity patterns (e.g.
Tonkin et al, 2017; Van der Vorste et al. under review).

Contribution of TRs to B diversity can inform freshwater conservation in
the Mediterranean region

Our results showed that, overall, both taxonomic and functional richness were
significantly higher in perennial rivers than in TRs, while local site contributions to
taxonomic and functional B diversity (LCBD) were higher in TRs (Chapter 2). Higher LCBD
values observed in TRs indicated a higher degree of ecological uniqueness of these
ecosystems in terms of both species and traits composition. When comparing perennial
rivers and TRs over time, there was a decrease of taxonomic and functional richness in
TRs with the loss of surface flow at the beginning of summer. During the same period,
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however, there was an increase of taxonomic and functional LCBD in TRs. Moreover,
when comparing perennial rivers and TRs over time, perennial rivers also showed certain
variability over time. Compared to rivers from other climatic regions, Mediterranean-
climate rivers are characterised by being highly predictable in terms of seasonality,
resulting in community shifts even in perennial rivers (Bonada and Resh 2013).
Nevertheless, TRs are characterized by a higher gain/loss of species and traits throughout
the year (Tornés and Ruhi 2013; Leigh et al. 2019b). In addition, in our study, higher
values of taxonomic and functional LCBD over time corresponded mostly to TRs during
the disconnected pools phase. From a conservation point of view, our results highlight
the importance of TRs to biodiversity conservation of mediterranean rivers, especially
during the disconnected pool phase, suggesting that these ecosystems cannot be ignored
in conservation planning strategies. This is even more relevant with the predictions of
TRs increasing worldwide because of global change (Déll and Schmied 2012), which, in
turn, might also increase the frequency of disconnected pools (Gallart et al. 2017; Bonada
et al. 2020). Moreover, considering Mediterranean-climate TRs high spatiotemporal
hydrological variability and that using taxonomic measures alone to protect biodiversity
might provide limited insight into the impacts of disturbance on ecosystem functioning
(Chapter 2), freshwater conservation planning should consider monitoring the
spatiotemporal variability of both taxonomic and functional biodiversity in these
ecosystems. Quantifying functional B diversity can provide valuable insights into how
biodiversity loss affects ecosystem functioning and, thus, be more accurate in detecting
ecosystem degradation, representing a step forward in the management of these
ecosystems (Crabot et al. 2019; Leigh et al. 2019b; Sdnchez-Montoya et al. 2020). In this
regard, despite there has been an increase of research on spatiotemporal taxonomic 8
diversity in TRs (e.g. Ruhi et al. 2017; Rogosch and Olden 2019; Stubbington et al. 2019b;
Sanchez-Montoya et al. 2020), our study is one of the few that also includes
spatiotemporal functional B diversity patterns (but see also Crabot et al. 2019 and Leigh
et al. 2019b).

Despite the strengths of our study, future research should test both taxonomic and
functional spatiotemporal patterns of B diversity encompassing larger time periods to
analyse both inter and intrannual flow variability (e.g. Rogosh and Olden 2019). In
addition, considering that climate change can be a driver of biotic homogenization in
freshwater ecosystems (White et al. 2018), further steps after this thesis would be to
examine metacommunity ecology research in TRs (Cafiedo-Arglielles et al. 2015; Datry et
al. 2017b; Cid et al. 2020). To be able to apply these approaches in our study, however,
it would be necessary to increase also the number of sampling sites along the studied
rivers, and/or within each of our three river basins. Usually, biotic homogenization is
evaluated by comparing spatial turnover of species between time periods (Olden et al.
2004; White et al. 2018) and there are several approaches, such as partitioning the LCBD
into turnover and nestedness components (i.e. replacement and richness LCBD; Legendre
2014). For instance, in studies conducted in TRs with macroinvertebrates or fish using the
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LCBD approach (e.g. Ruhi et al. 2017 and Rogosh and Olden 2019; respectively), they
observed that species replacement (turnover) contributed more than differences in
species richness (nestedness) to the total B diversity. Analysing these components,
therefore, may provide insights into conservation strategies, as an increase in turnover
through time implies that conservation must target numerous sites to maintain vy
diversity, whereas an increase in nestedness suggests a few key sites for protection
(Socolar et al. 2016). Moreover, since biotic homogenization might be either referring to
genetic, taxonomic or functional homogenization, future research should also enquire
into all three types of homogenization (Villéger et al. 2017; Murria et al. 2017).

Finally, from a conservation point of view, current approaches on systematic
conservation planning (Hermoso et al. 2013) should be applied to TRs, considering all
biodiversity components and dimensions for different biological groups and other
relevant conservation targets, such as natural hydrological connectivity in these TRs and
the importance of maintaining disconnected pools.

DISTINGUISHING NATURAL FROM HUMAN-INDUCED FLOW
INTERMITTENCE IN TRs

To conduct a correct evaluation of TRs’ ecological status, the prerequisite should be the
correct characterization of its hydrological regime (Gallart et al. 2017). Due to the high
hydrological variability of TRs and their lack of gauging data, however, classifying the
hydrological regime and assessing the degree of hydrological alteration of these
ecosystems is way more complicated than in perennial rivers (Datry et al. 2017b; Gallart
et al. 2017). Moreover, the detection of anthropogenic impacts at TRs is challenging
because the reliability of standard biomonitoring metrics is generally uncertain for such
naturally disturbed systems (Chiu et al. 2017; Cid et al. 2017). Therefore, new methods
for TRs bioassessment must be able to disentangle natural disturbances from
anthropogenic impacts (Prat et al. 2004, Leigh et al. 2013a,b). In addition, since
disconnected pools in TRs are transitional habitats of major ecological relevance in
freshwater ecosystems (Chapter 2; Bonada et al. 2020) having tools to assess both
hydrological and ecological characteristics that can be applied either during flowing or
disconnected pools phases would greatly facilitate its management and conservation.
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Classifying the hydrological regime and assessing the degree of
hydrological alteration of a river

Recently, several methods have been developed for the correct characterization of TRs
hydrological regime, such as wet-dry mapping, remote sensing (e.g. satellite images,
fixed cameras), field sensors (e.g. conductivity, temperature, level and/or presence-
absence of water), hydrological metrics (e.g. zero flow days), models (e.g. IHACRES or
SWAT) or data from citizen science (Turner and Richter 2011; Costigan et al. 2017).
Regarding the assessment of the hydrological alteration, there are also several tools that
conduct the evaluation by comparing impacted hydrographs with reference ones
corresponding to natural hydrological regime, which is not always available in TRs
(Gallart et al. 2016). Some examples of these tools are IHA (Indicators of Hydrologic
Alteration; Richter et al. 1996), ELOHA (Ecological Limits Of Hydrologic Alteration; Poff et
al. 2010), IHARIS (Indicators of Hydrologic Alteration in RlverS; Martinez Santa-Maria and
Ferndndez Yuste 2010) or DRIFT (Downstream Response to Imposed Flow
Transformations; Brown et al. 2013) indicators. Despite its strengths, these tools present
some limitations since (1) require long series of flow rates data from before and after
water extractions or the construction of flow regulation structures such as dams, (2)
hydrological alterations that occur on short time scales are not evaluated, and (3)
groundwater alterations are not included (Gallart et al. 2012).

In this sense, in chapters 2, 3 and 4, we used the TREHS software tool (Temporary
Rivers Ecological and Hydrological Status; see Gallart et al. 2017) to incorporate other
sources of information and thus compensate for these limitations, such as: observations
in situ (i.e. monitoring sampling), gauging stations (when available), satellite images (e.g.
Google street view or orthophotos from the Cartographic and Geological Institute of
Catalonia), and interviews to citizens inhabiting the study sites (Chapter 4). Moreover, to
obtain information on TRs’ temporal hydrological variability between flowing,
disconnected pools and dry phases, in this thesis we also used temperature data loggers
(UA-002 HOBO). Unlike other methods, TREHS software and temperature data loggers
consider the permanence of disconnected pools phase of TRs. Since disconnected pools
are key to maintain local and regional aquatic biodiversity, such methods are a step
forward to better predict the temporal and spatial occurrence of disconnected pools
across TRs networks (Gallart et al. 2017; Bonada et al. 2020; chapter 2). Future research
should be focused on developing simple methods to assess hydrological metrics in
disconnected pools. A possibility, for example, should be to collect water samples from
disconnected pools and to assess time since disconnection using isotopic analysis
(Bonada et al. 2020).
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Incorporating alternative metrics in the routine biomonitoring of TRs

As observed in our results from chapter 3, natural disturbances (i.e. flow intermittence)
could confound biological quality assessments by altering metric responses to
anthropogenic impacts. Most of the widely used metrics based on macroinvertebrates
showed a different response depending on whether sites were subjected to natural flow
intermittence or not, evidenced by antagonistic effects. Thus, these metrics might not be
reliable for assessing both perennial and TRs and would require calibration. Hence, to
avoid misleading biological quality assessments in intermittent rivers, either existing
metrics need to be recalibrated (e.g. by incorporating long-term variability in these
metrics) or new metrics, as those presented here, require development.

In this sense, chapter 3 provided several functional metrics that were able to detect
anthropogenic impacts regardless of natural flow intermittence. These functional metrics
included functional redundancy (i.e. the number of taxa contributing similarly to an
ecosystem function, here a trophic function) and response diversity (i.e. how functionally
similar taxa respond to natural disturbance and anthropogenic impacts). Of these
metrics, functional redundancy of the whole community would be reliable even when
applied during disconnected pools. Results from chapter 3 can therefore help to improve
conservation and management of TRs, as these metrics could be used for biomonitoring
either perennial or TRs (i.e. either during flowing or disconnected pools phases) and
provide a more holistic approach to understand the response of biological communities
to environmental changes.

Nonetheless, metrics proposed by this study were a first step to test which type of
biomonitoring tools could work in these rivers and, thus, further research should be
conducted. Ideally, relationships between functional redundancy/diversity metrics and
anthropogenic impacts would be consistent across different climate and biogeographic
influences (Stubbington et al. in prep), or at least vary along natural gradients in a
systematic way that can be explicitly represented in statistical models. However,
intercorrelations between traits and large-scale environmental filtering for certain sets
of traits (e.g. desiccation-resistant forms in drier climates such as Mediterranean ones)
are likely to preclude the establishment of a universal model of responses to
anthropogenic stressors in TRs (Magand et al. 2020). This is because traits are linked in
trait syndromes due to ecological and evolutionary processes, so that each trait is not
free to independently respond to multifarious environmental changes (Wilkes et al. in
prep). In fact, early indications are that the reliability of functional metrics might depend
strongly on the choice of traits used to calculate them (Wilkes et al. in prep; Murria et al.
2020). Future research towards functional metrics should also explore other biological
groups (e.g. diatoms, fish). For instance, we are currently analysing whether widely used
indices and functional metrics of diatom communities can detect anthropogenic impacts
in TRs (Burfeid-Castellanos et al. in prep).
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In addition to functional approaches, other existing alternatives to improve TRs’
biomonitoring could be also implemented in future studies, such as molecular techniques
or additional bioindicators. Widely used metrics based on macroinvertebrates might still
not work correctly when applied in TRs due to the taxonomic resolution used (i.e. family
level) unable to capture the species-specific environmental tolerances. An identification
at species taxonomic level would thus allow working with metrics that could be more
sensitive to both natural flow intermittence and anthropogenic impacts (Bonada et al.
2006a; Macher et al. 2016). When species level identification is not possible, the use of a
DNA-based taxonomy method can provide solutions (Pawlowski et al. 2018; Serrana et
al. 2019). In addition, the application of metabarcoding techniques on water and
sediment samples (i.e. environmental DNA; eDNA) could be highly relevant in TRs and
especially during the disconnected pools phase (Harper et al. 2019; Bonada et al. 2020).
In this regard, it would be interesting that future research use metabarcoding techniques
based on eDNA to establish a protocol to determine TRs' biological quality during the
disconnected pools phase. The main limitation of these metabarcoding techniques,
however, is the lack of a sufficiently extensive and representative reference library, with
a specific genetic barcode associated to each specie. For this reason, to better validate
metabarcoding when applied in TRs, and especially during their disconnected pools
phase, the use of eDNA data should be validated with the biological samples collected
using standard protocols and identified using traditional taxonomic approaches (i.e.
morphology). Regarding bioindicators, some of them are currently being evaluated using
terrestrial and semi-aquatic macroinvertebrates (Leigh et al. 2016b, Sdnchez-Montoya et
al. 2016; Stubbington et al. 2019a), microbial communities (i.e. through microbial source
tracking or MST methods; Wilkes et al. 2013) and hyporheic macroinvertebrates (Leigh
etal. 2013a,b). Nevertheless, more studies investigating how terrestrial and semi-aquatic
macroinvertebrates respond to anthropogenic impacts would be necessary (Datry et al.
2017a).

INCORPORATING TRs PROPERLY IN THE RBMPS AND ITS
PARTICIPATORY PROCESSES

The adaptive management approach proposed in this thesis (chapter 4) has the potential
to consider the complexities of TRs and improve their management considering future
needs. Several key findings were obtained from the experience in TRs participatory
process conducted in this thesis. Our study showed that to promote the links between
science, policy and society not only communication but active participation from all
stakeholders should be promoted since the beginning of the process. This becomes even
more important when conducting a participatory process in ecosystems with poor or no
social recognition such as TRs which, in turn, may lack monitoring data due to the lack of
gauging stations in most of these ecosystems (Gallart et al. 2016; 2017).
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In our study, inputs from participants about the hydrological regime and alterations of
TRs were key to improve the diagnosis and, thus, to improve the information required to
propose management measures in the RBMPs. In this sense, the consideration of citizen
science projects can be really useful when few or no data is available, as in TRs or other
ecosystems with low social recognition. In addition to be useful for collecting new data,
citizen science, together with environmental activities, proved to be positive to raise
awareness on the biodiversity and ecological value of TRs and to engage local
stakeholders and the general public. This might be especially relevant when
incorporating TRs due to the inherent social-ecological complexity of these ecosystems
(Datry et al. 2017b; Leigh et al. 2019a).

Considering that the success of most river management actions, including
conservation and/or restoration, might depend on the social recognition of the target
ecosystem, future initiatives aiming at protecting TRs biodiversity should join efforts to
improve people’s perceptions of these ecosystems (Rodriguez-Lozano et al. 2020). A
possible way of improving this situation in TRs could be using the concept of ecosystem
services (Datry et al. 2017b; Jorda-Capdevila et al. under review). In our approach,
distinguishing the most relevant ecosystem services provided by each water body and
linking them with the management measures listed in the RBMP and PoMs strengthened
participant’s understanding of the impact of the proposed measures on the selected TRs.
Even though the incorporation of ecosystem services in the RBMP and PoMs would
represent a step forward for increasing social engagement in water-related decision
making (Terrado et al. 2016), it is still in an explorative stage (Grizzetti et al. 2016).

In a context of global change, studies assessing and mapping ecosystem services at
the river basin level could be especially relevant to develop effective mitigation
management actions to cope with future environmental changes (Jorda-Capdevila et al.
2019). In this sense, future perspectives should consider how such environmental
changes might affect the ecosystem services provision in TRs by developing scenarios. In
our approach, stakeholders identified which factors could involve a deterioration of the
TRs ecological status in the future, and incorporate this information when developing the
RBMP and PoMs. Since global change will further affect TRs but also other vulnerable and
poorly recognised ecosystems such as urban rivers (Moran et al. 2019), wetlands
(Smrekar et al. 2020) or peatlands (Heli et al. 2019), efforts to better consider them in
management and conservation programs need to account for participatory processes
too. In this regard, our experience in this thesis might also be useful to be applied in these
ecosystems since, as with TRs, they are usually underprotected, not always included in
biomonitoring programs and therefore, less data might be available.
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CONCLUSIONS

The main conclusions of this PhD thesis are the following:

The meta-analysis conducted in chapter 1 show that, overall, biodiversity was
significantly higher in perennial than in TRs. Moreover, our findings suggest that
biodiversity loss may be specially relevant for macroinvertebrates and under
particular environmental conditions, such as in arid and temperate climates, dry
and wet sampling seasons, headwaters, and regions subject to different levels of
anthropogenic disturbance.

Our results in chapter 2 highlight the importance of TRs to freshwater biodiversity
conservation in Mediterranean-climate regions, especially during the
disconnected pools phase, suggesting that these ecosystems, cannot be ignored
in conservation planning strategies. To better manage and preserve aquatic
biodiversity under future global change scenarios and to avoid potential
ecosystem consequences of biodiversity loss, conservation efforts should be
targeted towards both spatiotemporal taxonomic and functional diversity
patterns.

Our results in chapter 3 show that natural flow intermittence can confound river
bioassessment results using current methods, and that a set of new functional
metrics could be used as effective alternatives to standard metrics in naturally
disturbed intermittent rivers. Functional redundancy of the entire community
could be used for TRs’ biomonitoring even during the disconnected pools phase.

Our experience in including TRs in participatory processes in chapter 4, shows the
potential of adapting previous approaches to consider the complexities of TRs in
management and conservation programs considering future needs and
environmental changes. Involving stakeholders in early steps of the participatory
process was key to obtain a more detailed information for TRs’ diagnosis and for
the management measures to be applied. Environmental education and citizen
science activities, together with the inclusion of the ecosystem services concept,
was the most useful way to raise awareness on the biodiversity and ecological
value of TRs and to promote stakeholders’ engagement.
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SUPPLEMENTARY MATERIAL FROM CHAPTER 1:

Biodiversity in perennial and intermittent rivers: a meta-analysis

Appendix 1. Codes used in the forest plot to identify each replicated study and their corresponding full
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Appendix 2. Codes used in the forest plot to identify each non-replicated study and their corresponding

full references.
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Appendix 3. Information of 44 replicated studies (see Appendix 1 for the complete reference) on levels of

the 6 factors (see Table 1). Studies are alphabetized by first author name. Macro = macroinvertebrate,
Algae/Mac = algae/macrophytes, Multihab = multihabitat, Mult = multiple and NA = no data.
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Mult
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Mult

Small

Mult
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Medium-high
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Medium-high
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Medium-high
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NA
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Appendix 4. Forest plot for the overall design of the original model (without trim-and-fill method) with all
studies (replicated and non-replicated) using the response ratio as measure of effect size. Non-replicated
studies are listed at the top and replicated studies are listed below, separated by a line. Studies within
replicated/non-replicated are alphabetized. Each study is indicated in the left column with the first author
and the year of publication (see Appendix 1 and 2 for the complete reference). Estimated values of each
study (using the response ratio) with their corresponding confidence intervals are displayed in the centre
of the plot with the exact values on the right.
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Price2003 Y -0.14[-0.30, 0.01]
Progar2002 ——— 0.30[-0.31, 0.92]
Rabeni1998 : - 117 0.90, 1.44]
Robson2005 : - 1.18[ 0.93, 1.42]
Roux2008 —— 0.16[-0.21, 0.53]
Ruegg2004 Com 0.66[ 0.58, 0.73]
Ruiz2006 —a— ~0.08[-0.56, 0.41]
Sanchez2010 D 0.38[ 0.26, 0.51]
Santos2011 —— -0.08[-0.50, 0.34]
Skoulikidis2014 . 0.55[ 0.36, 0.75]
Storey2008 T 0.43[ 0.22, 0.63]
-
1T 1T 1T 1T 1



Figure S1. Boxplots showing taxonomic and functional local richness (a and b, respectively) and LCBD (c
and d, respectively) considering all sampled times. Full boxes represent perennial rivers (PRs) and empty

Contribution of intermittent rivers to beta diversity can inform

SUPPLEMENTARY MATERIAL FROM CHAPTER 2:

freshwater conservation in the Mediterranean region

Supplementary material

ones IRs. P values are displayed for significant differences between PRs and IRs.
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Figure S2. Plots showing the response of T-LCBD and F-LCBD best LME models for the hydrological predictor
of ZF, (a and d, respectively). The number of impacts was also selected in both best models (b and e,
respectively), and the EH was also selected for the T-LCBD best model (c). Full circles represent perennial
rivers and empty circles IRs. Fitted values for LMEs models are represented as blue lines for perennial rivers
and as orange lines for IRs.
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Figure S3. Plots showing the response of T-LCBD and F-LCBD best LME models for the hydrological predictor
of DP, (a and d, respectively). The number of impacts was selected in both best models (b and e,
respectively), and the EH was also selected for the T-LCBD best model (c). Full circles represent IRs during
the flowing phase and empty circles IRs during the disconnected pool phase. Fitted values for LMEs models
are represented as purple lines for IRs during the flowing phase, and as brown dashed lines during the
disconnected pool phase.

0.025 0.0
0.025 0.0
0.025 0.0

0.020
@
\
\
\
0.020

0.020
@

°
°
Taxonomic LCBD

0.015
\
0015

Taxonomic LCBD
¢ \
\
Taxonomic LCBD
0015

0.010
© - sue pemmemes
o\
A
\
0.010
* e Om
» ol
.
.
.
.olme
e
0.010

OPa Number of impacts EV
d) e) .,

S ° b1 o

Functional LCBD
006 008 010
!
Functional LCBD
006 008 0.10

0.04
1
\
\
\
0.04

0.02

..
\

02
.

0.00

4 6 8 10 12

DPa Number of impacts

148



Supplementary material

Table S1. The two main tested models with different combinations of the hydrological predictor, which
resulted in 4 sub-models. Models differ between the accumulated zero flow days (ZF,) and the accumulated

number of days with disconnected pools (DP,) since the last flow resumption occurred. EH: environmental
heterogeneity.

umber of impac EH DP,

M2b X X X

Table S2. Taxonomic and functional LCBD response variables (T-LCBD and F-LCBD, respectively) used in
LME models showing: AIC values, AAIC and multicollinearity (i.e. variance inflation factor or VIF test). Here
models with AAIC < 2 from each response variables are indicated in bold. Models differ between the
accumulated zero flow days (ZF,) and the accumulated number of days with disconnected pools (DP,) since
the last flow resumption occurred. EH: environmental heterogeneity. N2 impacts: number of impacts.

LCBD Model AAIC {2 impacts ZF; DP,
2a 1.39 1.03
2b 1.51 1.05 1.02

Table S3. Results of a post-hoc pairwise comparisons among perennial and IRs in each sampled time using
a Tukey’s HSD test. Significant comparisons (P < 0.05) are indicated in bold.

nomic richness Functional richness F-LCB
P3-I3 0.273 0.947 0.57
P4-14 0.708 0.996 0.12

Table S4. Results of beta regression analysis when T-LCBD and F-LCBD response variables were explained
by community richness metrics (i.e. taxonomic and functional richness, respectively).

Taxonomic richness -0.008 -2.878 0.004
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Table S5. Taxonomic and functional LCBD (T-LCBD and F-LCBD, respectively) values of each perennial (PRs)

and IRs site for each time (t1-t5) and considering all sampling times (i.e. spatiotemporal). Significant values
(P <0.05) are indicated in bold. The highest T-LCBD and F-LCBD values over time (i.e. above the community

average; T-LCBD >0.043 and F-LCBD > 0.034) are underlined. Both natural (NHR) and observed hydrological

regimes (OHR) of each river were calculated by TREHS software (Gallart et al., 2017), and * indicates a

hydrological impact (see Soria et al. 2020 for further details). T-LCBD and F-LCBD values were separated

according to two levels of anthropogenic impacts: least impacted (Least Imp; number of impacts among 0O

and 5) and impacted (Imp; number of impacts 2 6).
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SUPPLEMENTARY MATERIAL FROM CHAPTER 3:

Natural disturbances can produce misleading bioassessment results:
Identifying metrics to detect anthropogenic impacts in intermittent rivers

Figure S1. Distribution of the 20 sampling sites in northeast of the Iberian Peninsula along Catalan internal

basins, Ebro basins and Jucar River Basins.
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Table S1. Categories of biological 1 traits used as response traits grouped by resistance and resilience traits,

and the rationale of the response obtained from Lytle and Poff 2004; Bogan et al. 2017; Stubbington et al.

2017. Selected categories of traits were: asexual reproduction, with resistance forms (i.e. diapause or

dormancy, cocoons), aerial respiration (i.e. spiracle, hydrostatic vesicle), flier and burrower (i.e. epibenthic)

or interstitial (i.e. endobenthic) locomotion and substrate relation, less than a year life cycle duration,

more than one reproduction cycles per year, aerial active and aquatic passive (i.e. drift) dissemination.

Resistance Resistance forms
trait

Respiration

Potential number of
reproduction cycles
per year

Dispersal

resistance
s (i.e. diapause
yrmancyv.

il (i.e. spiracle,
ostatic vesicle)

wer
ienthic) and
stitial
obenthic)

rcles

Il active

itic passive

)

When flow is disconnected increased
resistance against droughts may be favoured.

Increased oxygen deficit may favour air
breathers._

Drying promotes movement into the
hyporheic zone or other refuges (e.g. moist
sediment under rocks, detritus patches,
shallow depressions beneath woody debris).

Adult females more likely to survive long
enough to lay eggs when flow resumes.

Flow cessation favours flying. For adults, it
facilities recolonization over larger areas and
from distant perennial refuges (pools).
Especially for intermittent rivers with natural
lana drs narinde

It is the primary source of invertebrate
colonization when flow resumes. Drift is also
known to increase with chemical
disturbances.
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Table S2. Both natural and observed hydrological regimes (HR) of each river were calculated by TREHS
software (Gallart et al.,, 2017), and * indicates a hydrological impact. Physicochemical parameters
(dissolved O3, conductivity, T2, PO4, NO3, Chl-a) of each river indicating the maximum and minimum values
and their standard deviation. Rivers are listed from 1 to 20: Aigua d'Ora (1), Algars (2), Brugent (3), Cabriel
(4), Canaletes (5), Carraixet (6), Ceérvol (7), Dard (8), Glorieta (9), Guadazadn (10), Matarranya (11), Monlle6
(12), Onyar (13), Pineda (14), Poyo (15), San Miguel (16), Sénia (17), Torrent del Puig (18), Talamanca (19)
and Tossa (20).
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Table S3. The degree of anthropogenic impacts of each site was measured considering the number of

impacts occurring at each river location through the Mediterranean reference criteria (MRC) (Sanchez-

Montoya et al., 2009). The MRC index includes information on several types of impacts, such as invasive

species, diffuse sources of pollution, land use intensity, riparian vegetation, the morphology of the river

and their habitat conditions, and their hydrological alterations and regulations (Sanchez-Montoya et al.,

2009). The information for each site was obtained from the list of pressures and impacts of the three

different River Basin water authorities included in our study combined with field observations (e.g.

detection of invasive species) and, in the case of hydrological alterations, from the TREHS software (see
Table S2). Rivers are listed from 1 to 20: Aigua d'Ora (1), Algars (2), Brugent (3), Cabriel (4), Canaletes (5),
Carraixet (6), Cervol (7), Dar6 (8), Glorieta (9), Guadazadn (10), Matarranya (11), Monlleé (12), Onyar (13),

Pineda (14), Poyo (15), San Miguel (16), Senia (17), Torrent del Puig (18), Talamanca (19) and Tossa (20).
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Supplementary material

Table S4. Percentage of the variance explained by N2 impacts, DP; and ZFrand by their interactions for each

metric using the dataset including all aquatic-phases. N2 impacts: number of impacts. DP;: the number of

days in the disconnected pool phase since last sample was taken. ZFr: total number of zero flow days.

mpacts

1pacts

Response 12 impacts DPi ZF; DPi Residt R’m
IASPT 49 11 11 2 0.2¢ 0.44
FR.omnivorous.pa 56 6 25 1 0.3¢ 0.32
FR.gatherers.pa 49 9 26 3 0.4. 0.34
FR.predators.ab 53 0 29 2 0.5¢ 0.2
RD.ab 69 6 22 3 0.6! 0.36
RD.grazers.ab 54 7 7 7 0.8¢ 0.11
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Table S5. Percentage of the variance explained by N2 impacts and ZF;, and by their interactions metric
using the flowing-phase dataset. N2 impacts: number of impacts. ZFr: total number of zero flow days.

ifam 69 23 8 0.26
MMIT 74 11 15 0.12
‘R.shredders.pa 97 3 0 0.69
‘R.filterers.pa 47 50 3 0.65
‘R.grazers.ab 29 10 61 0.69
{D.omnivorous.: 100 0 0 0.93
iD.gatherers.ab 92 0 8 0.71
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Table S6. Null model results showing z-score values for each functional metric from the dataset including
all aquatic-phases. Significant p-values (< 0.05) are indicated in bold. N2 impacts: number of impacts. DP;:
the number of days in the disconnected pool phase since last sample was taken. ZF+: total number of zero

flow days.
N2 impacts ZF¢ N2 impacts x ZFr N2 impacts x DPi
redders.pa - -1.59 - -1.77
‘erers.pa - 0.86 0.88 B
azers.ab -0.66 0.74 - 0.74
nnivorous.ab -0.27 0.47 0.35 -0.34
therers.ab -0.08 - -0.26 -0.20
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Table S7. Null model results showing z-score values for each functional metric from the flowing-phase
dataset. Significant p-values (< 0.05) are indicated in bold. N2 impacts: number of impacts. ZF: total
number of zero flow days.

FR.pa -2.99 -3.19
FR.predators.pa -10.55 7.56
FR.omnivorous.ab -4.08 5.73
FR.gatherers.ab 1.85 -0.23
RD.shredders.ab -3.13 -0.38

RD filterers.ab -2.89 0.97
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Appendix 1. Details on functional metrics estimation:

To quantify functional redundancy metrics (FR), a Gower effect trait taxon-by-taxon
dissimilarity matrix was derived from the original taxon-by-effect-trait matrix to produce
a classification dendrogram for macroinvertebrates, based on Ward’s clustering method
(e.g. Laliberté et al. 2010; Bruno et al. 2016a). After visual inspection of the dendrogram
and assessing groups’ coherence, six functional trophic groups representing different
trophic roles were defined: omnivorous, shredders, predators, grazers, gatherers and
filter feeders. Omnivorous had mixed feeding habits, including a variety of shredding,
grazing and gathering affinities. FR for each sampling site was calculated as the average
abundance (ab) or traits richness (i.e. presence-absence; pa) for each functional trophic
group as well as for the entire community (i.e. total abundance or richness divided by the
number of occurring functional trophic groups) (Laliberté et al. 2010) (Table 1). To obtain
response diversity metrics (RD), a second Gower taxon-by-taxon dissimilarity matrix
based on response traits was calculated to build a functional response space through a
Principal Coordinate Analysis (PCoA). The five most explanatory response trait axes
(explained variance= 56.4 %; mean squared deviation=0.005) were retained, according
to the method proposed in Maire et al. (2015). As a measure of Functional Richness of
the response traits (FRic, Villéger et al. 2008), the ratio between the hyper volume filled
by each community in the functional response space and that filled by all the taxa
occurring within the study area was estimated, ranging 0 to 1. Also, the functional
dispersion of the entire community (FDis, Laliberté and Legendre 2010) was estimated,
which accounted for the mean distance of each taxon to the mean weighted centroid in
the functional effect space (i.e. unweighted, presenceabsence as RD.pa, and abundance-
weighted as RD.ab). Similarly, RD for each of the six functional trophic groups was
quantified considering only the taxa from each group present at each community. In the
latter case, only the abundance weighted index was used (e.g. RD.shredders.ab,
RD.filterers.ab; see Table 1).
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Appendix S2. Data analysis methods:

A multi-model inference approach to quantify predictor’s standardised effect sizes and
significance was adopted. This statistical technique ranks all the models generated using
all the possible combination of predictors using Akaike’s Information Criterion (AIC). Top
models differing in no more than two AIC units (AAIC < 2) from the model ranked first
(i.e. with minimum AIC) were selected. To conduct the model averaging a natural average
method was adopted. For each LME model, two measures of goodness-of-fit were
estimated: marginal goodness-of-fit (r?m) indicates the variance explained only by the
fixed factors, while conditional goodness-of-fit (r’c) shows the variance accounted by
both fixed and random terms. All models were validated by visually checking their
residuals for normality and homocedasticity. When heteroscedasticity was observed, a
model term was added to LME to account for residual heterogeneity. This occurred for
FR.shredders.pa, RD.shredders.ab and RD.filterers.ab metrics from both datasets, for
FR.omniv.pa from the all aquatic-phases, and for FR.grazers.pa, FR.filterers.pa and
FR.omnivorous.ab from the flowing-phase dataset.
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SUPPLEMENTARY MATERIAL FROM CHAPTER 4:

Adapting participatory processes in river management: insights from
temporary rivers

Figure S1. Distribution of the 22 water bodies grouped in 5 areas of participation which
include several sites: Girona (A1; pink); East Tarragona (A2; purple); West Tarragona (A3;
red); South Tarragona and Castell6 (A4; blue), and Valencia (A5; yellow). Black sites were
included in the LIFE+ TRivers project but not in the participatory process. A1 and A2
correspond to the Catalan River Basin District. A3 correspond to the Ebro River Basin. A4
and A5 correspond to the Jucar River Basin.
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Figure S2. Pictures of our participatory process showing: (a,b) FEHM research group
exposing the main topics; (c,d) dynamics to promote participants’ contributions to the
diagnosis of each water body; (e,f) field trip activity using the RiuNet app, and (g,h)
prioritization dynamics conducted in the measures workshop.
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Table S1. Summary of the face-to-face participants from both diagnosis and measures

workshops.

RESEARCH INSTITUTIONS

Local environmental
associations and non-
governmental
organizations

Universities

RA

taforma pel riu Siurana

1M research group (University of Barcelona)

ar River Basin District Water Agency

aste town council
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Table S2. Summary of the climate-related future impacts and measures identified by the
participants from the face-to-face workshops. Status: ecological status. For further
details, see the LIFE+ TRivers website (http://www.lifetrivers.eu/actions).

Climate-related future impacts

Measures

HYDROLOGY

An increase of erosion and sedimenta
processes

Prioritization of economic (e.g. tourism
environmental interests

An increase of the public use of rivers (
bath)

An increase of the dry period
temperature due to global change

An increase of water contamination (e.g
phytosanitary or illegal dumping)

Developing studies to halt erosion proces

Regulation of the access to temporary riv

Establish  clear  guidelines  for
conservation of the riverbed and its rivers
vegetation

Revision and control of water concessi
and extractions

Implement (or accomplish) ecological floy

Control of dumping/releases (fertiliz:
livestock farms)

Improve purification (e.g modernization
collectors, wastewater treatment systen
housing areas)
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Table S3. Ecosystem services identified by face-to-face participants during the diagnosis

workshop at the different areas of participation. See Figure S1 for the identification of

the participation areas.

lltural relevance 4

ay of transport

lecting

Table S4. Examples of some of the most relevant measures that could be aligned with
measures already included in the River Basin Management Plans (2016-2021) after the
participatory process. Here only one measure from each participation area is shown. For
identifying the participation areas (A1:A5) see Fig. S1. ACA: Catalan Water Agency (public

water authority). CHJ: Jucar River Basin (public water authority). For further details, see

the LIFE+ TRivers website (http://www.lifetrivers.eu/actions).

Eradicate invasive species.
General measure.

General measure.

tlows (e- tlows).

Improve wastewater treatment
systems. Improve the current
treatment plant at Rambla del
Poyo (Cheste- Chiva, El Oliveral).

:nty measures on this topic and a total 1,64M€ of investment w
.

nectors in those structures impeding fish movement and migrati
'ore the river in case these strictures are not in use (measul
)10). Related with these measures, three additional measures
tribute to the river connectivity: measure n2 A2.007, dedicat
rove the information on fluvial connectivity, measure n2 A2.0C
1itor actions, and measure n2 A2.008 dedicated to disseminati
activities. Costs associated to these measures are only include
asure n2 A2.006 in the management plan 2016-2021, with a cc
,000.

11166 “Application of ecological flows In all water bodies ot the
eral studies are planned for the Sénia river under the specific me:
11149 “Study of the relation river-groundwater and sub supel
es in the river Sénia and implementation of e- flows”. Only g
get provided by CHJ. 258,05 million euro to reduce water abstra
senirac B 20 millinn anrn tn radiire athar hudralacical nracerirac
asure n2 08MO0038. Basic actions in wastewater treatments in Cl
Chiva. Only global budget provided by CHJ: 357,58 million eur
roving point-source pollution.
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Table S5. Evaluation of the satisfaction (%) of the participatory process by face-to-face
and online participants of both diagnosis and measures workshops. Ranging from very
low to very high. For further details, see the LIFE+ TRivers website
(http://www.lifetrivers.eu/actions).

Topics evaluated

Low Indifferent Very high
Place where the process was held (ubication,
. . 4 5 53
installations)
Collaborative leadership (organization and i 6 64
logistics)
Clarity of working papers - 18 50
Personal satisfaction in terms of real
contributions in the diagnosis and measures 1 15 44
stages
Diversity of stakeholders participating 5 17 41
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Table S6. Results from online surveys conducted during the participatory process (%
participants) showing the most common impacts identified in the water bodies, their
climate-related future impacts and the management measures that could improve
ecological status.

icipants
nvers (%)
ures and impa
10sis) . . .
Lack of information about temporary rivers 16
Invasive species 20
Lack of involvement of the competent 21
administrations
Increase of aquifer exploitation 17
Promote and improve public participation 16
Improve river connectivity 18
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Appendix 1. Methodologies about the selections of the studies from Table 1

We identified only published studies from an ISI Web of Knowledge
(<www.accesowok.fecyt.es/>) literature search that recorded participatory processes
under the WFD context and that were related to the development of the river basin
management plan (RBMPs) and the proposal of measures (PoMs) (i.e. not only to specific
measures). Member states were required to have produced the first RBMPs and PoMs
by 2009 (EC, 2009) and, thus, we considered a time span from the 2003s (i.e. 2003-2009
six-year cycle) to the 8th of March 2020. A comprehensive search string of multiple terms
for participatory process has been used, which resulted in 23 records. These 23 studies
were from 12 different countries and different river basins: Ribble, Ythan, Dearne,
Derwent, Belfast, Dee, Lough and Lagan (United Kingdom), Rhone (Switzerland), Muga,
Guadiana, Ebro, Western Costa del Sol, Miera and Campiazo (Spain), Meuse (The
Netherlands), Flemish (Belgium), Dordogne and several other river basins (France),
Danube (Hungary), Bacchiglione (Italy), Guadiana and Alentejo region (Portugal), Evinos
and Naxos (Greece), Dhuenn and Elbe-Liibeck (Germany) and several river basins from
Denmark. We manually re-screened each of the 23 publications to select those relevant
for our study according to the following criteria: the publication had to discuss or provide
direct insights into the leadership of participatory process, the potential groups (i.e.
stakeholders) that could be engage in a participatory process, which types of mechanisms
were used to their engagement, which type of rivers were included (i.e. perennial or
temporal rivers) and whether they included citizen science information, future scenarios
and the concept of ecosystem services. This selection resulted in a total of 5 publications
including 10 study cases.
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Appendix 2. Further details on the type of stakeholders, leadership and dissemination
activities of our study case

There was a collaborative leadership between the two water management authorities
(i.e. Catalan River Basin District and Jucar River Basin District), two research institutions
(i.e. the University of Barcelona and the IDAEA-CSIC, with members belonging to the
FEHM research group; www.ub.edu/fem), and one professional independent mediator
with experience in participatory processes. The two water management authorities and
the two research institutions were partners of the LIFE+ TRivers project. Dissemination
activities announcing the process were developed through the TRivers website
(www. lifetrivers.eu/actions) social networks (i.e. Twitter and Facebook) and eBando (i.e.
mobile application that share local events and announcements in municipalities).
Besides, preliminary scientific dissemination on the diagnosis of each target water body
was conducted one month before the start of the workshops (Fig. 1b). Information panels
and leaflets were placed in strategic buildings of municipalities (e.g. city halls) and
protected areas (e.g. natural park offices) close to the sampled water bodies during the
project. Once stakeholders were identified, they were also contacted by e-mailing and
®WhatsApp. To facilitate the participation of stakeholders, both diagnosis and measures
workshops were held in the most central village in each of the 5 area groups (Fig. S1).
Participatory workshops took place between October and December of 2017, and the
duration of each workshop was about 3-4 hours.
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Comprehensive knowledge of the effects of disturbances on biodiversity is crucial for conservation and management, not
least because ecosystems with low biodiversity may be the most vulnerable. In rivers, the role of disturbance in shaping
aquatic biodiversity has mainly focused on floods. Perennial rivers (PRs) often flood, whereas intermittent rivers (IRs)
flood, stop flowing and dry. Despite the recent and significant increase in research on IRs, controversy remains about
whether they are more or less biodiverse than PRs. Our aim was to determine (Q1) if PRs and IRs differ in biodiversity
and (Q2) if the direction and magnitude of the differences (effect sizes) are related to environmental (climate, season,
habitat, longitudinal zonation and anthropogenic disturbance) and/or biological factors (taxonomic group). We conducted
a meta-analysis on 44 published studies of PR and IR biodiversity that had replicated data. We applied random effects
models to the data to obtain weighted mean effect sizes for differences between PRs and IRs, and their confidence intervals,
by first considering all studies and then by splitting studies into groups on the basis of the above factors. We found that
biodiversity was significantly higher in PRs than in IRs (Q1). We also detected significant differences (PRs > 1IRs) in studies
of macroinvertebrates, in those conducted within arid and temperate climates, dry and wet sampling seasons, headwaters,
and regions subject to different levels of anthropogenic disturbance (Q2). Our meta-analysis suggests that the expected
increase in the prevalence of IRs in certain regions of the world due to global change could result in a decrease in freshwater
biodiversity. To better manage and preserve aquatic biodiversity under future global change scenarios and to avoid potential
ecosystem consequences of biodiversity loss, conservation efforts should be targeted towards those environmental conditions
or taxonomic groups with significant differences (PRs > IRs).

We conducted a meta-analysis of studies comparing biodiversity between perennial and intermittent
rivers. We show that, in general, biodiversity was significantly higher in perennial than in intermittent
rivers. Moreover, our findings suggest that biodiversity losses may be relevant for certain taxonomic
groups and under particular environmental conditions. Considering that many perennial rivers are
expected to become intermittent due to global change and increased human demand for freshwater,
our results offer a glimpse of how these impacts could threaten aquatic biodiversity and how
conservation efforts may best be directed.

Synthesis

Understanding how disturbance influences biodiversity
is a recurrent topic in community ecology (Pianka 1966,
Huston 1979, Hughes et al. 2007). Disturbance includes a
wide variety of phenomena acting at multiple temporal (e.g.
from days to eons) and spatial (e.g. from local to biogeo-
graphical) scales, with multiple potential consequences for
populations, communities and ecosystems (Dornelas 2010).
Ecologists hypothesised many years ago that disturbance
decreased biodiversity and favoured ecological succession
(Clements 1916) and that intermediate levels of disturbance
enhanced biodiversity (Connell 1978, but see Fox 2013).
Effects of disturbance on biodiversity have been studied
in many ecosystems and across multiple taxonomic groups
(Horner-Devine et al. 2004, Graham et al. 2009, Barlow
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et al. 2016). Most studies highlight the negative effects of
disturbance on biodiversity (Loreau et al. 2001, Wardle et al.
2011, Hooper et al. 2012), while only few show the con-
trary pattern (Thom and Seidl 2015, Brunbjerg et al. 2015).
Understanding and predicting when and how biodiversity
might change following disturbance is crucial for effective
conservation and management (Dornelas 2010).

The role of disturbance in shaping aquatic biodiversity
has focused mainly on flood and drying events (Resh et al.
1988, Giller 1996). Flood events are pulse disturbances that
occur relatively quickly (Junk et al. 1989, Ward and Stanford
1995), disrupting habitat conditions and eliminating indi-
viduals (Poff et al. 1997, Lake et al. 2000). In contrast, dry-
ing events are ramp disturbances that reduce aquatic habitat



and eventually result in flow cessation and/or complete loss
of surface water from the streambed, and can reduce aquatic
biodiversity drastically (Williams 1996, Lake et al. 2000).
Floods enhance connectivity among aquatic habitats,
whereas drying fragments them (Stanley et al. 1997, Boulton
2003). Although it is widely known that floods and drying
events affect the structure and function of rivers (Bonada
et al. 2007a, Reich and Lake 2015) and that research on
drying events has significantly increased during the last
decade (Leigh et al. 2016a), the effects of floods have been
more frequently reported that those of drying events (Datry
et al. 2007, Lake et al. 2007). This may be because floods
occur in all river types, whereas drying events are particu-
lar to intermittent rivers (IRs), in which surface flow ceases
at some point in time and space (Acufia et al. 2014, Datry
etal. 2014a, Leigh et al. 2016a). In contrast, perennial rivers
(PRs) are characterized by continuous flow.

IRs are probably the most common fluvial ecosystems in
the world (Datry et al. 2016a), and therefore drying events
are probably more ubiquitous than previously thought. In
addition, many PRs are expected to transition to IRs in
the near future as a result of global change and increased
human demand for fresh water (Palmer et al. 2008, Déll
and Schmied 2012), increasing the importance and rela-
tive contribution of IR ecosystems to global aquatic biodi-
versity. However, although research on IRs is in what has
been described as a boom phase (Datry et al. 2011, Leigh
et al. 2016a), debate remains over whether IRs are more or
less biodiverse than PRs. Some studies find that IRs are less
biodiverse (Del Rosario and Resh 2000, Storey and Quinn
2008, Bogan et al. 2013), whereas others find the opposite
(Dieterich and Anderson 2000), or no difference between IR
and PR biodiversity (Miller and Golladay 1996, Casas and
Langton 2008, Santos and Stevenson 2011). Clearly, a more
thorough understanding and test of the biodiversity differ-
ence between PRs and IRs is required.

Biodiversity between PRs and IRs might differ depend-
ing on several factors. First, biodiversity in IRs can depend
on how flow regime characteristics, which change among
climatic zones, forge adaptations to drying (Boulton 2003,
Lytle and Poff 2004). For example, the higher number of
unique taxa in IRs than PRs in Mediterranean climates has
been related to their predictable flow regimes (Béche et al.
2006, Munné and Prat 2011). Second, biodiversity between
PRs and IRs can vary seasonally. During the wet season, when
both PRs and IRs flow, their biodiversity is more likely to be
similar (Delucchi 1988, Garcia-Roger et al. 2011), whereas
during the dry season, IRs will likely have lower aquatic habi-
tat availability than PRs, and thus lower aquatic biodiversity.
Third, as biodiversity varies among habitats in PRs and IRs
(Garcia-Roger et al. 2013), habitat type is another relevant
factor to consider. Riffles in IRs might host a lower biodi-
versity than in PRs because this habitat is the first to dis-
appear during drying (Bonada et al. 2006a), whereas pools
might show the contrary pattern if isolated pools remain in
IRs during drying (Bonada et al. 2006a, Leigh and Sheldon
2009, Boersma et al. 2014). Fourth, biodiversity differences
between PRs and IRs may vary with longitudinal zonation.
IR headwaters might have lower biodiversity than PR head-
waters because their greater isolation might hamper recolo-
nization after drying (Finn et al. 2011, Datry et al. 2016b,

¢), whereas no significant landscape barriers would affect
recolonization of middle reaches (of free-flowing rivers, at
least). However, and fifthly, anthropogenic disturbance may
dampen differences in biodiversity between PRs and IRs by
homogenizing and simplifying communities (Rahel 2002)
regardless of flow regime, climate, habitat, season, or the tax-
onomic group considered. Finally, the magnitude of change
between biodiversity in PRs and IRs may vary depending
on the taxonomic group considered (i.e. macroinvertebrates,
fish, algae or macrophytes) because despite some taxa within
all groups having traits of resistance and/or resilience to dry-
ing (Bonada and Resh 2013), their evolutionary history, spe-
cies biodiversity and ecological tolerance varies. For example,
although algae and macrophyte species are much more wide-
spread than other freshwater groups, they have a limited set
of biological adaptations to flow variation (e.g. see Lange
et al. 2016 for algae in comparison to Tachet et al. 2002 for
macroinvertebrates).

Here, we investigated the above hypotheses by comparing
biodiversity in PRs and IRs using a meta-analytic approach.
Specifically, we sought to determine (Q1) whether PR and
IR biodiversity differ and (Q2) whether the direction and
magnitude of any difference is related to the environmental
(i.e. climate, season, habitat, longitudinal zonation, anthro-
pogenic disturbance) or biological factors (i.e. taxonomic
group) hypothesised to affect biodiversity patterns in river
ecosystems. For our main question (Q1), we hypothesized
that biodiversity should be lower in IRs than in PRs (Fritz
and Dodds 2002, Storey and Quinn 2008, Bogan et al. 2013)
because IRs are subject to drying events that act primarily
as a disturbance decreasing aquatic biodiversity (Leigh and
Datry 2016). However, if this loss of taxa in IRs is compen-
sated by taxa with resistance and resilience traits to cope with
drying (Bonada et al. 2007b, Grubbs 2011, Vander Vorste
et al. 2016), biodiversity in PRs and IRs may be similar or
IR biodiversity may be higher. Assessing the differences in
biodiversity between PRs and IRs and understanding the
conditions under which those differences differ is increas-
ingly important for predicting aquatic biodiversity changes
in the face of global change.

Methods

Data selection

We identified published studies that recorded biodiversity
of PRs and IRs from an ISI Web of Knowledge (<www.
accesowok.fecyt.es/>) literature search considering a time
span from the 1900s to the 21 of August 2014 (Leigh et al.
2016a). Leigh et al (2016a) used a comprehensive search
string of multiple terms for IRs which resulted in 10 800
records and then filtered these publications using further
search terms associated with key topics of research on IR
ecology and management: invertebrate ecology, fish ecology,
biogeochemistry and ecological and hydrological assessment.
They then screened the resultant groups of records manually
to ensure relevancy to the topics and IR research more gen-
erally (e.g. removing studies in the medical field), obtaining
1237 publications (see Table S2 in Leigh et al. 2016a for full
details of search parameters and screening criteria).
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For this study, we re-screened each of the 1237 publica-
tions to select those relevant for the meta-analysis according
to the following criteria: the publication had to discuss or
provide direct insight into the ecology and/or management
of PRs and IRs, the sampling design had to include sites
which were not located along the same river (i.e. sites must
be hydrologically independent), and the publication had to
include means and standard deviations (SDs) of biodiver-
sity measures (e.g. taxonomic richness, Shannon—Wiener
diversity index) for each river type (PRs and IRs) or enough
information to calculate these values. This selection resulted
in a total of 63 publications, 44 with replicated darta (i.c.
studies with more than one PR and IR each from which the
means and SDs were obtained) and 19 with non-replicated
data (i.e. only one PR or IR from which biodiversity data
was obtained) (see Supplementary material Appendix 1 and
2 for the full reference details of these publications). Most
studies were conducted in North America, Europe and Aus-
tralia. Very few studies were from Africa and Asia, and none
were from South America (Fig. 1). For studies investigat-
ing biodiversity in more than one distinct region (e.g. South
Africa and Australia) we derived biodiversity data separately
for each region, whereas for studies which investigated mul-
tiple groups of organisms (e.g. fish, invertebrates, diatoms),
we randomly chose one group only. Each of these individual
investigations are referred to and counted as one study for
simplicity.

We most commonly extracted means, SDs, and num-
ber of sites (n) directly, computed them from text and/or
tables in the studies (27 studies), or obtained them directly
from authors (26 studies). For the remaining 10 studies,
we extracted data from figures using Plot Digitiser (<www.
plotdigitizer.sourceforge.net/ >). Where multiple measures

of biodiversity (e.g. taxonomic richness, evenness, Shannon—
Wiener diversity index) were available, we preferentially
extracted richness data due to it being the most commonly
reported measure across all studies. Only one study reported
the Shannon-Wiener diversity index alone. We included
both these measures (i.e. richness and the Shannon—Wiener
diversity index) together in our analysis because our aim was
to provide a general summary of the difference in biodiversity
among groups (i.e. PRs and IRs) (Scheiner and Gurevitch
2001). Then, for each individual publication, we obtained
information on site or sampling characteristics. In particu-
lar, we considered the following six factors, each with several
levels within: climate, sampling season, habitat, longitudinal
zonation, level of anthropogenic disturbance, and taxonomic
group (Table 1, Supplementary material Appendix 3). We
created different subsets of data using the levels of these fac-
tors and analysed them separately.

Effect size estimate

For replicated studies (with n>1 PRs and n>1 IRs,
npg and np, respectively), we obtained effect sizes using
Hedge’s g, which corresponds to the difference between the
means of biodiversity in PRs and IRs (W—IT{) divided
by the pooled standard deviation (S_,,,) and with a correction
for small sample bias (J) (Rosenberg et al. 2000, Borenstein
et al. 2009):

3 PR -IR B \/(nPR —I)SDIZ,R +(nIR —I)SDIZR
— < P Owithin T >

8775

npp 0 —2

3

within

J=1-

4(npp +n —2)-1

Figure 1. Distribution of publications, identified from an IST Web of Knowledge literature search by Leigh et al. (2016a), that examined
biodiversity in hydrologically independent perennial and intermittent rivers (PRs and IRs, respectively). White stars refer to studies with
non-replicated data for PRs and/or IRs (n = 19), whereas black stars refer to studies with replicated data for PRs and IRs (n = 44).
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Table 1. Description of the environmental and biological factors and levels within each factor, identified from individual publications and

used in our meta-analysis with replicated data.

Environmental/biological factors Levels

Observations

Climate B, C, D, E, multiple

Sampling season dry, wet, multiple

Habitat riffles, pools, stones, multihabitat

Longitudinal zonation headwaters, middle, multiple

Anthropogenic disturbance low, medium-high

Taxonomic group

Dominant climate of each system was determined according to
the Koppen classification of Peel et al. (2007), which considers
five general climates: tropical (A), arid (B), temperate (C), cold
(D), and polar (E). No studies were carried out in the tropical
(A) climate and thus it is not included here. Multiple includes a
combination of these climates.

Multiple refers to studies that sampled in both dry and wet
seasons, or at multiple times of year in regions that cannot be
described simply in terms of dry-wet seasonality

Multihabitat includes riffles and pools. Stones refer to rock
fragments of more than 25 cm.

Headwater reaches refer to a catchment area <100 km?2, or a
stream order equal to or less than 3. Middle refers to reaches
with a catchment area between 100 and 1000 km? or a stream
order of 4-6. Large refers to a catchment area > 1000 km2.
Multiple includes headwaters, middle and large reaches.

This factor was considered very general and did not
distinguishspecific types of disturbance (e.g. hydrological
versus morphological). Low levels were distinguished from
medium-high levels on the basis of information available in
the published studies (e.g. low levels were assigned to sites
within reserves; medium-high to sites in urban areas). Medium
and high levels of disturbance were difficult to differentiate
based on information provided in studies and were thus
combined.

macroinvertebrates, fish, algae/macrophytes

The variance of g was given by:
V — nPR + nIR + Swi[hin
2 (nPR +n, )

JZ

Dpg N

For non-replicated studies, where means and standard
deviations were not available, we obtained effect sizes using
log(PR/IR), known as the response ratio. Following Hedges
et al. (1999; see also Eq. 4.30 and 4.31 in Borenstein et al.
2009), we also computed the response ratio for replicated
studies for comparison with the non-replicated studies,
but we did not include it in the estimation of weighted
effect sizes.

Weighted mean effect size

We used random effects models in all cases because we
assumed that the true effect sizes vary among studies
(Borenstein et al. 2009). This assumption is justifiable as
our meta-analysis included a wide variety of studies that,
for example, investigated different organisms or were con-
ducted using different sampling methods. Statistically, this
choice of meta-analytic model consists in estimating 1)
the between-studies variance (T% see Eq. 12.2, 12.3, 12.4
and 12.5 in Borenstein et al. 2009) and 2) the total vari-
ance (V, =V, + T2) to 3) assign the weight of each study
(W, =1/V,). Model outputs included the weighted mean
effect size (WES) and its confidence interval, and a test of
the hypothesis that the true wES is zero, following standard
methods described in Borenstein et al. (2009). We estimated
wES for the entire dataset (e.g. considering all replicated data
in the one random effects model) and for each of the subsets

of data separated by the six factors listed above (Table 1). For
these subset analyses, the models were estimated without the
intercept (Viechtbauer 2010). With this parameterization,
a pooled value of T2 was used, a procedure recommended
by Borenstein et al. (2009) to increase the accuracy of the
estimate of the between-studies variance.

We used a forest plot to illustrate the results of the meta-
analysis. This plot shows the effect sizes and confidence
intervals of each study and the wES (Gates 2002). A sig-
nificant model (or a wES whose confidence interval does not
include zero) indicates a significant difference between PR
and IR biodiversity. The magnitude of the wES indicates the
amount of difference between the two river types. Here, a
positive wES indicates that biodiversity in PRs is higher than
in IRs.

Publication bias

First, we visually assessed publication bias in the replicated
studies using a funnel plot of effect size against a measure of
study size or precision (e.g. the standard error of the effect
size) (Sterne et al. 2011). Visually asymmetrical funnel plots
usually indicate publication bias, whereas symmetrical ones
indicate negligible publication bias. Second, we calculated
the fail-safe number according to Orwin’s equation (Orwin
1983), which gives the number of studies needed to reduce
the average effect size to a pre-specified value, which is con-
sidered unimportant. We tested a range of values (with steps
of 0.2) from 0.2 to 0.8 (corresponding, approximately, to
half of the unweighted mean effect size). Third, we calcu-
lated the fail-safe number according to Rosenthal’s approach
(‘file drawer analysis’). This indicates the number of missing
studies (i.e. those unpublished or available but not captured
by the literature search and selection process) needed to be
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retrieved and incorporated in the analysis to eliminate bias
(Borenstein et al. 2009). A high value indicates that a meta-
analysis (i.e. estimated effect size) is robust to publication
bias, given that we would need a large number of studies
to nullify the effect size. Finally, as a sensitivity analysis, we
applied the trim-and-fill method (Duval and Tweedie 2000a, b).
This method estimates and adjusts meta-analysis results for
the numbers and outcomes of missing studies.

We checked our meta-analysis against the quality
criteria provided by Koricheva et al. (2013). We fulfilled all
applicable criteria. We computed all statistics using the R
ver. 3.3.1 (Kwww.r-project.org>) and the libraries metafor
(Viechtbauer 2010) and rmeta (Lumley 2012).

Data deposition

Data available from the Dryad Digital Repository: <http://
dx.doi.org/10.5061/dryad.559cs > (Soria et al. 2017).

Results

Overall differences between IRs and PRs

The overall meta-analysis revealed a statistically significant
difference in PR and IR biodiversity (considering all
replicate studies together), with a positive overall effect
size (WES = 0.879, Table 2), thus indicating a significantly
higher biodiversity in PRs than in IRs (Fig. 2). Positive
effect sizes for the individual studies ranged from 0.01
to 7.95; negative effect sizes were smaller, ranging from
—1.10 to —0.04 (Fig. 2). Accordingly, heterogeneity among

studies was highly significant (Q =89.317, df=43,
p < 0.0001).

Log response ratios estimated for replicated (weighted
mean effect size [log(PR/IR)]=0.38£0.05 SE) and
non-replicated (unweighted mean effect size [log(PR/
IR)] =0.25%£0.08 SE) studies were also positive (Supple-
mentary material Appendix 4). The majority of non-repli-
cated studies had effect sizes located in the positive side of
the forest plot (Supplementary material Appendix 4), again
indicating that biodiversity in PRs was, in most cases, higher
than in IRs.

Specific differences in biodiversity between IRs
and PRs

For most levels of the six factors, wES was significantly
positive (Table 2), indicating higher biodiversity in PRs than
IRs. We detected differences between PR and IR biodiversity
for studies conducted within arid (B), temperate (C), cold
(D) or multiple climate zones; within studies that consid-
ered dry, wet, or multiple seasons; a multi-habitat sampling
regime; samples from headwaters or multiple longitudinal
zones; sites subject to low and medium-high levels of anthro-
pogenic disturbance; and that included macroinvertebrates
(Table 2). We found non-significant results for polar cli-
mates (E); riffle, pool, and stone habitats; middle reaches;

fish, algae and macrophytes (Table 2).

Publication bias

Although the funnel plot visually approached asymmetry
(Fig. 3a), fail-safe numbers and the sensitivity analysis indi-
cated minimal bias. According to Orwin’s method, even if

Table 2. Results of the random effects models for the overall design (with and without trim-and-fill) and for the levels of the six factors. Bold
typeface indicates p<<0.005. n=number of studies considered in each level; wES = weighted mean effect size; SE = standard error of the
estimates; ci.lb and ci.ub = confidence interval (lower and upper limits, respectively). See Table 1 for a description of the factors and levels.

Model results

n wES SE p-value ci.lb ci.ub

Overall design 44 0.879 0.169 <0.0001 0.549 1.209
Climate B 6 0.946 0.454 0.0373 0.056 1.836
C 28 0.735 0.203 0.0003 0.336 1.133

D 4 1.766 0.726 0.0150 0.343 3.188

E 3 1.369 1.204 0.2556 -0.991 3.729

multiple 3 1.244 0.556 0.0254 0.153 2.334

Sampling season dry 10 1.304 0.387 0.0007 0.546 2.061
wet 7 0.964 0.400 0.0159 0.180 1.748

multiple 27 0.719 0.222 0.0012 0.283 1.155

Habitat riffles 4 0.754 0.600 0.2089 -0.422 1.929
pools 2 0.734 1.123 0.5132 -1.467 2.935

stones 1 0.009 0.777 0.9912 -1.515 1.532

multihabitat 32 0.994 0.194 <0.0001 0.613 1.375

Longitudinal zonation headwaters 24 0.988 0.263 0.0002 0.472 1.504
middle 1 -0.588 1.390 0.6723 -3.312 2.137

multiple 11 1.028 0.295 0.0005 0.451 1.605

Anthropogenic disturbance low 27 0.783 0.210 0.0002 0.372 1.195
medium-high 14 1.016 0.293 0.0005 0.443 1.590

Taxonomic group macroinvertebrate 36 1.059 0.181 <0.0001 0.704 1.413
fish 6 0.446 0.411 0.2783 -0.360 1.252

algae/macrophytes 2 0.024 0.509 0.9619 -0.974 1.022
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Price2003 e -1.10[-2.63, 0.44]
Bonada2007b +i+ -0.65[-1.99, 0.69]
Alexandre2013 - -0.59[-2.86, 1.69]
Lorig2013 aH ~0.46[-2.62, 1.70]
Santos2011 - —021[-221, 1.79]
Ruiz2006 - -0.13[-1.44, 1.17]
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Bonada2006 " 0.05[-0.88, 0.98]
Artemiadou2008 ™ 0.28[-1.00, 1.55]
Banks2007 - 0.35[-0.78, 1.48]
Roux2008 - 0.46[-1.11, 2.04]
Blanchette2012 - 0.49[-1.69, 2.68]
Monaghan2010 - 0.55[-0.66, 1.76 ]
Leigh2013 HH 0.56[-1.12, 2.24]
Bonada2008b m 0.58[-0.91, 2.06]
Progar2002 HEH 0.59[-1.10, 2.28]
Chadwick2012 HEH 0.60[-1.33, 2.52]
Bonada2007a |I.| 0.71[-0.39, 1.81]
Belmar2013 - 0.77[-0.13, 1.67]
Garcia2013 - 0.81[-061, 2.24]
Beugly2010 HH 0.83[-0.94, 2.59]
Okur2008 [ 0.87[-0.07, 1.82]
Death2003 n 1.01[-0.10, 2.12]
Garcia2011 e B 1.07[-1.80, 3.95]
Malqvist1995 a 1.08[ 0.15, 2.01]
Donath2001 - 1.16[-1.84, 4.15]
Bonada2008a |;I-| 1.17[-0.42, 2.76 ]
Zbinden2008 o 1.26[-1.89, 4.42]
Munne2011 - 1.35[ 0.12, 2.58]
Bogan2013 . 1.38[-1.96, 4.73]
Sanchez2010 - 1.67[ 1.09, 2.25]
DeJong2013 i 2.01[-0.48, 4.51]
Prenda1999 |—:—.—| 226[-259, 7.11]
Perez2011 ‘m 232[ 137, 3.27]
Perez2013 :II-I 2.48[ 1.11, 3.86]
Mackie2013 HH 2.99[ 1.05, 4.93]
Graca2004 HBH 3.02[ 1.17, 4.88]
Storey2008 - 3.14[-0.13, 6.42]
Skoulikidis2014 —— 3.15[-3.32, 9.62]

Rabeni1998 L HEH 5.63[ 3.19, 8.08]
Bae2014 R ! 6.36 [ -6.26 , 18.97 |
Ruegg2004 } . = ] 7.30[-7.15,21.75]
Robson2005 } - . | 7.95[-7.75,23.65
RE Model " 0.88[ 0.55, 1.21]

Standardized mean difference

Figure 2. Forest plot for the overall design of the original model (without trim-and-fill) considering the 44 replicated studies ordered by
increasing effect size from the top to the bottom. Each study is indicated in the left column with the first author and the year of publication
(see Supplementary material Appendix 1 for the complete reference). Effect sizes of each study (using the standardized mean difference)
with their corresponding confidence intervals are displayed in the centre of the plot with the exact values on the right. The filled diamond
at the bottom shows the weighted mean effect size (WES) estimated by the model with the edges of the diamond showing the corresponding
confidence interval.
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Figure 3. Funnel plots for the overall design using replicated studies without and with trim-and-fill, (a) and (b) panels, respectively.
Filled circles represent the individual replicated studies, whereas open circles represent the missing studies required to produce a

symmetrical plot.

a substantial effect size (0.8) is conservatively assumed as
unimportant, a large number of unpublished studies would
still be needed (Orwin’s fail safe N = 38 studies) with no dif-
ferences between the types of rivers for the estimated effect
size to be reduced to an ‘unimportant’ value. As expected,
this number increases substantially when lower effect sizes
(i.e. 0.6, 0.4 and 0.2) are used in Orwin’s equation (Orwin’s
fail safe N =67, 124 and 295, respectively). According to
Rosenthal’s approach, the fail-safe number was 1352, sug-
gesting that a large number of studies with non-significant
differences between types of rivers would be needed to
reverse the conclusion that PRs were more biodiverse than
IRs. According to the trim and fill approach, only six stud-
ies were potentially missing from our analysis that if present
would produce a symmetrical funnel plot (Fig. 3b). The wES
estimated by this method was similar to the one reported
above (trim and fill wES = 0.776 * 0.178; 95% CI = 0.427
to 1.125).

Discussion

The studies analysed here compared biodiversity in PRs
and IRs across a wide range of environmental conditions.
We found a significantly higher biodiversity in PRs than in
IRs, which confirmed our primary hypothesis. This finding
agrees with individual studies showing that PRs are more
species-rich than IRs and that flow intermittence is a dis-
turbance that constrains a aquatic biodiversity (Del Rosario
and Resh 2000, Storey and Quinn 2008, Bogan et al. 2013).
However, several individual studies included in our meta-
analysis found similar values of biodiversity in PRs and IRs;
in these cases, the characteristic taxa found in IRs during
the dry period compensated for the loss of taxa present dur-
ing flow (Miller and Golladay 1996, Casas and Langton
2008, Santos and Stevenson 2011). Few of the studies analy-
sed here had higher biodiversity in IRs than in PRs (Price
et al. 2003, Bonada et al. 2007a, Alexandre et al. 2013). The
persistence of isolated pools during the dry season in IRs,
which favours the presence of a wide variety of species found
exclusively in lentic waters and/or that prefer such habitat,
may have increased IR biodiversity in these cases (Bonada
et al. 2006a).
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Although we found overall support for the hypothesis
that PR biodiversity is higher than IR biodiversity, IRs occur
throughout the globe, including many in regions in Africa,
Asia or South America not covered by our meta-analysis
(Datry et al. 2016a, Leigh et al. 2016a). In addition, most
of the papers analysed here consider the most commonly
studied taxonomic groups in river ecology (i.e. macroinver-
tebrates, fish, algae and macrophytes); no papers examining
other highly diverse groups such as microbes (Palmer et al.
2000) fulfilled our selection criteria. To increase the robust-
ness of our meta-analysis, there is a need for future research
on studies comparing PRs and IRs biodiversity in regions
beyond those included here and across a wider variety of tax-
onomic groups. This would provide a more comprehensive
view of the effects of flow intermittence on aquatic biodi-
versity and the potential effects of current and future global
change.

Our finding that PR biodiversity was higher than IR
biodiversity within cold, arid and temperate (which includes
Mediterranean) climates agrees with several studies from arid
(Beugly and Pyron 2010, Leigh 2013, De Jong et al. 2013)
and Mediterranean-temperate regions (Progar and Mold-
enke 2002, Roux et al. 2008, Storey and Quinn 2008). Flow
predictability, which is related to climate predictability, plays
an important role in shaping species adaptations and thus
biodiversity (Lytle and Poff 2004); highly predictable envi-
ronments (e.g. in predictably seasonal Mediterranean-climate
regions) are considered to support higher biodiversity than less
predictable ones. However, despite dry riverbeds providing
habitat and refuge for terrestrial organisms (Steward et al.
2012, Corti et al. 2013, Corti and Datry 2016) and their
disconnected pools acting as refuges for aquatic organisms
(Bonada et al. 2007a, b, Sheldon et al. 2010, Datry et al.
2014a), flow intermittence is a strong disturbance even in
predictable climates (Datry et al. 2014b, Leigh and Datry
2016). Indeed, although some aquatic organisms have traits
to cope with flow intermittence (Béche et al. 2006, Bonada
et al. 2008, Blanchette and Pearson 2012), resistance traits
acquired through evolution as a response to drying are
much less frequent than resilience traits in IRs (Datry et al.
2014b, Leigh et al. 2016a, Vander Vorste et al. 2016), which
would explain our overall result. Of particular concern is our



finding of comparatively low biodiversity in arid-zone IRs
given aridity is projected to increase in several regions of the
world (e.g. the already arid southwest region of USA; Seager
et al. 2013).

Our results do not support the view that differences in
biodiversity between PRs and IRs are negligible during the
wet season. However, despite the low number of studies con-
sidered, we did find support for the hypothesis that biodiver-
sity in PRs is higher than in IRs during the dry season. In this
latter case, the low habitat availability in IRs compared to
PRs will reduce biodiversity unless isolated pools remain for
long periods allowing many species to colonize and increase
community variability among pools within reaches (Bonada
et al. 2006a, Leigh and Sheldon 2009). By contrast, during
the wet season, despite IRs having similar habitat availability
as PRs, some studies have also shown that biodiversity may
remain relatively low in IRs because fewer species may be
available and able to colonize these habitats and/or because
of alterations to food web structure and dimensions (Datry
2012, McHugh et al. 2015).

Aquatic organisms (i.e. macroinvertebrate, fish, algae and
macrophytes) have adaptations to particular instream habi-
tats, from riffles to pools (Bonada et al. 2006a, 2008, Dallas
2007). Most likely due to the small number of studies in
the subsets, our hypothesis regarding habitat (i.e. biodiver-
sity in PR riffles may be higher than in IR riffles, whereas
the opposite pattern may be observed in pools) was not sup-
ported. However, studies sampling multiple habitats showed
a higher biodiversity in PRs than in IRs, which agrees with
findings from Gragca et al. (2004), Belmar et al. (2013) and
Leigh et al. (2013a). Multi-habitat sampling may be a bet-
ter method to account for biodiversity of rivers (Leitdo et al.
2014) because species characteristic of individual habitats
may not occur across all habitat types (Bonada et al. 2006b,
Cid et al. 2016).

The aquatic biodiversity of a particular reach not only
depends on instream habitat characteristics, but also on
the regional biodiversity and the balance between disper-
sal and abiotic/biotic factors. The river network structure
plays an essential role for the dispersion of aquatic organ-
isms and thus helps determine aquatic biodiversity patterns
(Altermatt 2013). In PRs, biodiversity in lowland reaches
is driven by mass effects whereas abiotic/biotic factors are
considered more important in their headwaters (Brown
and Swan 2010). In IRs, the relative role of dispersal ver-
sus abiotic/biotic factors depends not only on the hydro-
logical phase of the reach (i.e. flowing, non-flowing, dry)
but also on where the drying event occurs along the river
network (Datry et al. 2014b, 2016¢, d). We were unable to
test how different configurations of drying events affect a
aquatic biodiversity but, although more studies are needed
for middle reaches, our results on longitudinal zonation
agreed with our initial hypothesis. Flow and river charac-
teristics change with longitudinal zonation and, according
to the River continuum concept, alpha-diversity is expected
to peak at middle reaches (Vannote et al. 1980, Finn et al.
2011). Indeed, the low alpha biodiversity in headwaters
and their high isolation make them highly vulnerable
to biodiversity loss by flow intermittence and hampers
recolonization after flow resumption unless communities
in IR headwaters are dominated by resistance strategies to

drying (Datry et al. 2014b, 2016a). In contrast, middle
reaches have higher alpha biodiversity and less isolation
(Finn et al. 2011), resulting in no differences between PRs
and IRs. On the other hand, headwaters make up a large
proportion of all river networks (Naiman 1983, Benda
et al. 2005) and the studies included in our analyses that
were conducted in multiple reaches also included a higher
proportion of headwater sites, supporting the hypothesis
that PRs have a higher biodiversity than IRs when exam-
ined across multiple reaches (i.e. at large spatial scales).
We suggest, however, that these interpretations should be
viewed with caution due to the small number of studies in
middle reaches.

Anthropogenic disturbances often decrease biodiversity
by homogenising communities (Rahel 2002). Despite this,
we found higher biodiversity in PRs than in IRs regardless of
the level of anthropogenic disturbance (i.e. low or medium-
high). We acknowledge, however, that our categorization
of anthropogenic disturbances was coarse and more studies
comparing biodiversity in PRs and IRs under more explicit
and different disturbance categories are needed. The effect
of anthropogenic disturbances on IRs is a relatively novel
topic that is being considered in terms of management and
conservation of river ecosystems (Skoulikidis et al. 2017).
Current bioassessment methods are designed to detect the
impacts of anthropogenic disturbances (Bonada et al. 2006b)
but typically fail when applied to IRs. This means that the
lower biodiversity of IRs compared to PRs cannot simply be
interpreted as indicative of anthropogenic impairment. New
methods for IR bioassessment must be designed that can
disentangle natural from anthropogenic disturbances (Prat
et al. 2004, Leigh et al. 2013b).

Biodiversity has been related to ecosystem resilience
(defined by Holling 1973, “as the magnitude of distur-
bance that a system can experience before it shifts into
a different state”), however, there is uncertainty about
how ecosystem resilience will respond to increases in lev-
els of anthropogenic disturbance and consequent impacts
on biodiversity (Steffen et al. 2004). Walker and Meyers
(2004) suggested that ecosystems might respond gradu-
ally to biodiversity loss, whereas Gunderson and Pritchard
(2002) suggested that ecosystems will respond strongly,
because crossing the threshold of biodiversity loss will pro-
duce sudden and dramatic changes in the responding state
factors. Indeed, higher numbers of species are expected to
increase the ability to recover from disturbances (Holling
1978, Folke et al. 2004). If IRs have significantly lower
biodiversity than PRs, as found by us, ecosystem resilience
could be affected. However, IR taxa have particular adapta-
tions for surviving and recovering from drying (Lake 2011,
Blanchette and Pearson 2012, Leigh et al. 2016b), which
may help to mitigate the effects of future co-occurring dis-
turbances (Mori et al. 2013, Vander Vorste et al. 2016).
Although a growing number of studies on IRs consider
ecosystem resilience (e.g. using functional characteristics
of species; Bruno et al. 2016, Vander Vorste et al. 2016),
the ecosystem effects of biodiversity loss in these systems
needs to be investigated.

As a result of global change, extreme climatic events are
expected to increase in frequency and intensity, with an
increase in drying frequency, duration, and/or intensity in
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many regions (Beniston et al. 2007, Palmer et al. 2008,
Doll and Schmied 2012). Some regions will experience
shifts from PRs to IRs, whereas other regions will show the
contrary pattern (D6ll and Schmied 2012). If these hydro-
logical regime shifts occur faster than the evolutionary scale
at which species acquire adaptive traits (Filipe et al. 2013),
dramatic effects on aquatic biodiversity and ecosystem pro-
cesses and services will result (Datry et al. 2014a, IPCC
2014, Ledger and Milner 2015). In regions where PRs will
shift to IRs, loss of species poorly adapted to dry conditions
can be expected (Phillipsen and Lytle 2013, Jaeger et al.
2014). Our findings suggest such losses may be particularly
relevant for certain taxonomic groups (i.e. macroinverte-
brates) and under particular environmental conditions
or in certain regions (e.g. in arid and temperate climate
zones, and in headwaters). However, IRs communities of
species with strong dispersal capacity and high fecundity
may be minimally affected and able to colonize these novel
IRs (Arscott et al. 2010, Datry et al. 2014a, b). In regions
where IRs will shift to PRs, the expected increase in bio-
diversity in these novel PRs will ultimately depend on the
connectivity to other PRs. PRs highly connected to novel
PRs might maintain biodiversity, whereas the biodiversity
in of highly isolated PRs may decline. As highly dynamic
metacommunities are expected to dominate in this future
scenario of IRs shifting to PRs and vice versa (Datry et al.
2016b), conservation efforts to reduce the risk of undesired
hydrological regime shifts should be prioritized to avoid
effects on ecosystem resilience (Folke et al. 2004) and could
be targeted towards those environmental conditions or tax-
onomic groups with significant differences between PR and
IR biodiversity.
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1. Ecosystems experience natural disturbances and anthropogenic impacts that af-
fect biological communities and ecological processes. When natural disturbance
modifies anthropogenic impacts, current widely used bioassessment metrics can
prevent accurate assessment of biological quality.

2. Our aim was to assess the ability of biomonitoring metrics to detect anthropogenic
impacts at both perennial and intermittent sites, and in the latter including both
flowing and disconnected pool aquatic phases. Specifically, agquatic macroinverte-
brates from 20 rivers were sampled along gradients of natural flow intermittence
(natural disturbance) and anthropogenic impacts to investigate their combined
effects on widely used river biomonitoring metrics (i.e. taxonomic richness and
standard biological indices) and novel functional metrics, including functional re-
dundancy (i.e. the number of taxa contributing similarly to an ecosystem function,
here a trophic function) and response diversity (i.e. how functionally similar taxa
respond to natural disturbance and anthropogenic impacts).

3. Only the widely used IBMWP index (Iberian Biological Monitoring Working Party)
was able to detect anthropogenic impacts in intermittent rivers when used during
flowing phases. Several functional metrics also detected anthropogenic impacts
regardless of flow intermittence. Besides, functional redundancy of the entire
community remained effective even in disconnected pools.

4. Synthesis and applications. Our results show that natural flow intermittence can
confound river bioassessment, and that a set of new functional metrics could be
used as effective alternatives to standard metrics in naturally disturbed intermit-
tent rivers. Our findings suggest that water managers should incorporate alterna-

tive functional metrics in the routine biomonitoring of naturally disturbed rivers.
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1 | INTRODUCTION

Ecosystems experience natural disturbances and anthropogenic
impacts that affect biological communities and ecological pro-
cesses (Dornelas, 2010; Turner, Webb, Bowers, & Hastings, 2003).
Natural disturbances (e.g. droughts, floods, wildfires) have acted
through evolutionary time and have resulted in species adapted
to such abiotic stress (Bowman et al., 2009; Lytle & Poff, 2004). In
contrast, anthropogenic impacts (e.g. pollution, land-use changes,
biological invasions, and recently, climate change) are relatively
new (<10,000 year), and may represent novel conditions for biota,
impacting both biodiversity and ecosystem functioning (Hooper et
al., 2012; Olden, Poff, Douglas, Douglas, & Fausch, 2004). Given the
predicted consequences of global change, both natural disturbances
and anthropogenic impacts may increase in many regions worldwide
(Olden et al., 2004). Urgent action is thus needed to develop suit-
able assessment methods and management practices that consider
the interaction of both type of impacts (Elliott & Quintino, 2007;
Ghazoul, Burivalova, Garcia-Ulloa, & Vigo, 2015).

Biomonitoring methods detect anthropogenicimpacts using met-
rics based on aspects of ecosystem structure and function (Bonada,
Prat, Resh, & Statzner, 2006; Pereira et al., 2013). These metrics un-
derpin biomonitoring programmes that aim to halt and reverse bio-
diversity loss, to maintain and enhance the quality of ecosystems,
and to assess the effectiveness of conservation and restoration
measures, such as the Water Framework Directive (WFD; European
Commission, 2000), the Convention on Biological Diversity (CBD,
2010) or the International Union for Conservation of Nature (IUCN,
2016). Problematically, few current metrics integrate the effects of
natural disturbances, which can confound the assessment of anthro-
pogenic impacts and thus lead to inappropriate management actions
(Gutiérrez-Canovas et al., 2019; Pitacco et al., 2019; Tockner, Pusch,
Borchard, & Lorang, 2010).

Functional metrics based on biological traits have shown to
be promising tools for detecting anthropogenic impacts in differ-
ent types of ecosystems (Laliberté et al., 2010; Mouillot, Graham,
Villéger, Mason, & Bellwood, 2013; Statzner & Beche, 2010), and
to be more accurate for the biomonitoring of naturally disturbed
systems (Belmar et al., 2019; Bruno, Gutiérrez-Canovas, Velasco,
& Sanchez-Fernandez, 2016). However, studies assessing the com-
bined effects of natural disturbances and anthropogenic impacts on
the functional composition of biological communities remain lim-
ited (e.g. Bruno, Gutiérrez-Canovas, Sanchez-Fernandez, Velasco,
& Nilsson, 2016; Elliott & Quintino, 2007; Mouillot et al., 2013).
Additionally, the response of functional metrics might improve when
incorporating traits responding to environmental changes (i.e. re-
sponse traits), and to the effect of such changes on ecosystem func-
tioning (i.e. effect traits; Laliberté et al., 2010; Suding et al., 2008).
Consequently, approaches that more directly link community dy-
namics to ecosystem functioning are emerging.

Nearly 50% of the current global river network has intermittent
flow (Datry et al., 2014). Intermittent rivers, also known as tempo-

rary rivers in a broad sense, are dynamic systems that typically shift

between flowing, disconnected-pools and dry periods, named here-
after as aquatic phases (Gallart et al., 2012, 2017). Repeated shifts
between aquatic phases reorganize biological communities and,
therefore, flow intermittence represents a natural disturbance (Lake,
2000; Leigh & Datry, 2017). Intermittent rivers also experience an-
thropogenic impacts, such as hydrological alterations (flow regula-
tion, surface and/or groundwater extractions), geomorphological
impacts (e.g. sediment extraction and physical habitat modifications),
pollutants (e.g. heavy metals and nutrient additions) and biological
invasions (Chiu, Leigh, Mazor, Cid, & Resh, 2017). Detection of these
impacts at intermittent rivers is challenging because the reliability of
standard biomonitoring metrics is generally uncertain for such nat-
urally disturbed systems (Chiu et al., 2017; Cid et al., 2017). As the
global extent of intermittent rivers increases due to climate change
and water resource pressures (Doll & Schmied, 2012), understanding
the combined effects of natural flow intermittence and anthropo-
genic impacts on widely used and novel river biomonitoring metrics
is needed to underpin reliable biological quality assessments.

Our aim was to assess the ability of biomonitoring metrics to
detect anthropogenic impacts at both perennial and intermittent
sites, and in the latter including both flowing and disconnected pool
aquatic phases. Specifically, aquatic macroinvertebrates from 20
rivers were sampled along gradients of natural flow intermittence
(natural disturbance) and anthropogenic impacts to investigate their
combined effects on widely used river biomonitoring metrics (i.e.
taxonomic richness and standard biological indices) and novel func-
tional metrics based on biological traits. Different types of responses
to natural and anthropogenic gradients were used to assess the re-
liability and calibration requirements of potential metrics to both
perennial and intermittent rivers (Figure 1). A single response effect
occurs when a metric respond to anthropogenic impacts but not to
natural flow intermittence (Figure 1a), indicating high reliability with-
out calibration. An additive effect occurs when the effects of nat-
ural flow intermittence add to those of anthropogenic impacts but
effects do not interact (Figure 1b), indicating that this metric could
be reliable after proportional calibration with a constant term (i.e.
adapting reference conditions). Finally, interactive responses occur
when the effects of natural flow intermittence reduce, enhance or
oppose those of anthropogenic impacts, and leads to antagonistic
(Figure 1c), synergistic (Figure 1d) or opposing (Figure 1e) interac-
tions, respectively (Feld, Segurado, & Gutiérrez-Canovas, 2016).
Metrics with these interactive responses could be reliable only after
non-proportional calibration (i.e. adapting reference conditions and
response gradient to anthropogenic impacts).

2 | MATERIALS AND METHODS
2.1 | Study area
The study was conducted in 20 river sites in the north-eastern

Iberian Peninsula (Figure S1). The area has a Mediterranean cli-
mate (i.e. Csa and Csb; Kottek, Grieser, Beck, Rudolf, & Rubel,
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2006), with high seasonal variability in precipitation and thus
streamflow (Bonada & Resh, 2013; Cid et al., 2017). Ten of the
sites are intermittent and 10 are perennial. Sites were located in
different sub-basins in the Ebro, Jacar and Catalan catchments
and experience different degrees of anthropogenic impact and
river regime. Sites ranged from 6 to 1,100 m a. s. |. and drained
calcareous catchments with discharges ranging from O to 417
L/s.

2.2 | Macroinvertebrate data

Macroinvertebrates were collected five times per site (i.e. n = 100
samples) at six-week intervals between April and December 2015,
to capture the assemblages present during flowing phases and in
disconnected pools. In total, 91 samples were taken because five
sites were dry between one or three occasions. Samples were col-

lected using a 250 pm-mesh D-net across all available microhabitats

(i.e. different mineral and organic substrates), following the na-
tional standard quantitative sampling protocol (MAGRAMA, 2013).
Samples were preserved in 4% formaldehyde, and the macroinver-
tebrates identified to the lowest taxonomic resolution possible,
usually genus, but with some Chironomidae and Ceratopogonidae
identified to subfamily or tribe. Overall, 194 macroinvertebrate taxa
were identified.

Macroinvertebrate effect and response traits were charac-
terized. Effect traits describe the potential contribution of mac-
roinvertebrate organisms to ecosystem functioning through the
trophic transfer of resources and energy from basal to higher
organisms (Suding et al., 2008). Response traits characterize the
resistance and resilience of communities to disturbances and,
thus, inform on community responses to environmental changes
(McLean et al., 2019; Suding et al., 2008). For the effect traits,
trophic characteristics of each genus (i.e. grazers, miners, xylo-
phagous, shredders, gatherers, active and passive filterers, pred-

ators, parasites and others) were gathered from the Freshwater
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Information Platform (http://www.freshwaterecology.info; Moog,
2002; Schmidt-Kloiber & Hering, 2015). Response traits were
compiled from Tachet, Richoux, Bournaud, and Usseglio-Polatera
(2010; Table S1). For each genus, traits were assigned using a fuzzy
coding approach (i.e. a degree of affinity assigned to each trait cat-
egory, according to the frequency of occurrence within the genus;
Chevenet, Doléadec, & Chessel, 1994). For genera without traits
or for taxa not identified to genus, the averaged data from other
genera within the same family or from family-level traits were
used. This was the case for 24 taxa identified to genus, as well as
for the Chironomidae and Ceratopogonidae identified to subfam-
ily or tribe (see Data Accessibility Statement). Prior to analysis,
fuzzy-coded data were converted into percentages of affinity for
each trait.

2.3 | Characterization of flow intermittence and
anthropogenic impacts

The degree of flow intermittence at each site was obtained from
different descriptors. First, TREHS (Temporary Rivers Ecological
and Hydrological Status) software (http://www.lifetrivers.eu/
products/trehs-software/; Gallart et al., 2017) was used to classify
the rivers’ regime and to identify potential hydrological alterations
(Table S2) to differentiate sites affected by natural flow intermit-
tence from those with human-driven flow intermittence. The de-
gree of flow intermittence during the study period (i.e. from April
2015 until December 2015) was calculated from temperature data
loggers (UA-002 HOBO), from which is possible to infer the aquatic
phases (Gungle, 2006). Two data loggers were installed at each site:
one in a riffle, to determine the day flow ceased and resumed, and
one in a pool, to identify the day the reach dried completely. Data
were used to calculate two descriptors of flow intermittence for
each site: the number of days in the disconnected pool phase since
the last sample was taken (DP)), and the total number of zero-flow
days (i.e. disconnected pool or dry riverbed) during the 30-week
study period (ZF;).

The extent of anthropogenic impacts at each site was mea-
sured using the number of impacts in the Mediterranean reference
criteria (MRC), which include invasive species, diffuse pollution
sources, land-use intensity, riparian vegetation, river geomor-
phology, instream habitat conditions and hydrological alterations
(Sanchez-Montoya et al., 2009). To facilitate interpretation, the
number of MRC index impacts (i.e. 0 = non-impacted, to 20 = ex-
tremely impacted) was used as a descriptor variable (hereafter,
number of impacts; see Table S3 for more details). Physicochemical
parameters of each river were also measured in every sampling
occasion, and were the following: dissolved oxygen, conductivity,
temperature, phosphates, nitrates and Chl-a (Table S2). However,
only the number of impacts was used as it represented a broad
spectrum of impacts and was correlated with most of the physico-
chemical parameters in our dataset (Table S2) and elsewhere
(Sanchez-Montoya et al., 2009).

2.4 | Metrics calculation

Two types of metrics were calculated for each sample to character-
ize biotic responses to flow intermittence and the anthropogenic
impacts: widely used and functional. As widely used metrics, tax-
onomic richness based on invertebrate families (Sfam) or genera
(Sgen) and several tolerance-based biological indices used in the
Iberian Peninsula were calculated: IBMWP (Alba-Tercedor et al.,
2002), IASPT (Jaimez-Cuéllar et al., 2002), and IMMI-T (Munné &
Prat, 2009; Table 1).

For the functional metrics, functional redundancy (i.e. FR; the
number of taxa or individuals contributing similarly to an ecosystem
function, here a trophic function) and response diversity (i.e. RD;
how functionally similar taxa respond to natural disturbance and an-
thropogenic impacts; Suding et al., 2008) were calculated (Figure 2).
For FR metrics, using a classification of macroinvertebrates into
functional trophic groups (i.e. effect traits; see Appendix S1) was
used to obtain the average abundance (ab) and trait richness (i.e.
presence-absence; pa) for the entire community and each trophic
group: omnivorous, shredders, predators, grazers, gatherers and fil-
terers (Figure 2, Table 1). For RD, traits related to resilience and re-
sistance strategies (i.e. response traits; see Appendix S1) were used
to estimate functional richness (FRic, Villéger, Mason, & Mouillot,
2008) and functional dispersion (FDis, Laliberté & Legendre, 2010;
hereafter, RD) for the whole community and each trophic group, all
of them using abundance (ab) measures (Figure 2, Table 1).

2.5 | Statistical analysis

Two datasets were analysed. One considered all data collected dur-
ing aquatic phases (i.e. flow and disconnected pools), to identify
metrics that respond to anthropogenic impacts independently of
flow. The second dataset included only flowing-phase samples, as
required in current river biomonitoring protocols. To determine the
reliability of each metric to detect anthropogenic impacts across a
gradient of flow intermittence, linear mixed-effects models (LME)
were fitted with a Gaussian error distribution to model all metric re-
sponses. Before analyses, to reduce distribution skewness and im-
prove linearity, a square-root-transformation was applied to Sfam,
Sgen and IBMWP, and a log- or square-root-transformation was
applied to almost all functional metrics. Predictor variables (i.e. the
number of impacts, DP, and ZF;) were standardized to mean = 0 and
SD =1 to allow for model coefficient comparison.

For all the aquatic phases dataset, the LMEs were fitted using
the number of impacts, DP; and ZF; and their pairwise interactions
as fixed factors (i.e. DP; x number of impacts, and ZF; x number of
impacts). For the flowing-phase dataset, the same analysis was per-
formed, but excluding DP,. All models included site as a random fac-
tor to account for the non-independence of samples collected from
the same location. A multimodel inference approach was adopted to
quantify the predictor's standardized effect sizes and significance.

See Appendix S2 for more details.
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TABLE 1 Community metrics used in
this stud Type of Type of
Y metric Metric Description data
Widely used Sfam Taxon richness at the family level pa
Sgen Taxon richness at the genus level pa
IBMWP Iberian Biological Monitoring Working Party pa
(Alba-Tercedor et al., 2002)
IASPT Iberian Average Score Per Taxon (Jdimez-Cuéllar  pa
et al.,, 2002)
IMMI-T Multimetric index for Mediterranean rivers pa
(Munné & Prat, 2009)

Functional FR Functional redundancy of the entire community pa, ab
redun- FR.omnivorous Functional redundancy of the omnivorous pa, ab
dancy functional group

FR.shredders Functional redundancy of the shredder func- pa, ab
tional group

FR.predators Functional redundancy of the predator func- pa, ab
tional group

FR.grazers Functional redundancy of the grazer functional pa, ab
group

FR.gatherers Functional redundancy of the gatherer func- pa, ab
tional group

FR filterers Functional redundancy of the filterers (filterers) pa, ab
functional group

Response RD Response diversity of the entire community ab

diversity RD.omnivorous  Response diversity of the omnivorous functional ab
group
RD.shredders Response diversity of the shredders functional ab
group
RD.predators Response diversity of the predators functional ab
group
RD.grazers Response diversity of the grazers functional ab
group
RD.gatherers Response diversity of the gatherers functional ab
group
RD.filterers Response diversity of the filterers (filterers) ab
functional group
FRic Functional richness of the response traits ab

Note: Functional redundancy (FR) and response diversity (RD) metrics were calculated using
effect and response traits, respectively. Type of data: FR and RD were calculated as the average
abundance (ab) and/or richness (i.e. presence-absence; pa) for each functional trophic group
and for the entire community. Omnivorous taxa had mixed feeding habits, including a variety of
shredding, grazing and gathering affinities. See Section 2 for further details.

For each metric, the combined effect type was determined using
the regression coefficient sign (+ or =) and p-value of individual pre-
dictors and their interactions (Feld et al., 2016). Under this frame-
work, a non-significant interaction term and one significant predictor
coefficient indicate a single effect, whereas two or more significant
single predictor coefficients indicate an additive effect. Interactive
(antagonistic, synergistic or opposing) effects were identified by a
significant (p < .05) or potential (p-value between .05 and .25) inter-
action and a single interaction explaining the conditional goodness of
fit (rc?) = 5% of variance. Negative coefficients for individual predic-

tors with a positive interaction coefficient indicated an antagonistic

effect. Negative individual predictor and interaction coefficients
indicated a synergistic effect. Different coefficient signs between
individual predictors indicated an opposing effect. Effective met-
rics should be responsive to anthropogenic impacts (i.e. explaining
a high percentage of total variance and the marginal goodness of fit
or r’m > 0.20), and show a similar pattern across a gradient of flow
intermittence, which is reflected by non-interactive responses.

For all predictors (i.e. number of impacts, ZF and DP)), null
models were used to determine whether observed functional
metric responses to anthropogenic impacts reflected taxo-

nomic variation (i.e. the probability of finding more or fewer
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FIGURE 2 Analytical framework for the functional metrics used in this study (i.e. functional redundancy, FR, and response diversity, RD).
For FR functional trophic groups were used as effect traits. For RD biological traits related to resilience and resistance strategies were used
as response traits (Table S1). Both FR and RD are represented as the average abundance (ab) or trait richness (i.e. presence-absence; pa)

for each functional group. Circle size is proportional to abundance. Black circles: species present; white circles: species absent; grey circles:

species not included in the functional effect group of the example (i.e. shredders). PCoA, Principal Coordinate Analysis

abundance or trait categories due to the number of taxa; see
Appendix S3).

All analyses were conducted in R version 3.4.1 (R Core Team,
2015), using the packages “Ime4” (Bates, Maechler, Bolker, & Walker,
2015), “MuMIn” (Barto'n, 2017) and “variancePartition” (Hoffman &
Schadt, 2016). The code and functions used to run these analyses

are available at Data Accessibility Statement.

3 | RESULTS

Overall, metrics decreased with increasing the number of impacts
and with flow intermittence predictors (i.e. DP; and ZF; Table 2 and
Table 3). However, responses varied between metrics and between

datasets (i.e. flowing phase and all aquatic phases).

3.1 | Widely used metrics

All widely used metrics were negatively related to the number of im-
pacts, explaining >50% of total variance (Tables S4 and S5). A single
effect of the number of impacts on the flowing phase dataset (but
not all the aquatic phases dataset) was found for IBMWP (Figure 3h,
Table 3). For other widely used metrics, the most common effect was
the antagonistic (Figure 3, Tables 2 and 3). All widely used metrics
from both datasets were identified as responsive metrics (r2m >0.20),
with r’m values ranging from 0.39 to 0.54 for all the aquatic phases
dataset (Table 2) and from 0.24 to 0.43 for flowing phase samples
(Table 3). According to the criteria in Figure 1, IBMWP is reliable for
flowing phase assessments in both perennial and intermittent rivers
(i.e. universal metric; Table 4), whereas other widely used metrics

would require calibration before use in intermittent rivers.
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TABLE 3 Results of linear mixed-effects models from the dataset including only the flowing phase
Intercept No.impacts  ZF; No. impacts x ZF; R’m R%c Effect type

Sfam 5.467 -0.104* -2.441 0.258 () 0.36 0.71 Antagonistic
Sgen 42.014 -1.546* -45.606* 4.187* 0.43 0.65 Antagonistic
IBMWP 0.972 -0.023* -0.151 - 0.24 0.82 Single
IASPT 0.965 -0.03* -0.674 0.083(.) 0.32 0.71 Antagonistic
IMMIT 0.997 -0.039* -1.058* 0.126* 0.40 0.87 Antagonistic
FR.pa 1.303 -0.005 -0.307* -0.021 0.14 0.14 Single

FR.ab 3.988 0.073* 1.699 0.141 0.20 0.51 Single
FR.omnivorous.pa 3.562 -0.209* -4.541 0.662 (.) 0.25 0.47 Antagonistic
FR.shredders.pa 1.131 -0.043* -0.283 - 0.15 0.21 Single
FR.predators.pa 3.975 -0.101* -3.662* 0.294* 0.41 0.56 Antagonistic
FR.grazers.pa 1.705 -0.019 -0.001 - 0.04 0.50 ns
FR.gatherers.pa 3.094 -0.058* -1.532* 0.195* 0.38 0.58 Antagonistic
FR.filterers.pa 1.584 -0.025* -1.078 0.050 0.33 0.42 Single
FR.omnivorous.ab 4.473 -0.346* -5.472 1.922* 0.45 0.76 Antagonistic
FR.shredders.ab 1.944 -0.066 0.995 - 0.03 0.35 ns
FR.predators.ab 5.199 -0.133* -2.482 0.376(.) 0.24 0.45 Antagonistic
FR.grazers.ab 5.231 -0.099* -0.199 0.600* 0.07 0.25 Antagonistic
FR.gatherers.ab 6.637 0.072 1.519 — 0.05 0.53 ns
FR.filterers.ab 4.576 -0.035 -3.027 - 0.04 0.07 ns

RD.ab 0.211 -0.005* -0.026 0.008 (.) 0.43 0.43 Antagonistic
RD.omnivorous.ab 0.063 -0.003 -0.015 - 0.03 0.03 ns
RD.shredders.ab 0.123 -0.009* 0.016 — 0.15 0.18 Single
RD.predators.ab 0.463 -0.004 -0.017 0.022 () 0.06 0.06 Antagonistic
RD.grazers.ab 0.448 -0.007* -0.223 0.017 0.08 0.08 Single
RD.gatherers.ab 0.155 -0.005* 0.011 - 0.18 0.25 Single
RD.filterers.ab 0.101 -0.007* -0.118 0.011 0.28 0.39 Single

FRic 0.239 -0.011* -0.197 0.027 (.) 0.37 0.63 Antagonistic

Note: See Table 2 for further details.

3.2 | New functional metrics

The number of impacts explained >50% of the variance for most
functional metrics but, in some cases, ZF;, DP; and their interac-
tions with the number of impacts explained a similar percentage
(Tables S4 and S5). A single effect of the number of impacts was
observed for several FR and RD metrics (Tables 2 and 3): FR.ab,
FR.shredders.ab, RD.grazers.ab, RD.gatherers.ab and RD. filterers.
ab for all the aquatic phases dataset, and FR.ab, FR.shredders.pa,
FR.filterers.pa, RD.shredders.ab, RD.grazers.ab, RD.gatherers.ab
and RD.filterers.ab for the flowing phase dataset. Among them,
the most responsive metrics (r*m > 0.20) were FR.ab (r’m = 0.23)
and RD.filterers.ab (r’m = 0.29) from all the aquatic phase data-
set, and FR.filterers.pa (r*m = 0.33) from the flowing phase dataset
(Table 4). Following our criteria (Figure 1), FR.ab, FR filterers.pa and
RD.filterers.ab represent universal metrics (Table 4), with FR.ab
and RD.filterers.ab reliable for samples collected in both flowing
and disconnected pool phases, and FR.filterers.pa reliable only for

flowing phase samples.

For other functional metrics showing significant responses to pre-
dictors, the number of impacts and ZF; resulted in interactive effects.
For the aquatic phase dataset, nine metrics showed an antagonistic
response and one synergistic (Table 2), whereas for the flowing phase
dataset, all interactive metrics showed an antagonistic response
(Table 3). We also observed interactions between the number of im-
pacts and DP; resulting in four antagonistic, one synergistic and one
opposing effect on the aquatic phase metrics (Table 2). Among them,
several functional metrics were identified as responsive metrics
(r’m > 0.20), with r’m values ranging from 0.20 to 0.39 in the aquatic
phases dataset, and from 0.24 to 0.45 in the flowing phase dataset
(Table 4). According to our criteria (Figure 1), these metrics could be
reliable in intermittent rivers after non-proportional calibration.

Null models indicated that all predictor terms had non-random
effects on FR.pa, FR.ab and FR.omnivorous.pa models including all
aquatic phases (Table S6) and, thus, functional metric responses re-
flected anthropogenic impacts and/or flow intermittence, not taxo-
nomic variation. For the flowing phase dataset, several metrics had

non-random effects on all model terms (i.e. FR.ab, FR.omnivorous.
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observed

pa, FR.predators.pa, FR.omnivorous.ab, FR.predators.ab and FRic
models; Table S7), and null models indicated that the number of
impacts term had non-random effects on all models except for
FR.shredders.ab and FR.filterers.ab (Table S7).

4 | DISCUSSION

Our results showed that natural disturbances (i.e. flow intermit-
tence) could confound biological quality assessments by altering
metric responses to anthropogenic impacts. Most of our widely
used and new functional metrics decreased with increasing anthro-
pogenic impacts, but showed an interactive antagonistic response
with flow intermittence. Thus, most metrics would not accurately in-
dicate the biological quality of intermittent rivers, and would require
calibration (Figure 1c). However, the widely used IBMWP index and
few functional metrics could provide reliable biological assessments
in intermittent rivers when applied during the flowing phase, and the
functional redundancy based on the whole community abundance
(FR.ab) remained effective even in disconnected pools.

Compared to perennial rivers, aquatic communities in intermittent
rivers typically support fewer taxa and a higher proportion of general-
ists, due to environmental harshness (Bogan et al., 2017; Soria, Leigh,
Datry, Bini, & Bonada, 2017). As a result, the usefulness of many widely
used biomonitoring metrics based on taxon diversity is limited, espe-
cially when using standard values obtained from perennial rivers (Chiu
etal., 2017; Prat et al., 2014). Similar limitations of widely used metrics
have been observed in other naturally disturbed ecosystems such as
when using riparian plant communities as indicators in intermittent
rivers (Bruno, Gutiérrez-Canovas, Sanchez-Fernandez, et al., 2016) or
when using invertebrates in estuaries (Elliott & Quintino, 2007) or sa-
line rivers (Gutiérrez-Canovas et al., 2019). Nonetheless, our results

suggested that one widely used metric, the IBMWP index, could be

applied in intermittent rivers during flowing phases. This aligns with
other studies in mediterranean-climate rivers (e.g. Mazor, Stein, Ode,
& Schiff, 2014; Munné & Prat, 2011; Prat et al., 2014), which sug-
gest that widely used metrics may work at intermittent sites if flow-
ing phases are sufficiently long and predictable (Gallart et al., 2012,
2017). For example, Munné and Prat (2011) found no differences for
IBMWP between perennial and intermittent rivers during wet years,
as flow permanence in intermittent rivers was high. However, during
dry years, IBMWP values varied considerably even if samples were
collected during flowing phases (Munné & Prat, 2011). Thus, the wide
spatial and temporal hydrological variability within intermittent rivers
(e.g. different dry phase duration at different locations at different
years) could produce misleading bioassessment results in most cases
(Chessman, Jones, Searle, Growns, & Pearson, 2010; Mazor, Purcell, &
Resh, 2009; Papastergiadou & Manolaki, 2012), especially in less pre-
dictable, seasonal climate types (Tonkin, Bogan, Bonada, Rios-Touma,
& Lytle, 2017). Hence, to avoid misleading biological quality assess-
ments in intermittent rivers, either existing metrics need to be recali-
brated (e.g. by incorporating long-term variability in these metrics) or
new metrics, as those presented here, require development (Munné &
Prat, 2011; Stubbington et al., 2018).

Most of our new functional metrics responded differently at pe-
rennial and intermittent sites, as evidenced by antagonistic effects.
Our results align with recent studies considering flow intermittence
and salinity as natural disturbances combined with other anthropo-
genic impacts (Belmar et al., 2019; Gutiérrez-Canovas et al., 2019).
The fact that intermittent rivers often showed a weaker reduction in
functional metrics may reflect strong trait filtering in naturally dis-
turbed ecosystems (Mouillot et al., 2013). Moreover, traits enabling
species’ persistence in certain naturally disturbed environments may
contribute to be co-tolerance of other disturbances (Vinebrooke et
al., 2004). In intermittent rivers, resistance and resilience traits that

enable species to persist in highly variable flow conditions might also
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TABLE 4 Selection of the most responsive metrics (r2m >.20)
in detecting anthropogenic impacts in perennial and intermittent
rivers

Valid for both

flowing and
disconnected
Metric Type of pool
designation metric conditions? Metric
Universal (i.e. Functional ~ YES FR.ab
no cdali(l;)ration NO, only valid FR filterers.pa
neede -
during flow- RD-filterers.ab
ing phase
Widely NO, only valid IBMWP
used during flow-
ing phase
Specific (i.e. Functional  YES FR.pa
non-propor- FR.omnivorous.
tional calibra- pa
tion; adapting
R FR.shredders.pa
conditions FR.predators.pa
2ud I:esponse FR.gatherers.pa
gradient to .
anthropogenic FR.omnivorous.
impacts) ab
FR.predators.ab
RD.ab
RD.predators.ab
FRic
Widely YES Sfam
used Sgen
IASPT
IMMI-T

enable them to persist under certain anthropogenic impacts (Belmar
etal., 2019; Bonada & Resh, 2013). For example, macroinvertebrates
with mechanisms for tolerating low dissolved oxygen concentra-
tions may in turn be indicative of either flow intermittence or or-
ganic pollution (Stubbington et al., 2017). Thus, metrics that indicate
adaptations to flow intermittence could be used for biomonitoring
anthropogenic impacts only if they are calibrated differently for pe-
rennial and intermittent rivers.

Our results also identified functional metrics with similar re-
sponses to anthropogenic impacts in perennial and intermittent
rivers (i.e. single effect), indicating their ability to detect impacts re-
gardless of flow intermittence. The most responsive metrics during
flowing phases were functional redundancy based on the whole
community abundance (FR.ab) and the filterers presence-absence
(FR.filterers.pa), as well as abundance-weighted response diversity
of filterers (RD.filterers.ab), with FR.ab also responsive in discon-
nected pools. Thus, for example, the decrease in RD filterers.ab with
increasing anthropogenic impacts indicates a reduction in resistance
and/or resilience traits (i.e. response traits) within this functional tro-
phic group. The decrease in FR.filterers.pa also evidenced taxonomic

homogenization within this functional trophic group as the number

of anthropogenic impacts increased (Gagic et al., 2015; Laliberté et
al., 2010). For example, genera such as Chimarra or Ephemera were
not observed when the number of impacts increased. Our results
thus indicate that metrics derived from functional trophic groups
that are not affected by natural disturbances, could act as univer-
sal metrics in naturally disturbed ecosystems such as intermittent
rivers.

By using the response-effect trait approach, functional met-
rics may provide detailed information on environmental changes
and their effects on ecosystem functioning (Laliberté et al., 2010;
Mouillot et al., 2013; Suding et al., 2008). Response diversity (RD)
metrics might help to differentiate community responses to both
natural disturbances and anthropogenic impacts, whilst functional
redundancy (FR) metrics based on effect traits might help to antici-
pate the effects of that change on ecosystem functioning (Suding et
al., 2008). For example, the decrease in FR for filter feeder taxa (FR.
filterers.pa) might affect organic matter processing and thus change
ecosystem functioning (Bogan et al.,, 2017). As a consequence,
community structure might also be less resistant to environmental
changes and therefore increase the vulnerability to future anthro-
pogenic impacts (Gutiérrez-Canovas, Sanchez-Fernandez, Velasco,
Millan, & Bonada, 2015; McLean et al., 2019). Similarly, the distinct
decrease of FR and RD metrics in the predator functional trophic
group (i.e. FR.predators.pa, FR.predators.ab and RD.predators.ab)
in intermittent rivers could signal potential effects of anthropo-
genic impacts on predation rates, and inform about cascade effects
stemming from reduced predator abundance (Hooper et al., 2012;
Rodriguez-Lozano, Verkaik, Rieradevall, & Prat, 2015).

Given the different predictability, duration and spatial patterns
of the aquatic phases in intermittent rivers (Bonada & Resh, 2013;
Leigh & Datry, 2017), our proposed functional metrics could con-
tribute to improved bioassessment of these rivers. As most of the
widely used metrics were not reliable during flowing phases nor
disconnected pools, calibration is needed considering their re-
sponse gradient to anthropogenic impacts. Even though the widely
used IBMWP index detected anthropogenicimpactsin intermittent
rivers during flowing phases, this needs to be considered with cau-
tion as its reliability may vary between wet and dry years (Munné
& Prat, 2011). In this case, information on the degree of flow inter-
mittence, seasonal predictability and temporal patterns of flowing
phases is required (Gallart et al., 2017). Compared to widely used
metrics, the functional redundancy based on whole community
abundance (FR.ab) could be even applied during disconnected
pools. Besides, functional metrics are more accurate in detecting
ecosystem degradation and may represent a step forward in the
management of naturally disturbed ecosystems (e.g. Belmar et al.,
2019; Bruno, Gutiérrez-Canovas, Sanchez-Fernandez, et al., 2016).
These metrics might enable prediction of biological responses to
intensifying anthropogenic impacts in a climate change context
(Belmar et al., 2019). Therefore, water managers should start incor-
porating alternative functional metrics in the routine biomonitor-
ing of naturally disturbed rivers. Regardless of the biomonitoring

metrics used, distinguishing natural from human-induced flow
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intermittence and assessing the degree of hydrological alteration
of a river is crucial (Gallart et al., 2017). Future research should
test both widely used and new functional metrics in datasets en-
compassing multiyear time periods, across different climates, and
for specific anthropogenic impacts, as well as on other taxonomic

groups.
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