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ABSTRACT: We studied how sunflower plants affect rhamnolipid biosurfactant 19 

mobilization of slowly desorbing fractions of polycyclic aromatic hydrocarbons (PAHs) 20 

in soil from a creosote-contaminated site. Desorption kinetics of 13 individual PAHs 21 

revealed that the soil contained initially up to 50% slowly desorbing fractions. A 22 

rhamnolipid biosurfactant was applied to the soil at the completion of the sunflower 23 

cycle (75 days in greenhouse conditions). After this period, the PAHs that remained in 24 

the soil were mainly present in a slowly desorbing form as a result of the efficient 25 

biodegradation of fast-desorbing PAHs by native microbial populations. The 26 

rhamnolipid enhanced the bioavailable fraction of the remaining PAHs by up to 30%, as 27 

evidenced by a standardized desorption extraction with Tenax, but the enhancement 28 

occurred with only planted soils. The enhanced bioavailability did not decrease residual 29 

PAH concentrations under greenhouse conditions, possibly due to ecophysiological 30 

limitations in the biodegradation process that were independent of the bioavailability. 31 

However, biodegradation was enhanced during slurry treatment of greenhouse planted 32 

soils that received the biosurfactant. The addition of rhamnolipids caused a dramatic 33 

shift in the soil bacterial community structure, which was magnified in the presence of 34 

sunflower plants. The stimulated groups were identified as fast-growing and 35 

catabolically versatile bacteria. This new rhizosphere microbial biomass possibly 36 

interacted with the biosurfactant to facilitate intra-aggregate diffusion of PAHs, thus 37 

enhancing the kinetics of slow desorption. Our results show that the usually limited 38 

biosurfactant efficiency with contaminated field soils can be significantly enhanced by 39 

integrating the sunflower ontogenetic cycle into the bioremediation design.  40 

  41 
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INTRODUCTION 46 

 The management of soil pollution through biologically based remediation is 47 

challenging when the residual concentrations of pollutants after treatment are 48 

unacceptable, especially for hydrophobic organic chemicals such as polycyclic aromatic 49 

hydrocarbons (PAHs). The well-established biphasic desorption behavior of these 50 

compounds in soil allows us to discriminate risks at remediation endpoints because fast-51 

desorbing chemicals are those causing the highest toxicity and they are preferentially 52 

removed (Ortega-Calvo et al., 2015). However, with half-lives on the order of months 53 

or years, slowly desorbing PAHs, remaining in polluted soils after bioremediation, can 54 

also be degraded slowly or they may still be absorbed by biota and cause toxic effects. 55 

Therefore, it is imperative to understand the mechanisms of slow release of the residual 56 

pollutant fractions, and find benign strategies to improve their biodegradation. Potential 57 

strategies include the use of specific microorganisms, plants and (bio)surfactants, which 58 

can act as bioavailability-promoting agents (Ortega-Calvo et al., 2013). When 59 

bioremediation scenarios include slowly desorbing PAHs, the rhamnolipid biosurfactant 60 

constitutes one of the most valid solutions. Its nontoxic, biodegradable and 61 

environmentally benign nature and its possibilities for large-scale production at 62 

competitive costs make this biosurfactant a standard for environmental applications 63 

(Posada-Baquero et al., 2019a). However, the biosurfactant efficiency with aged, slowly 64 

desorbing PAHs decreases compared with the efficiency with unaged samples as a 65 

result of the limitations imposed by the intra-aggregate diffusion of the chemicals 66 

(Congiu and Ortega-Calvo, 2014). Further knowledge is needed to enhance the 67 

biosurfactant efficiency under the unfavorable conditions operating incontaminated 68 

field soils, where pollutants have been aged for years. 69 
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 Sunflower (Helianthus annuus, L.) combines food and fuel value together with a 70 

proven phytoremediation potential for soils polluted by PAHs (Sivaram et al., 2018, 71 

Tejeda-Agredano et al., 2013). The sunflower ontogenetic cycle has a variable duration 72 

according to the variety used and the specific conditions of culture location, but it 73 

usually lasts from 3 to 5 months (Rondanini et al., 2007)(Cheng et al., 2014), which 74 

obviously should be considered in phytoremediation design. Its capacity to release 75 

organic compounds into soil by rhizodeposition is well known (Shahbaz et al., 2018) 76 

and the basis for the removal of pollutants through biodegradation by rhizosphere 77 

microorganisms (Tejeda-Agredano et al., 2013). The rhizosphere effect of sunflower is 78 

also well known and often results in higher rates of SOM decomposition in soils planted 79 

with sunflower than in unplanted soils (Zhu et al., 2014). Despite these advancements, 80 

the exact contribution of decaying sunflower root materials to PAH biodegradation at 81 

late stages of phytoremediation is still unknown. This is especially relevant for the 82 

slowly desorbing PAHs remaining in the soil after the completion of the sunflower 83 

cycle. Previous studies have considered the combined action of plants (including 84 

sunflower) and rhamnolipids on PAH dissipation (Liduino et al., 2018, Liao et al., 2015, 85 

Liao et al., 2016). It may be because they have received no attention that the indications 86 

of their impacts on the slowly desorbing PAH fractions, in connection with 87 

bioavailability measurements, are still relatively scarce.  88 

 Recent developments in the bioavailability and regulation of organic chemicals 89 

led to the proposal of a simplified approach for risk assessment based on total and 90 

bioavailable concentrations. A robust and reproducible physicochemical method, such 91 

as desorption extraction with a strong adsorbent, can be used to determine the 92 

bioavailability of organic chemicals (Ortega-Calvo et al., 2015, ISO/TS16751, 2018). 93 

We recently evaluated the general applicability of standardized desorption extraction as 94 
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a tool to evaluate the performance of bioremediation through bioavailability 95 

assessments in a wide variety of PAH-contaminated soils (Posada-Baquero et al., 96 

2019b). The present study was designed to evaluate whether the biosurfactant action on 97 

slowly desorbing PAHs, assessed through standardized desorption extraction, could be 98 

enhanced by a previous stage of sunflower plant growth, which was not part of previous 99 

investigations. This new sequence was aimed at slowly desorbing PAHs and at 100 

minimizing the possible negative effects of biosurfactants on plant physiology. 101 

Therefore, the biosurfactant was applied at the end of the sunflower cycle. The whole 102 

process was characterized thoroughly by the desorption kinetics of individual PAHs, the 103 

evolution of their total and bioavailable concentrations, and the composition of the soil 104 

microbial populations as determined by molecular methods. To the best of our 105 

knowledge, there are no other studies in the bioremediation field that combine such 106 

approaches to systematically investigate changes in the bioavailability of organic 107 

pollutants. The objectives of this study were 1) to characterize the desorption kinetics of 108 

native PAHs in the soil, determining the exact abundance of the slowly desorbing 109 

fractions, 2) to determine the effect of planting and biosurfactant addition on the 110 

evolution of bioavailable PAHs in parallel to the composition and activity of the soil 111 

microbial community, and 3) to propose, on the basis of these results, mechanisms for 112 

improving rhamnolipid action on slowly desorbing PAHs in contaminated soils. 113 

 114 

MATERIALS AND METHODS 115 

Chemicals. [4,5,9,10-14C]-pyrene (58.8 mCi mmol-1, radiochemical purity >98%) 116 

was purchased from Campro Scientific GmbH (Veenendaal, The Netherlands). Tenax 117 

(60-80 mesh, 177-250 µm) was supplied by Buchem BV (Netherlands).  118 
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Rhamnolipid. The rhamnolipid biosurfactant (R90, 90% pure) was supplied by 119 

AGAE Technologies (Oregon, USA). The critical micelle concentration (CMC) of this 120 

biosurfactant, measured with a TD1 Lauda ring tensiometer, was 31.6 mg L-1, at which 121 

a surface tension of 32 dyn cm-1 was achieved. The total organic carbon concentration 122 

(TOC) of the rhamnolipid, measured with a Shimadzu TOC-V SCH analyzer, was 47%. 123 

Soil. A creosote-polluted soil mixture was obtained by combining a heavily 124 

polluted soil (silty clay loam-calcaric fluvisol, total PAH concentration 13,977 ± 567 125 

mg kg-1) from a historical wood-treatment facility in southern Spain, a soil (Typic 126 

Xerochrepts) from the agricultural experimental station of the Instituto de Recrusos 127 

Naturales y Agrobiología de Sevilla (IRNAS), and sand (Aquarama). The mixture 128 

provided plants with a suitable soil texture for growth. The PAH-containing soil 129 

mixture was prepared as indicated in the Supporting Information (SI). The total 130 

concentration of PAHs in this creosote-polluted soil was 513 ± 84 mg kg-1 (sum of 13 131 

PAHs as indicated in Table S1). The soil had 1.1% TOC, 42.5% coarse-grained sand, 132 

9.5% fine-grained sand, 26.8% silt, and 21.2% clay. Other soil characteristics are 133 

provided in the SI. 134 

Greenhouse experiment. Experimental design. The greenhouse experimental 135 

design consisted of 30 pots with 4 kg of soil each. There were four different treatments, 136 

soil without plants (5 pots), soil with rhamnolipid (5 pots), soil with sunflower plants 137 

(10 pots), and soil with both rhamnolipid and sunflower plants (10 pots). A high number 138 

of planted pots ensured a sufficient quantity of plants with a homogenous root system 139 

and minimized the impact of intensive soil sampling on plant development by allowing 140 

rotated sampling in different plots. Ten sunflower seeds were used per planted pot. As 141 

the seeds germinated, they were eliminated until only one was left per pot to ensure one 142 

plant per pot during the experiment. The experiment was carried out in a greenhouse at 143 
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23 ± 1 ºC with watering at 20% field capacity. The pots were placed randomly and 144 

displaced along the greenhouse every 7 days to minimize light or temperature 145 

interferences. Soil samples were collected from the different treatments every 15 days 146 

up to the fourth month and then approximately every 30 days until the end of the 147 

experiment (210 days). The procedures for obtaining and storing soil samples for PAH 148 

and microbial analyses are described elsewhere (Tejeda-Agredano et al., 2013). 149 

Throughout sunflower development, the percentage of seed germination, blooming 150 

evolution and stem length of plants were separately evaluated for each treatment. 151 

The rhamnolipid was applied to the soil after 75 days of treatment dissolved in 152 

150 mL per pot of a 0.5 M tris-acetate buffer solution (pH 7.2) to give a final 153 

concentration of 7 mg g-1 soil. This concentration was selected in accordance with the 154 

methods in other studies involving the use of rhamnolipid to enhance the biodegradation 155 

of PAHs in contaminated soils (Posada-Baquero et al., 2019a, Adrion et al., 2016). The 156 

biosurfactant addition contributed 0.34% to the soil TOC (the buffer contributed less 157 

than 0.01% of TOC).  158 

Standardized desorption extraction. The method used to assess the bioavailability 159 

of PAHs was based on Tenax acting as an infinite sink in a soil suspension. This 160 

standard method considers that the fraction of total PAHs extracted with Tenax for 20 h 161 

(D20) represents most of the rapid desorption fraction and that this can be used as a 162 

measure of bioavailability. A detailed description of this method can be found in the 163 

ISO standard (ISO/TS16751, 2018), and its general applicability in bioremediation was 164 

reported in a previous publication (Posada-Baquero et al., 2019b).  Single-point Tenax 165 

extractions of greenhouse soil samples taken at day 135 were subject to a detailed 166 

analysis of the chemical composition of the aqueous phase, as indicated in the SI.  167 



 9 

The method to study the desorption kinetics in soil samples taken at the start of 168 

greenhouse experiments was the same as that described above, but for every sampling 169 

time, the Tenax was replaced by new Tenax. The experimental period was extended to 170 

1057 h. Desorption data were fitted to a first-order, two-compartment model (Bueno-171 

Montes et al., 2011): 172 

St/S0 = Ffastexp(-Kfastt) + Fslowexp(- Kslowt)    (1) 173 

In this equation, St and So (mg) are the soil-sorbed amounts of PAHs at time t (h) and at 174 

the start of the experiment, respectively. Ffast and Fslow are the fast- and slow-desorbing 175 

fractions, and Kfast and Kslow (h-1) are the rate constants of fast and slow desorption, 176 

respectively. To calculate the values of the different constants and fractions (Ffast, Fslow, 177 

Kfast, and Kslow), exponential curve fitting was used. 178 

PAH analysis. Triplicate soil samples (1 g) were mixed and ground with 1 g of 179 

anhydrous sodium sulfate and then extracted in a Soxhlet apparatus for 8 h with 100 mL 180 

of 1:1 (v/v) dichloromethane/acetone. Acetone was used instead of this organic solvent 181 

mixture to completely extract the PAHs from soil samples taken from rhamnolipid-182 

treated soils in greenhouse and slurry experiments. An analysis of 13 PAHs (as listed in 183 

Table S1) was carried out by HPLC as previously described (Posada-Baquero and 184 

Ortega-Calvo, 2011). The concentrations of PAHs were expressed either individually as 185 

mg kg-1 or as a fraction (C/C0, where C0 is the initial concentration) of the sum of 186 

mineralizable PAHs (mPAHs, including fluorene, phenanthrene, anthracene, 187 

fluoranthene, and pyrene) and cometabolizable PAHs (cPAHs, including 188 

benzo(a)anthracene, crysene, benzo(b)fluoranthene, benzo(k)fluoranthene, 189 

benzo(a)pyrene, dibenzo(ah)anthracene, benzo(ghi)perylene, and indeno(1,2,3-190 

cd)pyrene). This distinction was based on operational reasons and the current 191 

knowledge of bioremediation of PAH-polluted soils (Ortega-Calvo et al., 2013). 192 
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Bacterial community analyses. Total nucleic acids were coextracted from three 193 

separate aliquots (0.25 g) of soil samples using the PowerMicrobiome® kit (MoBio, 194 

USA) following the manufacturer’s instructions. Extracts were split into two aliquots 195 

for DNA and RNA analysis. Aliquots for RNA analysis were treated with DNase I, and 196 

the absence of contaminant DNA was confirmed by PCR using universal 16S rRNA 197 

primers (341F and 518R). RNA was reverse-transcribed to cDNA using the High 198 

Capacity Reverse Transcription kit (Applied Biosystems, USA) with random hexamers. 199 

Detailed procedures for high throughput amplicon sequencing of the V4 region of 16S 200 

rRNA from triplicate DNA and cDNA samples at selected time points, real-time PCR 201 

(qPCR) analyses and statistical treatments are provided in the SI. Raw sequencing data 202 

were submitted to the NCBI SRA repository under bioproject ID PRJNA 607721 203 

(biosamples SAMN14144233-SAMN14144256).  204 

Dehydrogenase activity. This enzymatic activity was determined in greenhouse 205 

soil samples with the tetrazolium salt method (Trevors, 1984). The activity was 206 

expressed in µg of iodonitrotetrazolium formazan (INTF) g-1 dry soil h-1.  207 

Slurry biodegradation experiment. Accelerated biodegradation assays involved 208 

nutrient addition, shaking, monitoring of the biodegradation activity through 14C-209 

mineralization measurements, and single-step chemical analysis of the native PAHs in 210 

the residue at the radiorespirometric plateau (i.e., after 55 days). The methodology is 211 

described in detail elsewhere (Posada-Baquero et al., 2019a) and briefly in the SI.  212 

 213 

RESULTS 214 

Desorption of PAHs. The desorption kinetics of PAHs present in the creosote-polluted 215 

soil at the start of the greenhouse experiment were determined under abiotic conditions 216 

by Tenax extraction. Figure 1 shows the results for pyrene and benzo(a)pyrene, 217 
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representative of mPAHs and cPAHs, respectively, and indicates that the biphasic 218 

model allows a good prediction of spontaneous desorption. The theoretical recovery of 219 

the fast-desorbing fraction of each chemical after 20 h of extraction with Tenax (D20) 220 

was higher than 97%. Considering that, in accordance with this model, slow desorption 221 

would still progress well beyond that period, the predicted concentration in soil after 222 

210 days of desorption (the experimental period in the greenhouse experiment) would 223 

be expected to decrease from 59.4 mg kg-1 to 6.3 mg kg-1 for pyrene and from 3.8 mg 224 

kg-1 to 0.7 mg kg-1 for benzo(a)pyrene. The results with the other PAHs were also fitted 225 

to the biphasic model, and the fit parameter values are shown in Table S1. The kinetic 226 

analysis of desorption showed a similar distribution between the fast- and slow-227 

desorbing fractions for all mPAHs. Ffast values tended to increasingly decrease with 228 

increasing cPAHs molecular weight. The fast-desorbing fraction accounted for 59% and 229 

50% of the total amounts of mPAHs and cPAHs initially present in the creosote-230 

polluted soil, respectively. In accordance with this analysis, we considered D20 231 

measurements a good indicator for the evolution of the fast-desorbing fraction with time 232 

under the different greenhouse treatments. Eventual shifts in D20 values would imply 233 

changes in the kinetic fractions and, consequently, in the bioavailability of PAHs. 234 

Greenhouse experiment. Plant response. The initial concentration of PAHs in the soil 235 

had no significant effects on the plants, either as seed germination percentage, plant 236 

development or flowering, as evidenced in preliminary assays with contaminated and 237 

agricultural soils. Therefore, sunflower plants tolerated  contaminated soils well. The 238 

seed germination rate was 48.5% at 44 days from the start of the greenhouse 239 

experiment. As the experiment progressed, the plant length reached an average of 63.7 240 

cm at 73 days. By this time, the average number of leaves per plant was 11.6. The 241 

flowering period started at 56 days, with 20% of flowered plants, reaching 55% at day 242 
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59, and at day 63, all the plants had bloomed. As expected according to the ontogenetic 243 

cycle of sunflower in the assayed greenhouse conditions, the plants started to decline at 244 

day 70. The addition of rhamnolipid at day 75 sped up this process, causing wilt and 245 

strong decay of the plants. In the next few days, plant decay was quite evident in all 246 

planted pots.  247 

 Dissipation of PAHs and evolution of D20. Total PAH concentrations (Figures 248 

2A, 2C, 3A and 3C) showed a significant decrease after 75 days in planted and 249 

unplanted pots, both for mPAHs (C/C0 = 0.1) and cPAHs (C/C0 = 0.5). No significant 250 

effect of planting was observed in this initial phase. The concentration of fast-desorbing 251 

PAHs (estimated as D20, Figures 2B, 2D, 3B and 3D) also declined during the first 60 252 

days to reach a D20 value of approximately 0.1 in all cases. This indicates that 253 

biodegradation efficiently removed most of the fast-desorbing chemicals initially 254 

present but also part of the slowly desorbing PAHs. As a result, the soil was mainly left 255 

with slowly desorbing PAHs. However, a slight increase in D20 was observed in planted 256 

soils at day 75, parallelling plant decay. Rhamnolipid was therefore added to enhance 257 

the bioavailability of the PAHs. This addition had no significant effects on the decline 258 

in total PAH concentrations (Figures 2 and 3), which followed similar slow rates in the 259 

four treatments with contaminated soil until 210 days. However, a significant (p ≤ 0.05) 260 

increase in the rapidly desorbable fraction was observed shortly after rhamnolipid 261 

addition in planted soils for both mPAHs and cPAHs (Figures 2B and 2D, respectively) 262 

that did not occur in unplanted soils (Figure 3B and 3D). The increased D20 values in 263 

the rhamnolipid-amended and planted soils were observed during a period of 45 days, to 264 

subsequently decline to reach similar values as in un-amended soils, possibly as a result 265 

of biodegradation of the rhamnolipid. Therefore, the biosurfactant made a significant 266 

fraction of the slowly desorbing PAHs potentially bioavailable but only when the soil 267 
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had supported the growth of plants. This enhancement was, however, not directly 268 

translated into accelerated biodegradation under the greenhouse conditions tested. 269 

 Dynamics of soil bacterial populations. The bacterial abundance was relatively 270 

high at the beginning of the experiment (5.4·109 16S rRNA gene copies g-1 soil) and did 271 

not experience significant variations during the period of maximum PAH 272 

biodegradation (0-60 days, Figure S1) in either planted or unplanted soil. Bacterial 273 

activity, however, seemed to experience a slight increase that was statistically 274 

significant only for the planted soil (from 2.2·109 to 6.4·109 16S rRNA transcript copies 275 

g-1). This increased activity coincided with a reduction in richness and diversity in the 276 

active bacterial community (Table S3), also more pronounced in the presence of plants, 277 

and with major structural changes (Figures S2 and S3, Table S4). In planted and 278 

unplanted soils, specific members of Pseudomonas (OTU1; 15.6% and 11.9%, 279 

respectively), the actinobacterial genus Georgenia (OTU3; 13.1%, 5.3%), and 280 

unclassified Gammaproteobacteria (OTU6, 3.7%, 8.7%), which had very low 281 

frequencies (0.1-0.3%) in the initial soil, became the most active members of the 282 

community. The significant increase in the number of transcripts of PAH ring-283 

hydroxylating dehydrogenase (RHD) genes during this period (from 2.4·106 to 6.1·107 284 

and to 5.2·107 gene copies g-1 in planted and unplanted soils, respectively) strongly 285 

supports that their activity was associated with the removal of the labile fraction of 286 

PAHs. In fact, OTU1 presented the highest sequence identity (99%, NCBI-BLAST) 287 

with a strain of Pseudomonas stutzeri, a species that includes a number of naphthalene- 288 

and anthracene- degrading strains; likewise, OTU 6 was closely related to a recently 289 

isolated pyrene-degrading strain describing the new order Immundisolibacterales 290 

(Corteselli et al., 2017). After the first 60 days, with most of the fast-desorbing PAHs 291 

removed, the bacterial abundance and activity in the absence of rhamnolipids showed a 292 
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slow but progressive decline until the end of the experiment in both planted and non 293 

planted soils. The decrease in activity resulted in a more even distribution of active 294 

microbial phylotypes compared to the distribution in the active microbiome at 60 days, 295 

but the previously detected predominant OTUs Pseudomonas (OTU1), Georgenia 296 

(OTU3) and unclassified Gammaproteobacteria (OTU 6) were still predominant in both 297 

planted and unplanted soils.  298 

 The addition of rhamnolipid prompted a significant increase in the total bacterial 299 

populations of both unplanted (1.9·1010 gene copies g-1) and planted soil (6.5·1010 gene 300 

copies g-1) at day 135 (Figure S1). In addition, we observed a dramatic shift in the 301 

active bacterial community structure (Figures 4, S2, and S3) and a decrease in richness 302 

(Table S3), which are both indicative of the selective stimulation of specific 303 

components of the community. Those changes were magnified by the presence of 304 

plants. The diversity of the active bacterial community decreased as it became 305 

predominated by different representatives of Pseudomonas (OTU2, OTU5, OTU12), 306 

Comamonadaceae (OTU4), an unclassified Enterobacteriaceae (OTU8) and 307 

Achromobacter (OTU11), some of which were not detectable in the absence of 308 

rhamnolipid. Most of these stimulated bacterial groups best matched (Table S4) strains 309 

closely related to plant-associated bacteria characterized by their fast growth and 310 

catabolic versatility. For example, OTU11 was classified within the genus 311 

Achromobacter, which includes opportunistic root colonizers. OTUs 2, 5 and 12 belong 312 

to the Pseudomonas aeruginosa group, while OTUs 4 and 8 best match rhizospheric or 313 

endophytic bacteria, probably those specializing in the utilization of plant-supplied 314 

carbon sources. These opportunistic species are also known for their resistance to 315 

toxicants in general and specially surfactants. The stimulated microbial community did 316 

not seem to have the ability to degrade PAHs, as indicated by the drastic decline in the 317 
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ratios between copy numbers of RHD genes and 16S rRNA in the presence of 318 

rhamnolipid (Figure S4).    319 

 Linking biosurfactant action to biodegradation of PAHs. We investigated why 320 

the observed enhancement in D20 values in planted soils that received rhamnolipid did 321 

not translate, under greenhouse experimental conditions, into decreased residual PAH 322 

concentrations. We evaluated two hypotheses that might explain such results: (i) the 323 

dissolved soil components (including the biosurfactant) interfere with the performance 324 

of the Tenax extraction and (ii) ecophysiological limitations of the biodegradation 325 

process, different from the bioavailability limits, eventually occur in the greenhouse 326 

conditions. We experimentally tested these hypotheses with greenhouse soil samples 327 

taken at day 135, when the bioavailability increase had been sustained in planted soils 328 

for 45 days (Figures 2 B and D).  329 

 (i) For the first hypothesis, the biosurfactant or dissolved SOM present in the 330 

aqueous phase could act as a carrier, facilitating the phase exchange of the PAHs from 331 

the soil to Tenax, thus increasing D20 values. However, the chemical analysis of the 332 

aqueous phase of suspensions with the same soil samples, mimicking Tenax extraction 333 

conditions, did not reveal any difference among the four treatments in TOC, surface 334 

tension, and other relevant parameters such as pH, inorganic carbon, and total nitrogen 335 

(Table S2). 336 

 (ii) Regarding the second hypothesis, increased dehydrogenase activity, an 337 

indicator of respiratory activity in PAH-polluted soils (Sushkova et al., 2018, Liu et al., 338 

2018), was found in the cases where rhamnolipids were added (Table 1). This increase 339 

occurred particularly in planted soil, where the activity was maximum and double the 340 

activity at the beginning of the experiment (1.8 ± 0.2 µg INTF g-1 h-1). However, given 341 

the general nature of this microbial indicator and the impact of rhamnolipids observed 342 
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on different bacterial groups, a biostimulation experiment with increased specificity was 343 

designed in soil slurries to test the disappearance of the PAHs under laboratory 344 

conditions involving shaking and nutrient addition. These conditions would a priori 345 

overcome potential limitations occurring in the greenhouse experiment. Table 1 shows 346 

the results of this experiment with pyrene and benzo(a)pyrene. Radio-respirometry 347 

measurements showed immediate (i.e., without a significant lag phase) production of 348 

14CO2 from 14C-labeled pyrene in all treatments (Figure S5). This was expected because 349 

of the significant dissipation observed for this chemical under greenhouse conditions. 350 

Furthermore, the results indicate that increased D20 values were often associated with a 351 

significantly increased rate of pyrene mineralization, as evidenced, for example, by the 352 

four-fold differences in rates between soil and planted soil amended with rhamnolipid 353 

(Table 1). These dissimilar rates confirmed, as expected, that the added 14C-pyrene 354 

behaved similarly to the bioavailable fraction of the native compound. The residual 355 

concentrations of native pyrene and benzo(a)pyrene also declined significantly after 356 

slurry-phase treatment in soil samples with relatively high D20 values. This result 357 

differed from those observed in greenhouse conditions, where the final total 358 

concentrations (after 201 days, as indicated by the C210d values in Table 1) did not 359 

follow this trend.  360 

 361 

DISCUSSION 362 

The results indicate a sustained increase in D20 values in planted soil that had 363 

received the biosurfactant. This enhanced mobilization potential of the slowly desorbing 364 

PAHs is possibly connected to biochemical influences on the rhamnolipid sorbed onto 365 

soil aggregates. The biosurfactant partitioned in the aqueous phase might act as a carrier 366 

by facilitating the phase exchange of the PAHs from the soil to the Tenax, thus 367 
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increasing D20 values. This role would be similar to that already observed for DOC in 368 

bioavailability assessments of PAHs with cyclodextrin-assisted depletive extraction 369 

(Bartolome et al., 2018) and passive sampling (Haftka et al., 2008). However, the 370 

complete absence of differences in TOC and surface tension in the aqueous solutions 371 

from Tenax extractions of soil treatments giving dissimilar D20 values excludes this 372 

possibility. We can conclude, therefore, that the enhanced desorption rate, resulting in 373 

increased D20 values, was an effect of the biosurfactant present in the soil aggregates but 374 

only if the soil had supported the growth of plants.  375 

The plant-promoted growth of specific bacterial species and the increased soil 376 

respiratory potential observed after rhamnolipid addition to planted soil suggest a 377 

microbial cause for this enhancement in D20 values. The promotion of specific groups of 378 

bacteria by rhamnolipid could be explained by the capability of the biosurfactant to 379 

generate a new flux of carbon to bacterial cells by directly serving as a source of carbon 380 

and energy or by indirectly mobilizing easily degradable organic matter present in the 381 

soil, thus favoring the development of fast-growing bacterial groups (Shao et al., 2017). 382 

In the presence of plants, this effect would have been magnified since rhamnolipid 383 

accelerated the plant decay, making easily degradable organic matter of plant origin 384 

available to bacterial populations specialized in their utilization. This mechanism is 385 

compatible with the similar TOC values detected in the aqueous phase of soil 386 

suspensions from all treatments after 135 days if the proliferation of the stimulated soil 387 

microorganisms had already been completed. In addition to having this nutritional 388 

impact on the soil microbial community, rhamnolipids may have favored the growth of 389 

certain bacterial groups by increasing membrane permeation and exoenzyme secretion, 390 

but they may have also inhibited the growth of others by disrupting the functioning of 391 

their cell membrane (Shao et al., 2017). 392 
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Provided that the primary mechanism underlying the rhamnolipid association with 393 

the soil is an adsorption process at the soil-water interface (Congiu and Ortega-Calvo, 394 

2014), it is possible that the stimulated microbial components of the soil aggregates 395 

contributed to such an enhancement in D20 values if the new microbial biomass 396 

produced and possibly its associated exopolysaccharides interacted with rhamnolipids to 397 

enhance their penetration into the soil aggregates. This would have resulted in swelling 398 

of the sorbent, favoring the intra-aggregate diffusion of PAHs by this biomass acting as 399 

an alternative partitioning phase (Garcia-Junco et al., 2003, Mulder et al., 1998) and 400 

ultimately enhancing the kinetics of desorption of the chemicals. Alternately, it is also 401 

possible that root components released into the soil, such as fatty acids (Yi and 402 

Crowley, 2007), interacted with rhamnolipids to enhance PAH diffusion. Whether the 403 

increased efficiency of the biosurfactant was indirectly caused by the growth of specific 404 

bacteria, directly caused by plant components, or both should be the subject of further 405 

investigation. In any case, although the increased D20 values did not result in significant 406 

reductions of PAH residual concentrations in the greenhouse experiments, the 407 

bioavailability enhancements were evidenced in slurry experiments as increased 408 

mineralization rates and decreased residual PAH concentrations. This biostimulation 409 

overcomes other possible limitations to the biodegradation process that eventually occur 410 

in greenhouse conditions and thus leads, for example, to the PAH degraders being 411 

outcompeted by the bacterial groups favored by rhamnolipid addition. These results 412 

have two main implications for the bioremediation of PAH-polluted soils. On the one 413 

hand, they suggest that, with appropriate process optimization, the observed 414 

bioavailability enhancement can be translated into improved bioremediation. On the 415 

other hand, if such optimization is not performed, such an increased bioavailability may 416 

result in increased exposure to the mobilized pollutants by potential human or 417 
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ecological targets. The latter implications align with recent considerations of the 418 

potential risks caused at the initial stages of bioremediation as a result of unmodulated 419 

biological processing of the pollutants that leads to the eventual formation of 420 

byproducts that are more toxic than the parent PAHs (Rolando et al., 2020). 421 

Our study extends the limited knowledge of the mechanisms responsible for 422 

increasing biosurfactant action on slowly desorbing PAHs, which limits the competitive 423 

use of this method in bioremediation as a sustainable alternative to chemical surfactant 424 

application. The proposed sequential approach based on plant development followed by 425 

biosurfactant application fits well in low-risk soil remediation approaches that are 426 

oriented towards the application of phase-exchange promoters, once the fast desorbing 427 

PAHs are removed through conventional bioremediation (Ortega-Calvo et al., 2013, 428 

Bueno-Montes et al., 2011, Posada-Baquero et al., 2019a, Adrion et al., 2016). Our 429 

results show that the rhizosphere-enhanced biosurfactant action exceeds the 430 

solubilisation potential already observed in the studies regarding the solubilisation of 431 

slowly desorbing PAHs. Taking benzo(a)pyrene as a representative cPAH, we observed 432 

that 45% of the compound was made bioavailable in planted soil that received the 433 

biosurfactant (D20 = 0.45, Table 1). This is a significant mobilization potential 434 

considering that, for example, rhamnolipid alone can mobilize only 18% of the 435 

compound in a bioremediated soil from a manufactured gas plant site (at a concentration 436 

ten times higher than in this study, 70 mg g-1, and after 312 h of  continuous extraction)  437 

(Posada-Baquero et al., 2019a).  438 

 The new sequential approach proposed in this study, based on the relatively 439 

short ontogenetic cycle of sunflower, would not only decrease decontamination 440 

endpoints through the improved biosurfactant action described above but also avoid 441 

possible toxic effects caused by the rhamnolipid and solubilized pollutants on plant 442 
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development when the biosurfactant is applied at the start of the process. Indeed, 4 mg 443 

kg-1 rhamnolipid, a similar concentration to that used in our study, causes growth 444 

reduction in sunflower development in hydrocarbon-contaminated soil (Liduino et al., 445 

2018). Similarly, phytotoxicity has been reported for the chemical surfactants Brij35 446 

and Tween 80 in the phytoremediation of soils with ryegrass plants and red clover, 447 

respectively (Gao et al., 2006, Gao et al., 2008). The negative effects of chemical and 448 

biological surfactants can also affect the microbial soil populations in terms of the 449 

toxicity and competition effects between mPAHs and cPAHs when the surfactants are 450 

applied to soils with a relatively high fraction of fast-desorbing PAHs but not to those 451 

having mainly slowly desorbing PAHs (Bueno-Montes et al., 2011, Posada-Baquero et 452 

al., 2019a).  453 

CONCLUSIONS 454 

By an adequately integrating of the sunflower ontogenetic cycle into the bioremediation 455 

of PAH-polluted soils, we have demonstrated that it is possible to enhance the limited 456 

biosurfactant efficiency that is commonly observed under unfavorable conditions in 457 

contaminated field soils. The residual, slowly-desorbing PAHs that remain after the 458 

initial phase of fast biodegradation were mobilized significantly by the rhamnolipid 459 

added at this late stage but only if the soil had supported the growth of plants. This 460 

effect can likely be attributed to a rhizosphere influence on biosurfactant action. These 461 

results have relevance not only in the bioremediation field but also in the risk 462 

assessment and management of organic chemicals in general, where bioavailability is 463 

under discussion. This new, proof-of-concept scenario successfully showed the use of 464 

desorption extraction as a reliable approach to investigate changes in bioavailability 465 

under widely ranging operating conditions that include different time scales and 466 

dissimilar treatments involving biosurfactant application.  467 
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Figure legends 617 

 618 

Figure 1. Kinetics of desorption of pyrene and benzo(a)pyrene from a polluted soil 619 

determined by Tenax extraction,. The dashed lines represent the results of fitting 620 

equation 1 to the desorption data. The percentages denote the theoretical recovery of the 621 

fast-desorbing fraction of each chemical after 20 h of extraction with Tenax. 622 

 623 

Figure 2. Effect of rhamnolipid addition (indicated by the arrows) on the total (as C/C0, 624 

panels A and C) and rapidly desorbable (as D20, panels B and D) concentrations of 625 

mineralizable (A) and cometabolizable (C) polycyclic aromatic hydrocarbons (mPAHs 626 

and cPAHs, respectively, as defined in the text) in contaminated soil planted with 627 

sunflower and incubated under greenhouse conditions. The circles correspond to the soil 628 

after ir received the biosurfactant, whereas the control (squares) did not receive it. The 629 

asterisks indicate significant differences (t-test, P = 0.05) in D20 values between the 630 

biosurfactant-amended treatments and their respective values at the same sampling time 631 

in planted soil receiving no biosurfactant.  632 

 633 

Figure 3. The same effects as in Figure 2 but with unplanted soil. The asterisk in panel 634 

B indicates significant differences (t-test, P = 0.05) in D20 values between the 635 

biosurfactant-amended treatments and the respective values at the same sampling time 636 

in unplanted soil receiving no biosurfactant. 637 

 638 

Figure 4. Effect of rhamnolipid addition (R) on the active bacterial community 639 

structure in planted (black bars) and unplanted soil (white bars) after 135 days of 640 

incubation. Only OTUs with an abundance higher than 2.5% are represented. The 641 
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taxonomic classification of OTUs is based on the RDP database, with an assignation 642 

probability >80%. Significant differences (P = 0.05) in the relative abundance of each 643 

OTU in the four different conditions are represented with different letters (a/b/c). 644 

 645 

646 
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Figure 1 647 

 648 

649 
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Figure 2 650 
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Figure 3 652 

 653 
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Figure 4 654 
 OTU Taxonomic classification 

 1 Pseudomonas (γ) 

 2 Pseudomonas (γ)  

 3 Georgenia (Actinobacteria) 

 4 Uncl. Comamonadaceae (β) 

 5 Pseudomonas (γ)  

 6 Uncl. Gammaproteobacteria 

 7 Azoarcus (β) 

 8 Uncl. Enterobacteriaceae (γ)  

 9 Uncl. Bacteria 

 10 Paracoccus (α) 

 11 Achromobacter (β) 

 12 Pseudomonas (γ)  

 15 Uncl. Rhizobiales (α) 

 18 Stenotrophomonas (γ)  

 20 Shinella (α) 

 21 Ochrobactrum (α) 
 

22 Sphingobium (α) 
 

28 Uncl. Brucellaceae (α) 

 655 
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Table 1. Dehydrogenase activity (DH) and biodegradability of pyrene and benzo(a)pyrene in soil slurries 656 

with samples from the greenhouse experiment taken after 135 days. 657 

 658 

     Soil      Soil 

+ rhamnolipid 

Planted soil Planted soil  

+ rhamnolipid 

     

DH (µg INTF g-1 h-1)  0.4 ± 0.1a 1.6 ± 0.7b 0.2 ± 0.1a 3.2 ± 1.2c 

    

Biodegradability    

Pyrene 

 

     D20
 a      0.04      0.13      0.10       0.20 

    Min. rate (µg kg-1 h-1)b 1.5 ± 0.1ad 1.7 ± 0.2ab 3.9 ± 0.9bc   5.3 ± 0.01c 

    Min. extent (%)b  40 ± 6  38 ± 8  48 ± 6    40 ± 7 

    C0 (mg kg-1)b 4.0 ± 0.2Ae 6.3 ± 0.3A 5.0 ± 1.0A 13.8 ± 4.4 A 

    Cf  (mg kg-1)b 1.0 ± 0.1Aa 0.5 ± 0.1Bab 0.6 ± 0.2Bab   0.4 ± 0.01Bb 

    C210d (mg kg-1)c 2.8 ± 0.8A 2.4 ± 0.2AB 3.7 ± 0.4A   2.7 ± 0.2AB 

     

Benzo(a)pyrene 

 

    D20
 a      0.10      0.10      0.18       0.45 

    C0 (mg kg-1)b 1.9 ± 0.5A 1.6 ± 0.01A 1.8 ± 0.15A    2.5 ± 0.5A 

    Cf (mg kg-1)b 0.8 ± 0.1Aa 0.6 ± 0.04Bab 0.7 ± 0.05Aab    0.5 ± 0.01Bb 

    C210d (mg kg-1)c 1.6 ± 0.2A 1.8 ± 0.01A 1.5 ± 0.5A    1.6 ± 0.04AB 

     
aD20: rapidly desorbable fraction of pyrene or benzo(a)pyrene extracted with Tenax (20 h). b Min. rate, min. extent, C0 and Cf : rate and 659 
extent of pyrene mineralization and initial and final concentrations of pyrene or benzo(a)pyrene in slurry experiments over 55 days, 660 
respectively. cC210d: concentrations of pyrene or benzo(a)pyrene in soils from greenhouse experiments after 210 days. d Values in rows 661 
with the same lowercase letter are not significantly different (ANOVA, P = 0.05).e Values for each compound in columns with the same 662 
capital letter are not significantly different (ANOVA, P = 0.05).  663 

 664 




